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Cyanobacterial blooms produce nuisance metabolites (e.g., cyanotoxins and T&O compounds) thereby posing
water quality management issues for aquatic sources used for potable water production, aquaculture, and rec
reation. A variety of in-lake/reservoir control measures are implemented to reduce the abundance of nuisance
cyanobacteria biomass or decrease the amount of available phosphorous (P). This paper critically reviews the
chemical control strategies implemented for in-lake/reservoir management of cyanobacterial blooms, i.e., al
gaecides and nutrient sequestering coagulants/flocculants, by highlighting (i) their mode of action, (ii) cases of
successful and unsuccessful treatment, (iii) and factors influencing performance (e.g., water quality, process
control techniques, source water characteristics, etc.). Algaecides generally result in immediate improvements in
water quality and offer selective cyanobacterial control when peroxide-based alagecides are used. However, they
have a range of limitations: causing cell lysis and release of cyanotoxins, posing negative impacts on aquatic
plants and animals, leaving behind environmentally relevant treatment residuals (e.g., Cu in water and sedi
ments), and offering only short-term bloom control characterized by cyanobacterial rebound. Coagulants/floc
culants (alum, iron, calcium, and lanthanum bentonite) offer long-term internal nutrient control when external
nutrient loading is controlled. Treatment performance is often influenced by background water quality condi
tions, and source water characteristics (e.g., surface area, depth, mixing regimes, and residence time). The
reviewed case studies highlight that external nutrient load reduction is the most fundamental aspect of cyano
bacterial control. None of the reviewed control strategies provide a comprehensive solution to cyanobacterial
blooms.
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1. Introduction
Eutrophication and climate change have been recognized as primary

drivers of massive cyanobacterial (blue-green algae) blooms in pelagic
and benthic niches (Gobler, 2019; Paerl and Otten, 2013; Paerl and
Scott, 2010; Wells et al., 2019). Pelagic cyanobacteria are suspended in
the water column, and they can regulate their buoyancy to select
optimal depths for growth based on light and nutrient availability
(Reynolds, 1972; Reynolds et al., 1987). In contrast, benthic cyano
bacteria occur as floating mats or biofilms attached to sediments,
aquatic vegetation, or constructed structures such as piers (Wood et al.,
2020).
Cyanobacterial blooms are commonly referred to as harmful algal
blooms (HABs) due to their vast ecological impacts and ability to
generate metabolites like cyanotoxins (i.e., microcystin, cylin
drospermopsin, anatoxin, saxitoxin, etc.) and taste and odor (T&O)
compounds (i.e., methyl-isoborneol (MIB), geosmin, etc.). Generated
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cyanotoxins are potent to animals and humans (Codd et al., 2005;
Hitzfeld et al., 2000; Lefebvre et al., 2016), and T&O compounds create
consumer concerns in drinking water treatment (Srinivasan and Sorial,
2011). Furthermore, cyanobacterial organic matter is a precursor for
disinfection by-products during subsequent drinking water oxidation
processes and is a vital concern for the water industry (Coral et al., 2013;
Zamyadi et al., 2012). Cyanobacterial blooms can further impede
aquaculture and recreational use of water resources, significantly
affecting local economies (Bechard, 2019; Wolf et al., 2017).
The prevalence of cyanobacterial blooms is fostered by a variety of
environmental and anthropogenic factors including chronic and
episodic nutrient pollution, mainly phosphorous (P) and nitrogen (N) in
aquatic environments, warmer water temperatures, and light exposure
(Arheimer et al., 2005; El-Shehawy et al., 2012; Paerl and Otten, 2013;
Paerl and Paul, 2012). Other important contributing factors are the
transport of cells or cysts between aquatic systems (Graham et al., 2012;
Hallegraeff & Bolch, 1992) and slow-moving waters, among other
environmental factors (Paerl et al., 2018). Cyanobacterial occurrences
are further predicted to increase due to changing global and regional
climate. Higher temperatures and altered precipitation patterns increase
nutrient transport and cyanobacterial species dispersal between aquatic
ecosystems (Paerl et al., 2016; Paerl and Paul, 2012).
Most drinking water utilities rely on early warning systems to gain
enough response time for potentially toxic cyanobacterial blooms. These
early warning systems consist of integrated monitoring programs of
water quality parameters (e.g., temperature, dissolved oxygen (DO),
turbidity, pH, nutrients, etc.) and cyanobacterial indicators (e.g., cell
density, optical density, chlorophyll-a, phycocyanin, etc.). Timely
bloom prediction or detection through source water monitoring is
influenced by laboratory turnaround times, spatiotemporal variability in
source water, and sensitivity/accuracy of selected monitoring parame
ters and technologies (Zamyadi et al., 2016). Parameter alert threshold
values (medium, high, very high) are often provided to prompt utilities
to increase source monitoring, begin source water bloom control (i.e.,
the management of cyanobacteria or nutrient levels at the lake/
reservoir), or optimize drinking water treatment processes. Since alert
thresholds are scattered throughout literature sources and are
site-specific (Ahn et al., 2007; Chorus and Welker, 2021; Izydorczyk
et al., 2009; Vuorio et al., 2020), utilities often make independent de
cisions on parameters to monitor, alert thresholds to implement, and
actions taken when alert thresholds are exceeded.
Depending on when source water bloom control begins, utilities may
practice proactive or reactive bloom control, i.e., before cyanobacteria
cells are detected/early phase bloom or treatment after bloom is
developed/metabolites are detected, respectively. Several strategies
have been developed towards cyanobacterial bloom control in drinking
water sources. They can be classified by (i) application purpose, i.e., to
inhibit cyanobacterial proliferation or reduce nutrient concentrations in
the water column; (ii) application method including chemical, physical/
mechanical, and biological control strategies; and (iii) application zone,
i.e., water column, or sediment zone. Proactive bloom control is chal
lenging, especially for utilities with early warning systems that are not
robust. Therefore, most utilities commonly use reactive chemical control
methods, e.g., algaecides that damage cyanobacteria cells or coagulant/
flocculants to sequester internal nutrients and bind phytoplankton
biomass.
Cyanobacterial source control programs are informal and utilityspecific, so utilities often design their source control programs individ
ually. Since most utility experiences with source control of cyanobac
teria are unpublished, there are limited opportunities for utilities to
share and learn from successful and unsuccessful bloom control case
studies. This review on chemical methods used to control cyanobacterial
blooms is part one of a two-part series focusing on current source control
(at the lake/reservoir) strategies for cyanobacterial blooms. Part two
delves into mechanical/physical and biological control methods. This
paper critically reviews chemical treatment methods used for source

control of cyanobacteria from peer-reviewed literature, highlighting (i)
their modes of action, (ii) cases of successful and unsuccessful treatment,
(iii) factors influencing performance, (iv) and the current knowledge on
environmental impacts.
2. Nutrient control methods
2.1. External nutrient control
The fundamental prevention and proactive management strategy for
cyanobacterial blooms should reduce nutrient inputs into water bodies.
Nutrient inputs primarily originate from external sources within the
catchment e.g. discharges from wastewater treatment plants and runoff
from urban and agricultural land uses. However, there can be internal
nutrient loading from sediments and contribution from atmospheric
deposition.
External nutrient reduction initiatives often require measures tar
geting the entire watershed, as well as regional or national efforts. To
control point and non-point sources of nutrients within a watershed, the
US Environmental Protection Agency (US EPA) requires states to iden
tify impaired waterways and implement a Total Maximum Daily Load
(TMDL) which is the maximum amount of pollutant, i.e., nutrients,
allowed in the water body in order to maintain water quality standards.
Point sources are often associated with National Pollution Discharge
Elimination System (NPDES) permitted discharges from municipal and
industrial wastewater. By altering permitted discharge limits, such point
sources are easily controlled to meet targeted nutrient thresholds, e.g.,
TMDLs. For instance, enhanced treatment and diversion of municipal
wastewater discharge have significantly reduced nutrients and blooms
in various surface water sources (Fastner et al., 2016; Heisler et al.,
2008). However, positive responses due to point source reduction are
often offset by nutrient contributions from non-point sources (Kane
et al., 2014; Michalak et al., 2013).
Non-point source inputs of nutrients originate from diffuse sources
commonly mobilized by surface runoff from urban and agricultural land
uses within a watershed and can also include inputs from septic systems
and atmospheric deposition. Due to the diffuse nature of non-point
sources, controlling their nutrient loads is complex and remains a sig
nificant challenge for most watersheds. Agricultural non-point source
pollution is controlled by implementing best management practices
(BMPs), including ideal manure application methods, targeted manure
application timing, installation of riparian buffer zones, and nutrient
retention ponds etc. BMPs have been implemented through plan-based
targeting on critical areas that contribute most non-point source pollu
tion and performance-based BMP optimization methods across a land
scape (Veith et al., 2004).
The implementation of external nutrient management as a proactive
response in cyanobacteria control further presents uncertainties on the
scale of their effectiveness, especially in watersheds impacted by several
non-point sources. Extensive and widespread BMP installation within a
watershed is cost-prohibitive. It further requires functional optimization
methods that identify appropriate BMP combinations and specified
watershed-level nutrient reduction goals, among other variables such as
land use, topography, and soil type (Veith et al., 2003). Although the
establishment of BMPs and the determination of their long-term benefits
to water quality may take several years at a minimum, well-optimized
BMP implementations have yielded reductions in annual nutrient
loading in various watersheds (Brannan et al., 2000; Inamdar et al.,
2001).
Challenges faced by external nutrient control programs include
public or community participation, delineation of costs and benefits,
stakeholder education, financial and non-financial incentivization, and
intangible metrics of success (Piehler, 2008; Prokopy et al., 2019). There
are other uncertainties regarding single nutrient (N or P) versus com
bined nutrient (both N and P) control, among other associated spatio
temporal factors and considerations that arise when making decisions to
2
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implement external nutrient loading control programs(Huang et al.,
2018; Tong et al., 2019). Besides, management options may be unique to
specific regions based on population, watershed areas, nutrient sources,
and impacts (Huang et al., 2020). Thus large-scale nutrient management
requires an integrated systems approach incorporating environmental,
technological, and societal considerations (Shortle et al., 2020). It is
important to note that for both point and non-point source nutrient
management, it may take as long as decades before the external input
reduction measures are successful (Fastner et al., 2016; Jeppesen et al.,
2005). This can occur partly due to the internal loading of legacy P that
can sustain source water productivity (Søndergaard et al., 1999).

Depending on the species of P present in the sediment zone, underlying
biogeochemical, and water quality conditions (e.g., redox conditions,
pH, water hardness, concentrations of ions, and organic matter), inter
nal loading of P can occur through the following mechanisms: (i)
desorption of organic P from mineral surfaces, (ii) dissolution of min
erals, (iii) hydrolysis or mineralization of organic matter, (iv) dissocia
tion of ternary P complexes with humics (Orihe et al., 2017), and
reductive dissolution of iron-bound P during anoxic periods (Chen et al.,
2019; Søndergaard et al., 2003). Particle-bound fractions of P that settle
in the sediment layer can also be resuspended into the water column due
to animal, wind, or rainfall-induced perturbations (Barbosa et al., 2020;
Søndergaard et al., 2003).

2.2. Internal nutrient control

2.2.1. Coagulants and flocculants
Nutrient sequestration treatments entail adding chemical co
agulants/flocculants such as alum, iron, calcium carbonate, and modi
fied clay particles to a lake/reservoir to precipitate or bind excess P from
external and internal nutrient inputs (Fig. 1). Some coagulants can also
bind cyanobacterial cells to result in their sedimentation.

Sediments naturally act as sinks for nutrients until their P binding
capacity is reduced due to saturation. In aquatic systems with prolonged
external nutrient pollution, sediments can release the legacy P and
maintain high nutrient conditions even when external P inputs are
controlled (Søndergaard et al., 2003; Søndergaard et al., 1999) .

Fig. 1. A conceptual diagram of nutrient sources in the water column and mode of action of nutrient sequestering chemicals used to control P levels in the water
column. External nutrient sources can include discharges from wastewater treatment plants and stormwater runoff from agricultural and urban land uses. Depending
on water quality conditions, sediment characteristics, and the type of nutrient sequestering chemical used, bound P can be resuspended to the water column.
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2.2.1.1. Aluminum (Al). Some of the most common coagulants used
for nutrient removal include Al salts such as aluminum sulfate
(Al2(SO4)3, alum), chloride (AlCl₃), and polymers such as polyaluminum chloride (PACl). Al treatments in lakes aim to remove P
from the water column and the long-term control of sediment-bound P
release into the water column.
2.2.1.1.1. Mechanism of nutrient control. When added to a lake,
aluminum (Al) salts rapidly react with water to form amorphous Al
(OH)3 flocs that have a high affinity to phosphate (PO43− ) and dissolved
organic P. The flocs grow in size and weight then settle to the sediment
layer, where they can bind mobile P in the sediment surfaces (Huser,
2012). As the flocs are formed, they can also trap cyanobacterial
biomass causing them to sink to the sediment layer. By doing so, Al salts
may present some algaecidal (causing cell death) or algaestatic (inhib
iting cellular growth) characteristics. Al salts can immediately improve
lake water quality following application through acute sedimentation of
phytoplankton communities (Jančula and Maršálek, 2012; Moore et al.,
2009). However, this algal control mechanism is not well researched.
There are questions regarding whether the trapped algal cells in the flocs
can resuspend in the water column or whether this sedimentation results
in permanent cell death. As reviewed by Gensemer and Playle (1999), Al
can also affect phytoplankton communities by inhibiting their growth
and impacting other physiological activities.
2.2.1.1.2. Dosing and longevity of Al treatments. Lake treatments
with Al can be cost-effective (Matthijs et al., 2016) and provide
long-term algal biomass control, mainly if the external nutrient loading
is controlled (Jensen et al., 2015). The success and longevity of treat
ments are often influenced by various confounding factors such as
watershed and lake/reservoir area, sediment P pool, external nutrient
loading, and Al dosing (Huser et al., 2016). When eutrophic lakes in
Washington State, US were observed following single alum application
with dosages ranging from 5.5-11 mg/L Al in the 1980s, an initial TP
reduction in the lakes ranged from 32-77%, while some lakes depicted a
7-24% increase in TP (Welch and Schrieve, 1994). In the lakes that
exhibited a decrease in P, the treatment longevity ranged between 4-9
yrs. while those that had an increase in P after alum treatment had
longevities of <1 yr. Snake Lake in Wisconsin, a dimictic lake, was
treated with 12 mg/L alum through surface application in 1972. Snake
Lake had been a lake of high water quality until sewage effluent started
to be discharged into the lake in 1942 (Garrison and Knauer, 1984). The
effluent diversion began in 1964, but algal blooms and low oxygen
conditions continued for several years due to sediment P release. Water
quality was maintained to levels similar to those immediately following
treatment 10 yrs. after alum treatment despite continued stormwater
input (Garrison and Knauer, 1984). When 10-54 g Al/m2 was added in
the form of PACl to treat six Danish lakes, the longest impact on water
quality was observed in two lakes that lasted 2-3 yrs. mainly because the
external P loading remained essentially unchanged (Jensen et al., 2015).
Limited longevity (<2 yrs.) can also be due to increased oxygen demand
associated with alum-precipitated materials that can heighten internal P
loading, thus overwhelming P retention capabilities of the alum floc
(Moore and Christensen, 2009).
Huser et al. (2011) studied four Minneapolis lakes treated with 18-42
g Al/m2. TP concentrations in the water column and phytoplankton
biomasses showed significant improvements between the years after Al
treatment. Estimates of P release from sediment in the four lakes showed
an average decline of 85% post-treatment. The lake receiving the least Al
dosage was a polymictic lake that returned to pre-treatment water
transparency conditions 6 yrs. post-treatment even though sediment P
release rates remained low in comparison to pre-treatment levels. In
contrast, the dimictic lakes in the study that received relatively higher
dosages had treatment longevity of about 9 yrs. (Huser et al., 2011). In a
comprehensive evaluation of 21 alum-treated lakes, Welch and Cooke
(1999) summarized that internal P loading was controlled on average 10
yrs. in polymictic lakes and 13 yrs. and up to 18-20 yrs. in dimictic lakes.
Similarly, an assessment of Al treatment longevity in 114 lakes found

that deeper stratified lakes can have TP longevities ranging up to 45 yrs.
with an average of 15 yrs. and 13 yrs. for chlorophyll-a and transparency
longevity while shallow polymictic lakes averaged TP longevity at 4.6
yrs. (Huser et al., 2016). The differences in longevity may be associated
with resuspension common in polymictic lakes (Reitzel et al., 2013). It is
essential to dose Al based on the amount of mobile P in the sediment (de
Vicente et al., 2008; Huser et al., 2016); thus, some differences in
treatment longevity can be associated with variations in dosing criteria
between the sites.
Data analysis of six lakes in Minnesota, US, suggested that targeting
elevated sediment-bound P with one-time high Al dosages minimizes the
treatment efficacy instead of splitting the same targeted dose applica
tions over several years (Huser, 2012). Optimized dosing can be ach
ieved by estimating the ratio of Al to Al bound P, Al:PAl, which indicates
the maximum amount of P that will be sorbed to Al(OH)3 following
treatment. It is hypothesized that high dosage treatments can cause Al to
accumulate to levels higher than those of available P and in turn lower
the P binding efficiency. To support the observations by Huser (2012),
laboratory studies on adsorption and desorption properties of Al (OH)3
floc indicated that the P binding capacity of Al (OH)3 was reduced by up
to 75% within three months when the floc was aged without PO43− (De
Vicente et al., 2008). Therefore, dosage-efficient treatments such as
splitting and spreading Al application over several years to promote P
binding efficiency have been recommended (Huser, 2012; Kuster et al.,
2020). Underdosing may also be a concern for lakes. For example, a
polymictic lake that received the lowest Al dosage returned to
pre-existing transparency conditions 6 yrs. most likely because it was
dosed based on alkalinity constraints rather than the excess mobile P
(Huser et al., 2011). Thus, dosing based on the excess mobile sediment P
pool with a minimum ratio of 10:1 Al (OH)3 to mobile P molar ratio is
recommended (De Vicente et al., 2008).
Accurate dosing is furthermore essential when it comes to the release
of cyanotoxins during alum treatments. Microcosm experiments with a
maximum dosing of 48 mg/L Al have shown alum’s potential to damage
Microcystis cells resulting in a subsequent release of intracellular toxins
(Han et al., 2013). Thus, care should be taken to avoid overdosing of Al
when treating sources with a potentially toxic bloom. None of the
field-scale studies reviewed assessed the release of cyanotoxins. How
ever, bench and pilot-scale studies using and Microcystis aeruginosa cells
have indicated that, when adequately dosed, alum addition removed
cells without damaging membrane integrity (Chow et al., 1999).
2.2.1.1.3. Effect of source characteristics. Sediment cores
collected from polymictic and dimictic lakes treated with single whole
lake alum applications showed that the Al:PAl, which indicates the P
binding efficiency, was higher in dimictic lakes (Al:PAl =7.8-14.5) than
polymictic lakes (Al:PAl =5.6-9.6) and Al recovery was significantly
lower in polymictic lakes (75%) than dimictic lakes (136%) (Huser,
2012). Due to the continuous mixing in polymictic lakes, there is
frequent resuspension of sediments. This is particularly problematic in
shallow, productive lakes where the resuspension can be combined with
Al dissolution at elevated pH (9-11) (Egemose et al., 2009).
Following an analysis of resuspension in Danish lakes after the PACl
application period, Egemose et al. (2013) found that Al focused in
deeper parts of the lake and suggested that Al treatments in stratified
lakes should be performed during calm periods with minimal risks of
resuspension. On the contrary, shallow polymictic lakes prone to
resuspension and elevated pHs should consider other control strategies
instead of Al treatment (Reitzel et al., 2013). Similarly, Huser et al.
(2016) found that deeper, stratified lakes had mean longevity of 21 yrs.
as opposed to shallow, polymictic lakes that depicted mean of 5.7 yrs.
treatment longevity. The polymictic lake Pickerel in Wisconsin, US, was
treated with 7.3 mg/L alum in April 1973 and immediate response to the
treatment included a decline in algal community and P levels, which
were maintained until a summer lake mixing that was followed by a
M. aeruginosa bloom (Garrison and Knauer, 1984).
Interestingly, positive nutrient control and water quality
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32g/m2 Al in the form of alum in the littoral zone was found effective
since almost three times more P was bound (Huser, 2017) compared
with other treatments in the same region (Huser et al., 2011). Treatment
efficiencies can further be reduced due to the sinking and burial of the Al
flocs over time (Welch and Cooke, 1999); thus, site-specific treatment
and application design may be essential.
2.2.1.1.6. Environmental impacts. Field-scale studies using Al have
not reported any negative ecological impacts following treatment.
However, most field-scale studies have limited monitoring data on the
treatment effects on macrophytes, fish communities etc. Enclosure
studies where alum micro flocs were injected for a treatment duration of
10 d reported no significant changes in zooplankton communities in the
enclosures compared to controls and the lake (Moore et al., 2009). Al
injection of 44 g Al/m2 in the hypolimnion has resulted in epilimnion
concentrations of 50-100 µg/L Al (Smeltzer, 1990). Because Al is
generally non-selective when added to water (Jančula and Maršálek,
2012), it can cause a decline in the other phytoplankton communities. Al
concentrations ranging between 5 µg/L to 16.2 mg/L have a range of
physiological effects on phytoplankton and other aquatic plants
including reduction in growth rates, CO2 fixation, and nitrogenase ac
tivity (Gensemer and Playle, 1999). There is also evidence that Al can
bioaccumulate on aquatic organisms and potentially pose effects on
other species at different trophic levels (Havas, 1985) in addition to
posing acute toxicity to other organisms (Soucek et al., 2001).
Laboratory studies simulating field-mixing conditions at the conflu
ence of limed rivers with acidic aluminum-rich tributaries reported 60%
mortality of brown trout within 48 h of exposure to 6.8 µmol/L Al
(Writters et al., 1995). Smeltzer (1990) further noted potential adverse
effects on benthic invertebrates and adult Perca falvescens (yellow
perch).
Furthermore, studies have indicated that Al accumulates in sedi
ments following treatment, increasing aqueous phase levels, especially
during resuspension (Reitzel et al., 2013). Al(OH)3 can react to changing
pH regimes in the water column creating a risk of Al(OH)3 dissolution to
form aluminate in shallow lakes where resuspension and high pH in the
water frequently occur (Reitzel et al., 2013).

improvements have been reported in shallow polymictic Danish lakes
(Jensen et al., 2015). Therefore, efficiency in the shallow lakes may also
depend on other factors such as dosage and other confounding water
quality and environmental factors. For instance, the presence of mod
erate to high-density benthic feeding fish can deepen the sediment
mixing zone and can also negatively impact Al treatment longevity
(Huser et al., 2016).
The source water residence time is another factor to consider as it
may also be an indicator of the primary nutrient sources impacting
water quality. Generally, systems with continued external nutrient in
puts recovered to pre-treatment conditions rapidly regardless of the
immediate improvements observed after Al treatments (Jensen et al.,
2015). Systems with short residence times suggest that external nutrient
inputs are more important to overall P budgets than internal nutrients.
For instance, Huser et al. (2011) found that despite effective P control
using alum in a polymictic lake with only 12% internal P contributions,
post-treatment conditions were statistically insignificant compared to
pretreatment conditions. Although data on external P contributions
were lacking, the authors suggested that the lake’s short (< 1 yr.) resi
dence time indicated that external contributions were critical and may
have contributed to the decline in water quality after alum treatment. In
an analysis of treatment longevity in 114 lakes treated with Al, source
water residence time represented by watershed area to lake area ratio
was nearly as important as accurate dosing. Lower watershed area to
lake area ratios indicated longer resident times with productivity in
lakes driven by internal P loading, resulting in high predicted Al treat
ment longevities (Huser et al., 2016).
2.2.1.1.4. Effect of water quality characteristics. Laboratory
studies have shown that competitive ions such as silicate, humic acids,
and magnesium reduced PO43− -binding potential (de Vicente et al.,
2008). The influence of humic acids and organic matter on P adsorption
and mineralization can also be site-specific due to influences by pa
rameters such as pH (Lin et al., 2019). Experimental evaluation on the
influence of natural minerals such as limestone, calcite, and sand on P
precipitation found that these minerals did not substantially influence
PO43− and chlorophyll-a removal but enhanced floc settling kinetics
(Sadeghi et al., 2020).
Aqueous pH is a crucial factor when it comes to the success of Al
treatments. When Al salts are added to water, aqueous pHs should be
maintained between 5-8.5 for optimum generation of Al(OH)3, which
dominates at these pH ranges Gensemer and Playle, (1999). The rec
ommended lake pH for Al treatment is near neutral (pH~7) since Al
(OH)3 dissolution occurs at pHs >8.5, resulting in increased dissolved Al
and P concentrations in the water column (Reitzel et al., 2013).
2.2.1.1.5. Effect of Al application methods. Al treatment in whole
lakes is dependent on the settlement of Al (OH)3 floc to the sediment
surfaces. However, due to the natural dynamics and disturbances in the
water column, floc settling can be disrupted and translocated to nontarget areas; thus, treatment location is an essential factor that in
fluences the P binding potential to generated flocs (Huser, 2017). The
most common application method is dispersing slurry to the water col
umn to allow for the flocs to settle by gravity to the sediment layer.
Sediment injections where Al is distributed vertically in the sediment
layer during treatment increase the potential interactions between Al
with mobile P in the sediment matrix, and the formed Al (OH)3 floc can
readily translocate to deeper sediment layers (Agstam-Norlin et al.,
2020). When PACl was injected directly into the sediment layer, the
binding efficiency was similar to previous water column applications
(Schütz et al., 2017). Other application methods such as the microfloc
injection have also been investigated. Findings indicate this method
generates flocs with high residence times (10-12 d) due to low settling
velocities thereby increasing sorption of P, entrapment of algal cells, and
long-term water clarity in lakes (Moore et al., 2009). Agstam-Norlin
et al. (2020) also found that solid alum pellet application distributes Al
(OH)3 flocs deeper in the sediment layer than water applications,
reducing horizontal transport at the sediment surface. Application of

2.2.1.2. Iron (Fe)
2.2.1.2.1. Mechanism of nutrient and cyanobacteria control. Fe is
a naturally occurring element in aquatic environments and is essential to
primary producers (Lukac and Aegerter, 1993). At low concentrations Fe
increases productivity and growth in primary producers, but when
present at elevated concentrations, it induces cellular oxidative stress,
disrupts and damages cell membranes, lipids, proteins, and DNA,
eventually causing cell death (Foyer, Descourvieres, & Kunert, 1994;
Sinha et al., 2009).
Fe treatment is a relatively inexpensive control strategy (Matthijs
et al., 2016) that is added to aquatic systems within the water column or
sediment surface in the form of chloride and sulfate salts such as FeCl3,
FeCl2, and Fe (SO4)3 with the goal of binding P in the form of PO43− .
Ferric salts used to coagulate PO43− are sensitive to potential redox
changes in that ferric iron (Fe3+) freely precipitate PO43− in oxic con
ditions while in anoxic conditions, ferrous iron (Fe2+) is generated and
the binding capacity with PO43− declines resulting in release into the
aqueous phase (Burley et al., 2001; Golterman, 2001).
2.2.1.2.2. Field-scale studies and factors to consider during
treatment. Gołdyn et al. (2014) present findings from three case studies
where lakes were treated with Fe. In 2005, a 64-ha reservoir was treated
with 4-15 kg/ha Fe in the form of liquid Fe (SO4)3 that was repeated 5-6
times a year. Treatment yielded a decline in P concentrations and
limited phytoplankton growth that remained low in the subsequent
years without cyanobacterial abundance until 2011, when silt was
flushed into the reservoir (Gołdyn et al., 2014). Due to deoxygenated
meta and hypolimnion, Fe treatment provided a temporary decline in P
loading and water quality improvements in a 10 ha lake (Gołdyn et al.,
5
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2014). In the third case study, lake restoration combined aeration, Fe
treatment, and biomanipulation in a thermally stratified lake. As a
result, there was increased transparency, DO levels, a 72% decline in
chlorophyll-a, and increased density of submerged macrophytes
(Gołdyn et al., 2014). A combination of 100 kg/d Fe addition and
aeration has also been found to improve water quality conditions by
controlling P accumulation in the hypolimnion (Walker et al., 1989).
A water column application of iron chloride at a dosage of 33g Fe
/m2 in a Dutch lake in 2010 and 2011 combined with fish removal
yielded a significant decline in dissolved P, phytoplankton biomass,
suspended matter, and an increase in aquatic macrophytes (Immers
et al., 2015). However, the authors report a quick recovery of TP in the
water column linked to sustained external P loading. The success of Fe
treatment can be promoted by controlling the external P loading
(Kleeberg et al., 2013).
Most applications have been made in the water column; however,
sediment applications also seem beneficial to overall water quality. Fe
was used to treat lake sediments using a water jet method that applied
100 g Fe/m2 to the upper 0.15 m of the sediment layer (Quaak et al.,
1993). Water transparency increased by 133% a few days after treat
ment. TP, suspended sediment, and chlorophyll-a levels decreased
below typical values without treatment for about six months after the
treatments; however, levels gradually increased. P levels remained fairly
lower than initial conditions for nearly a year after treatment even
though external loadings were not controlled (Quaak et al., 1993).
Just like P bound to naturally occurring Fe in lakes and reservoirs can
be resuspended due to dissolution in anoxic conditions (Chen et al.,
2019), oxygen levels also impact Fe treatments for P control. An analysis
by Hupfer and Lewandowski (2008) indicated that the sediment layers’
oxygen levels affect short-term P release dynamics rather than long-term
P retention. Oxygen availability is considered a crucial factor (Burley
et al., 2001; Golterman, 2001), and Fe treatments are combined with
aeration to maintain high DO levels and ensure distribution of Fe in the
water column (Gołdyn et al., 2014; Jaeger, 1994; Kleeberg et al., 2012).
Continuous P elimination can be sustained when Fe is added to reach a
sediment molar Fe:P ratio of at least 7 (Kleeberg et al., 2013).
2.2.1.2.3. Environmental impacts. While high Fe concentrations
can be detrimental to aquatic organisms, studies have not reported
ecological impacts, such as fish kills and adverse effects on zooplankton
(Immers et al., 2015; Jaeger, 1994). Macrophytes exposed to Fe can be
subjected to oxidative stress in the root and shoot tissues (Sinha et al.,
2009). Field-scale studies should perform ecological analyses before,
during, and after treatments to assess immediate and long-term impacts.

2.2.1.3.2. Longevity of LMB treatments. When sediment cores
collected from the deepest parts of 10 lakes that received LMB treatment
between 2006-2013 were analyzed, findings show lanthanum vertically
mixed in the sediment to a 10-cm depth and rhabdophane was the
dominant La-phosphate mineral indicating the translocation of LMB
towards the deepest areas of the lakes (Dithmer et al., 2016b). In this
study, the treatment effects following LMB lasted 2-9 yrs. (Dithmer et al.,
2016b). A German lake treated with LMB in 2007 was exposed to
repeated low dose applications of LMB in 2010 and 2013 when P con
centrations exceeded limits due to sustained external nutrient inputs
(Epe et al., 2017). Although there was a 50% TP reduction in the first
year, new nutrient inputs into the lake were continually managed by the
low-dose reapplications of LMB and led to a change in the eutrophic
state of the lake (Epe et al., 2017). In a shallow lake in the UK, improved
water quality conditions were maintained for 4 yrs. following a single
170 g/m2 of LMB (Lang et al., 2016). The longevity of treatment may
also be associated with treatment dosages. For instance, the initial dose
for lake treatments, as described by Epe et al. (2017) of 1900 kg/ha was
considerably lower than those reported by Spears et al. (2016)
(1600-6800 kg/ha). However, further studies on dose-response and
implications on longevity of treatment and water quality are necessary.
Treatment benefits such as reduced chlorophyll-a, P, and improved
water transparency were maintained for up to 10 yrs. when a lake was
treated with LMB, PACl, and Ca(OH)2; however, these prolonged ben
efits may be as a result of all P control treatments (van Oosterhout et al.,
2020). Bench-scale experiments have also shown that LMB combined
with other P capping products such as PACl and modified zeolite can
offer effective P control (Han et al., 2021).
2.2.1.3.3. Source water quality impacts on treatment efficiency.
When LMB was applied at a 1:1 La:P ratio in hypereutrophic ponds,
there was a 40-83% decline in TP concentrations in the water column in
addition to a significant reduction in labile and organic P in the sediment
(Bishop and Richardson, 2018). The authors also noted algal assem
blages that were dominated by Microcystis sp. and Anabaena (Dolicho
spermum) sp. shifted to other planktonic cyanobacteria (Bishop and
Richardson, 2018). In some cases, LMB application did not result in a
decline in the internal P levels. Compared to the control site, the treated
area was only 30% and 18% lower in PO43− and TP (Lürling and van
Oosterhout, 2013) and was speculated to be due to the potential uneven
distribution of LMB in the water column or other underlying water
quality conditions. Excess La not bound to P was not able to bind excess
soluble reactive P (SRP) during an incubation experiment implying that
some of La in the LMB is not able to bind P or could be influenced by
other chemical constituents such as dissolved organic carbon (DOC)
(Dithmer et al., 2016b) or the oxic states of the source (Zeller and
Alperin, 2021).
A laboratory study found that DOC in the form of humic acids and
phthalates lowered the binding capacity of LMB, although the negative
impacts were reduced over time (Dithmer et al., 2016a). This may be
due to slower kinetics as a result of interactions between LMB and DOC.
Consequently, elevated La concentrations in the water column
post-treatment should be expected in soft water lakes rich in DOC and
humic acids (Reitzel et al., 2017). Recent studies indicate that once LMB
has adsorbed P, the presence of DOC did not result in P desorption,
though sorption of DOC can continue even when lanthanum is saturated
with PO43− (Li et al., 2020). Therefore, LMB treatments should target
periods when DOC:P ratios are low to promote P removal. When LMB
performance was assessed in a range of salinities, Mucci et al. (2020)
found adsorption of soluble reactive P at all tested salinity levels indi
cating that LMB treatment is applicable for nutrient control in saline
waters. Due to rapid settlements, LMB increased turbidity and conduc
tivity; however, its addition did not alter underlying water quality
conditions such as pH and oxygen saturation (van Oosterhout and
Lürling, 2013).
A meta-analysis of 18 lakes following 24 months pre- and post-LMB
application (1.4-6.7 tonnes/ha) found an overall 74% decline in annual

2.2.1.3. Lanthanum Modified Bentonite (LMB). Lanthanum modified
bentonite (LMB) is formed by electrostatically binding lanthanum onto
clay minerals with high cation exchange capacity such as bentonite
(Copetti et al., 2015; Zamparas and Zacharias, 2014) and is commer
cially known as Phoslock®.
2.2.1.3.1. Mechanism of P control. LMB has several adsorption
sites (Kong et al., 2020) and forms a stable mineral known as rhabdo
phane (LaPO4. nH2O) and monazite (LaPO4) when it reacts with P spe
cies in water (Zamparas and Zacharias, 2014). Batch experiments on
sediment cores indicated that LMB can also inhibit P by altering its
microbial community (Kong et al., 2020). In an attempt to characterize
the mode of action of LMB, Meis et al. (2013) measured P levels in
sediments 1 yr. before and after 170 g/m2 LMB application. An assess
ment of the P partitioning indicated a significant increase in the apatite
bound P compared to the mobile P post-application. This implied that
LMB controls sediment P by increasing the mass of sediment-bound P
(Meis et al., 2013). Extensive literature reviews have been performed on
case studies employing LMB for nutrient control and the associated
implication discussed (Copetti et al., 2015; Zamparas and Zacharias,
2014). Consequently, more recent LMB studies and some factors to
consider during treatment are discussed below.
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Chemical

Source
Characteristics

Pre-Treatment Conditions

Treatment Design

Short and Long-term Response

Treatment residuals,
Ecological & Water quality
Impacts

References

PACl

A: 2.84 km2
Zavg: 1.93 m
Inflow: 0.56 m3/s

-Chl-a 33-36 μg/L
-25,000 cells/ml
-70% cyanobacteria: Aphanocapsa sp,
M. aeruginosa, M. wesenbergii, &
Anabaena lemmermanii

-Dose: 3.45 mg/L
-Whole lake treatment that took 5 d
-Al applied just below water surface

-Initial chl-a decline to 11-14 μg/L
-Chl-a > 50 μg/L in the long term, but
consisted of diatoms and green algae
-Occasional high (>105 cell/ml) counts
-No toxin release

(Jančula and
Maršálek 2012)

A: 0.04 km2
ZAvg: 1.8 m
Vol: 80,000 m3
Non-stratifying

-Chl-a 7-9 μg/L
-25,000 cells/ml
-Cyanobacteria: Aphanizomenon gracile
& Aphanocapsa holsatica
-5.9 μg/ L Chl-a

-Dose: 6.5 mg/L Al in 2006 and 5 mg/L in
2007

A:0.68 km2
ZMax: 0.5-11 m

-Total Chl-a 12.4 μg/L

-Dose: 6 mg/L Al
-Al applied just below water surface

2006 Application
-Initial chl-a decline to 4-5 μg/L
-Chl-a returned to 9 μg/L 3 d later
-Cyanobacterial biomass continued for 1
month, but <50 μg/L chl-a
2007 Application
-70% decline in cyanobacteria biomass
-No toxin release
-Total chl-a decline to 4.7 μg/L
-Chl-a remained low for 30 d and was
dominated by diatoms and cryptophytes
-No toxin release
-93% decline in TP the following year
-0.5-1 m increase in clarity the first 2 yrs.
-80% lower sediment P release after 5 yrs.
-65% lower sediment P release after 9 yrs.
-28% lower TP after 10 yrs.
-50% lower TP and return to pre-treatment
conditions in 1 yr.
-95% lower sediment P post-treatment
-Return to pre-treatment P levels after
turnover 7 yrs. post-treatment
-87% decline in TP
-Water clarity improved after
biomanipulation
-70% lower TP than initial levels 10 yrs.
post-treatment
-79% lower TP 1 yr. post-treatment
-0.5 m increase in SD
-70% lower TP 6 yrs. post-treatment

-Phytoplankton community was
affected post-application
-No terminal or long-term
damage
to the ecosystems
-Invertebrates were affected but
recovered a few days postapplication
-No fish kills
-Live coagulated cyanobacteria
transported to the bottom layers

-Al in sediments

(Jensen, Reitzel, and
Egemose 2015)

PACl

7

A: 0.03 km2
ZMax: 1.5 m
ZAvg: 1.8 m
Alkalinity: 2.5
meq/L
A: 0.254 km2
ZMax: 1.3 m
ZAvg: 2.1 m
Al: 2.meq/L
A: 0.56 km2
ZMax: 5 m
ZAvg: 8.5 m
Al: 3.5 meq/L
A: 0.07 km2
ZMax: 5 m
ZAvg: 12 m
Al: 0.3 meq/L
A: 0.44-1.79 km2
ZMax: 9-27 m
ZAvg: 2-10 m

–

–

–

–

–

–

–

-Dose: 31 g AL/m2
-Al:P=4

-Dose: 10 g Al/m2
-Al:P <2
-Treatment done for two consecutive years
-54 g Al/m2
-PACl treatment followed with
biomanipulation a year later
-Dose: 30 g Al/m2

-Al in sediments

-Al in sediments

-Al in sediments

-Dose: 44 g Al/m2
-Al:P=8

-88% lower TP 1 yr. post-treatment
-97% lower sediment P 1 yr. post-treatment
-83% lower TP 6 yrs. post-treatment

-Al in sediments

-Dose: 26 g AL/m2
-Al:P=10

-40% lower TP 4 yrs. post- treatment
-91% lower sediment P release 5 yrs. posttreatment

-Al in sediments

-Dose: 18-42 g/m2
-3 whole lake treatments and 1 littoral zone
application

->90% higher SD in 2 shallow lakes, trivial
TP and Chl-a change after 5 yrs.
-40-70% increased clarity in 2 deeper lakes

-Al in sediments

(Huser et al., 2011)

(continued on next page)
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PACl

A: 0.079 km2
ZMax: 5.8 m
ZAvg: 2.9 m
Al: 3.0 meq/L
Polymictic
A: 0.223 km2
ZMax: 3.5 m
ZAvg: 9 m
Al: 2.5 meq/L

F.A. Kibuye et al.

Table 1
Summary of field and pilot-scale studies reporting on the performance of nutrient sequestering chemicals for cyanobacterial control

Chemical

Source
Characteristics

Pre-Treatment Conditions

Treatment Design

Short and Long-term Response

8

with trivial change in TP & Chl-a after 4
yrs.
-Lakes receiving lowest doses returned to
pre-treatment conditions 6 yrs. later
-32-77% TP reduction in 4 lakes
-Increase in TP in the shallowest (1.5 m)
lake affected with macrophytes
-Treatment longevity 5-9 yrs. in some lakes
&<1 yrs. in lakes with low immediate
response
-TP declined to 33 μg/L 1 yr. after alum
treatment
-TP rose to initial levels after 2 yrs.
-Limited longevity linked to high O2
demand from precipitated materials that
heighten internal P loading
-At the end of the study chl-a (66%) and TP
(29%) was lower in enclosures than the
controls
-0.2-1.6 m change in SD after installation of
alum injection
-TP decline over the years
-Increasing TP when alum is not added
-9-12 yrs. post-treatment P levels lower
than initial levels
-Treatment unsuccessful in a shallow
polymictic lake

Treatment residuals,
Ecological & Water quality
Impacts

References

-Increase in macrophytes due to
improved transparency

(Welch & Schrieve,
1994)

–

(Moore and
Christensen 2009)

-No impacts on zooplanktons

(Moore, Christensen,
and Richter 2009)

–

(Garrison and Knauer
1984)

A: 0.07-1.50 km2
ZMax: 1.5-4 m
Dimictic

-Pre-treatment TP 28-115 μg/L

-Dose: 5.5-11 mg/L

Alum

A: 5.15 km2
ZMax: 9 m
ZAvg: 5.6 m

-Annual P loading 3000 kg
-83% of loading is internal P
-Hypolimnetic O2 depletion
-Mean TP >70 μg/L on treatment year
(1989)

-Dose: 2.8 mg/L
-Whole lake treatment for 6 d
-Applied on the water surface
-Applied using Loran and Global
Positioning System (GPS)

Alum

A: 515 ha
ZMax: 9 m
ZAvg: 5.6 m

-Stratified prior to treatment
-Circumneutral pH in surface and
depth profile

-Dose: 0.163 mg/L Al
-Enclosure study where micro floc injection
done with an oxygenation system

Alum and
Sodium
aluminate

A: 0.05-0.2 km2
ZMax: 5-17 m
ZAvg: 2-4 m
Residence time:
0.7-1.6 yrs.
2 Dimictic and 1
polymictic
A: 0.06-2.72 km2
ZMax: 3-14 m
ZAvg: 2-8.7 m

-Lakes were eutrophic

-Dose: 7.3-18 mg/L Al

pH: 8-8.7
Al: 70-117 mg/L
Chl-a: 13-50 µg/L
SD: 0.6-3 m
-Hypereutrophic with cyanobacterial
blooms

-Dose: 20-75 g Al/m2
-Sediment injection and water column
treatment

-High binding efficiency in sloping lakes

-Al in sediments

(Agstam-Norlin et al.
2020)

-Dose: 4-15 kg/ha
-Whole lake treatment.
-Repeated 5-6 times a year.
-Other control strategies were
biomanipulation, dredging, aeration

-Low cyanobacterial levels
-Lower P loading
-72% decline in chl-a

-Low doses had no impact on
biota. -Low PO3 limited
phytoplankton growths

(Gołdyn et al. 2014)

-T&O issues

-Dose: 0.5-5 mg/L
-Iron injected into the river pumping
station
-Dose: 33 g/m2 Fe
-Iron applied by a mobile wind-driven
pump

-56% decline in orthophosphate
-Lower cyanobacterial abundance

–

(Walker et al. 1989)

-20-25% decline in suspended matter -80%TP, 50%-orthophosphate on the 2nd year of
application
-Chl-a lower during 2nd iron addition
-Cyanobacterial abundance remained high
on the 1st year
-Recovery in water quality conditions due
to continuous external P loading
-62% lower Chl-a
-55% lower TP
-34% lower suspended solids

-Minimal impacts on
macrophytes
-Fish biomass remained stable
post-treatments
- Elevated iron in sediments

(Immers et al. 2015)

-No impact on sensitive aquatic
plants.
- Elevated iron in sediments

(Quaak et al. 1993)

Alum and PACl

Iron

Iron
Iron

Iron

A: 0.64,1.43, 0.1
km2
ZMax: 6, 15,7.2 m
Larger; Dimictic
Smallest;
Polymictic
A: 1.15 km2
ZMax: 16.5 m
ZAvg: 8.1 m
A: 0.85 km2
ZAvg: 1.4 m

A: 0.18 km2
ZAvg: 1.7 m
ZMax: 2.5 m

-Eutrophic conditions

–

-Dose: 100 g Fe /m2
-Ferric chloride mixed in upper 0.15 m of

(continued on next page)
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Alum
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Table 1 (continued )

Chemical

Source
Characteristics

Ca(OH)2

A: 0.18 km2
ZAvg: 14-18 m
ZMax: 34 m

Ca(OH)2

Pre-Treatment Conditions

Treatment Design

Short and Long-term Response

sediment using a water jet manifold for a
duration of 3 wks.

-46% higher clarity
-Decline in chloride
-TP remained low for 1 yr. of monitoring
despite external P loading
-Significantly higher P sedimentation rates
-Increase in calcite-bound P
-Higher P, TP sedimentation over the 2 yrs.
with subsequent treatments
-Some decline in TP
-Increase in pH
-Improvements in water clarity
-89% decline in cell density in 2 d, though
the impact was short-term
-Immediate decline of cyanobacterial
biomass, but overall increasing trend and
still dominated after treatment
-Multiple low dosing lowered chl-a, TP, and
phytoplankton in the long term
-Lower SRP and TP
-85-95% lower chl-a
-Sedimentation of A. flosaquae
-Chl-a remained low for 1 yr.
-Precipitated P re-dissolved in the
hypolimnion water
-Substantial drop in cyanobacteria
abundance and dominance
-Low biovolume 2 yrs. post-treatment
mirroring TP
-Recovery of TP and biovolume 3-4 yrs.
after treatment
-Lower TP and SRP reported for 2 yrs.
-Lower Chl-a & higher SD in the summer

-Dose: 72-140 tons
-Whole lake treatment combined with deep
water aeration. 2-3 injections done
between 1-4 wks. annually
-Dose: 2 kg
-Dissolve in 100 L tank and added to
enclosures

Ca(OH)2,
CaCO3

–

-Eutrophic conditions

-Dose: 5-250 mg/L
-Single-dose and repeated applications.
-Applied for 1-9 d by barge or by a shorebased material distribution system

Ca(OH)2

A: 0.34 km2
ZAvg: 5.5 m
ZMax: 11 m
Residence time: 20
yrs.

-Eutrophic conditions

-Dose: 8-16 tons
-Applied by emptying lime into turbulent
water then mixing

LMB

A: 0.15 km2
ZAvg: 0.75 m
ZMax: 2.8 m
Residence time: 2
months

External TP: 0.8 g/m2 /yr.
Internal TP: 4.3 g/m2 /yr.
TP: 60 μg/L
Chl-a: 51 μg/L
Al: 62 mg/L as CaCO3

-Dose: 170 g/m2
-Applied as slurry from a pontoon

LMB

A: 0.009-0.64 km2
ZAvg: 0.8-8.8 m
ZMax: 1.3-16 m
A: 0.045-0.64 km2
ZAvg: 1.4-8.8 m
ZMax: 1.3-16 m

–

-Dose: 1.4-6.7 tonnes/ha
-LMB added as a slurry and some lakes had
repeat applications
-Dose: –
-Analysis of sediments from treated lakes.
LMB applied as slurry from boat or using
barge in all lakes
-Dose: 500-1900 kg/ha
-Initial treatment with a high dose followed
by two smaller doses 3 yrs. apart

9

–

TP: 37.5 μg/L
Chl-a: 4 μg/L
SD: 5.2 m
Ca2+: 41 mg/L
-Eutrophic hard water lake

LMB

TP: 32-133 μg/L
Chl-a: 16-38 μg/L
DOC: 2.8-16.7 mg/L

A: 0.06 km2
ZAvg: 2.6 m
ZMax: 3.8 m

TP: 0.08 mg/L
TN: 2.1 mg/L
DOC: 12 mg/L
CaCO3: 0.8-4 mg/L
pH: 8-9
Cond.: 270-360 μS/cm

LMB and PACl

A: 0.026 km2
ZAvg: 8 m
ZMax: 16 m
Vol: 208000 m3

Total La: 528 µg/L
Chl-a: 16.5 µg/L
SD: 3.5 m
TP: 134 µg/L
SRP: 20 µg/L
TN: 0.96 mg/L

-Dose: 2, 16 t of LMB and 16 tons of PACl
-Combined LMB and PACl treatments
conducted in 3 d
-Treatment was buffered by 75 kg Ca(OH)2

References

–

(Dittrich et al. 2011)

-A decline in zooplanktons
followed by a delayed recovery

(Leoni et al. 2007)

-Low zooplankton response

(Zhang et al., 2001)

-Aquatic invertebrate
populations unchanged, and later
increased

(Murphy, Hall, and
Northcote 1988)

-Lake improved from poor to
moderate ecological status

(Lang et al. 2016)

-Macrophytes cover and
colonization depths increased

(Spears et al., 2016)

-La recovered in upper 10 cm
sediment cores

(Dithmer et al. 2016b)

–

(Epe, Finsterle, and
Yasseri 2017)

-La uptake by macrophytes &
chironomid
-La increase in water column and
sediments

(van Oosterhout et al.
2020)

SD: Secchi Depth; A: Surface Area; ZMax, Avg: Maximum, average depth; Vol: Volume; DO: Dissolved Oxygen; DOC: Dissolved Organic Carbon; Cond.: Conductivity; Al: Alkalinity; Chl-a: Chlorophyll-a; –: Not reported; P:
Phosphorous; TP: Total Phosphorous; TN: Total Nitrogen; SRP: Soluble Reactive P; TIN: Total Inorganic Nitrogen; LMB: Lanthanum Modified Bentonite
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LMB

-Notable decline in TP in most lakes apart
from one lake with unchanged levels
-Effective control of sediment release 2-9
yrs.
-Initial application eliminated SRP
concentrations immediately and reduced
TP levels by 50% in the first year.
-Chl-a dropped in the reapplication period,
and TIN remained unchanged
- Repeat application needed to bind new P
inputs to maintain long term effects
-70% decline in chl-a
-2 m increase in SD
-60% turbidity decline
-90% & 75% decline in TP & SRP
-Decline in TP, SRP, TN, SD, and chl-a
remain constant 10 yrs. later

Treatment residuals,
Ecological & Water quality
Impacts

F.A. Kibuye et al.
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soluble reactive P with the highest reductions in the winter seasons,
decline in overall chlorophyll-a, increase in the water transparency, and
increase in macrophyte population (Spears et al., 2016). However,
variable responses across the lakes is associated with regional differ
ences among other confounding environmental and water quality fac
tors that can influence treatment success. Further research is needed to
characterize if the lake treatment efficiency are impacted by lake
morphology, such as depth, stratification, and mixing characteristics.
2.2.1.3.4. Environmental impacts. A bioaccumulation study of La
investigated in the macrophyte Elodea nuttallii, chironomid larvae, and
in several fish species following in situ LMB applications found that
although no acute and chronic effects were observed during the 5-year
study period, there were raised La concentration in fish organs, mus
cles and skin tissue, and increased concentrations of the exposed plants
and animals (Waajen et al., 2017). Similarly, following an LMB appli
cation, La concentrations in chironomid larvae tissue increased 836
times (van Oosterhout et al., 2020). Thus there is potential toxicity,
bioaccumulation between trophic levels, and human exposure risks
(D’Haese et al., 2019). Bioassays conducted post-treatment in a meso
cosm study in Brazil suggested high mortality of the zooplankton Cam
podea silvestrii as La concentrations of 1.6 mg/L were likely higher than
the 48 h EC50 La concentration for the organism (Yamada-Ferraz et al.,
2015). There is limited information on the toxicity effect of La-impacted
sediments; however, La presents an array of ecotoxicity on vertebrates,
invertebrates, plants, and microorganisms (Herrmann et al., 2016).

pH is also an essential factor to consider since some treatments such as
CaO and Ca (OH)2 can significantly increase aqueous phase pH.
Although Ca treatments have not resulted in detectable impacts on
zooplankton (Ghadouani et al., 1998), care should be taken during
whole lake treatments to maintain near-neutral pH levels as pH > 9.5
may negatively impact aquatic organisms (Leoni et al., 2007). pH con
trol during Ca treatment can also be monitored by controlling applica
tion dosages. Repeated Ca treatments in a lake maintained pH < 10 and
improved water quality without adverse environmental impacts such as
the death of fishes or invertebrates (Prepas, et al., 2001a; Prepas et al.,
2001b). Long-term studies have shown a decline in macrophyte biomass
by 95% 6 yrs. after treatment and species shift from floating to rooted
plants (Prepas et al., 2001a). Table 1 below summarizes selected field
studies using various coagulants and flocculants to control
cyanobacteria.
3. Cyanobacterial biomass control
3.1. Algaecides
Algaecides are applied as a curative measure to suppress cyano
bacterial proliferation in the water column. Algaecides offer rapid yet
temporary water quality improvements mainly because they do not
reduce the aqueous or sediment-bound nutrient concentrations. Chem
ical control using algaecides was one of the first algal control mecha
nisms (Cooper and Zika, 1983). Several herbicides such as Diuron (3-[3,
4-dichlorophenyl]-1,1-dimethylurea) and Endothall (7-oxabicyclo
[2.2.1]heptane-2,3-dicarboxylic acid) etc. have been used for algal
control, but copper (Cu)-based algaecides are the most commonly used.
In contrast, interest in hydrogen peroxide (H2O2) treatment has grown
in recent years. Fig. 2 presents the mode of action of H2O2 and Cu-based
algaecides.

2.2.1.4. Calcium (Ca). Ca is applied to lakes in the form of lime (CaO,
CaCO3, Ca(OH)2) or calcite (CaCO3). Lime addition mimics natural
calcite (CaCO3) precipitation in hard water lakes that strips P from the
water column (Prepas, et al., 2001a). CaO and Ca(OH)2 addition in
water increase aqueous pH and facilitates the formation of CaCO3, while
direct addition of CaCO3 is deemed beneficial as it precipitates and then
reacts with PO43− in the water column (Dittrich et al., 2011).
2.2.1.4.1. Field-scale studies and factors to consider during
treatment. Lake restoration using hypolimnetic Ca (OH)2 precipitation
significantly impacted the vertical transport of P into the sediment zone
of a lake. The annual sedimentation rate increased from 17.7 mg P /m2/
d in 1995 to 15–100 mg P /m2/d during the restoration period using Ca
(Dittrich et al., 2011). In another lake, an 85-95% precipitation of
chlorophyll-a and 89-96% of reactive P in the epilimnion was reported
(Murphy et al., 1988). Combined Al, Ca, and biomanipulation during a 5
yr. restoration period resulted in >80% decline in internal P and
improved water quality (Mehner et al., 2008). Ca treatments may be
limited to provide only short-term improvements due to the redis
solution of precipitating CaCO3 as it settles in deep waters (Leoni et al.,
2007). Murphy et al. (1988) also noted that P was adsorbed to CaCO3 in
the epilimnion, but not the hypolimnion and there were instances of
redissolution of precipitated P. Such observations may create the need
for repeated treatments.
Dosage and treatment frequency influence the outcome and
longevity of treatment. Ca(OH)2 and CaCO3 were evaluated at single and
multiple dosages (5-107 mg/L Ca) in eutrophic hard water lakes to
control phytoplankton and macrophyte biomass (Prepas et al., 2001b).
Whereas single lime treatments at moderate dosages resulted in variable
and mostly temporary changes in chlorophyll-a and P concentrations
over the 2 yrs. of the study, multiple treatments were effective in
reducing both chlorophyll-a (> 70%) and P (> 90%) concentrations
with treatment effects lasting for 7 yrs. (Prepas et al., 2001b). Similarly,
two lakes received a single treatment of Ca(OH)2 at 74 -107 mg/L Ca and
another set of two lakes received multiple treatments with Ca(OH)2
and/or CaCO3 (5–78 mg/L Ca) (Zhang et al., 2001). While cyanobacteria
dominance did not change in both single and multiple-dosed lakes,
long-term phytoplankton biomass decline (>1 year) occurred only in the
multiple-dosed lakes (Zhang et al., 2001). Prolonged success in treated
lakes is facilitated by controlling external P inputs (Mehner et al., 2008).

3.1.1. Hydrogen peroxide (H2O2)
H2O2 is a naturally occurring reactive oxygen species between 30 to
800 nM in freshwater systems (Cooper and Zika, 1983). It is photo
chemically produced from organic matter present in natural waters
(Cooper and Zika, 1983) and generated as a byproduct of aerobic
metabolism in plants (Apel and Hirt, 2004). Currently, H2O2 is used as
an oxidant in water and wastewater treatment, although its application
as a source water control strategy for cyanobacteria control is mainly
limited to small-scale batch cultures and microcosm experiments where
low doses have shown potential for the suppression of various cyano
bacteria species (Barrington and Ghadouani, 2008; Bauzá et al., 2014;
Drábková et al., 2007a; Papadimitriou et al., 2016; Weenink et al., 2015)
3.1.1.1. Mechanism of cyanobacterial control. When H2O2 is added to
water, it reacts with UV radiation to produce hydroxyl radicals (OH),
strong reactive oxygen species, that damage cyanobacteria by impairing
the cellular photosystem II (Drábková et al., 2007b) ; Samuilov et al.,
2001). As a strong oxidant, H2O2 can also result in cell death by
damaging cellular integrity as it can target cellular proteins, lipids, and
other macromolecules (Xenopoulos and Bird, 1997). Recent studies with
the cyanobacterium M. aeruginosa have suggested that H2O2 induces
apoptosis-like cell death characterized by cell lysis, decreased cell size
and membrane potential, and chromatin condensation (Zhou et al.,
2018).
The application of H2O2 as an algaecide is selective to cyanobacteria
because: (i) the light-harvesting complexes in cyanobacteria cells known
as phycobilisome are located outside of the thylakoid membrane
exposed to the cytoplasm, (ii) cyanobacteria cells are prokaryotic; hence
their photosynthetic apparatus are more susceptible to H2O2 in com
parison to green algae, and (iii) cyanobacteria have less elaborate H2O2
detoxification pathways (Drábková et al., 2007b) . These factors create
the potential for H2O2 to be functional at doses that can selectively
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Fig. 2. A conceptual diagram of the mode of action and the effect of dosing of hydrogen peroxide and copper-based algaecides on cyanobacteria. Metabolites can
degrade through natural processes such as photolysis, biodegradation as well as sorption. Hydroxyl radicals generated by hydrogen peroxide algaecides can also
contribute to the oxidation of metabolites.

target and damage cyanobacterial cells in natural waters with minimal
impacts on other phytoplankton species. Furthermore, H2O2 degrades
rapidly through a catalytic pathway into water and oxygen (Passardi
et al., 2007), implying it is a safer algaecide since it is non-persistent in
aquatic environments and is devoid of potent byproducts.

improvements as the lake returned to nearly similar initial conditions
5 d after the treatment.
A dense Planktothrix agardhii bloom dominating a recreational lake
was successfully treated using 2 mg/L H2O2 that was homogenously
mixed in the entire lake column using a water harrow technique (Mat
thijs et al., 2012). A few days following this single treatment, the cya
nobacterial population and microcystin concentrations declined by
98%. In August 2012, an “exceptionally dense” bloom of Alexandrium
ostenfeldii formed in a brackish creek that discharges into a shellfish
habitat (Burson et al., 2014). As an immediate treatment to avoid
shellfish contamination, 50 mg/L of H2O2 was injected in the northern
and southern parts of the creek in single one-day treatments that lasted
8-h each. Within 48-h of treatment, A. ostenfeldii population declined by
99.8%, and toxin concentrations were reduced below regulatory limits.
The injection of H2O2 in source waters is deemed hazardous with
various safety concerns during storage, transportation to the treatment
site, and injection (Sinha et al., 2018); thus, injections have been per
formed by trained professionals (Burson et al., 2014; Matthijs et al.,

3.1.1.2. Field and pilot-scale studies. There are few studies reporting
findings from lake/reservoir treatments using H2O2. Barroin (1980)
performed the earliest documentation for whole lake treatment to
investigate the suitability of H2O2 for treating anoxic hypolimnion
producing sulfide in the Lac du Morillon in France. 455 kg of 35% H2O2
was injected at 1.5 m and 4 m depths using Tygon tubing. Immediately
following treatment, sulfide concentrations decreased by 82%, while DO
levels increased by 37%. Granting algal blooms were not the reason for
the treatment; the author reported decreased chlorophyll-a, phyto
plankton volume, and primary productivity within 24 h of treatment,
likely as a response to algaecide properties of H2O2. Nevertheless, this
simple hypolimnetic injection of H2O2 only provided short-term
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2012). The use of granular sodium carbonate peroxyhydrate
(Na2CO3⋅1.5H2O2), which contains 27% H2O2 has been investigated as a
safer H2O2-based algaecide. The granular H2O2 performs as a selective
control method for cyanobacteria with greater safety margins for
non-target species (Geer et al., 2016). A mesocosm study in hyper
eutrophic ponds reported significant Planktothrix agardhii and micro
cystin decline 7-d following a single treatment (Sinha et al., 2018).

microcystin concentrations declined by 99% within a few days after
treatment (Matthijs et al., 2012). Sinha et al. (2018) noted a significant
reduction in microcystin concentration in ponds treated with 2.5 and 4
mg/L H2O2 compared to the control.
The decrease in extracellular toxin concentrations following H2O2
treatment can be attributed to the oxidation of toxins by the highly
oxidative OH radicals generated as H2O2 decompose (Huo et al., 2015).
The OH radical formation rate is influenced by light intensity (Chang
et al., 2018; Huo et al., 2015); therefore, elevated solar irradiance in the
field may accelerate the formation of OH radicals and enhance both
algaecidal activity and metabolite degradation potential. OH radical
formation potential can also be accelerated by adding photocatalysts
such as titanium dioxide (TiO2) (Chang et al., 2018), but this may be
challenging for field-scale applications. The toxin degradation efficiency
can also be influenced by H2O2 dosing during treatment. High dosages
can result in higher cell lysis and consequentially high toxin release rates
that may not match toxin oxidization rates (Lürling et al., 2014). Ex
periments on naturally occurring bloom samples indicated that the
dosage required for intracellular microcystin release was >4 H2O2:DOC
(Zamyadi et al., 2020).
During H2O2 treatments, cell lysis results in a decline in intracellular
toxin concentrations and increased extracellular toxin levels. However,
in some cases, total toxin concentrations do not equal intracellular and
extracellular toxin levels (Piel et al., 2019; Sandrini et al., 2020). Toxins
in natural environments can also decline due to microbial degradation
(Bourne et al., 1996) or photodegradation when present in the photic
zone (Kurtz et al., 2021). The decline in toxin concentrations can also be
attributed to toxin binding to cellular proteins as exhibited by micro
cystin binding to thiol groups of redox-sensitive amino acids, peptides,
and proteins under high light and oxidative stress conditions (Miles
et al., 2016; Zilliges et al., 2011). Since the conjugation of microcystin to
thiols is reversible (Miles et al., 2016), protein-bound microcystin can
gradually convert into unbound microcystin allowing its detection in
solution (Miles et al., 2016; Piel et al., 2019). This phenomenon may
explain the increase in toxin concentrations several days post-H2O2
treatment. For example, when a hypereutrophic pond was treated with
2.5 mg/L H2O2, there was ~4 μg/L increase in microcystin concentra
tions 6 d after treatment, although these levels were continually lower
than the control (Sinha et al., 2018). However, this extended period
before the increase of microcystin may require utilities to be vigilant on
toxin monitoring even days after the application of H2O2.

3.1.1.3. Sensitivity of green algae and different cyanobacteria genera
to H2O2. Cyanobacteria species are affected by H2O2 at ten times lower
concentrations than those affecting green algae and diatoms (Drábková
et al., 2007b; Drábková et al., 2007a). This sensitivity, among other
factors, allows for the selectivity of H2O2 on cyanobacteria. Since
blooms in freshwater systems can be dominated by one or many cya
nobacterial genera and green algae there may be some interspecific
variations in H2O2 toxicity. Eukaryotic algae generate anti-Reactive
Oxygen Species (ROS) enzymes that can scavenge H2O2 (Shigeoka
et al., 2002). Therefore, a high density of green algae in the water col
umn may rapidly degrade H2O2 to minimize the effect on target cya
nobacteria. Weenink et al. (2021) found that the presence of the green
algae Chlorella sp. at high densities offered interspecific protection to
Microcystis sp, making the cyanobacterium withstand high doses of
H2O2. These observations imply that cyanobacterial control in lake
s/reservoirs using H2O2 should also consider green algae when
designing treatment. High levels of green algae can negatively impact
treatment resulting in unsuccessful cyanobacterial control.
Field and laboratory experiments on Anabaena, Cylindrospermopsis,
Planktothrix, and Microcystis sp found that Microcystis sp. had ten times
resistance to H2O2 than the filamentous cyanobacterial taxa (Yang et al.,
2018). Similar findings were reported when 2 mg/L H2O2 completely
removed Dolichospermum circinale while complete removal of
M. aeruginosa was attained by 5 mg/L H2O2 in a different study (Aragão
et al., 2021). The resistance of M. aeruginosa to H2O2 can be linked to the
production of Extracellular Polymeric Substances (EPS) such as poly
saccharides, proteins, lipids, and fatty acids that serve as a buffering
layer around the cell, thus reducing the effect of H2O2 (Gao et al., 2015).
Colony-forming characteristics of Microcystis sp. can also protect cells
causing them to resist H2O2 oxidative stress (Liu et al., 2017). In addi
tion, Dziallas and Grossart (2011) found that toxic Microcystis strains
were less sensitive to H2O2 than the non-toxic strains. This observation
can be because toxins can consume generated OH radicals during H2O2
treatment to minimize the effect on the cells (Huo et al., 2015).

3.1.1.5. Timing of H2O2 treatment. Hydrogen peroxide treatments
should be dose optimized to affect cyanobacteria while causing minimal
harm to non-target species. Mesocosm studies by Chen et al. (2021)
indicated that lower concentrations of H2O2 were needed to control a
Dactylococcopsis sp. bloom while higher dosages were needed when cell
density increased. For colony-forming species such as M. aeruginosa,
higher doses of H2O2 are required when the bloom has formed colonies
larger than 25 µm (Liu et al., 2017). High cyanobacterial biomass den
sity in source water can also significantly increase H2O2 decay rates and
reduce treatment impact on cyanobacteria (Weenink et al., 2015). Thus,
we recommend that the application of H2O2 to control cyanobacterial
blooms to be conducted in the early stages of a bloom, when cyano
bacterial density and colony sizes are relatively low. In addition to
ecological impacts that may occur when larger doses are applied at high
cyanobacterial densities and large colonies, utilities may also have to
deal with the release of cyanotoxins (Chen et al., 2021; Liu et al., 2017).
The toxicity of H2O2 is influenced by factors such as light intensity
and temperature (Drábková et al., 2007a). Recent batch studies by
Sandrini et al. (2020) suggest that light intensities and nutrient avail
ability influence cyanobacterial sensitivity to H2O2 treatments. Micro
cystis in low light intensities and nutrient limiting conditions were less
sensitive to H2O2 but was more sensitive to H2O2 at high light intensities
independent of nutrient levels. Other researchers have also reported

3.1.1.4. Release and degradation of cyanotoxins. Since H2O2 oxida
tion can result in loss of membrane integrity or cell lysis, cyanobacterial
treatment experiments have resulted in the release of intracellular toxins
(Chen et al., 2021; Fan et al., 2014; Lürling et al., 2014; Zhou et al.,
2013). Intracellular toxin concentrations can vary based on cyano
bacterial species and cell concentration/density, internal toxin produc
tion rates, and toxin storage per unit cell. The intracellular toxin release
from the cyanobacterial cells during H2O2 oxidation depends on the
cellular lysis/rapture rates (Huo et al., 2015).
Some evidence of the release of intracellular toxins is observed in
field-scale control of cyanobacteria. In the Burson et al. (2014) study,
microscopic analysis revealed that the total viable cell concentration
decreased within 5 h of H2O2 application and continued to decline
throughout the 50 h observation period. Although the A. ostenfeldii
bloom had produced saxitoxins in the water column before H2O2
application, most of the 13-desmethyl spirolide C were intracellular but
increased by over 50% in the filtrate 8 h into the treatment, presumably
due to cell rupture and release of intracellular matter. However, a sig
nificant reduction in both saxitoxin and spirolides was noted after 24 h
(Burson et al., 2014). Similarly, Yang et al. (2018) observed an imme
diate increase in extracellular microcystin after treatment (24 h), fol
lowed by a significant decline 7 d later. In a different study, total
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higher cyanobacterial suppression using H2O2 at high light intensities
(Piel et al., 2019; Wang et al., 2017).
These findings suggest that more effective suppression for cyano
bacteria is achieved in less shaded conditions. Natural sunlight enhances
the effect of H2O2 on cyanobacteria causing significant damage at
photosystem II and interfering with its repair, making cells more sen
sitive to photo-inhibition and increasing sensitivity to applied H2O2
(Piel et al., 2019; Wang et al., 2017).
Consequently, the timing of lake/reservoir treatments at high light
intensity conditions, e.g., less cloudy conditions, would result in more
successful control. Sources with high turbidity can thus time their ap
plications when cells are near the surface in sunny conditions.

decomposition rates are high. In a mesocosm experiment where the
H2O2 decomposition rates were 109 µM/h, H2O2 doses less than 5 mg/L
were inefficient in controlling a Microcystis sp. bloom (Wang et al.,
2019). Since higher doses would result in inadvertent negative impacts
on aquatic organisms, Wang et al. (2019) proposed the repetitive
addition of 2-5 mg/L H2O2 based on the measured reductive power of
the source water to prolong the residence time of H2O2.
Significant decay of H2O2 due to high cyanobacterial biomass density
in source water, as described by Weenink et al. (2015), can also be
avoided by effectively timing H2O2 treatments at low cell density stages.
Mesocosm experiments by Chen et al. (2021) indicated that lower doses
of H2O2 were effective in inhibiting cyanobacterial growth at low cell
densities given the longer residence times of H2O2 observed from lower
decay rates. Therefore, treatment at the early cyanobacterial growth
stages of is recommended. Advance testing with lake/reservoir water is
advised as this will offer insight on ideal H2O2 dosing based on the
density of cyanobacterial cells and the decay rates of H2O2 as well as the
effect on non-target organisms.
In the reviewed field-scale studies where 2-4 mg/L H2O2 (Matthijs
et al., 2012; Sinha et al., 2018) and 50 mg/L H2O2 (Burson et al., 2014)
were used to control cyanobacteria species, added H2O2 returned to
background levels within a few days. The rapid decay of H2O2 can
impact treatment longevity. As much as H2O2 treatment results in rapid
improvements in water quality, the longevity of this source water con
trol strategy is limited as cyanobacteria in treated waters returned to
antecedent nuisance levels only 5-7 weeks after treatment (Burson et al.,
2014; Matthijs et al., 2012; Sinha et al., 2018). Maintenance of condi
tions promoting cyanobacterial blooms such as continued nutrient in
puts can also promote rapid re-establishment of cyanobacteria after
treatment.

3.1.1.6. Control of benthic cyanobacteria. Given the light and tem
perature factors influencing treatment performance of H2O2 (Piel et al.,
2019; Wang et al., 2017), there are questions on the application po
tential for benthic cyanobacteria occurring in the sediment layer with
minimal light exposure. No field-scale studies have assessed the per
formance of H2O2 for the control of cyanobacteria in the benthic zones.
Chen et al. (2016) collected overwintering benthic cyanobacteria and
exposed them to increasing H2O2 concentrations under low light and
temperature conditions. This study showed that H2O2 inhibited the
growth of cyanobacteria under the low light and temperature treatment
conditions. However, this inhibition was temporary as cyanobacteria
recovered when transferred to favorable growth conditions. Higher
dosages (5-20 mg/L H2O2) were needed to induce permanent damage on
the benthic cyanobacteria cells (Chen et al., 2016).
Water column applications may inhibit benthic species that occur as
floating mats, however H2O2 treatment application methods may need
optimization to target benthic species in the sediment zones. Granulated
forms of H2O2 that settle to the bottom of the water column can also be
used to target benthic mats (Winkler, 2018). Benthic cyanobacteria
species can be significant and, in some cases, invisible producers of
cyanotoxins and T&O issues in drinking water sources (Gaget et al.,
2020, 2017; Wood et al., 2020). Further research is needed to expound
on the field-scale control of benthic cyanobacteria using H2O2.

3.1.1.8. Increase of nutrient levels after H2O2 treatments. The acute
cellular damage during H2O2 treatments causes the release of intracel
lular organic matter. This has been demonstrated by the increase of
dissolved nutrients in the water column following treatment. Chen et al.
(2021) reported a dramatic rise in DOC, PO3− 4-P, NH₄⁺-N, and NO3− -N.
Similarly, in a mesocosm study, TN, TP, and DOC levels increased
significantly in the water column after H2O2 treatments (Wang et al.,
2019). In field-scale studies, the addition of H2O2 in some lakes has
resulted in hydrogen sulfide odor and the formation of precipitates that
lasted a few days (Barroin, 1980; Burson et al., 2014) and a significant
increase in NH₄⁺ concentrations in the water column (Burson et al.,
2014; Matthijs et al., 2012; Sinha et al., 2018).
Since H2O2 treatments are selective to cyanobacteria, the temporary
increase in nutrients in the water column can sustain or promote eu
karyotes that are not affected by the H2O2. Wang et al. (2019) found that
the enrichment of nutrients only encouraged the growth of chlorophytes
instead of bloom-forming M. aeruginosa. Other researchers have also
noted the succession of chlorophytes following the decline of dominant
cyanobacteria (Chen et al., 2021; Lusty and Gobler, 2020). Matthijs
et al. (2012) found that eukaryotic phytoplankton in the treated lake
were largely unaffected by the H2O2 treatment, although the pop
ulations did not show a significant increase. While the nutrient enrich
ment promotes the rise in chlorophytes in the water column, the
reduction of competition from bloom-forming cyanobacteria species
creates a better habitat to foster their abundance and dominance. If
H2O2 treatments in lakes/reservoirs are accompanied by a reduction in
external and internal nutrient loading, diverse phytoplankton commu
nities observed after cyanobacterial decline may establish dominance to
support long-term control of cyanobacteria.

3.1.1.7. Dosing and decay of H2O2. The rapid decomposition rate of
H2O2 results in a short residence time in natural waters and may cause
the failure of bloom mitigation. Biogeochemical factors such as biolog
ical activity, concentrations of dissolved and suspended organic matter,
and redox-sensitive metals such as manganese and iron can influence the
decay of H2O2 (Cooper and Zepp, 1990; Crafton et al., 2019; Häkkinen
et al., 2004). The presence of anti-ROS enzymes generated by eukaryotic
algae can also contribute to a high degradation rate of H2O2 (Shigeoka
et al., 2002). Laboratory experiments with natural bloom samples have
further shown that a high density of cyanobacteria at the source con
tributes to rapid H2O2 degradation rates during treatment (Weenink
et al., 2015).
Some cyanobacteria species, e.g., M. aeruginosa, demonstrate a high
H2O2 scavenging capacity due to the EPS that serves as a buffering layer
around the cell and can neutralize ROS (Gao et al., 2015). Since EPS can
consume up to 50% of the total amount of H2O2 consumed by cells (Gao
et al., 2015), a considerable amount of H2O2 is wasted before any im
pacts on cells are observed. Different genera of cyanobacteria may have
varying EPS yields and H2O2 scavenging potentials, ideal H2O2 dosing
may vary between communities of bloom-forming cyanobacteria. Larger
colonies that are common when cyanobacterial biomass densities are
high also contain higher contents of EPS to minimize the effect of H2O2
(Liu et al., 2017).
Although increasing H2O2 dosage seems like an obvious solution
when cell density is high, Weenink et al. (2015) have recommended
2.3-5 mg/L H2O2 dosing and avoiding H2O2 treatment if higher doses are
needed. However, this dosing recommendation may limit the use of
H2O2 in sources with high reductive potentials where H2O2

3.1.1.9. Environmental impacts. Compared to other algaecides, H2O2
is considered sustainable since there is no bioaccumulation or sediment
accumulation of byproducts as it degrades into oxygen and water
(Burson et al., 2014; Matthijs et al., 2016; Matthijs et al., 2012; Passardi
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et al., 2007). Furthermore, the decline in cyanobacteria often promoted
the succession of green algae (Chen et al., 2021; Lusty and Gobler, 2020;
Sinha et al., 2018). Even though Burson et al. (2014) reported H2O2
returned to background levels within 50 h of injection, the 50 mg/L
treatment resulted in a 99% decline in zooplankton and death of 40
three-spined sticklebacks. These ecological impacts may be
dose-dependent as Matthijs et al. (2012) reported minimal effects on
zooplankton and macrofauna in the lake following the 2 mg/L treat
ment. Dose-response analysis on largemouth bass by Sinha et al. (2020)
pointed out that H2O2 doses higher than 2.5 mg/L in aquaculture set
tings induced oxidative stress and histopathological changes in fish tis
sues. Therefore, one of the challenges for H2O2 treatment is finding the
optimal cyanobacterial and toxin treatment dosage without ecological
impacts on non-target species.

the mass of Cu sorbed to algal biomass and the subsequent response
during treatment. Lower Cu doses were needed to cause microcystin
release in 50% of the cyanobacterial population when treatment was
done at a high cell density, while much higher doses were required to
induce toxin release when cell densities are low (Kinley et al., 2017).
Therefore, chances of toxin release are reduced when a low cell density
bloom is controlled using lower copper doses.
3.1.2.3. Timing of Cu treatment. Cu application (150 µg/L Cu) at the
declining phase of Aphanizomenon flosaquae bloom in a shallow aqua
culture lake resulted in rapid bloom reduction with a consequent longterm DO depletion from biomass decomposition (Whitaker et al.,
1978). Controlling M. aeruginosa at low (1 × 106 cells/ml), medium (5 ×
106 cells/ml), and high (1 × 107cells/ml) cell densities required lower
exposure concentrations (0.02-1 mg/L Cu) to yield > 90% chlorophyll-a
decline in the low and medium cell densities as opposed to higher
exposure concentrations (0.05-2 mg/L Cu) for the high cell density that
only yielded a 50 % decline in chlorophyll-a (Kinley et al., 2017). Tsai
(2016) conducted laboratory studies and recommended copper treat
ment at a relatively low cell density for optimum growth inhibition with
minimal impacts to non-target species. High algal cell densities hinder
the efficient performance of copper even at designed application dosages
and frequencies (Murray-Gulde et al., 2002).
Alkaline conditions during high algal densities promote carbonate
precipitation and Cu complexation with organic ligands (Hullebusch
et al., 2003; Hullebusch et al., 2002 ) instead of occurring in the free
form and labile complexes that are toxic to cyanobacteria (Hullebusch
et al., 2002). Cell density can also result in seasonally variant treatment
responses. Communities were more sensitive to treatment at the onset of
the bloom in the spring than in the summer and fall seasons (Winner and
Owen, 1991). Similarly, in a mesocosm study by Le Jeune et al. (2006),
phytoplankton communities, including cyanobacteria, depicted varying
sensitivities to Cu in the spring and summer seasons.

3.1.2. Copper (Cu)
Cu is likely the most common algaecide and is generally applied as
copper sulfate (CuSO4.5H2O) in commercial products and has been used
to control cyanobacterial blooms in surface waters for over a century
(Button et al., 1977; Hanson and Stefan, 1984).
3.1.2.1. Mechanism of cyanobacteria control. When CuSO4 is dis
solved in water, large amounts of cupric ions (Cu2+) are released. Apart
from being toxic to phytoplankton communities (Pinto et al., 2003),
Cu2+ impacts N and carbon fixation processes in blue-green algae
(Wurtsbaugh and Horne, 1982) and inhibit photosynthetic electron
transport, thereby resulting in cell death (Barón et al., 1995). Cu treat
ments can also impact cellular integrity, thereby causing cell lysis (Fan
et al., 2014; Zhou et al., 2013). Following application, Cu rapidly sorbs
to cyanobacteria and suspended particulates while >90% is transferred
to sediments (Willis and Bishop, 2016). The bioavailability of Cu de
pends on its speciation in aquatic systems that is controlled by the pH,
alkalinity, and organic and inorganic ligand concentrations in the water
column (Flemming and Trevors, 1989; Hullebusch et al., 2003). As
opposed to H2O2, Cu is generally non-specific and can impact phyto
plankton and other non-target species. Cyanobacteria is reported to be
more susceptible to Cu toxicity however, laboratory studies by Wu et al.
(2017) suggest the existence of species-dependent sensitivity to cu.

3.1.2.4. Repeat Cu applications and dose optimization. Single addi
tions of CuSO4 to water columns may not result in a permanent reduc
tion in algal abundances, and repeated treatments are necessary for
long-term control. Although some studies have indicated the possibil
ity of a single treatment to suppress blooms for more than a year in lakes
(Whitaker et al., 1978), others have noted the re-emergence of blooms
within 60 d of treatment (Hawkins and Griffiths, 1987; Hullebusch et al.,
2002). Some sites have employed up to six consecutive monthly appli
cations with an average post-treatment algal rebound time of 14
d (Albay et al., 2003).
Dosage optimization is vital for achieving desired algal response to
Cu treatments. Dosing accuracy can be achieved by assessing the critical
burden of a Cu formulation, defined as the infused concentration of Cu
per cyanobacteria mass needed to achieve required control (Bishop
et al., 2014). The selection of copper formulations based on water
quality and species to be treated should also be considered. For example,
chelated copper is more toxic than the non-chelated forms, and chelated
copper with EDTA has been recommended for hard and alkaline waters
(Fawaz et al., 2018).
Whereas repeated copper treatments may be necessary for long-term
control of algae, correct dosing for cyanobacteria species and treatment
timing may eliminate the need for repeat applications. Higher doses may
be required to control cyanobacteria at high cell densities, although
better management is achieved with lower Cu doses when treatment is
done at low cell densities (Kinley et al., 2017). Preliminary
laboratory-scale testing is recommended to design proper bloom man
agement programs with specific knowledge on cell or filament concen
tration per unit area in the lake, Cu efficiency for the targeted species,
and corresponding critical burden (Bishop et al., 2014).
Water quality parameters further play a significant role in bloom
rebound potential. Continual high nutrient inputs can sustain consistent

3.1.2.2. Release of cyanotoxins during Cu treatments. Just like most
algaecides, there are concerns about the release of toxins following
CuSO4 treatment. Jones and Orr, (1994) reported microcystin release
from a M. aeruginosa bloom in a recreational lake that was spot sprayed
with an unspecified dose of chelated Cu. They concluded that there was
potential release and persistence of intracellular microcystin during
treatment. Despite high M. aeruginosa biomass in a reservoir, repeated
copper treatments ranging from 27-258 g/d CuSO4 did not result in
detectable toxins (Albay et al., 2003). The release of intracellular toxins
following copper applications depends on the treatment dosage,
resulting in either algaecidal (causing cell death) or algaestatic effects, i.
e., where only cellular growth is inhibited (Fitzgerald and Faust, 1963).
Prolonged exposure times and higher copper doses coincided with more
significant cell membrane damage and a corresponding intracellular
toxin release (Zhou et al., 2013).
Tsai (2016) observed a higher microcystin release at higher copper
concentrations, yet low amounts needed to reduce M. aeruginosa resul
ted in minimal microcystin release. Similarly, Iwinski et al. (2016) found
marginal differences in the performance of copper at different dosages
since low dosages were as effective as higher dosages in controlling M.
aeruginosa while reducing the Microcystin-LR release. Zamyadi et al.
(2020) determined that a 0.6 CuSO4:DOC ratio resulted in microcystin
release after a 24 h exposure period. Apart from dosing of Cu, toxin
release may also be influenced by various confounding factors such as
the growth stage of bloom at the point of treatment, targeted cyano
bacteria species, and water quality conditions. Cell density can influence
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bloom regeneration despite algaecide application. This was the case in a
Turkish reservoir where M. aeruginosa bloom rebounded steadily despite
daily applications and instances of dosage increase likely due to constant
high nutrient inputs (Albay et al., 2003). Besides, there are concerns of
algal species developing tolerance to copper following prolonged usage.
Long-term monitoring of Fairmont Lakes, MN USA, following 58 yrs. of
copper treatment revealed that Aphanizomenon sp. gradually acquired
tolerance to Cu, requiring higher CuSO4 dosages for effective bloom
suppression (Hanson and Stefan, 1984).
In some instances combining Cu treatments with other herbicides
can reduce Cu doses required and improve cyanobacterial control.
Better management of Lyngbya wollei in coves in Southern USA was
achieved when Cu treatment was combined with diquat bromide for
repeated applications over a 2-yr period and resulted in gradual decline
(up to 97%) in algal biomass (Willis et al., 2020). Anderson et al. (2019)
also noted that for cases of thick mat-forming cyanobacteria, e.g.,
L. wollei that are less responsive to Cu treatments, a combination of
different copper with surfactants and emulsifiers may provide efficient
and economic control. Such treatment programs should be accompanied
by monitoring to assess the performances and the underlying ecological
impacts.

species (Willis and Bishop, 2016). When sediments from three coves that
have received copper application for 7, 10, and 20 yr. in a Lake, were
compared with untreated sites, only one treated site depicted elevated
copper levels (334 mg Cu/kg), but benthic invertebrate abundance was
not different between treated and untreated areas (Iwinski et al., 2016).
Copper accumulation in the sediments can further cause permitting is
sues for reservoirs/lakes to dispose of dredged sediments. Table 2 below
summarizes selected field studies using algaecides to control
cyanobacteria.
3.1.3. Potassium permanganate (KMnO4)
KMnO4 is an oxidant commonly used as a pre-oxidant for controlling
dissolved metal concentration and T&O control. KMnO4 can impact the
photosynthetic activity of cyanobacteria (Ou et al., 2012) and inhibit
cell proliferation by promoting cell aggregation (Chen and Yeh, 2005).
Studies by Fan et al. (2014) found that KMnO4 at low doses (< 3mg/L)
did not have any impacts on cell membrane integrity, while high doses
(10 mg/L) resulted in the loss of cell membrane integrity in 100% of
M. aeruginosa cells. Similar findings were reported in other evaluations
(Fan et al., 2013b, 2013a). Ou et al. (2012) further found that cyano
bacteria cells can survive and continue growing following low dosage
oxidation using KMnO4 (Ou et al., 2012).
KMnO4 application for field-scale control of algal blooms is minimal
since only one report by the State of Illinois indicated permanganate
application for algae control (Raman and Evans, 1984). In this report,
220 pounds of permanganate was applied in a lake following the
application of copper sulfate to oxidize decaying algal matter and
minimize DO reductions post copper treatment. Experiments with
lab-cultured M. aeruginosa found that high doses of KMnO4 resulted in
significant release of intracellular toxins, but such high doses were
capable of oxidizing released toxins (Fan et al., 2014, 2013a). Consis
tently, the highest dose of KMnO4:DOC was required before minor de
creases in total microcystin were observed in natural bloom samples
(Greenstein et al., 2020). During stagnation experiments, microcystin
from partially damaged cells was released after 33 h using a 0.4/0.53
KMnO4:DOC dose ratio(Greenstein et al., 2020). Therefore, monitoring
for the potential release of microcystin downstream is necessary as
partially damaged cells may remain on surfaces and impact water
quality or solids handling processes.
While KMnO4 may potentially be used in cyanobacteria control in
drinking water sources, field-scale studies are needed to assess its per
formance and evaluate its water quality and ecological impacts.
Depending on water quality (i.e., DOC), KMnO4 residuals can change the
color of a water source ranging from purple color (soluble MnO4 form) to
orange to yellow resulting in a black particulate (non-soluble MnO2(s)
form) in the water column. Thus investigations of appropriate dosing
considerations are warranted. The settling efficiency and environmental
impact of particulate MnO2(s) is not well documented in the literature.

3.1.2.5. Sediment binding of applied Cu. A majority (> 90%) of
applied copper binds to sediments (Willis and Bishop, 2016). Therefore,
prolonged copper treatment results in a significant increase in
sediment-accumulated Cu, especially in reservoirs and lakes with long
residence (Elder and Horne, 1978; Hanson and Stefan, 1984; Haughey
et all., 2000; Hullebusch et al., 2003). Depending on water chemistry,
the sediment-bound Cu can resuspend into the water column resulting in
an extended copper persistence of up to 1 yr. (Hanson and Stefan, 1984;
Haughey et al., 2000; Hullebusch et al., 2003).
Adsorption of Cu to sediments and cyanobacteria are critical factors
that affect treatment in lotic systems such as creeks and rivers. Even
though lotic systems may have limited sediment accumulation, a single
Cu treatment for the control of Didymosphenia geminate resulted in
relatively high concentrations (109-367 mg/kg dry wt.) in the algal mats
(Clearwater et al., 2011). Similar accumulations in the sediments are
largely in the non-bioavailable forms (Willis and Bishop, 2016) and may
thus not be beneficial in the control of benthic cyanobacteria, but can, in
the long run, result in the decline in benthic macroinvertebrates (Han
son and Stefan, 1984). It is worth noting that treatment efficacy in lotic
systems is largely influenced by the application method as the exposure
factors and Cu mass decreases with increasing distance from the appli
cation point (Willis et al., 2018).
3.1.2.6. Environmental impacts. CuSO4 additions effectively reduce
algal populations; however, treatment has resulted in the death of nontarget species. High mortalities of fish, among other vertebrate and
invertebrate fauna soon after treatment, have been reported and linked
to either oxygen depletion in the water column or localized Cu toxicity
due to high dosage applications (Clearwater et al., 2011; Hawkins and
Griffiths, 1987; Whitaker et al., 1978; Hanson and Stefan, 1984).
Changes in lake biogeochemistry following CuSO4 have also been
observed. The seasonality in the biogeochemical parameters such as DO,
DOC, total dissolved nitrogen (TDN), P, and turbidity was impacted in a
Lake with frequent CuSO4 application compared to a similarly eutrophic
lake without any treatment (Song et al., 2011). Nevertheless, the
implication of this biogeochemical shift is not understood since the
microbial structure in the treated lake was complex, with about 27% of
unclassified bacteria (Song and Wang, 2015).
Although large quantities accumulate in the sediment layer, copper
is mainly in the non-bioavailable forms with decreased risk to non-target

4. Federal and State regulations on chemical control methods at
the source
NPDES permit requirements have been in place for the application of
aquatic chemical pesticides that leave treatment residues in water such
as algaecides since 2011 (https://www.epa.gov/npdes/pesticide-p
ermitting). In most cases, the NPDES permits are issued by state envi
ronmental protection regulatory departments apart from a few states
and territories. Therefore, the regulatory requirements for chemical
control vary by state. In general, however, before applying a chemical
treatment agent, the NPDES permits mandate submission of a ‘Notice of
Intent’ and a ‘Pesticide Discharge Management Plan’ to the jurisdic
tional regulatory agency. The NPDES permits also come with a suite of
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Table 2
Summary of field and pilot-scale studies reporting on the performance of algaecide
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Algaecide

Species Treated

Source
Characteristics

Treatment Design

Treatment
Performance

Metabolite
Release

Rebound Time

Treatment
Residuals

Ecological & Water
quality Impacts

References

H2O2

Planktothrix
agardhii

Zmax: 2 m
A: 0.12 km2
Vol: 240,000 m3
Cells: 6 × 105 cells/
ml

-Dose: 2 mg/L H2O2
-200 mg/L H2O2 stock
prepared using lake water
and injected in the lake
using a water harrow.
-Duration: 12 h for whole
lake injection

-99% decline in cell
counts 10 d postinjection

-Microcystin
released and
declined at the
same rate with
cyanobacteria cells

-49 d after treatment,
cells density reached
2 × 105 cells/ml

-H2O2 degraded to
< detection limit 2
d post-injection

(Matthijs
et al. 2012)

H2O2

Alexandrium
ostenfeldii

ZMax: 2 m
A: 0.12 km2
Vol: Southern part of
the creek; 317,000
m3 Northern part:
107,000 m3
Cells: 1.0 × 106
cells/ml

-Dose: 50 mg/L H2O2
-5 ml of prediluted H2O2
stock prepared using creek
water was injected in the
creek using a water
harrow.
-Duration: 1 d of treatment
8 h per section. Southern
& northern parts treated 2
d apart.

- A. ostenfeldii
population declined by
99% in 48 h

-50% increase in
extracellular toxins
-Toxin levels later
declined to below
regulatory limits

-A. ostenfeldii population
were low throughout the
year
- Cells density of 8 × 103
cells/ml in treated areas
after 1 yr.

-H2O2 declined to
background levels
after 50 h

H2O2

Planktothrix sp.

–

-Dose: 2.5, 4 mg/L
-Na2CO3•1.5H2O2
dissolved in water &
dispersed in ponds.
Paddlewheel installed in
ponds to uniformly mix
H2O2
-Duration: 2 h

-Planktothrix sp. cell
density declined
(>77%) 7 d and 5
d after 2.5 mg/L and 4
mg/L H2O2 treatment,
respectively

-Spike in
microcystin in the
2.5 mg/L H2O2
treatment after 6 d
-4 mg/L H2O2 had
low microcystin
levels

-Planktothrix sp. cell
density increased after 5
wks. in both 2.5 and 4
mg/L treated ponds

-H2O2 declined to
background levels
after 3-4 d

H2O2

Microcystis
aeruginosa

ZMax: –
A:–
Vol: 700 L
Cells: 1.7 × 109
cells/ml

-50% decline in
M. Aeruginosa after 80
h

-Significant
increase in
microcystin levels

–

-60-150 µM H2O2
maintained for >2 h
with repeated H2O2
application

H2O2

Dactylococcopsis
sp.

ZMax: –
A:–
Vol:–
Cells: –
High algal density
ponds: 220-250 µg/L
chl-a

-Dose: 5.1 mg/L
-H2O2 dosed based on
decay rate (109 µM/h) in
the pond. 2 repeat
addition of 150 µM H2O2
-Duration: 2 h
-Dose: 0,5, 10, and 20 mg/
L H2O2
-10 and 20 mg/L for high
algal density and 5 mg/L
for low algal density.

-Increase in NH₄⁺ and
NO3
-No adverse impacts on
Daphnia & Diaphanosoma
sp. and microfauna
-Green algae decreased
during the first 21 d, then
started increasing
-Diatoms increased
during the first 10 d, then
declined
-H2S smell and milky
precipitate for 24 h
-97% increase in NH₄⁺
-Zooplankton 99% lower
after 50 h
-Some fish kills
-Damage on the
operculum of Atlantic
ditch shrimp
-Minimal impacts on
other macroinvertebrates
-Significant decline in
Brachionus and Daphnia
sp.in 4 mg/L treatment
-Brachionus and Daphnia
sp. were unaffected in the
2.5 mg/L treated ponds
-Significant increase in
NH₄⁺-N after application
of 2.5 and 4 mg/L H2O2
-Increase in TN, TP, and
DOC
-Increase in green algae

-34-57% decline in chla and later increased
-5 mg/L H2O2 sufficient
to control
cyanobacteria in low
cell densities

-Increase in
extracellular
microcystin levels

-No rebound, but the
dominant cyanobacteria
shifted from the nontoxic Dactylococcopsis sp.
to toxic Oscillatoria sp

–

(Sinha et al.,
2018)

(Wang et al.
2019)

(Chen et al.
2021)

(continued on next page)
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-Increase in NH₄⁺-N, PO3
and NO3
-Altered community
composition of green
algae
-20-40% increase in
chlorophytes
-Increase in zooplankton
within the first 3

(Burson et al.
2014)

Algaecide

Species Treated

Source
Characteristics

Treatment Design

ZMax: 5.5 m
A: 0.0035 km2
Vol: 9,500 m3

Cu

Aphanizomenon
flosaquae

ZMax: 2.2 – 3.1 m
A:0.016-0.5km2
Vol: 9,500 m3

Cu

–

–

Cu

Microcystis
aeruginosa

–

-Dose: –
-Cu was sprayed in the
reservoir

Cu

Microcystis
aeruginosa

Zmax: 20.5 m
A: 23.5 km2
SD: 1.2 m

-Dose: 27-258 g/d CuSO4
-Cu applied by boat
-Repeated (at times daily)
applications for 6 months

Cu

Lyngbya wollei

Cu application done
in three areas of the
lake.

Cu

Clathrocystis,
Spriogyra,
Melosira
Anabaena
Aphanizomenon

A:0.34-1.32 km2
ZAvg: 0.8-5 m
Vol: 0.79-4.73 *106
m3

-Dose: 0.3 mg Cu/L
-Cu injected to benthic
areas
- Captain® XTR applied in
an area & 7 d postGreenClean® &
Hydrothol® 191 in
another area
-Dose: 1 mg/L CuSO4; 1844 lbs. CuSO4 /acre
-Applied by dragging
burlap bags with Cu
crystals in the lake
-For 58 yrs.
Cu applied 3-5 times per
summer in some lakes

Cu

Didymosphenia
geminata

Flow rate:~0.2 m3/s
Width: 6 m

-Dose: 455 kg
-Application performed
using Tygon tubing
without mixing
-Dose: 15-360 μg/L Cu
-Boat with attached bags
was used to disperse Cu
- Cu applied two
consecutive years
-Dose: 320 μg/L Cu
-Cu applied in 1 d during
low algal biomass

-Dose: 10-20 mg/L Cu
-Pulse applied at different
sites and naturally mixed
downstream
-Duration: 1 d

Metabolite
Release

Rebound Time

Treatment
Residuals

Ecological & Water
quality Impacts
d followed by a decline
after 7 d
–

References

-38% increase in DO
-82% decline in sulfide

–

-Lake returned to initial
conditions in 5 d

–

-93- 96% decline in chla
-Complete bloom
eradication 4 d posttreatment
-Decline in
cyanobacteria
-Chlorella & Coelastrum
sp. dominated after
treatment
-Switch from healthy
cells to yellowing
unhealthy cells

–

-No cyanobacteria
resurgence in the
monitoring period

-Cu residuals
returned to
background levels
after 20 d

-Decline in DO
-430 μg/L NH₄⁺release

(Whitaker
et al., 1978)

–

-Cyanobacteria appeared
95 d post-treatment

-Cu residuals
returned to
background levels
after 33 d

- Zooplankton not
detected 4 and 12 d posttreatment and
reappeared after 33 d

(Hawkins
and Griffiths
1987)

-330-1830 μg/L
microcystin after 4
d
-Phycocyanin
release after 2-3 d
-No toxins detected
during the
treatment period

–

–

–

(Jones and
Orr 1994)

-Rebound period < 14
d despite higher dose &
daily applications

–

–

(Albay et al.
2003)

–

-Chl-a levels peaked 28
d after Captain® XTR
treatment
- Chl-a levels low in areas
with combined treatment

-0.091-0.463 mg
Cu/L in the bottom
1.2 m 1 h post
Captain® XTR &
combination
application

–

(Bishop,
Willis, and
Horton 2014)

-Decline in algae
populations
-DO depletion from
algae decomposition

–

-Rebound period of 7-21
d

-Elevated Cu levels
in sediment layers
(> 30 cm depth)
-Elevated Cu levels
in treated lakes

(Hanson and
Stefan 1984)

-Viable cells remained
low post-treatment,
~>90% reduction in
cell density

–

-Cell densities remained
low for 21 d

-Elevated Cu in
algae after 6 wks.
-Low Cu in
sediments up to ~1
yr. later

-Fish kills
-Tolerance of
cyanobacteria species to
Cu treatments
-Shift from green to bluegreen algae and game
fish to rough fish
-Decline in benthic
macroinvertebrates &
macrophytes
-Significant trout
mortality on the day of
treatment
-Total invertebrate

-Decline in
cyanobacteria mass
-Dosage increased to
curb bloom reoccurrence
-Non-viable filaments
highest 7 d after
Captain® XTR alone
- Chl-a higher in areas
treated with Captain®
XTR alone

(Barroin
1980)

(Clearwater
et al. 2011)

(continued on next page)
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To oxidize anoxic
hypolimnion
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Table 2 (continued )

Oedogonium sp

Lyngbya wollei

Cu

Cu

required monitoring ranging from algal exposure, performance assess
ments, residual concentrations, and non-target species response that are
to be reported (Calomeni et al., 2017). Similarly, as there are no
federally enforced limits for cyanotoxins in drinking water sources,
several states have implemented the US EPA’s non-enforced health
advisories (Yeager and Carpenter, 2019).
In some cases, private companies with trained professionals are
contracted to perform algaecide applications (Burson et al., 2014;
Matthijs et al., 2012).

SD: Secchi Depth; A: Surface Area; ZMax, Avg: Maximum, average depth; Vol: Volume; DO: Dissolved Oxygen; DOC: Dissolved Organic Carbon; Cond.: Conductivity; Al: Alkalinity; Chl-a: Chlorophyll-a; –: Not reported; P:
Phosphorous; TN: Total nitrogen; TP: Total Phosphorous; SRP: Soluble reactive P; TIN: Total Inorganic Nitrogen

(Willis et al.
2020)
–
-<1 mg/L Cu in
water column in the
second year of
treatment
–
–

-Dose: 7.9 lbs. Cu
- Pulse applied at one site
and naturally mixed to
downstream sites
-Duration: 1 d
-Dose: Chelated Cu 0.250.1 mg/L;
C12H12Br2N2 111-121 µg/
L
-Cu & C12H12Br2N2 mixed
at 5-10:1 ratios
- Repeat Cu spraying over
2 yrs.
Section size: 19.31
km
Flow: 1 m3/s

Species Treated

Treatment sections:
0.03-0.11 km2

Treatment Design
Source
Characteristics

-High cell density
downstream
-Chl-a decreased but
remained high in
downstream areas with
low Cu exposure
factors
-46-97% decrease in
biomass in treated
coves

–

–

–

density was lower 21
d post-treatment
–

(Willis,
Pearce, and
Bishop 2018)
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Treatment
Performance

Metabolite
Release

Rebound Time

Treatment
Residuals

Ecological & Water
quality Impacts

References
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5. Emerging technologies
Ozone is a strong oxidant that is majorly employed in water treat
ment for pre-oxidation to control natural organic matter to minimize
the formation of disinfection by-products. Studies have shown its ability
to damage cyanobacteria cells (Coral et al., 2013; Fan et al., 2013b;
Wert et al., 2013) while simultaneously oxidizing cyanotoxins and T&O
compounds (Meriluoto et al., 2017; Wert et al., 2014). Ozone applica
tion for managing blooms at the source may be promising but is limited
by structural and safety requirements that make for a complex appli
cation. Furthermore, the efficiency of aqueous ozone oxidation is
restricted by rapid decay rates.
Microbubbles (diameter 10-50 µm) and nanobubbles (<200 nm)
have attracted increasing scientific attention in recent years. Due to
their small diameters, these tiny bubbles have low rising velocities in
the aqueous phase, high internal pressures, and rapid mass transfer
rates that can significantly improve gas solubility (Atkinson et al., 2019;
Hu and Xia, 2018; Li et al., 2015). When infused with oxygen or ozone,
micro and nanobubbles can enhance organic and inorganic contami
nant removal in water (Agarwal et al., 2011; Atkinson et al., 2019) and
slowly diffuse oxygen into water (Ebina et al., 2013).
Ozone-infused micro and nanobubbles increased mass transfer of
ozone and had effective in-situ remediation of groundwater contami
nated by organic compounds in laboratory conditions (Hu and Xia,
2018). A reservoir contaminated by high inputs of industrial, urban,
and agricultural influents was treated using ozone and oxygen micro
bubbles injected for150 d (Tabla-Hernandez et al., 2020). The injection
of 960 g O3 and 2000 kg O2 during the treatment period resulted in
decreased organic matter, organic compounds, heavy metals, fecal co
liforms, and increased DO levels in the water column (Tabla-Hernandez
et al., 2020).
Oxygen nanobubbles induced onto zeolites and local soil have also
shown the potential to reduce anoxia in drinking water sources (Shi
et al., 2018; Zhang et al., 2018). Field-scale studies evaluating the
application of oxygen and ozone-infused micro/nanobubbles for con
trolling cyanobacterial blooms and metabolites are needed. They
should investigate the long-term stability and efficacy for both plank
tonic and benthic blooms, their application to manage toxin and T&O
metabolites, and combating hypoxia in sediment-water interphases.
Ecological impacts on non-target organisms should also be assessed.
6. Summary and conclusions
The proliferation of cyanobacteria in aquatic ecosystems poses sig
nificant water quality management issues for freshwater systems and
sources used for potable water production, aquaculture, and recreation.
Although nutrient pollution management across different spatial and
temporal scales is the only ideal long-term proactive control/mitigation
option, several challenges and opportunities still exist to accelerate the
successful large-scale implementation of watershed nutrient manage
ment programs. Therefore, reasonable application of chemical control
techniques to reduce the proliferation of cyanobacterial biomass or
decrease internal nutrient loading is, in some cases, inevitable with
regards to ecological and human health risks and commercial uses of
water bodies, e.g., potable water production, aquaculture, recreation,
etc.
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Table 3
Summary of reviewed chemical control strategies for cyanobacterial control
Strategy

Strengths

Limitations

Considerations

Environmental Impacts

H2O2-based
algaecides

-Rapid water quality
improvements
-Cheap management
option
-Selectivity to
cyanobacteria
-Can contribute to the
degradation of toxins
-Degrades into H2O and
O2
-No accumulation in the
environment

-Short-term bloom control
-Cell lysis/toxin release
- Rapid H2O2 decay results in short
residence time
-No internal nutrient control
-Application challenges in large
sources
-Optimized treatment designs may
be needed for benthic blooms
-May increase nutrients in the
water column

-Can impact non-target species
- Promotes dominance of green
algae

Cu-based
algaecides

-Rapid water quality
improvements
-Cheap management
option
-Long residence time in
water

Lanthanum
Bentonite

-Internal P binding
-Offers Long term benefits
(2-9 yrs.)

-Ineffective when external nutrients are not controlled

Alum/calcium/
ferric

-Nutrient (P) and some
direct algal control
-Long-term benefits (1-15
yrs.)

-Short-term bloom control
-Cell lysis/toxin release
-Cyanobacteria can develop
tolerance to Cu
-Optimized treatment designs may
be needed for benthic blooms
-No internal nutrient control
-Application challenges in large
sources
-Cu accumulation in sediments
-Performance impacted by organic
matter content
-Can be ineffective if external
loading is not controlled
-Water quality dependence e.g.,
pH, redox state, alkalinity
-Influence of source water
morphology
-Influenced by application methods

-Federal or state government regulatory permits and
monitoring requirements may apply
-Timing treatment with respect to growth stage to
minimize metabolite generation and rapid H2O2 decay
-Accurate dosing to reduce chances of metabolite
release and ecological impacts
-Timing treatment during sunny periods to enhance the
treatment effect
-Phytoplankton composition can influence treatment
performance due to their rapid breakdown of H2O2
-Granular H2O2 can help target benthic blooms
-Rebound influenced by external and internal nutrient
loading
-Federal or state government regulatory permits and
monitoring requirements may apply
-Accurate dosing to reduce chances of metabolite
release, accumulation in water, sediments, and
ecological impacts
-Granule size can be optimized to help target both
pelagic or benthic blooms.
-Rebound influenced by external and internal nutrient
loading

-La Ions accumulation in water
and sediments
-Potential bioaccumulation in
aquatic organisms
-Metal ions accumulation in
water and sediments

-Can be ineffective if external loading is not controlled
-Dose optimized treatment based on available P
-Al treatments may not offer effective control for
polymictic lakes with frequent sediment resuspension
-Fe treatments can be augmented with oxygenation of
the water column to improve P binding
-Ca treatments can influence bulk pH in the water
column

Algaecides and nutrient sequestering coagulants/flocculants are
widespread as they are the cheapest and fastest working cyanobacterial
control techniques. As summarized in Table 3, none of the reviewed
chemical control methods offer an absolute remedy for cyanobacterial
blooms. Therefore, strategies to reduce nutrient loading (both internal
and external) remain essential for sustainable cyanobacterial control.
Nutrient management programs can take decades at a minimum before
water quality improvements are seen. Finding a reasonable balance
between chemical control options and underlying source water condi
tions/characteristics whenever necessary may be needed. The selection
of appropriate reactive chemical control strategies studies should go
hand in hand with:

-Can impact non-target species
and result in fish kills
-Cu accumulation in water
column and sediments
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(i) comprehensive site-specific understanding of source water char
acteristics (e.g., geometry, size, water quality), cyanobacteria and
green algae characteristics (e.g., dominant species, density,
growth stage), nutrient dynamics (e.g., internal P loading and
external loading), and scaling of the control strategy.
(ii) advance testing with lake/reservoir water to gain insight on ideal
chemical dosing based on cyanobacterial genera, cell density,
nutrient levels, and composition of other aquatic organisms
(iii) thorough design and implementation of the control strategy, se
lection of control sites, and monitoring of source water charac
teristics and sediments before, during and after implementation
of control strategies.
(iv) evaluation of the risk of cyanotoxin generation and management
plan if toxins are generated
(v) assessment of ecological impacts to aquatic flora and fauna.
(vi) efforts to control external nutrient inputs
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Bauzá, L., Aguilera, A., Echenique, R., Andrinolo, D., Giannuzzi, L., 2014. Application of
hydrogen peroxide to the control of eutrophic lake systems in laboratory assays.
Toxins (Basel) 6, 2657–2675. https://doi.org/10.3390/toxins6092657.
Bechard, A., 2019. Red tide at morning, tourists take warning? County-level economic
effects of HABS on tourism dependent sectors. Harmful Algae 85, 101689. https://
doi.org/10.1016/j.hal.2019.101689.
Bishop, W.M., Richardson, R.J., 2018. Influence of Phoslock® on legacy phosphorus,
nutrient ratios, and algal assemblage composition in hypereutrophic water
resources. Environ. Sci. Pollut. Res. 25, 4544–4557. https://doi.org/10.1007/
s11356-017-0832-2.
Bishop, W.M., Willis, B.E., Horton, C.T., 2014. Affinity and Efficacy of Copper Following
an Algicide Exposure: Application of the Critical Burden Concept for Lyngbya wollei
Control in Lay Lake. AL. Environ. Manage. 55, 983–990. https://doi.org/10.1007/
s00267-014-0433-5.
Bourne, D.G., Jones, G.J., Blakeley, R.L., Jones, A., Negri, A.P., Riddles, P., 1996.
Enzymatic pathway for the bacterial degradation of the cyanobacterial cyclic peptide
toxin microcystin LR. Appl. Environ. Microbiol. 62, 4086–4094. https://doi.org/
10.1128/AEM.62.11.4086-4094.1996.
Brannan, K.M., Mostaghimi, S., McClellan, P.W., Inamdar, S., 2000. Animal waste BMP
impacts on sediment and nutrient losses in runoff from the Owl Run watershed.
Trans. Am. Soc. Agric. Eng. 43, 1155–1166.
Burley, K.L., Prepas, E.E., Chambers, P.A., 2001. Phosphorus release from sediments in
hardwater eutrophic lakes: The effects of redox-sensitive and -insensitive chemical
treatments. Freshw. Biol. 46, 1061–1074. https://doi.org/10.1046/j.13652427.2001.00789.x.
Burson, A., Matthijs, H.C.P., de Bruijne, W., Talens, R., Hoogenboom, R., Gerssen, A.,
Visser, P.M., Stomp, M., Steur, K., van Scheppingen, Y., Huisman, J., 2014.
Termination of a toxic Alexandrium bloom with hydrogen peroxide. Harmful Algae
31, 125–135. https://doi.org/10.1016/j.hal.2013.10.017.
Button, K.S., Hostetter, H.P., Mair, D.M., 1977. Copper dispersal in a water-supply
reservoir. Water Res 11, 539–544. https://doi.org/10.1016/0043-1354(77)90161-0.
Calomeni, A.J., Geer, T.D., Iwinksi, K.J., Rodgers, J.H., Madsen, J.D., Wersal, R.M., 2017.
Monitoring for national pollutant discharge elimination system permit requirements.
Algaecides. J. Integr. Pest Manag. 8, 27. https://doi.org/10.1093/jipm/pmx025.

20

F.A. Kibuye et al.

Harmful Algae 109 (2020) 102099

Egemose, S., Reitzel, K., Andersen, F., Jensen, H.S., 2013. Resuspension-mediated
aluminium and phosphorus distribution in lake sediments after aluminium
treatment. Hydrobiologia 701, 79–88. https://doi.org/10.1007/s10750-012-1258-y.
Egemose, S., Wauer, G., Kleeberg, A., 2009. Resuspension behaviour of aluminium
treated lake sediments: effects of ageing and pH. Hydrobiologia 636, 203–207.
https://doi.org/10.1007/s10750-009-9949-8.
El-Shehawy, R., Gorokhova, E., Fernández-Piñas, F., del Campo, F.F., 2012. Global
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