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Foreword 

Understanding of the structure of aquatic ecosystems moved forward swiftly 
during the past century. The basic premises of food-web structures and 
feeding relationships among trophic levels have been studied in remarkable 
detail, and consistent patterns of population and community relationships 
are emerging for aquatic ecosystems of different physical and chemical envi
ronmental properties. 

As the metabolism of community components was analyzed with in
creasing accuracy, however, flux pathways and rates of transfer of organic 
carbon demonstrated a number of complexities and inconsistencies that 
could not be explained within the conventional food-web paradigms. Six 
pervading alterations of prevailing wisdom have arisen in the past two dec
ades. Firstly, the observed biotic productivity of most lakes and rivers cannot 
possibly be supported by the autochthonous organic carbon generated by 
pelagic primary productivity within these waters. The aquatic biotic produc
tivity must be supplemented by external quantities of allochthonous organic 
matter imported from terrestrial and land-water interface regions. Only re
cently have a number of diverse and thorough studies demonstrated that 
these external sources are often dominating, which indicates that most in
land aquatic ecosystems are largely heterotrophic ecosystems. 

Secondly, a large portion (usually> 90%) of the organic matter imported 
to these aquatic ecosystems is predominantly in dissolved or colloidal form. 
Although a portion of the dissolved organic compounds may aggregate and 
shift to a particulate and hence gravitoidal form that may sediment out of 
the water, most of the imported dissolved organic matter is dispersed within 
the water and moved about with the hydrodynamics of the water body. 

Thirdly, much of the dissolved organic matter derives from lignin and re
lated structural precursor compounds of higher plants. These substances are 
abundant, chemically complex, and relatively recalcitrant to rapid biological 
degradation. These compounds are variously modified by microbial activities 
during transport and partial decomposition in soils, wetlands, and littoral 
areas before movement to the receiving lake or river. Because of limited ac
cessibility of large portions of these molecules to enzymatic hydrolysis, the 
low degradation rates of many of these macromolecules, as well as their 
common acidic properties, slow turnover times result in long residence 
times. Dissolved macromolecules are often of considerable age (years) but 
are mixed with variable and rapidly changing inputs of younger humic sub-
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stances. In addition, recent studies are demonstrating that humic substances, 
particularly fulvic acids, are generated by algae and contribute to the multi
tude of diverse compounds that make up the dissolved humic substances. As 
a result of the recalcitrance of all of these compounds, the dissolved organic 
matter can reside within lakes and rivers for long periods of time (months, 
years). 

Despite the apparent chemical recalcitrance of humic substances and the 
belief that these compounds were poorly used by microbiota, a fourth major 
paradigm is emerging that these compounds can form major energy sources 
in aquatic ecosystems. Physical processes, such as partial photochemical al
teration, can result in changes in availability of portions of the macromole
cules by cleavage of simple compounds that are readily degraded by mi
crobes. These photochemical changes can also alter enzymatic accessibility 
to the residual macromolecules. Despite continued massive loading of dis
solved humic substances to aquatic ecosystems, accumulation does not occur 
and large releases of excessive CO2 to the atmosphere indicate extensive bio
logical degradation of these compounds. The mechanisms of degradation of 
these dissolved humic substances represent a major void in our understand
ing and a place where interdisciplinary collaboration among chemists and 
biologists is essential in order to progress effectively. 

A fifth revelation from continued intensive study of dissolved humic sub
stances in aquatic ecosystems consists of the many ways in which these di
verse compounds can interact with inorganic and other organic compounds, 
associate with inert and living surfaces, alter chemical properties such as re
dox and pH, and change physical properties such as selective modifications 
of light penetration. The result is a profound potential alteration of the 
aquatic environment for biota and their growth and productivity. Examples 
are many. The predominance of humic acids results in an organic acidity that 
can influence and at times exceed inorganically derived acidity from natural 
or anthropogenic ally induced sources. Humic substances can complex metals 
and influence biotic availability and toxicity. Humic compounds can inhibit 
free and surface-bound enzymes and materially alter nutrient recycling and 
availabilities. Membrane properties, such as lipid hydrophobicity, can be al
tered by humic substances. Light is selectively attenuated by dissolved hufnic 
substances and can change markedly the availability of spectral portions that 
influence photosynthesis, hormonal activities, and migratory distribution 
and reproductive behaviors. Absorption of ultraviolet irradiance by humic 
substances can both protect organisms from genetic damage as well as mod
ify macromolecules and enhance bioavailability of organic substrates. 

Lastly, for many years I have promulgated that the large amounts of dis
solved humic organic matter and their slow but collectively dominating utili
zation provide a thermodynamic stability to metabolism within lake and 
river ecosystems that is essential for the maintenance of efficient nutrient re
cycling. As a result, most inland aquatic ecosystems are strongly detritus
dependent, and the trophic dynamics are likely predominantly controlled by 
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the microbial interactions with humic compounds that can markedly influ
ence nutrient recycling rates. Despite great resistance to this idea, the same 
mechanisms likely prevail in the oceans as well. Evidence presented in this 
book enhances and strongly supports these viewpoints, at least for lakes, riv
ers, and coastal marine areas. 

Aquatic Humic Substances: Ecology and Biogeochemistry is an excellent 
synthesis of the state of the art of this complex subject regarding the many 
interactive ways that humic compounds influence the properties, dynamics, 
and metabolism of aquatic ecosystems. Every topic discussed above, as well 
as other important facets, have been treated in appreciable detail. Three ma
jor aspects result from such a composite treatment. The coupling of the 
sources of aquatic humic substances, produced both internally and exter
nally, to regulation of properties and metabolism within the waters provides 
the important ecosystem perspectives that are essential to our understanding 
as well as management of aquatic systems. The dominant pelagic influence 
that has so strongly governed study and dogma in limnology and oceanog
raphy is gradually relaxing as we gain understanding of the coupled integra
tion of the land to the waters. Secondly, some of the analyses attempt to cou
ple the effects within drainage basins to larger global alterations of climate 
on hydrology and nutrient cycling. Dissolved humic substances are a pri
mary vehicle of that coupling. Lastly, the messages of this synthesis empha
size the great complexities of the regulation of biological dynamics in aquatic 
ecosystems. We are progressing beyond the important but simplistic ideas 
that phosphorus and nitrogen are dominant regulators; it is rather aquatic 
humic compounds that impose a multiplicity of dynamic controls of me
tabolism. 

Tuscaloosa, Alabama, March 1998 Robert G. Wetzel 
Bishop Professor of Biological Sciences 
University of Alabama 
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Humic Substances as Ecosystem Modifiers -
Introduction 

Dag O. Hessen and Lars J. Tranvik 

In the early history of limnology, the classification of lakes was a central field 
of interest. Lakes with high concentrations of humic substances (HS) were 
identified as a distinct, specific class of lakes, easily recognized by their 
brown-coloured water. The term "dystrophic" (from Greek, "misfed"), intro
duced by Thienemann (1925), is widely used to describe such lakes. This ex
pression implies the view of brown-water lakes, bog-lakes or humic lakes as 
being low-productive, owing to a number of attributes that would slow down 
metabolism, such as low pH, low light, low oxygen and unfavourable sub
stratum for benthic invertebrates and fish. The humic matter itself was 
thought to have strong antimicrobial properties, demonstrated by the fact 
that organic matter was uniquely preserved in bogs. Thienemann (1925) re
alized the different nature of humic lakes, and introduced the separation 
between humic lakes and clearwater lakes. In a two-dimensional diagram, 
there would thus be a continuum along the productivity axis from (ultra)oli
gotrophy to (hyper)eutrophy, while the humic lakes would stretch along the 
humus (or dissolved organic carbon) axis, yet at the very oligotrophic end. 
Similarly, in their survey of Wisconsin lakes, Birge and Juday (1927) made a 
division between autotrophic lakes, with predominant internal sources of or
ganic matter, and allotrophic lakes, where allochthonous supply of organic 
matter dominates. Jarnefelt (1925) realized that there in fact is a continuum 
of all lake categories. He introduced the term "chthoniotrophic" for humic 
lakes, referring to the colour, and also referred to eutrophic humic lakes as 
"mixotrophic". While most brown-water lakes have low primary production, 
there are a number of humic lakes that from their nutrient loading would be 
classified as eutrophic. 

In his extensive Treatise on Limnology, Hutchinson (1967) concluded that 
"there is still no agreement on the biological significance of ... [humic mat
ter] ... except in its action in reducing the penetration of light". Since then, 
there has been a considerable increase in our understanding of the biogeo
chemistry and ecology of humic lakes. The main purpose of this book is to 
reflect this development and link some basic properties of HS to large-scale 
phenomena such as the carbon cycle in general and carbon cycling within 
the biota in particular. To achieve an understanding of the multitude of ways 
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2 Dag O. Hessen and Lars J. Tranvik 

in which HS affect the biota, we need some basic understanding of what HS 
actually are, and some knowledge of basic physico-chemical features that 
interact with the biota. From this, we may proceed to the effects on the vari
ous biotic compartments and the entire food web structure and stability. It is 
of central interest to know whether HS modify these processes to an extent 
that makes those aquatic ecosystems that are strongly influenced by HS be
have differently from those along the clearwater axis. Energy is supplied 
from external sources to aquatic food webs indirectly via indigenous primary 
production based on the import of inorganic nutrients, and directly via the 
import of organic matter, such as HS. Thus, loading of inorganic phosphorus 
(which is normally limiting the primary production of fresh waters) and or
ganic matter (HS) are analogous in the sense that both are means of energy 
supply to the plankton (cf. Carpenter and Pace 1997). Still, there are distinct 
differences in the behaviour of systems where these two types of loading 
dominate. 

CLASSIFICATION PROBLEMS - WHAT IS A HUMUS MOLECULE AND A HUMIC 

LAKE? Isolation of HS from a freshwater source was described as long ago as 
1809 (Berzelius). From this early attempt to isolate and characterize aquatic 
humus and onwards, the highly complex and heterogeneous nature of HS has 
been a major obstacle to giving a proper chemical definition. The heteroge
neity also results in a range of different properties of HS. Thus, one must ap
ply highly general characteristics like those of Aiken et al. (1985), who de
fined HS as "a general category of naturally occurring, biogenic, heterogene
ous organic substances that can generally be characterized as being yellow to 
black in color, of high molecular weight and refractory". The concept of "the 
structure of the humic acid molecule" is misleading. Instead, a more con
structive approach is to infer average structure and functionality from aver
age properties (Perdue 1984). One reason for this complexity is that HS are 
formed in various ways. These HS-generating processes, as well as the age of 
HS, are closely examined in this book. 

The definition of "humic lake" as opposed to "clearwater lake" is quite ar
bitrary, as it relates more to the quantity than to the quality of aquatic hu
mus. Even the most remote, ultraoligotrophic alpine or arctic lake is to some 
extent influenced by humic matter, yet there is a long way to go from these 
lakes with secchi depths exceeding 20 m and dissolved organic carbon 
(DOC) concentrations below 0.5 mg 1-1, to the highly coloured bog lakes with 
secchi depths of a few decimetres, DOC exceeding 30 mg I-I and color of 500 
mg Pt I-lor more. While a number of highly productive lakes share such 
properties as low secchi depth and high DOC levels with the humic lakes, the 
very strong absorbance of UV radiation is a unique feature of HS. Thus, high 
concentration of DOC with a high absorptivity in the UV region would be a 
suitable property for the classification of a lake as "humic", as opposed 
to"clearwater". Oligotrophic lakes may also be "humic" as judged from the 
quality of their DOC (e.g. UV absorptivity), although the concentration of 
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DOC is relatively low, due to minimal autochthonous generation of DOC. An 
operational boundary between clearwater and humic lakes is not imperative 
for the contents of this book, however, since most chapters deal with qualita
tive phenomena that may be scaled according to the HS influence. For those 
particularely interested in the physico-chemical nature and classification of 
humic matter, we refer to a number of excellent volumes on these topics (e.g. 
Gjessing 1976; Aiken et a1.1985; Thurman 1985). 

ARE HUMIC SUBSTANCES A NEGATIVE OR A POSITIVE CONTRIBUTOR TO Eco
SYSTEM PRODUCTIVITY? As the nature of HS has been a matter of contro
versy, so has their role as an ecosystem modifier. The low light levels, the 
acidity, the frequent low levels of oxygen, and the frequent unfavourable 
bottom substrata, with fluffy dy sediments, all support the expectations of 
low diversity and productivity. Yet Hutchinson (1967) noted that the term 
dystrophic <c ... suggests a more pathological condition than perhaps exists". 
This hunch has been supported by more recent works showing that HS in 
fact may buffer against various anthropogenic hazards such as (further) 
acidification. Also contradictory to the anticipated antibiotic properties of 
humus, HS may in fact be a major source of organic carbon for heterotrophic 
bacteria (Tranvik 1988; Hessen et al. 1990), fuelling overall ecosystem pro
ductivity. As long ago as 1918, Naumann considered a direct link from de
tritus (humus aggregates) to metazooplankton (<C ... the Entomostraca in these 
localities gain most of their nutrients from purely allochthonous detritus, 
while phytoplankton or detritus derived from plankton hardly contributes at 
all ... " [Naumann 1918]), and similar ideas were put forward by Nauwerck 
(1963) and Haney (1973). Recent experiments with tracer techniques give 
support to this view (Salonen and Hammar 1986; Hessen et al. 1990). 

HS may significantly contribute to low pH in surface waters, even in poorly 
buffered lakes impacted by anthropogenic acidification. On the other hand, 
organic acids play an important role in preventing further pH depressions of 
acidified systems through their pronounced buffering capacity. Also, a most 
striking property of humus is the ability to complex and detoxify toxic 
cations or organic toxins (Hongve et al. 1980), but the same chelating properties 
may give low access to limiting minerals or metals (Jackson and Hecky 1980). 
Again, we see the trade-off between positive and negative attributes of HS. 

HS playa major role in light attenuation in aquatic ecosystems, and low 
levels of photosynthetically available light may restrict photosynthesis. On 
the other hand, HS are in particular an important screen for the biologically 
detrimental UV radiation, preventing direct radiation damage to biota. How
ever, HS may have a dual role also in this case, as the trapping of high levels 
of energy in the upper few centimetres results in the production of a number 
of biologically harmful photoproducts such as free radicals, strong oxidants, 
and carbon monoxide (Miller and Zepp 1995). This may also be counteracted 
by the cleavage of HS into more bioavailable organic compounds and by the 
photochemical liberation of bound minerals and micronutrients, all proc-
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esses that would stimulate primary production and bacterial secondary pro
duction (Lindell et al. 1996). 

There is obviously a multitude of antagonistic processes and contrasting 
views on the overall role of HS in aquatic productivity, and through the fol
lowing chapters we will see that there indeed is a dichotomy in the way HS 
affect the biota. 

How Do HUMIC SUBSTANCES AFFECT THE AQUATIC FOOD WEB? The citation 
from the work of Naumann suggested in fact a new link in the energy flow, 
quite distinct from the conventional food web diagram that became estab
lished through Lindemans (1941) pioneering work on the trophic levels. This 
is in spite of the fact that Lindeman developed the concept based on studies 
in humic Cedar Bog Lake (Minnesota). Lindeman recognized the dominating 
pool of dead organic carbon ("ooze") of this system, yet did not recognize 
how this pool was integrated with the biota. The suggestions of Naumann 
also contradict the conventional structure of food web pyramids that was put 
forward a few years later (Elton 1927). In fact, pyramidal structures can be 
largely inverted in humic lakes. 

There is a transition from the strict clearwater systems with phytoplank
ton as the dominating base of the food web and thus a high degree of autot
rophy, to the allochthonously fed systems with detritus as the major base of 
the food web, and an extensive net release of CO2 to the atmosphere . This 
decreased production to respiration ratio is clearly linked to external loads of 
organic C (Hessen et al. 1990; Del Giorgio and Peters 1993), meaning that 
these lakes support a far higher heterotrophic production than would be ex
pected from primary production alone. 

The conventional view of detritus (including humus) as the terminal 
product of biological production has been challenged (Odum 1968; Wetzel 
et al. 1972). Not only easily degradable, particulate detritus from recently 
dead matter, but also recalcitrant detritus in the form of HS re-enters the 
food web. The observations of Naumann of zooplankton feeding on particu
late humic matter were later verified. Even more important, a link between 
HS and heterotrophic bacteria has been demonstrated (Hessen 1985; Tranvik 
1988). Due to the fact that HS serve as a substrate for bacteria, bacterial sec
ondary production in humic lakes may by far exceed the phytoplankton pri
mary production, even in the upper layers that are exposed to photosyntheti
cally available light (Tranvik 1989). Bacterial utilization of HS has a number 
of important bearings both for the food web structure and biogeochemistry. 

The humic-influenced systems thus challenge a number of textbook con
ventions of relationships between primary and secondary producers, py
ramidal structure, trophic cascades and ecosystem stability. These matters 
will be a main focus of this book. 

How HUMIC SUBSTANCES INFLUENCE LARGE-SCALE CARBON CYCLING? From 
the microscale perspective, the line can be drawn to major biogeochemical 
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events (that are mainly driven by bacteria). Soil HS constitute a considerable 
store of organic carbon, and the way they enter the aquatic systems and in
teract with biota and the atmosphere could give feedback effects on the en
tire carbon cycle (McKnight 1991). Ecosystems rich in HS will be net sources 
of gases like CO2 and CH4 to the atmosphere, while weather conditions as 
well as more systematic climatic changes will have strong feedbacks on the 
fate of terrestrial primary production and soil stores of organic C. Warmer 
and drier climate results in less drainage of HS to aquatic ecosystems, and 
this in turn will affect not only light attenuation and spectral properties of 
water bodies, but, for reasons given above, also the entire ecosystem in a 
multitude of ways (Schindler et al. 1996). This book will address these issues, 
linking small-scale within-lake processes to environmental and large-scale 
processes. 

HS in surface waters are partly buried in sediments and partly oxidized, 
entering the atmosphere. These processes may occur directly or after the 
passage of HS into food webs. A significant portion also drains into marine 
systems via rivers. While we devote this book almost entirely to HS in fresh
waters, the fate and effect of HS and dissolved organic carbon in general in 
the marine ecosystem are addressed in a separate chapter. 

The rationale for a book on the linkage of biogeochemistry and ecology in 
humic lakes is thus based on the special properties described above. These 
unique properties of systems dominated by HS clearly relate to the biogeo
chemical and ecological effects of this huge pool of allochthonous DOC. This 
will affect basic food web characteristics of humus-influenced localities and 
the entire ecosystem stability (cf. Carpenter and Pace 1997; Wetzel 1995). 
Chemistry and biochemical aspects of humic matter have only weakly merged 
with the biological disciplines and vice versa), yet these areas are intimately 
linked via a series of feedback mechanisms. It is our intention to merge geo
chemical aspects with biology and ecology in the following pages. Knowledge 
of the dynamics of the carbon pools is imperative for the understanding of 
biological processes in these systems. Many of the examples and conclusions 
derive from fairly small and strongly coloured water bodies, but the same 
characteristics may be seen even for large lakes influenced by HS. In most 
surface waters on earth, HS are by far the dominant pool of DOC. By focusing 
on HS in systems where they most likely have the highest influence, we may 
gain insight into the general role of these substances in aquatic ecosystems. 
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1 Sources and Age of Aquatic Humus 

Diane M. McKnight and George R. Aiken 

1.1 Introduction 

As aquatic scientists have recognized the diversity of processes controlled by 
or dependent upon aquatic humus, it has become important to learn more 
about the genesis, chemical properties, and concentration of humic sub
stances in aquatic ecosystems. There are three classes of aquatic humus 
(fulvic acids, humic acids, and humin), all of which share the characteristics 
of being heterogeneous biomolecules which are yellow to brown or black in 
color, high to moderate molecular weight, and biologically recalcitrant. 
Fulvic acids are organic acids which are soluble at any pH; humic acids are 
soluble above pH 2; and humin is insoluble under the full range of pH. 
Aquatic humus occurs in both dissolved and solid phases, with molecular 
weights ranging from about 500 D for dissolved fulvic acid to greater than 
100,000 D for humic acids in sediments. Although the heterogeneity of these 
humic fractions makes rigorous chemical studies challenging, there are suffi
cient analytical methods at hand to make progress toward understanding the 
sources, formation pathways, and fate of aquatic humus. 

Aquatic humus is present in the sediments and dissolved in the water in all 
aquatic ecosystems. Aquatic humus is truly ubiquitous; however, its abun
dance relative to major ions and mineral phases varies greatly among aquatic 
ecosystems. In the water column, dissolved fulvic acids are much more abun
dant than dissolved humic acid. Within suspended particulate material, hu
mic and fulvic acids can be equally abundant. Humin is generally not signifi
cant in particulate material in the water column. However, in lacustrine and 
marine sediments, humin can be a significant fraction, and humic acids may 
be more abundant than fulvic acid (Ishiwatari 1985; Vandenbroucke et al. 
1985). In the following consideration of the sources of aquatic humus, we will 
focus on the nature of aquatic humus present in the water column, and the 
fluxes of aquatic humus to the water column from lake or stream sediments 
and from the surrounding watershed. 

Aquatic humus can be derived from both external sources of organic ma
terial (allochthonous) and from sources produced within the aquatic eco-

Ecological Studies, Vol. 133 
Hessen, Tranvik (eds) Aquatic Humic Substances 
© Springer-Verlag, Berlin Heidelberg 1998 
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Fig. 1.1. Production and transport of aquatic humus 
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system (autochthonous). In this context, it is useful to define wetlands and 
littoral zones as part of the lake or stream ecosystem (Wetzel 1990). Fig. 1.1 il
lustrates the hydrologic connections between possible sources of aquatic 
humus, e.g., the transport of dissolved humic substances in shallow ground
water to a stream, which then flows into a lake where additional aquatic hu
mus enters the water column from the sediments. Fig. 1.1 also illustrates that 
the production, chemical properties, and transformation of aquatic humic 
substances are intimately linked to the transfer of energy between and within 
aquatic ecosystems (e.g., Hessen et al. 1990). In aquatic ecosystems, the larg
est pool of organic material in the water column is dissolved organic material 
(DOM). 

Dissolved fulvic acid accounts for 40-60% of the DOM of many aquatic 
systems. The importance of dissolved humic substances relative to other 
fractions of DOM is illustrated in the pie diagram for a water sample col
lected in the Florida Everglades (Fig. l.2). For most natural waters, DOM is 
predominantly organic acids. Oxidative degradation of organic material by 
microorganisms results in the addition of carboxylic acid functional groups 
to the aliphatic or aromatic moieties in large organic molecules. These car
boxyl groups are the most abundant acidic functional groups of humic sub
stances, an important factor controlling aqueous solubility. Protonated car
boxyl groups affect aqueous solubility of organic molecules to roughly the 
same extent as other functional groups, such as esters, ethers, and amines. 
Dissociation of carboxylic acid groups, however, can increase aqueous solu-
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bility by up to four orders of magnitude relative to the protonated form 
(Thurman 1985). 

The microbial degradation of DOM, including dissolved humic sub
stances, is an important process in carbon cycling, directly influencing eco
system dynamics (Moran and Hodson 1990;WetzeI1990). In addition, abiotic 
processes such as photolysis can be important pathways for microbial utili
zation of humic material by releasing smaller, more labile organic com
pounds and nutrients (Wetzel et al. 1995). Dissolved humic substances can 
also influence chemical and physical characteristics of the ecosystem, being 
important in light attenuation, pH buffering, and complexation of trace met
als. These interactions can indirectly influence ecosystem dynamics 
(Steinberg and Meunster 1985; McKnight 1991). One example is the absorp
tion of UV and visible radiation by fulvic acid which controls the response of 
freshwater ecosystems to elevated UV-B radiation associated with ozone de
pletion (Scully and Lean 1994). Another example is the regulation of the 
bioavailability of metals as nutrients or toxicants by complexation of trace 
metals by fulvic and humic acids. 

The extent of these interactions (microbial uptake, light absorption, etc.) 
in a lake or stream ecosystem depends upon the chemical properties of the 
dissolved aquatic humus present in that ecosystem. In order to understand 
the ecological role of aquatic humus, we need to understand how the sources 
of aquatic humus influence chemical properties and in turn influence reac
tivity. The goal is to have a broad understanding such that an aquatic scien-
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tist or engineer studying a lake, stream, or aquifer would have a sound con
ceptual framework within which to study the chemical nature and reactivity 
of the aquatic humus in the system. 

A major advance in the study of aquatic humus was the effort of the Inter
national Humic Substances Society (IHSS) which made available to the sci
entific community standard and reference aquatic fulvic and humic acids 
from the Suwannee River, a blackwater river on the southeastern coastal 
plain of the USA. The purpose of these samples is to allow for comparison 
among investigators of methods of isolation and characterization, compari
son of samples from different environments, and study of interactions in
volving humic substances by researchers without capabilities to isolate and 
purify humic substances from natural water. These reference humic sub
stances were isolated using column chromatography at an "extra" -prepara
tive scale, and were extensively characterized (Averett et al. 1988). Based 
upon many chemical characterizations of the Suwannee River (Georgia, USA) 
fulvic acid, Leenheeer et al. (1989) developed structural models that were 
consistent with the results. They presented an array of structural models, 
some of which are shown in Fig. 1.3, to emphasize the heterogeneity and 
differences in reactivity among fulvic acid molecules. 

The Suwannee River site was chosen because of the extensive previous 
study of aquatic humus at the site, and because the high concentration of dis
solved fulvic and humic acids made collection of sufficient quantity of mate
rial feasible, an important practical consideration. It was recognized then 
that the Suwannee River humic substances would not be representative of 
aquatic humic substances in general, although these samples may be repre
sentative of blackwater systems. Subsequently, the IHSS has made available 
reference samples from another aquatic site (the Nordic humic and fulvic 
acids) which are also from a wetland with colored waters. There are some 
differences between these samples from the Suwannee River and the Nordic 
wetland, e.g., in their fluorescence spectra (Mobed et al. 1996). However, these 
differences do not cover the range of variation that has been reported among 
aquatic environments (McKnight et al. 1994). It would be advantageous to 
have additional reference materials from eutrophic and oligotrophic lakes 
and from coastal and marine environments. 

1.2 Isolation and Characterization of Aquatic Humus 

Our knowledge of the biogeochemistry of aquatic humus is based upon 
characterization of samples from diverse aquatic environments. Because of 
the diversity of natural organic compounds, aquatic humic substances are 

+ Fig. 1.3. Possible structures that are consistent with average properties of the Suwannee River 
fulvic acid; B containing a nitrogen (anthranilic-acid type) metal-binding site; C containing a 
semiquinone free radical 



14 Diane M. McKnight and George R. Aiken 

operationally defined by methods used for isolation. In comparing the 
chemical characteristics of aquatic fulvic acids, it is important to be aware of 
the influences of the isolation procedures employed. One of the first studies 
to isolate humic substances from water was done by Ossian Aschan in Fin
land, who precipitated humic substances from colored waters using FeCl3 
(Aschan 1932). As with many questions in environmental chemistry, the de
velopment of isolation and characterization techniques has been a critical 
step. There are several different approaches for isolating dissolved fulvic ac
ids from natural waters after filtration (Aiken 1985). One common isolation 
approach uses chromatographic techniques, e.g., XAD-8 resin, which are 
based upon hydrophobic character and acidic functional group content 
(Thurman and Malcolm 1981; Aiken et al. 1992). These methods result in 
humic fractions comprised of molecules with similar chemical properties. 
Separation of organic molecules based upon molecular size is also a suc
cessful approach employing tangential flow ultrafiltration and reverse osmo
sis (Serkiz and Perdue 1990; Ranville et al. 1991). Dissolved fulvic acids have 
a molecular weight range of 500 to 1200 daltons (Aiken and Malcolm 1987), 
and so membranes with low nominal molecular weight cutoffs of 500 or 
1 000 D are required to retain fulvic acids. Molecular weight separation may 
include organic compounds that are not acidic in a fraction that is chiefly 
fulvic or humic acids. All these methods can be adjusted to accommodate 
natural waters with low or high concentrations of dissolved humic sub
stances. In this chapter we will present data for chemical characteristics for 
fulvic acids and humic acids isolated using XAD-8 resin because we have 
used this method in many field studies, sometimes in conjunction with ul
trafiltration. 

Typically, the complicated mixtures of organic compounds obtained by the 
fractionation of DOM discussed in Section 1.1 are characterized by elemental 
analysis, molecular weight measurements, acid-base titration, and by 13C_ 
NMR, lH-NMR, and IR spectroscopy. These measurements provide informa
tion about "bulk" properties, i.e., characteristics to which all fulvic acid 
molecules contribute in determining an average value. Given that humic sub
stances are complex, heterogeneous mixtures the amount of information that 
can be obtained about the composition of the mixture using these charac
terization methods is constrained. These techniques do provide valuable 
structural information that can be used to establish the nature and source of 
humic substances. A critical overview of the methods used to characterize 
humic substances can be found in Aiken et al. (1985). 

Other measurements quantify specific organic constituents and moieties 
that are present at low concentrations in a given sample. For example, amino 
acids, identifiable after hydrolysis, are trace constituents of humic sub
stances, typically accounting for "'5% of the nitrogen content (Hedges et al. 
1994). These amino acids are probably structural amino acids bound to the 
organic matter rather than free amino acids weakly associated with the sam
ple. Similarly, certain aromatic moieties found in aquatic humic substances 
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such as coniferyl alcohol, sinapyl alcohol, and p-coumoryl alcohol can be 
analyzed after oxidizing humic substances. These constituents are lignin de
rived compounds and have been recognized as chemical characteristics of 
humic substances indicative of origin from lignin-containing vascular plants 
(Ertel et al. 1986). 

In recent years, there has been a dramatic increase in the use of 13C-NMR 
spectroscopy, which is an important technique for obtaining structural in
formation on complicated mixtures of organic compounds. The major bands 
in 13C-NMR spectra for aquatic humic substances are listed in Table 1.1 
(Wershaw 1992). When humic substances have been isolated using column 
chromatography or another chemically based method, the correct interpre
tation of the 13C-NMR spectrum is that most humic molecules contain most 
of the functional groups indicated in the spectrum. Although the relative 
abundance of carbon types may vary, the same bands are present in the 13C_ 
NMR spectra for all samples of humic substances from many environments. 
For example, carboxylic acids are the major acidic functional groups in fulvic 
and humic acids, and this is reflected in a prominent C-l peak. One critical 
aspect of these analyses is quantitative measurement of carbon atoms in dif
ferent moieties, which requires optimization of the experimental conditions. 
The variations in relative intensities of the spectral bands arise from differ
ences in functional group distribution as related to differences in sources of 
organic material and geochemical transformations. Therefore, 13C-NMR 
spectra provide a means of discriminating between humic and nonhumic 
material in aquatic ecosystems and of assessing the origin, fate, and reactivity 
of aquatic humus. 

To illustrate the utility of chemical characterization, especially 13C-NMR 
characterization, results from characterization of particulates, colloids and 
fulvic acids in an alpine watershed (Fig. 1.5) are presented in Table 1.2 and 
Fig. 1.4 (data from McKnight et al. 1997). In the Loch Vale Watershed, Rocky 
Mountain National Park, Colorado, USA (Fig. 1.5), fulvic acid accounts for 
25-65% of the DOC in lake water. Possible processes transporting fulvic acid 
during snowmelt are (1) flushing through organic-rich lake sediments in the 

Table 1.1. Spectral regions for different functional group carbon atoms in 13C-NMR spectra of 
plant and microorganism tissue and natural organic substances (Wershaw 1992). Chemical 
shifts are given in parts per million from tetramethylsilane (TMS) resonance at 0 ppm 

Designation Spectral regions (ppm) Functional group carbons 

AL-I 0-62 Aliphatic carbons 
AL-II 62-90 Alcoholic carbons in carbohydrates and other 

aliphatic alcohols and ethers 
AL-III 90-110 Anomeric carbons in carbohydrates and some 

aromatic and olefinic carbons 
AR 110-160 Aromatic and olefinic carbons 
C-I 160-190 Carboxylate and amide carbons 
C-II 190-230 Carbonyl carbons in aldehydes and ketones 
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Fig. 1.5. Map of Loch Vale Watershed showing location of sampling sites 

Table 1.2. Elemental analysis of dissolved fulvic acid from Loch Vale Watershed. Ash-free values 
are presented parenthetically. Fulvic acids were isolated following Thurman and Malcolm 
(1981) from filtrate passing through a 100000-0 ultrafilter; a dash indicates insufficient sample 
for analysis 

Elemental content (and by weight) C:N ol3C 

C H 0 N S P Ash ratio (%) 

Sky Pond 47.3 4.8 37.3 1.95 7.16 28.3 -25.3 
(51.0) (5.2) (40.2) (2.1) 

Icy Brook 48.3 4.5 38.7 1.75 0.55 0.033 5.16 32.2 -25.8 
(50.9) (50.9) (4.7) (40.8) (1.8) (0.58) (0,035) 

Andrews Creek 46.3 4.5 38.4 1.46 0.73 0.Q28 8.0 37.0 -26.5 
(50.3) (50.3) (4.9) (41.7) (1.6) (0.79) (0.030) 

The Loch 44.3 4.3 33.9 1.5 0.54 0.040 14.35 34.5 -25.8 
(51.7) (5.0) (39.6) (1.75) (0.63) (0.047) 
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alpine lake, which is above treeline; and (2) flushing of forest soils and over
land and shallow groundwater flow into the subalpine lake and stream 
(Baron et al. 1991). The 13C-NMR spectra for the fulvic acids show a progres
sive increase in aromatic carbon content 010-160 ppm) going from the al
pine to the subalpine lake. The spectra for the colloids show that they are 
similar throughout the watershed and primarily composed of carbohydrates 
(Le., they are not humic substances). The spectra for the particulates show 
that they are composed of plant detritus and humic substances sorbed to 
minerals and do not vary as water draining subalpine forests enters the 
stream and lake. 

1.3 Formation Pathways of Aquatic Humus 

We can approach the fundamental, seemingly intractable, question of the 
formation of aquatic humus from two perspectives. One perspective is to 
consider fundamental chemical processes involving the constituents of plant 
and microbial material. Another perspective can be gained by comparing the 
biogeochemistry of humic substances among different aquatic environments. 
Here, we briefly review chemical and microbial processes which may be in
volved in aquatic humus formation, and then discuss results from field stud
ies which show that aquatic humic substances are generated from both rapid 
and long-term degradation processes. 

Firstly, we should keep in mind that despite the great diversity of terres
trial and aquatic vegetation, there is a general similarity in the constituent 
functional groups in detrital organic material. It follows that these functional 
groups are derived from the partial degradation of structural components of 
plants and microorganisms (Wershaw 1992). Degradation of vascular plants 
and microorganisms gives rise to pigments, polysaccharides, degraded 
lignins, lipids, sterols, and proteins. These constituents vary in their lability 
with respect to microbial uptake, with carbohydrates probably the most 
readily assimilated. Because of the absence of lignin in microorganisms, 
proteins and lipids generally account for a greater proportion of the biomass 
in microorganisms than in vascular plant tissue. 

In the study of humic substances, there has been a long and continuing 
search for more detailed understanding of sources and formation pathways 
(Hayes et al. 1989). At the turn of the century, a major breakthrough was rec
ognition of the chemical heterogeneity of humus (reviewed in Stevenson 
1985). Since then, there have been two general conceptual models for humus 
formation. One concept was that humus was formed directly from the ligni
fied tissues of plant material. Another involves polymerization of simple 
products generated in the degradation of plant material. Cellulose and lignin 
in plant structural material account for the largest portion of plant biomass 
on the earth's surface, and as such are likely sources of precursor material for 
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humus formation. Lignin is unique among biomolecules in several ways 
(Kirk 1984). The structure of lignin is somewhat irregular because its forma
tion is not highly controlled at the cellular level (Fig. 1.6). Degradation of lig
nin in plant structural material can be carried out by a limited number of 
fungal species, and only under aerobic conditions. Lignin is also present in 
leaf litter, grasses, and stems, although at a lower portion of the total biomass 
than in structural material. Lignin in litter may be degraded by bacteria as 
well as by fungi. An important aspect of microbial lignin degradation is that 
it is a nonspecific process and is not inducible by the presence of substrate. 
Examples of some products of lignin degradation are shown in Fig. 1.6. It 
should be noted that these degradation products all contain carboxyl groups 
resulting from microbial oxidation, which would increase solubility of any 
larger compound formed by condensation reactions. 

Lignin contains abundant aromatic rings and no nitrogen (Fig. 1.6). 
Dominance of woody debris and other lignin-derived material is a probable 
explanation for the substantial aromatic peak in the 13C-NMR spectra. To ac
count for the nitrogen in humic acid, Waksman (1936) proposed that modi
fied lignins combined with proteins through the Schiff reaction: 

CS2H46010(OCH3)COOH(OH)4CO + H2NRCOOH ~ 
CS2H4601O(OCH3)COOH(OH)4C==NRCOOH ... .. H20 

and this conceptual model was dominant in the first half of this century. The 
early lignin degradation model can be expanded to a general conceptual 
model of preferential oxidation and preservation of residual organic materi
als, which does not require condensation of monomers to produce higher 
molecular weight organic acids. Examples of other constituents in plant and 
microbial material are shown in Fig. 1.7 to emphasize that many constituents 
contain carbon double bonds and nitrogen-containing groups. Through the 
action of extracellular enzymes and abiotic processes, these constituents can 
be partially broken down and oxidized, resulting in soluble biomolecules en
riched with carboxylic and other oxygen-containing functional groups. 
These processes would release water-soluble precursor fulvic and humic 
materials which are mobile in soils and sediment interstitial water. During 
transport, these materials undergo further modification by chemical and mi
crobial processes and fractionation by sorption and other interactions with 
inorganic solid phases. 

The conceptual model based upon lignin degradation was eventually ex
panded to include more complex multistage models. The stages in these 
models include: degradation of plant material producing a variety of simpler 
monomers, microbial uptake of these monomers producing microbial bio
mass in soils and sediments, and concurrent polymerization of reactive 
monomers to form a heterogeneous mixture of larger molecules resistant to 
further microbial degradation. In the multistage models, polymerization of 
reactive monomers can occur through many pathways. One class of impor
tant reactive monomers are polyphenols (quinones) which are both synthe-
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sized by microorganisms and released in lignin degradation. Polymerization 
involving phenols has been shown to be accelerated by the presence of tran
sition metals in solution, by metal oxides, and by the presence of clays 
(Steinberg and Muenster 1985). In the late 1970s, the possible importance of 
enzyme mediated oxidations was pointed out (De Haan et al. 1981). An ex
ample reaction is shown in Fig. 1.8. Another possible polymerization reac
tion is the Malliard reaction involving condensation of amino acids and re
lated substances with reducing sugars; however, this reaction is less likely to 
occur under water-saturated conditions. Clearly, an important consideration 
in evaluating these multistage models is timeframe. Are these models con
sistent with the rate at which humic substances are produced from recently 
senescent plant and microbial material in aquatic environments? 
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OH 

OH 

R 

~ 

other phenols, peptides 
and amino sugars (R-~) 

HUMIC POLYMERS 

Fig. 1.8. Oxidative polymerization of phenol derivatives involving amino sugar units. (Steinberg 
and Munter 1985) 
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Fig. 1.9. Formation of marine fulvic and humic acids from unsaturated lipids. (Harvey and Bo
ran 1985) 

An example of a polymerization model to account for the formation of 
marine fulvic and humic acids is shown in Fig. 1.9 and was proposed by Har
vey and Boran (1985). In this model, humic substances are formed in marine 
surface waters from the free radical cross-linking of unsaturated lipids re
leased into seawater by algal growth. Similar pathways could be important in 
large mesotrophic lakes where sources of DOM from the watershed are 
minimal. 

As pointed out by Stevenson (1985), "a completely satisfactory scheme for 
the occurrence of humic and fulvic acids in diverse geologic environments 
has yet to be established:' The actual importance of processes represented by 
these various conceptual models would be expected to be influenced by the 
available organic substrates and environmental conditions. All these models 
can account for the heterogeneity and major functional groups of humic 
substances, and all these models can explain a variation in fulvic and humic 
acid chemistry based upon available organic precursor materials in a par
ticular ecosystem. Given the complexity of the environment, it is difficult to 
verify the various hypotheses proposed to explain the genesis of humic sub
stances. 

In both terrestrial and aquatic ecosystems, humic substances enhance the 
conditions for growth in many ways, such as binding trace metals and ab
sorbing UV light in aquatic ecosystems, Thus, the formation and persistence 
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of humic substances may further be controlled by an ecological feedback 
(McKnight 1991). This leads to an important aspect of aquatic humus. Al
though formed via diverse pathways involving many precursor organic con
stituents, the resulting fulvic and humic acids share the characteristic of be
ing relatively stable in the aquatic environment, i.e., being recalcitrant to mi
crobial decomposition unless facilitated by oxidative processes such as pho
tolysis (Wetzel et al. 1995). MacCarthy and Rice (1991) present a convincing 
argument that, from an ecological perspective, the molecular irregularity of 
humic substances and the lack of biologically induced specificity in their 
formation are the critical characteristics explaining their persistence and 
ubiquitous nature. They argue that a complex mixture of compounds in 
which monomers are not sequenced in a regular order has an inherent re
sistance to enzymatic decomposition. 

1.4 Sources of Aquatic Humus in Aquatic Ecosystems 

Much of our knowledge of aquatic humus in lakes, streams, and coastal and 
marine environments is the result of research conducted in the past 25 years. 
Dissolved fulvic acids have been studied in a range of surface waters, and 
consistent differences have been found between fulvic acids from systems 
dominated by organic inputs from plants and soils and those from algal-rich 
environments (Malcolm 1990; McKnight et al. 1994). Comprehensive reviews 
and discussions of these environments are presented in chapters in the book 
edited by Aiken et al. (1985). In the discussion presented here, we will com
pare humic substance production among aquatic ecosystems and discuss a 
few recent studies quantifying the production and transport of aquatic hu
mus in a hydrologic context. 

Measurement of ol3C values can be used as an indicator of fulvic acid 
source (Schiff et al. 1990), requires only a small sample, and can be used to 
study the seasonal dynamics of fulvic acid production. As shown in Table 1.2, 
fulvic acids from all four sites in the Loch Vale Watershed had ol3C values in 
the range of -25.3 to -26.5%0 representative of terrestrially-derived organic 
material. These fulvic acids were lighter, i.e., contained less l3C, than the col
loidal organic material, which had ol3C values ranging from -22.5 to -23.5%0 
(Fig. 1.10). The fulvic acids were also depleted in nitrogen relative to the col
loids (Fig. 1.10). Baron et al. (1991) found that in the Loch, ol3C values of 
fulvic acid remained fairly constant in the spring and summer, whereas in 
Sky Pond values became heavier following snowmelt, shifting from -33.1 %0 
in April to -24.5%0 in July. There are several possible interpretations for the 
changing Ol3C values in Sky Pond: (1) seasonal changes in the ol3C of the dis
solved inorganic carbon (DIC) may influence the ol3C of microbial sources of 
fulvic acid; and (2) the sparse vegetation and buried soils around Sky Pond 
may become a source of fulvic acid during the summer. This example shows 



26 

·21 

·22 

·23 

I ·24 

~ 
~ ·15 

·26 

·27 
0 

o 0 

o 
o 

0 0 

10 

o 

10 

20 

C:N 

t. 

Diane M. McKnight and George R. Aiken 

o Iorge partle"lotM 

o ..... 11 partleUIotM 

o colloid. 

t. tuMe acid. 

t. t. 

t. 

JO 40 

Fig.I.IO. Relationship between C:N ratio and ODC for Loch Vale samples 

that the carbon isotopic signatures should be interpreted in the context of 
the biogeochemistry of the aquatic system. 

The importance of lignin as precursor material in the formation of aquatic 
humus can be demonstrated by the presence of recognizable lignin compo
nents in dissolved fulvic and humic acids. In a study of dissolved humic sub
stances at 17 stations in the Amazon River system, Ertel et al. (1986) showed 
that 3- 8% of the humic carbon was present in lignin components, with fulvic 
acids having lower lignin levels than humic acids. The characteristics of the 
lignin components indicated that the important diagenetic transformations 
were loss of methoxylated structural units and oxidative degradation of lig
nin side chains. Greater oxidative degradation of lignin components was in
dicated in the fulvic acids than in the humic acids from the same sites, which 
was matched with a greater ratio of carbon to nitrogen in the fulvic acids. 

Taken together, other "bulk" properties can be related to sources of 
aquatic humus. Because lignin contains many aromatic rings and no nitrogen 
(Fig. 1.6), it can be reasoned that the presence of lignin within the precursor 
pool of organic material would serve as a source of aromatic moieties and as 
a diluent with respect to nitrogen. This reasoning is consistent with either 
polymerization models or residual oxidized product models. The importance 
of lignin in the precursor pool can thus be tested by comparing samples 
where lignaceous sources of organic carbon are abundant with samples 
where lignaceous sources are absent or insignificant relative to other carbon 
sources. 

In Fig. 1.11, fulvic acid samples from different aquatic ecosystems are 
compared based upon the ratio of aromatic carbon (AR) to aliphatic carbon 
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(AL-I) (as determined by l3C-NMR) and the atomic ratio of carbon to nitro
gen (from elemental analysis). This sample set includes samples from three 
lakes in Antarctica, where the sources of DOM are limited to microbial and 
algal biomass. One of these lakes, Pony Lake, is extremely eutrophic and the 
other two are oligotrophic. The samples of fulvic acid from these lakes all 
plotted in the region of the graph where aromatic content is low and nitro
gen content is high. The samples from streams and lakes receiving DOM 
from a temperate forested watershed were found in a broad region having 
higher aromatic carbon content and low nitrogen content (Le., higher carbon 
to nitrogen ratio) . This comparison supports the importance of lignaceous 
material from terrestrial vegetation in the formation of aquatic humus. 

For the microbial end member it is significant that the aromatic carbon 
content is low but not minuscule. The "aromatic carbon" region of the l3C_ 
NMR spectra includes all sp2-hybridized carbons bonded to other carbon at
oms (Table 1.1). Included in this region are not only carbon atoms associated 
with aromatic moieties, but also those associated with double bonds that are 
not aromatic. Further characterization of humic substances by +H-NMR 
confirms the presence of both aromatic and olefinic moieties (McKnight 
et al. 1991). This result suggests that precursor constituents containing car
bon-carbon double bonds are important in the formation of fulvic and hu
mic acids from microbial and algal biomass; possible precursors are certain 
lipids, amino acids, pigments, and steroids. 
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In order to adequately partition the sources of carbon in aquatic humic 
substances, one must know how much variation occurs in the microbial and 
terrestrial plant/soil endmembers. If samples fall between the two end mem
bers in Fig. 1.11, is that a result of microbial and plant sources of organic 
material being important in formation, a result of mixing of humic sub
stances from different sources during hydrologic transport, or a result of 
other biogeochemical controls? We can gain some insight related to these 
questions by considering in more detail the position of different samples in 
the graph in Fig. 1.11. 

1.4.1 The Microbial End Member 

Two of the microbial end member samples are clustered close together; these 
are from two ice-covered closed basin lakes in the McMurdo Dry Valleys, 
Antarctica. The estimate of the age of these lakes since a prior dry period is 
between 1000 and 3000 years. These lakes both have very stable water col
umns and are oligotrophic, but otherwise have many differences. Lake Fryx
ell has a strong salinity and density gradient and anoxic water from 9 m to 
the maximum depth of 18 m. Lake Hoare is less saline, is well mixed at the 
middle depths, and has O2 concentrations in excess of saturation to a depth 
of 28 m, below which a small pocket of anoxic water is found (McKnight 
et al. 1993a). The phytoplankton in Lake Hoare are less abundant than in 
Lake Fryxell, and are more evenly distributed between chlorophytes, crypto
phytes, and cyanophytes than in Lake Fryxell, where cryptophytes account 
for most of the biovolume (Spaulding et al. 1994). In Lake Fryxell, a much 
greater area of the sediments is anoxic than in Lake Hoare. In both lakes, the 
concentration of fulvic acid increases with depth and the chemistry of the 
fulvic acid is fairly uniform with depth, with an increase in the S content of 
the fulvic acid in the anoxic deepest water (Aiken et al. 1996). The increasing 
concentration with depth indicates that the dissolved fulvic acid diffuses up
ward into the water column from the sediments. 

The chemical similarity of the fulvic acids in the two lakes suggests that 
their chemistry is primarily determined by a microbial/algal source, and pos
sibly the similar lake history. Some differences between the lakes might have 
been expected to influence the chemistry of the fulvic acid by influencing the 
precursor materials and polymerization and solubilization processes in the 
proposed formation pathways. The differences which do not influence fulvic 
acid chemistry include: (1) oxic vs. anoxic conditions in the source sediments 
and in the water column (except for sulfur content); (2) phyla of dominant 
alga and associated differences in pigments, sterols, and other precursor con
stituents; and (3) salinity, which influences solubility of organic acids. 

The positions of the other two microbial end-member samples (Pony Lake 
and Skua Pond) are shifted toward higher ratios of aromatic to aliphatic car
bon (Fig. 1.11). These fulvic acids are from saline ponds which have very 
abundant phytoplankton or benthic algal mats (McKnight et al. 1994). The 
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fulvic acids are more likely to have been derived from recent algal growth in 
these ponds than in the dry valley lakes. Examining the 13C-NMR spectra for 
these samples shows that there is a larger abundance of aromatic and hetero
alphatic carbon, and a lower abundance of aliphatic carbon compared with 
the samples from the dry valley lakes. The differences in chemistry indicate 
that either the precursor pool of organic material contained more material 
with carbon double bonds and more polysaccharides, or that the short time 
since formation had not allowed for the loss of moieties with carbon double 
bonds and carbohydrate moieties from the fulvic acid molecules. Assuming 
that fulvic acids are not assimilated into bacterial cells, then the loss of car
bohydrates would occur through the action of extracellular enzymes. Abiotic 
photolytic oxidation causes loss of aromatic moieties. The recent age of the 
fulvic acid does not appear to influence the carbon to nitrogen ratio as much. 
This implies that the nitrogen incorporated into the fulvic acid molecules, 
possibly from cell wall proteins, is lost at a similar rate as aromatic and car
bohydrate moieties. 

Although there is much speculation in the above discussion, which is 
based upon only four samples of microbial/algal origin, we can conclude that 
the chemical characteristics of the microbial/algal end member are not 
tightly constrained and that variation in chemical characteristics may be re
lated to the age of the humic substances in the aquatic environment. If we 
adopt the terminology of the soil scientists, we can think of the chemistry of 
the microbially derived fulvic acids changing as "humification" proceeds. 

1.4.2 The Plant/Soil End Member 

In Fig. 1.11, there are four fulvic acid samples that are most probably derived 
directly from plant/soil sources in a surrounding catchment; these are sam
ples from the Suwannee River (Georgia, USA), Merrill Lake (Washington, 
USA), Deer Creek (Colorado, USA), and The Loch (Loch Vale, Rocky Moun
tain National Park, Colorado, USA) . The vegetation source for the Suwannee 
River is the sphagnum moss and cypress trees in the Okefenokee Swamp, for 
Merril Lake the source is a Douglas fir forest, and for Deer Creek and The 
Loch the source is Engelman spruce and subalpine fir forests. Although this 
sample set represents a range in vegetation and soils, it is by no means com
prehensive. Among this sample set, the aromatic to aliphatic ratio varies only 
from 0.7 to 0.9, whereas, the ratio of carbon to nitrogen varies more widely 
from 35 to 95. Because the carbon content is always close to 50% of the dry 
weight, most of this variation is associated with nitrogen content. 

If we think about how terrestrial ecosystems differ, the narrow variation in 
aromaticity and the wide variation in nitrogen content makes sense. As noted 
in Section 1.3, together cellulose and lignin are the most abundant forms of 
biomass in all terrestrial ecosystems, comprising most of the plant structural 
material and a significant amount of leaves, stems, and grasses. Therefore, 
the presence of decaying plant material implies an abundance of lignaceous 
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precursor material in the production of fulvic acid. On the other hand, the 
supply of nitrogen in terrestrial ecosystems can vary a great deal and nitro
gen is often found to be tightly recycled in soils in well-established forests. It 
is particularly interesting to note that the Loch fulvic acid has the lowest car
bon to nitrogen ratio and that in The Loch Vale Watershed nitrogen is in high 
concentration because of inputs in deposition associated with the develop
ment of the Front Range of the Rocky Mountains (Baron et al. 1994; Williams 
et al.1996). 

From these considerations, we can expect significant variation among fulvic 
acids having either a primarily microbial/algal source material or a primarily 
plant/soil source material. For the microbially derived humic substances, the 
extent of humification may be a main factor and for plant/soil-derived fulvic 
acids the availability of nitrogen may be a main factor. Thus, the graph in Fig. 
1.11 allows for a meaningful comparison of fulvic acids from different aquatic 
ecosystems, but is not likely to allow for quantization of the importance of the 
different sources of fulvic acids from larger rivers, for example. Within a water
shed, fulvic acid chemistry may vary in a manner consistent with these trends. 
For example, in the Loch Vale Watershed the fulvic acid from Sky Pond, the al
pine lake which is surrounded by barren talus slopes, did have a lower carbon 
to nitrogen ratio and a lower aromaticity than the fulvic acid from The Loch, 
the subalpine lake surrounded by the spruce/fir forest. The Sky Pond fulvic acid 
had a greater aromaticity than the fulvic acids from the dry valley lakes, possi
bly reflecting an additional source from buried forest soils from 12000 years 
past when treeline extended above Sky Pond. 

1.5 The Age of Aquatic Humus 

It is clear that the relative importance of different chemical and biological 
processes involved in the formation of aquatic humic substances is strongly 
influenced by time factors. Production of humic-like material from plant lit
ter can occur very quickly. Fig. 1.12 presents results from an experiment in a 
mountain catchment in which willow leaves placed under the snow pack were 
retrieved and leached for only a few hours (McKnight et al. 1993b). While the 
amount of leachable organic carbon decreased through the winter, there was 
consistently about 10% of the organic carbon in the leachate that behaved as 
fulvic acid in the XAD-8 isolation method and was also yellow-colored. 
During snowmelt, such material could be a significant portion of the pulse of 
DOC that is commonly observed in mountain streams (McKnight et al. 
1993b). Another environment with fresh DOM sources is the littoral zone of 
lakes, where aquatic macrophytes release large amounts of DOM, some of 
which has humic characteristics (Wetzel 1990). We also have chemical evi
dence of young sources of fulvic acids in the eutrophic saline ponds in Ant
arctica. 
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Table 1.3. Residence time (age) of organic carbon (years) 

Terrestrial 
Forests 
Prairies 

Aquatic 
Groundwater 

Biscayne aquifer 
Fox Hills-Laramie 

Wetland 
Okefenokee swamp 

Lakes and rivers 
Pacific Ocean 

Autotrophs 

20-200 

10-200 
«1 
«1 

a Stevenson (1985) - b Thurman (1985) - c Malcolm (1990) 

Humic substances 

200-8000a 
200-8000a 

4000c 

Clearly, an important tool to evaluate the age of aquatic humus is 14C dat
ing. Table 1.3 presents the age range of dissolved humic substances in differ
ent aquatic environments as determined by 14C dating. Given that humic sub
stances are a heterogeneous mixture, an age determined by 14C dating repre
sents an average value. At the extremes of postbomb carbon and dead car
bon, interpretation is straightforward. However, intermediate ages could re
flect a mixture containing very young and very old humic molecules. The re
sults summarized in Table 1.3 are from a limited set of measurements; 
nonetheless, they do show that fulvic acid is much younger in surface waters 
than in deep groundwaters and the ocean (Malcolm 1990). 

The l4C age is not necessarily definitive by itself. An understanding of the 
hydrology of the system is required to interpret the data in terms of the 
length of time the organic carbon was stored as soil humus or as humus in 
lake sediments before becoming mobile in a shallow groundwater, lake, or 
stream system. To illustrate the importance of hydrologic context, we present 
examples from the Deer Creek watershed and from Lake Fryxell. 

1.5.1 Fulvic Acid Production and Transport in the Snake River 
and Deer Creek Watershed 

During snowmelt in the Rocky Mountains, DOC concentrations in the Snake 
River and Deer Creek reach a peak as streamflow rises. A DOC increase 
during the rising limb of the hydrograph is observed in many forested water
sheds (Grieve 1994). The snowmelt flux of DOC represents about 80% of the 
annual flux of DOC from these watersheds, and one of the largest fluxes of 
organic carbon from the watershed. Conceptually this can be explained as a 
flushing of DOC-rich water from the upper soil horizons and the litter layer, 
caused by the rise in the water table during snowmelt. Hornberger et al. 
(1994) evaluated this concept by applying a topographic hydrologic model 
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which incorporated a two layer model for DOC production in soils. In the 
lower layer, the DOC concentration was assumed constant at a low value 
(1.5 mg C/I) and in the upper layer, soluble organic carbon was accumulated 
progressively with time during dry periods (when the water table was below 
the upper layer) and then was flushed from the upper layer using a continu
ously stirred reactor model during periods when the water table had risen 
into the upper layer. This modeling approach can account for the timing and 
the magnitude of the DOC pulse during snowmelt (Fig. 1.13). 

The flushing of accumulated soluble organic carbon by the rise in the wa
ter table can be justified by observations of decreasing DOC concentrations 
in soil lysimeters during snowmelt (Fig. 1.14) and by knowledge of hydro
logic properties of the watershed, e.g., hydraulic conductivity of the soils 
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(Boyer et al. 1996). However, the progressive production of soluble DOC 
when the soils are not saturated is more hypothetical because we lack direct 
observational evidence of production and storage of soluble organic carbon, 
including dissolved humic substances, in unsaturated plant litter and soils. 
Some of the dissolved humic substances could come from initial litter 
leachate with a very short residence time in soil interstitial water. Another 
process is probably microbial degradation of soil humus generating soluble 
fulvic acids at a low, steady rate. These two formation pathways represent 
losses or "leakiness" of organic carbon from the terrestrial ecosystem at two 
different points in the process of soil development. Humic substances pro
duced from fresh litter and from old soils would be expected to have differ
ent chemical properties, and different reactivities en route to the stream. It 
could be argued that the litter leachate source would be derived more di
rectly from plant pigments and other constituents, whereas the longer term 
source would be derived more directly from degradation of more resistant 
plant materials, such as lignin degradation. The soils may be young enough 
that 14C ages of fulvic acids produced by either pathway would be modern. 

1.5.2 Fulvic Acid Production and Transport in lake Fryxell 

In lake Fryxell the DOC concentrations increase from 3.7 mg C/l under the 
ice cover to 32 mg CII at 18 m, the maximum depth. This DOC depth profile 
was interpreted as resulting from the diffusion of DOC from the sediments 
into the overlying highly stable water column. This interpretation was sup
ported by the excellent fit of the DOC profile to an equation for diffusion 
from a plane (Fig. 1.15). In dimictic or monomictic lakes such a stable profile 
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Fig. 1.15. Application of Fick's second law of diffusion to DOC profile in Lake Fryxell 
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Fryxell 

would not be observed due to surface mixing and turnover of the water col
umn; however, a steady flux of dissolved humic substances from the sedi
ments could be a significant process transporting DOC to the lake. 

The measurement of the 14C age of the fulvic acids at different depths re
vealed a complex set of young and old sources of fulvic acid (Fig. 1.16, Aiken 
et al. 1996). In the upper water column the fulvic acids have a modern signal 
and are brought into the lake by the glacial meltwater streams, mixing first in 
an openwater moat. This young fulvic acid derives from perennial algal mats 
in the streams, and highest concentrations occur when the mats are first 
wetted with the beginning of flow. At depth, the fulvic acids are indeed quite 
old (about 3000 years), perhaps derived from degradation of relict organic 
material in the sediments. The slight decrease in age between 15 and 18 m 
can be explained by (I) young fulvic acid being transported to depth as the 
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moat freezes and a denser brine is formed and sinks to the bottom waters; 
and also (2) the degradation of fresh organic matter from sinking algae. 

1.6 Conclusions 

Humic substances are ubiquitous in aquatic ecosystems because of the diver
sity of precursor detrital organic materials and diversity of formation path
ways, as well as their poor quality as substrates for microbial growth. Aquatic 
humus can be derived from plant/soil organic material and from micro
bial/algal organic material. The importance of these two general sources ex
erts major control on chemical characteristics of aquatic humus. Dissolved 
fulvic acid can be produced by processes acting on fresh litter and on senes
cent algal material and by progressive long-term degradation of organic 
material in soils and sediments. Thus, in many aquatic ecosystems, dissolved 
humic substances are probably a mixture of young and old materials, and 
this mixture changes with the seasonal dynamics of the ecosystem. 

1.7 Summary 

Aquatic humic substances are a class of heterogeneous, moderate molecular 
weight, yellow-colored organic acids of biological origin present in all natu
ral waters. This characteristic of being ubiquitous is a result of the diverse 
sources and pathways of formation of humic substances and their slow deg
radation by geochemical or microbial processes. Although little is known 
about the detailed chemical pathways of the formation of aquatic humic sub
stances, we can make strong inferences about dominant sources and the 
timeframe of formation by studying the biogeochemistry of aquatic humic 
substances in different aquatic ecosystems. 

Lignin is probably a dominant precursor for formation of aquatic humus 
because of its abundance, complexity, and recalcitrant nature. There are two 
general conceptual models for the formation of humic substances during 
degradation of detrital organic material; one is through condensation reac
tions of low molecular weight compounds and the other is through the solu
bilization of complex residual organic compounds. Lignin degradation can 
produce both low molecular weight and complex residual precursors. Degra
dation of microbial material can also produce precursor compounds. Both 
conceptual models can involve a range of precursor organic material, and it 
is probable that the relative importance of formation pathways varies with 
environment and timescale. 

In most temperate regions, the main source of aquatic humic substances is 
the terrestrial vegetation and soils in the watershed, with the litter layer being 
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an important soil zone for production. Seasonal and spatial variations in 
humic chemistry and concentration are controlled by the hydrologic linkages 
between the surface water and the catchment. In aquatic environments where 
the flux of terrestrial organic material is limited by vegetation in the catch
ment, or by hydrologic transport, aquatic humic substances can be derived 
from microbial material and have a distinct chemistry. 
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2 Chemical Composition, Structure, 
and Metal Binding Properties 

E. Michael Perdue 

2.1 Introduction 

Humic substances are complex mixtures of organic compounds that occur 
naturally in soils, sediments, and natural waters, where they account for a 
large fraction of the nonliving organic carbon. Scientists all over the world 
have conducted a tremendous number of studies of humic substances in the 
field and laboratory. There have been several comprehensive critical reviews 
of the state of the art of the study of humic substances (Christman and 
Gjessing 1983; Aiken et al. 1985; Hayes et al. 1989; Leenheer 1994; Senesi and 
Miano 1994). Efforts to characterize humic substances with respect to struc
ture and functionality often rely upon sophisticated methods that are appli
cable to pure substances, but whose applicability to complex mixtures such 
as humic substances is less certain. In particular, spectroscopic methods 
(UV-visible, IR, and NMR), although widely employed, can yield ambiguous 
results when applied to humic substances (MacCarthy and Rice 1985). 

Chromatographic separation of humic substances has been widely at
tempted in the hope of obtaining pure components whose structures and 
functional groups can be identified and quantified. Unfortunately, all chro
matographic techniques have yielded results which are consistent with the 
view that humic substances are an exceedingly complex, perhaps unresolva
bly complex, mixture (Hayes et al. 1989). Scientists can therefore only meas
ure average properties (which are not necessarily representative of any com
ponent of the mixture), and they must attempt to infer average structure and 
functionality from those average properties (Perdue 1984). 

In the scientific literature that pertains to humic substances, misleading 
phrases such as "the structure of the humic acid molecule ... :' "the molecular 
weight of fulvic acid ... :' "the conformation of the humic acid molecule ... :' or 
"the equilibrium constant for reaction of fulvic acid with .. :' are commonly 
encountered. The ubiquity of such phrases demonstrates that humic sub
stances are often treated conceptually as pure substances, even by those who 
recognize that they are complex mixtures. 

Ecological Studies, Vol. 133 
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© Springer-Verlag, Berlin Heidelberg 1998 
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Unfortunately, chemists are generally trained to work on pure compounds 
and to avoid mixtures altogether. The following quote from a general chem
istry text by Hammond et al. (1971) clearly states the prevailing view: 

"It is not always easy to determine whether a sample of material is a ho
mogeneous mixture or a single substance. This is an important question to 
answer, for it is embarrassing for a chemist to find that he has been 
studying a mixture when he thought it was one substance ... The develop
ment of chemistry as a science and the systematic study of chemistry to
day depends on working with pure substances:' 

This "pure chemistry" paradigm must be set aside if unresolvably complex 
mixtures such as humic substances are to be studied in a scientifically ac
ceptable manner. The first step in this direction is the realization that any 
measurable physical or chemical property of a humic substance is some kind 
of a weighted-average property, whose value must change as the composition 
of the mixture changes. The next step is to use experimental methods and 
mathematical models whose treatment of the weighted-average properties of 
a humic substance is as rigorous as possible. 

This chapter will review the state of current knowledge regarding ele
mental composition and dominant structural features of humic substances, 
some recent empirical correlations between composition, structure, and 
bioavailability of humic substances, and the rapidly converging views of 
mathematical approaches to descriptions of cation binding by humic sub
stances. The conceptual and mathematical approaches in this chapter are 
fully consistent with the fact that humic substances are complex mixtures. 

2.2 Elemental Composition, Structural Features, 
and Bioavailability 

Among the least ambiguous average properties of a humic substance are its 
basic compositional properties such as elemental composition, carboxyl 
content (COOH), and number-average molecular weight (Mn), which are 
simply weighted averages of the corresponding properties of the individual 
components of the humic substance, as illustrated by the following equation 
for weight percent carbon: 

O/OCavg = I:Wi (O/OCi) / I:Wi, (1) 

where Wi and (%C i) are the mass and weight percent of carbon in the ilh 

component of the mixture. These basic compositional parameters can, in 
turn, provide a probabilistic description of the major structural features of a 
humic substance (Perdue 1984; Wilson et al.1987). 
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2.2.1 Analytical Constraints Calculations 

The method of analytical constraints calculations and its validation with 
known chemical structures have been described previously (Perdue 1984; 
Wilson et al. 1987). Given a set of basic compositional parameters (elemental 
composition, carboxyl content, and estimated number-average molecular 
weight), the method yields values of Sp3 -hybridized carbon (Cab aliphatic 
carbon), Sp2 -hybridized carbon in aromatic rings (Can aromatic carbon), and 
all remaining Sp2 -hybridized carbon (Cxs, excess carbon) by simultaneous 
solution of the following three equations: 

Ctotal = Cal + Ca, + Cxs + COOH; (2) 
Htotal = (H/C)al Cal + (H/C)a, Ca, + (H/C)xs Cxs + COOH + Ntotal; (3) 
Utotal = (U/C)al Cal + (U/C)a, Ca, + (U/C)xs Cxs + COOH. (4) 

All concentrations are in units of millimoles/gram. Ctotab Htotab and Ntotal are 
calculated directly from elemental compositional data. Equation 4 is the con
servation equation for unsaturation (rings andlor pi-bonds), and Utotal can be 
calculated from the following equation 

Utotal = Ctotal + Ntotal12 - Htotad2 + 1000lMn , (5) 

where Mn is assumed to be approximately 1000 glmol if a measured value is 
not available. If the average HIC and U/C ratios for the three forms of or
ganic carbon were known, then Eqs. 2-4 could be solved to obtain Cab Can 
and Cxs directly. None of these ratios is known, but a reasonable range for 
each ratio is readily estimated. For example, (H/C)a, almost certainly lies 
between 0 and 516, and (U/C)a, is probably about 416 (the value for benzene 
rings) . Reasonable ranges for all these parameters are given in Table 2.1. 

Probabilistic estimates of Cab Can and Cxs are obtained by randomly gener
ating HIC and U/C ratios within their allowed ranges and solving Eqs. 2-4 
for Cab Can and Cxs until 1000 chemically valid solutions are obtained. From 
the population of chemically valid solutions, median values, mean values, 
and standard deviations for all parameters are obtained. The mean values of 
Cab Can and Cxs generally correspond fairly well with the actual distribution 
of organic carbon (as measured by 13C NMR or from known structures of or
ganic compounds). 

Table 2.1. Allowed ranges for HIC and UIC ratios in analytical constraints calculations 

Molar ratio Lower limit Upper limit 

(H/C)a] 1.500 2.500 
(H/C)., 0.000 0.833 
(H/C) .. 0.000 1.500 
(U/C).l 0.000 0.250 
(U/C)ar 0.667 0.667 
(U/C) .. 0.500 1.000 



44 E. Michael Perdue 

Table 2.2. Composition and structural features of Suwannee River dissolved organic matter' 

Parameter Value 

Carbon 42.95 
Hydrogen 40.66 
Oxygen 26.72 
Nitrogen 0.75 
Sulfur 0.18 
Carboxyl groups 5.04 

Cal (from llC_NMR) 19.6 
Car (from llC_NMR) 13.3 
CX! (from llC_NMR) 5.0 

Cal (calculated) 15.8 
Car (calculated) 15.0 
c.. (calculated) 7.1 

• All parameters are in units of mmol/g. 

The approach is illustrated here for a sample of dissolved organic matter 
which was collected from the Suwannee River (Georgia, USA) by reverse os
mosis (Serkiz and Perdue 1990). The dry, ash-free elemental composition, 
carboxyl content, 13C_NMR estimates of Cal> Can and Cxs, and the values of 
those parameters that are predicted from analytical constraints calculations 
are given in Table 2.2. The analytical constraints calculations are in generally 
good agreement with the NMR results. It can be concluded for this sample 
that the average structural assignments obtained from 13C_NMR spectrome
try are consistent with the elemental composition of the sample. 

2.2.2 Compositional Variability and Uncertainty 

Because humic substances are complex mixtures, their average properties 
such as elemental composition, carboxyl content, and average molecular 
weight vary both spatially and temporally. Two main sources of variability 
between samples are different types of biomass precursors and different 
methods of isolation and purification. Even for a single humic substance, 
sampling errors and analytical errors introduce significant uncertainty into 
the values of basic compositional properties. Further information regarding 
elemental analyses can be found in the excellent critique by Huffman and 
Stuber (1985). A detailed analysis of potentiometric methods for analysis of 
acidic functional groups is presented by Perdue (1985), and colligative meth
ods for measurement of number-average molecular weights of humic sub
stances are described by Aiken and Gillam (1989). 

Rice and MacCarthy (1991) have statistically summarized the elemental 
compositions of many types of humic substances, including freshwater hu
mic and fulvic acids. They found that elemental compositional data are well 
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Table 2.3. Statistical description of basic compositional properties of freshwater fulvic acids' 

Parameter Mean SD 

Carbon 38.9 3.6 
Hydrogen 42.0 7.0 
Nitrogen 1.6 1.5 
Oxygen 28.7 3.2 
Sulfur 0.4 0.3 
COOH 5.0 0.5 
Mn 1000 100 

a Mn is in glmo!. All other parameters are in mmol/g. 

described by a normal distribution for nearly all elements, element ratios, 
etc. Statistical summaries are not available for other basic parameters such as 
COOH and Mn. For these parameters, normal distributions are assumed, with 
average values that are consistent with current literature, and standard de
viations of 10 %. This information is summarized in Table 2.3, 

2.2.3 Structural Variability 

Given the real and apparent variabilities in basic compositional properties of 
humic substances, the question is how much corresponding variability is ex
pected in their average structural features? To address this question, analyti
cal constraints calculations have been conducted as described in Section 
2.2.1, but with elemental composition, COOH, and Mn randomly varied 
within prescribed ranges that reflect the natural variability of these parame
ters in freshwater fulvic acids samples. The goal, in particular, is to obtain a 
probability distribution of structural features, given a representative range of 
basic compositional properties. 

Given the mean values and standard deviations for the elemental compo
sition, COOH, and Mn for freshwater fulvic acids (Table 2.3), the corre
sponding distribution of structural features can be obtained from numerous 
(e.g., 1000) repetitions of the following two steps: 

1. Values for %C, %H, %N, and %S are randomly generated, and %0 is cal
culated as 100-%C-%H-%N-%S. This process is repeated until all values 
are greater than or equal to zero and the corresponding Ctotal> Htotal> Ntotal> 
Stotal> and Ototal values fall within two standard deviations of their respec
tive mean values. Then values for COOH and Mn are randomly generated, 
subject to the same constraints. 

2. Given a randomly generated set of basic compositional parameters, ana
lytical constraints calculations are conducted as described in Section 2.2.1 
to obtain probabilistic estimates of Cal> Can Cx., and all H/C and U/C ratios. 
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Table 2.4. Statistical description of structural features of freshwater fulvic acids in analytical 
constraints calculations' 

Parameter Minimum Maximum Mean SD 

C.I 4.87 26.32 14.69 4.94 
C., 1.10 17.90 10.53 3.67 
Cxs 1.10 21.61 8.57 2.87 
COOH 4.00 5.98 5.01 0.43 
(H/C)al 1.76 2.04 1.92 0.07 
(H/C)., 0.32 0.41 0.35 0.01 
(H/C) .. 0.22 0.47 0.40 0.Q3 
(U/C).I 0.Q3 0.13 0.11 0.02 
(U/C)., 0.67 0.67 0.67 0.00 
(U/C) ... 0.70 0.88 0.74 0.02 

• Cal, Car, Cn, and COOH are in mmoltg. All (H/C) and (U/C) values are molar ratios. 

Once 1000 different randomly generated chemical compositions have been 
evaluated by the analytical constraints computations, the resulting distribu
tion of structural features can be constructed. Table 2.4 contains a statistical 
summary of those results for freshwater fulvic acids. An analysis of (H/C) 
and (U/C) ratios in Table 2.4 provides some insight into the structural fea
tures of freshwater fulvic acids. For example, (H/C)ar values (which, in prin
ciple, could vary from 0 to 516) are predicted to lie in the narrow range of 
0.32-0.41. This corresponds to an average of 1.9-2.5 hydrogens per aromatic 
ring. In other words, the average aromatic ring is attached to about four sub
stituents other than H atoms or hydroxyl (OH) groups. Values for (H/C)al are 
predicted to lie within the range of l.76-2.04, and (U/C)al values are pre
dicted to lie between 0.03 and 0.13. Both of these observations indicate that 
freshwater fulvic acids contain significant quantities of cyclic aliphatic moie
ties such as pyranoses, furanoses, and cycloalkyl groups. 

On average, Cah Car> Cxs, and COOH are predicted to be about 38,27,22, 
and 13%, respectively, of the carbon in freshwater fulvic acids. It is important 
to realize, however, that the natural variability of basic compositional prop
erties of freshwater fulvic acids is sufficiently large that substantial variations 
in their structural features can be anticipated. The overall distribution of the 
mean values of non-COOH carbon among Cah Car> and Cxs is presented in 
Fig. 2.l. It is evident from Fig. 2.1 that the compositional and structural vari
ability in freshwater fulvic acids probably arises from variability in the rela
tive amount of Cal. In fact, the relative proportions of Car and Cxs are nearly 
constant over the entire locus of points in Fig. 2.1, except at the lowest Cal 
values. One interpretation is that the components of Cal are more biodegrad
able, and hence more variable, than the components of Car and Cxs• 
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Freshwater Fulvic Acids 

C-al 

C-ar C-xs 

Fig.2.1. Most probable structural distribution of noncarboxyl organic carbon in freshwater 
fulvic acids, based on their average compositional data. Apices in this ternary plot correspond to 
100% aliphatic carbon (Cal), 100% aromatic carbon (Car), and 100% "excess" carbon (Cxs)' The 
opposite edge from an apex represents 0% of that form of carbon 

2.2.4 Bioavailability 

Sun et al. (1997) have recently studied the relationship between composition, 
structure, and bioavailability of dissolved organic matter (DOM) from sev
eral sites in the drainage basin of the Ogeechee River in Georgia, USA. The 
headwaters of the Ogeechee River are in the Piedmont Province (sites 1-2), 
which is an eroded, rolling upland, rich in day. From its headwaters, the 
Ogeechee River crosses through the upper Coastal Plain (sites 3-5), which is 
a rich agricultural area, and the lower Coastal Plain (sites 6-10), which has 
more swampy wetlands and blackwater tributaries. Allochthonous sources of 
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DOM include precipitation, leachates from coastal plain soils and riparian 
plants, buried organic matter, and decomposed particulate organic matter. 
Macrophytes and benthic algae are autochthonous sources of DOM. 

Sampling trips were made in November 1987, March 1988, and April 1989. 
At a typical sample site, the DOM in 200 liters of water was prefiltered 
through a O.4-llm Nuclepore filter and concentrated by reverse osmosis into a 
volume of 20 I or less at a rate of about 3 l/min. Concentrated samples were 
filter-sterilized (0.2-llm filter), packed on ice, and transported to the labora
tory, where they were stored in a cold room. Representative samples of fresh 
benthic algal mats, cypress needle litter, pine needle litter, deciduous leaf lit
ter, and macrophyte leaves were also collected from the Ogeechee River and 
its floodplain. Leaf and needle litters were air-dried, and macrophytes and 
algae were freeze-dried. A synthetic rainwater solution was used to leach the 
dried samples in a vacuum extractor in a cold room. All samples, including 
leachates, were purified further to remove inorganic matter and then freeze
dried. On average, about 80% of the original DOM was obtained from col
lected samples after all purification processes. The elemental composition of 
each sample was determined, using a Perkin-Elmer Model 240C elemental 
analyzer to measure %C, %H, and %N, combustion in a muffle furnace to 
measure %Ash, and calculation of %0 as 100-%C-%H-%N-%Ash. 

Bacterial growth was quantified by measuring the amount of bacterial 
biomass produced in 3-day incubations of Ogeechee River bacteria (collected 
from site 8) in solutions containing DOM from particulate organic matter 
(POM) leachates and river water as the sole carbon source (Leff and Meyer 
1991). Bacterial growth was determined as the difference between initial and 
peak (day 3) cell counts minus the mean growth observed in triplicate flasks 
with no added carbon (Leff and Meyer 1991). 

The H/C, N/C, and O/C atomic ratios, COOH contents, and normalized 
bacterial growth [micrograms of bacterial biomass per milligram of dis
solved organic carbon (DOC) 1 from the 3-day growth experiments are given 
in Table 2.5. An empirical equation 

Growth = ao + al(H/C) + a2(0/C) + a3(N/C) 

provides an excellent prediction of bioavailability of DOM in this study. 
Multiple linear regression analysis of data in Table 2.2 for the 20 POM 
leachates and river DOM samples yielded the following regression parame
ters: ao = 38.4, al = 10.6, a2 = -70.9, a3 = 183.2, r2 = 0.933. The magnitudes of 
the individual regression parameters are mainly a reflection of the relative 
magnitudes of the H/C, O/C, and N/C ratios, and, as such, are not very sig
nificant. In contrast, the algebraic signs of the regression parameters are 
quite informative. Bacterial growth is positively correlated with H/C, which 
itself is indicative of the relative proportions of aliphatic and aromatic car
bon in a sample. The negative correlation with O/C may indicate that more 
highly "weathered" DOM, with its generally higher COOH content, is simply 
less bioavailable than fresher DOM. The positive correlation between bacte-



Chemical Composition, Structure, and Metal Binding Properties 49 

rial growth and N/C may indicate that proteinaceous moieties in DOM are 
preferentially consumed. This particular set of regression parameters is 
unique to this study, being dependent on the method of isolation and purifi
cation of DOM (i.e., which fractions are lost) and especially on the method of 
measuring bioavailability (e.g., Leff and Meyer 1991). 

Analytical constraints calculations were used to estimate the most prob
able values of Cal> Car> and Cxs from the compositional data in Table 2.5. A ter
nary plot of the most probable distribution of non-COOH carbon is pre
sented in Fig. 2.2. The results are consistent with the more generic analyses 
that are plotted in Fig. 2.1. More importantly, the highly aliphatic character of 
the DOM from algal and macrophyte leachates is clearly evident, as is the 
much lower Cal content of the DOM samples from the two blackwater tribu
taries (sites 6, 7). The remaining results plot along a more or less straight line 
connecting these "end-members," with DOM from upstream sites (Sites 1-5) 
and from the other leachates being more aliphatic than DOM from down
stream sites (8-10). The relative proportions of Car and Cxs do not change 
significantly along the line of data points, which suggests that diagenetic 
processes are mainly causing the removal of Cal. There is a good, albeit im
perfect, correlation between these calculated structural feaures and the rela
tive bioavailabilities of the samples (compare the bioavailability data in Table 
2.5 with locations of points in Fig. 2.2). The observed downstream trends in 
HlC, Cal> and bioavailability are attributable to changing sources of DOM 
along the river as well as accumulation of refractory Cal-depleted DOM from 
upstream and from riparian swamps and tributaries. 

Table 2.5. Atomic ratios, carboxyl contents (mmol!g), and bacterial growth (fig bacterial Clmg 
DOC) for leachates of particulate organic matter and Ogeechee River samples 

Atomic Ratios and Carboxyl Content Bacterial Growth 

Sample H/C O/C N/C COOH Mean SO (n=3) 
Algae 1.70 0.61 0.145 4.64 41.1 1.8 
Cypress 1.16 0.54 0.017 2.1S 17.4 4.0 
Hardwood 1.17 0.32 0.050 3.87 40.9 5.8 
Macrophytes 1.70 0.19 0.091 5.26 58.9 3.3 
Pine 1.32 0.54 0.022 1.70 25.2 3.3 
Site I (11/S7) 1.49 0.76 0.104 1.38 1S.4 2.9 
Site 4 (11/87) 1.37 0.63 0.053 1.36 12.4 4.6 
Site 5 (11/87) 1.17 0.75 0.073 4.22 13.7 3.3 
Site 6 (11187) 0.97 0.72 0.044 3.93 8.4 1.6 
Site 7 (11/87) 0.94 0.71 0.058 3.41 5.2 3.8 
Site 8 (11187) 1.10 0.64 0.078 3.24 12.4 3.5 
Site 9 (11/S7) 1.03 0.66 0.048 3.47 12.0 2.2 
Site 10 (11187) 1.13 0.74 0.042 3.58 5.0 1.3 
Site 3 (3/88) 1.25 0.53 0.006 6.31 8.3 3.5 
Site 5 (3/88) 1.18 0.70 0.035 3.30 5.1 0.8 
Site I (4/89) 1.35 0.80 0.070 2.48 12.6 2.6 
Site 5 (4/89) 1.10 0.69 0.042 3.77 13.0 0.8 
Site 7 (4/89) 0.97 0.71 0.033 4.34 2.4 0.6 
Site 8 (4/S9) 1.06 0.71 0.037 4.00 5.1 0.7 
Site 10 (4/89) 1.02 0.74 0.034 4.31 6.7 0.8 
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Fig. 2.2. Most probable structural distribution of non-carboxyl organic carbon in biomass 
leachates (A algae; C cypress; H hardwoods; M macrophytes; P pine) and in Ogeechee River 
DOM samples (sites 1-10). Apices in this ternary plot correspond to 100% aliphatic carbon 
(Cal), 100% aromatic carbon (Car), and 100% "excess" carbon (C .. ). The opposite edge from an 
apex represents 0% of that form of carbon 

2.3 Mathematical Models of Cation Binding 

Metal binding by humic substances is studied in both the field and labora
tory. In field studies, experimental conditions are established by the chemical 
matrix of the natural sample, and metal binding studies generally consist of 
efforts to distinguish between free and complexed forms of a metal ion. Such 
a distinction is relevant because of the frequently strong correlation between 
biological effects of a metal ion and its free concentration (e.g.) Sunda and 
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Guillard 1976; Morel and Hering 1993; Erickson et al. 1996). The major chal
lenge in field studies is analytical methodology, i.e., making measurements of 
the total concentration of a trace metal ion, distinguishing between free and 
complexed forms of the metal ion, and conducting all phases of the study 
using clean techniques to avoid contamination of the sample (Ahlers et al. 
1990; Benoit 1994). In laboratory studies, metal binding can be studied over a 
range of experimental conditions that is hopefully extensive enough with re
spect to all experimental variables to encompass commonly encountered 
field conditions. 

Both field and laboratory studies often culminate in an effort to summa
rize the acquired knowledge of metal binding by humic substances through 
the development of chemical speciation models, the best of which consider 
competitive effects of H+, other metal ions, and other ligands (e.g., Cabaniss 
and Shuman 1988; Dobbs et al. 1989; Tipping and Hurley 1992; Koopal et al. 
1994). Those models have reached a substantial level of sophistication, and 
their predictive capabilities are steadily improving. Even though all models 
of metal complexation by humic substances are empirical, a condition dic
tated by the complexity of the system, it is worthwhile to compare and con
trast the more successful models. The remainder of this chapter is devoted to 
a basic overview and comparison of three of the most sophisticated models, 
focusing on their conceptual similarities and their chemical and mathemati
cal differences. 

2.3.1 Modeling Objectives 

Any modern model needs to be able to describe proton binding by a humic 
substance as a function of pH, the concentration of the humic substance, and 
ionic strength. In addition, the pH dependence of the binding of a metal ion 
must be well described, as must the competitive binding of several metal 
ions. Three modern models that have been reasonably successful in meeting 
these requirements are the competitive Gaussian distribution model, Model 
V, and the nonideal competitive adsorption (NICA) model (Dobbs et al. 1989; 
Tipping and Hurley 1992; Koopal et al.1994).1t is generally understood today 
that humic substances contain many nonidentical binding sites, so the central 
modeling challenge is to describe quantitatively the relative concentrations and 
strengths of those binding sites. As it turns out, the perceived distribution of 
binding sites is directly related to experimental conditions and to the type of 
conceptual model that is forced on the experimental data (Perdue 1997). 

2.3.2 Competitive Gaussian Distribution Model 

The competitive Gaussian distribution model (Dobbs et al. 1989; Susetyo 
et al. 1991) is an extension of the non-competitive Gaussian distribution 
model (Perdue and Lytle 1983; Perdue et al. 1984). This model was chosen to 
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Fig. 2.3. A typical distribution of binding sites in the competitive Gaussian distribution model 

describe cation binding by humic substances in MINTEQA2, a well-known 
computer program for performing chemical equilibrium calculations (e.g., 
Allison and Perdue 1995). In the Gaussian model, only monodentate 0:1) re
actions can occur, i.e., 1 mol of either a proton or a metal ion can react with 
1 mol of a binding site. The relative concentration of a binding site is related 
to its log K value for proton or metal binding by a Gaussian distribution func
tion. Because proton binding studies indicate strongly that humic substances 
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contain two classes of acidic functional groups, i.e., carboxyl and phenolic 
groups (Perdue 1985), two Gaussian distributions of binding sites are used in 
the modeL For example, the binding site distributions of this model for binding 
of a proton and one metal ion to two broad classes of binding sites are shown 
in Fig. 2.3. Each broad class of binding sites is completely defined by the total 
concentration of binding sites in that class (C), the standard deviation (0) of 
the distribution of sites with respect to log K, and the average log K values for 
proton (IlH) and metal (IlM) binding. Both C and 0 are assumed to be the same 
for proton and metal binding. Ionic strength effects are treated empirically by 
assuming that all empty binding sites have a charge of -2.8 and using the 
Davies equation to calculate single-ion activity coefficients for all reacting species. 

2.3.3 Model V 

Tipping and Hurley (1992) described model V, which is the latest in a series 
of models to be developed by Tipping and coworkers. This model has also 
been incorporated into WHAM, a computer program for performing chemi
cal equilibrium calculations for natural waters, sediments, and soils (Tipping 
1994). In model V, Tipping and Hurley (1992) take a "discrete" approach to 
the description of the distribution of binding sites in a humic substance. As 
was the case with the competitive Gaussian distribution model, two broad 
classes of binding sites are used, and protons react on a 1:1 molar basis with 
binding sites (monodentate binding). Rather than using a continuous func
tion to describe the relative concentrations and log K values of the binding 
sites, a discrete approach is used. Each broad class of binding sites consists of 
four equally abundant binding sites whose log K values for proton binding 
are symmetrically distributed around an average log K for proton binding by 
that class of sites. The "width" of the distribution is controlled by a range pa
rameter for that class of sites. The average log K value and range parameter 
are somewhat analogous to )lH and (J in the competitive Gaussian distribu
tion model. The total concentration of the second class of sites is defined to 
be one-half of the total concentration of the first class of sites. 

Although only monodentate proton binding is allowed in model V, both 
monodentate and bidentate (1 :2) reactions of a metal with binding sites are 
allowed. In model V, metal binding equilibria are written for reaction of the 
metal with a protonated site rather than with an empty site. To facilitate a 
comparison with the Gaussian and NICA models, all of the reactions in 
model V have been rewritten here in terms of empty sites. Subsequent dis
cussion is based on this modification of the mass action relationships that 
were described in model V. To describe monodentate metal binding by a class 
of sites, four log K values for metal binding are symmetrically distributed 
around an average log K for metal binding by that class of sites. The average 
log K is analogous to )lM in the competitive Gaussian distribution model. 
Tipping and Hurley (1992) used the same range parameter to control the 
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width of the distribution of binding sites for both proton and mono dentate 
metal binding; however, when their reactions are rewritten in terms of empty 
sites, the actual range parameter for monodentate metal binding is effectively 
two times larger than the range parameter for proton binding. 

From the total of eight monodentate binding sites in the two classes of sites, 
twelve arbitrary combinations are used for bidentate binding. The log K values 
for bidentate binding are a function of the average log K values for proton and 
metal binding and the range parameters for the two classes of binding sites. 
Sixty percent of each binding site is used for monodentate binding, and the 
remaining 40 % of each binding site is used for bidentate binding. 

The overall distribution of binding sites in model V is shown in Fig. 2.4. 
Neglecting the log K values for bidentate metal binding, the distribution of 
monodentate proton and metal binding sites bears a superficial resemblance 
to the continuous distribution of binding sites in the Gaussian distribution 
model. Even though one distribution is discrete and the other is continuous, 
weaker binding sites are more abundant than stronger sites in both models, 
and the log K values for metal binding tend to differ systematically from the 
corresponding log K values for proton binding. One obvious difference is that 
metal binding constants are spread out over a much larger range of log K 
than are the corresponding proton binding constants. Another difference is 
the lower effective concentration of mono dentate metal binding sites, which 
is due to the fact that some of those sites are assumed to form bidentate 
complexes with the metal. The bidentate reactions have no parallel in the 
competitive Gaussian distribution model, but they enable model V to more 
accurately model metal binding at very low concentrations of the metal. 

Even though model V uses discrete binding sites with the "intrinsic" log K 
values that are shown in Fig. 2.4, chemical equilibrium reactions are actually 
described by electrostatically corrected "effective" log K values. These 
"effective" log K values are not constants, but are instead functions of the net 
charge of the average humic substance, which varies continuously as the av
erage charge density of the humic substance is changed through binding of 
protons and metal ions. This treatment effectively" spreads out" each of the 
discrete log K values, so that a set of four discrete binding sites behaves like 
four overlapping, broad, symmetrical distributions (Perdue 1997). The effec
tive log K values are a function of ionic strength, so part of the effect of ionic 
strength on proton and metal binding reactions is incorporated into the ef
fective log K values. 

Ionic strength further impacts reactions in model V, because that model 
considers "binding" to include both specific binding to sites in the humic 
substance and nonspecific binding. The latter type of binding is based on the 
idea that the humic substance (plus a thin shell of solution) is a separate 
phase whose net charge must be zero. Any charge on the humic substance 
that is not neutralized by specifically bound protons and metal ions must be 
balanced by loosely held counterions, including protons and metal ions. 
Donnan-type expressions are used in model V to account for this accumula
tion of counterions. 
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Fig. 2.4. A typical distribution of binding sites in model V 

2.3.4 The NICA Model 

55 

The NICA (non-ideal competitive adsorption) model resembles the com
petitive Gaussian distribution model, both in its use of only 1:1 reaction stoi
chiometries and in the use of continuous symmetrical distributions of bind
ing sites (e.g., Koopal et al. 1994; Benedetti et al. 1995, 1996; Kinniburgh et al. 
1996). The model uses two quasi-Gaussian distributions of binding sites for 
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Fig.2.5. A typical distribution of binding sites in the NICA model 

proton and metal binding. Each class of binding sites is described by the total 
concentration of sites of that type, the median log K value, and a range pa
rameter that controls the width of the distribution. These parameters corre
late more or less directly with C, J..l, and 0 in the Gaussian model. A typical 
distribution of binding sites is shown in Fig. 2.5. Unlike the Gaussian model, 
where the width parameter (0) is the same for proton and metal binding by a 
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class of binding sites, or model V, where the range parameter for metal 
binding is twice that for proton binding, the range parameters for proton and 
metal binding of the NICA model are more or less independent of one an
other. 

In the NICA model, the effect of ionic strength on proton and metal 
binding is attributed entirely to nonspecific binding of counterions. As in 
model V, the humic substance (plus a thin shell of solution) is treated as a 
separate phase whose net charge must be zero. Any charge on the humic sub
stance that is not neutralized by specifically bound protons and metal ions 
must be balanced by loosely held counterions, including protons and metal 
ions. Donnan-type expressions are used to calculate the concentrations of 
these counterions in the so-called gel phase. The NICA model then uses the 
gel-phase concentrations of protons and metal ions to calculate the concen
trations of specifically bound protons and metal ions. Both the Gaussian 
model and model V use the concentrations of protons and metal ions in the 
bulk aqueous solution for these calculations. 

2.3.5 Summary Comparison of Models 

To conclude this section on metal binding by humic substances, the major 
properties of the Gaussian, model V, and NICA models will be reiterated. All 
three models assume that humic substances contain two broad distributions 
of binding sites, presumably attributable mainly to carboxyl and phenolic 
hydroxyl goups. All three models use distributions of proton binding sites 
that are symmetrically distributed around average log K values, and all three 
models use some kind of range parameter to control the width of the distri
bution of log K values for proton binding. All three models thus describe the 
shape and size of a distribution of binding sites with three parameters (total 
concentration, average log K, range parameter). These model parameters for 
proton binding by the two classes of binding sites are independent of one 
another, except for the assumption in model V that carboxyl groups are twice 
as abundant as phenolic hydroxyl groups. Both the Gaussian and NICA mod
els assume that each class of proton binding sites contains a continuous dis
tribution of sites, and neither model "cares" whether the distribution results 
from statistical, electrostatic, or delocalization effects. Model V assumes that 
each class of sites contains four discrete binding sites; however, that model 
then "spreads out" the four discrete sites by making their log K values an ex
plicit function of the average charge of the humic substance. 

All three models consider mono dentate binding of metal ions to binding 
sites. In the Gaussian and NICA models, all sites can form mono dentate 
bonds to either protons or metal ions; however, in model V, only 60 % of 
proton binding sites can form monodentate bonds to metal ions. The re
maining 40 % of proton binding sites in model V are used to form bidentate 
metal complexes, a reaction not included in the other two models. All three 
models have symmetrical distributions of mono dentate metal binding sites. 
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In the Gaussian model, the distribution of log K values for metal binding by a 
class of sites is the same as it is for proton binding. In model V, the distribu
tion is twice as wide for metal binding, and in the NICA model, the widths of 
the distributions are more or less independent of one another. 

In the Gaussian model, only specifically bound protons and metal ions are 
considered to be "bound", and the concentrations of specifically bound pro
tons and metal ions are calculated from their respective concentrations in the 
bulk aqueous solution. The effect of ionic strength on proton and metal 
binding is modeled entirely using individual ion activity coefficients that are 
calculated with the Davies equation, assuming that all empty binding sites 
have a charge of -2.8. In model V, "bound" protons and metal ions include 
specifically bound ions and nonspecifically bound ions. The concentrations 
of specifically bound protons and metal ions are calculated from their re
spective concentrations in the bulk aqueous solution, and the concentrations 
of nonspecifically bound protons and metal ions are obtained from a Don
nan potential-based model. Thus, in model V, ionic strength affects both the 
spreading of the discrete log K values and the nonspecific binding of protons 
and metal ions. In the NICA model, both specifically and nonspecifically 
bound protons and metal ions are considered to be "bound." In contrast to 
the other two models, the concentrations of specifically bound protons and 
metal ions are calculated from their respective concentrations in the so
called gel phase and not from their bulk aqueous phase concentrations. The 
use of gel-phase concentrations is, effectively, the manner in which ionic 
strength effects are incorporated into the NICA model. 

2.4 Summary 

This chapter reviews the state of ctment knowledge regarding elemental 
composition and dominant structural features of humic substances, some re
cent empirical correlations between composition, structure, and bioavail
ability of humic substances, and the rapidly converging views of mathemati
cal approaches to descriptions of cation binding by humic substances. 

First, the relationship between the average properties of a humic substance 
and their quantitative relationship to the corresponding properties of indi
vidual compounds in the humic substance is discussed. The concept of un
saturation is then introduced and is shown to be one of the properties that 
place direct constraints on the average structural features of a humic sub
stance. In fact, given a set of basic compositional parameters (elemental 
composition, carboxyl content, and estimated number-average molecular 
weight), it is possible to predict the most probable proportions of Sp3_ 
hybridized carbon (Cah aliphatic carbon), sp2-hybridized carbon in aromatic 
rings (Can aromatic carbon), and all remaining Sp2 -hybridized carbon (Cxs, 

excess carbon) in a humic substance. The known range of elemental compo-
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sitions of freshwater fulvic acids is found to be consistent with mixtures that 
have highly variable Cah and nearly constant relative proportions of Car and 
Cxs• One interpretation is that the components of Cal are more biodegradable, 
and hence more variable, than the components of Car and Cxs• 

The relationships between bioavailability, composition, and probable 
structural features of dissolved organic matter (DOM) from a Georgia river 
and several biomass leachates were also examined. Using bacterial growth as 
a measure of bioavailability, it was found that an empirical equation of the 
form [Growth = ao + al(H/C) + a2(O/C) + a3(N/C)] provides an excellent 
prediction of bioavailability of DOM. When analytical constraints calcula
tions were used to estimate the most probable values of Cah Car> and Cxs for 
the samples used in this study, the results were consistent with the more ge
neric predictions for freshwater fulvic acids. Biomass leachates and DOM 
from upstream sites had relatively higher percentages of Cal than did the 
DOM from downstream sites and blackwater tributaries. Downstream 
changes in elemental composition and the corresponding predicted average 
structural features of DOM were consistent with the hypothesis that only Cal 
is utilized by bacteria, leaving the relative proportions of Car and Cxs nearly 
unchanged. Generally, samples with higher bioavailabilities had higher Cal 
values. 

Finally, the principal features of three powerful models that have been 
used to describe competitive cation binding by humic substances were com
pared. The Gaussian, Model V, and NICA models all assume that humic sub
stances contain two broad distributions of binding sites, presumably attrib
utable mainly to carboxyl and phenolic hydroxyl groups. All three models 
use distributions of proton binding sites that are symmetrically distributed 
around average log K values, and all three models use some kind of range 
parameter to control the width of the distribution of log K values for proton 
binding. All three models thus describe the shape and size of a distribution 
of binding sites with three parameters (total concentration, average log K, 
range parameter). The models use somewhat different methods to generate 
the basic distributions of proton and metal binding sites, and they also differ 
significantly in the treatment of the effect of ionic strength on cation bind
ing. 
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3 Humus and Acidification 

Espen Lydersen 

3.1 Introduction 

Soil humus may be defined as the product of transformation of plant and 
animal remains which bear no morphological resemblances to the materials 
from which they were derived (Kononova 1975; Hayes and Swift 1978). The 
predominant part of organic material in surface waters is normally al
lochthonously derived. The material is produced within the catchment and 
brought to the lakes and rivers by runoff in countless numbers of physico
chemical forms (e.g. Felbeck 1971; Heyes 1991). Types of degradation prod
ucts as well as the time needed to fully decompose organic matter are ex
tremely variable, depending on the chemical composition of the original 
material as well on several site-specific physical, chemical and biological 
factors such as the redox potential (i.e. the oxygen conditions and gas ex
change), the biological degradation activity, the hydrological conditions, pH 
and temperature. Accordingly, it is not surprising to find a river carrying 
relatively fresh lignin and cellulose from newly fallen debris, as well as series 
of degradation products derived from these substances where they have been 
exposed to biochemical decomposition over extended periods of time. 

The formation of humic substances is primarily microbiological, where 
carbohydrates serve as the main microbial source of energy and carbon in 
the intracellular synthesis of protein and hemicellulose. Carbohydrates and 
proteins are more available for microorganisms and have a higher rate of 
chemical decomposition. Therefore lignin is considered to be the most im
portant source of humic compounds (Gjessing 1976). Lignin is modified 
during degradation, forming humic-like substances of high molecular 
weights. Further degradation of these compounds results in generation of 
humic and fulvic acids and various decomposition products (fats, amino 
compounds and the gases CO2, H2, CH4, N2, NH3 and H2S). Also, autolysis of 
the microorganisms themselves (including fungi) represents a major source 
of humic-like substances. A significant part of dissolved humic material is 
organic acids, and much study has been conducted on these acids, particu-

Ecological Studies, Vol. 133 
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larly regarding their role in water pH, their pH-buffering capacity and metal
complexing properties. 

3.2 Water pH and Acid Neutralising Capacity 

Acids produced within a catchment and acids deposited from the atmos
phere (acid precipitation) are to various degrees buffered and/or neutralised 
by biogeochemical processes, both within the catchment and within the lakes 
and streams. The degree depends on the acid neutralising capacity (ANC). 
ANC is defined relative to a H+ reference level for each acid-base system in 
solution (Stumm and Morgan 1981; Sullivan et al. 1989). The H+ reference 
level is defined as those species which do not change ANC when added to the 
solution (although changes in pH will occur). For example, the H+ reference 
level of an inorganic C solution includes the ANC components of water 
(ANCw) and aqueous CO2, i.e. the inorganic carbon system (ANCIOc). In di
lute natural waters, there are also other proton acceptors, largely represented 
by dissolved organic carbon (DOC) with functional groups that bind H+ 
(ANCDOc), and certain inorganic hydroxy-AI (AN CAli) and organo-AI com
plexes (ANCAlo)' Thus, total ANC (ANCT) in low ionic strength natural waters 
primarily is a sum of the following H+ donors and acceptors: 

ANCT = ANCw + ANCIOC + ANCDOC + ANCAli + ANCAlo' (1) 

Another common expression of ANC often used in the literature (in ~eq/L) is: 

ANC = ([Ca2+]+[Mg2+]+[Na+]+[K+J) - ([SO/-] +[N03-]+[CrJ). (2) 

This ANC expression is often called the alkalinity concept (Reuss and John
son, 1986). 

To obtain electric neutrality (charge balance) in most freshwaters, ANC 
primarily expresses: 

(3) 

[A-] is an expression of the amount of organic anions. Assuming that all 
the major ions incorporated in the charge balance equation are measured, 
the amount of [A-] can be estimated, so that charge balance is obtained. The 
concentration of Al is in the expression the sum of positively charged Al ions 
CEAln+), which can be estimated according to thermodynamic constants (e.g. 
Schecher and Driscoll 1987, 1988). 

One of the most useful aspects of the alkalinity concept is that the base 
cations and strong acid anions on the right side of Eq. (2) are independent of 
the CO2 partial pressure (PC02) . The concentrations of ions on the right side 
of Eq. (3) all vary with pe02, but must vary in such a way as to maintain the 
equality of the sum. This is the main reason why this alkalinity concept has 
been widely used, and often also named ANC. In this chapter, however, the 
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ANC presented in Eq. (1) is used. This means that the [H+] concentration is 
subtracted from Eq. (3). Thus, [HC03-], [A-] and [Aln+] in Eq. (3) are equal to 
ANClOc + ANCDoc + ANCAIi in Eq. (1). These three ANC factors are normally 
the most predominant in freshwater. 

3.3 Quality and Quantity of Organic Acids of DOC 

The pH of waters is affected by natural weak inorganic and organic acids as 
well as strong mineral acids, primarily from atmospheric inputs. Some of the 
strong acids are buffered and/or neutralised by weak inorganic acids 
(primarily the HC03 system and dissolution of AI) and/or by weak organic 
acids. Accordingly, the role of organic acids is of considerable interest, espe
cially with respect to their possible role in surface water acidification. A ma
jor task is to assess their acid strengths which are a combination of their dis
sociation constants (pK values) and the numbers of acid functional groups. 
The latter is normally defined as charge density (CD) expressed as mole sites 
per mole of carbon. 

Numerous methods have been applied to assess pK and CD values. Vari
ous base titration techniques (e.g. Johansson 1970; Schnitzer and Khan 1972; 
Lee and Brosset 1978) can be applied to different operationally defined or
ganic fractions, after removal of interfering compounds as dissolved Al and 
inorganic carbon species. The fractionation is often an ion exchange or 
chromatographic technique in combination with an acid or base adjustment 
(e.g. Leenheer and Huffman 1979; Aiken 1988; Easthouse et al. 1992). Com
mon to most titration procedures is a pre-acidification step in order to fully 
protonate the organic functional groups. The subsequent base titration is of
ten a modification of the Gran titration (Gran 1952) up to pH 5-7 under Nz 
bubbling to exclude CO2• If Al is not removed from the solution, the buffering 
by Al can be calculated by use of thermodynamic data. Because natural dis
solved organic matter (DOC) is an organic acid cocktail with numerous pK 
and CD values (Cronan and Aiken 1985; Kramer and Davies 1988; Ephraim 
et al. 1991), the titration curve will never show very distinct pK values. Many 
different methods have been used to characterise a few average pK values 
(often 1-3), and a fixed number of acid functional groups fitted to each ac
tual data set (Table 3.0. 

Organic acids have often been overlooked in discussions of the acidity of 
surface waters highly affected by strong acid inputs (e.g. Galloway et al. 1983; 
Hedin et al. 1990). An exception was the hypotheses by Rosenqvist (1978) 
and Krug and Frink (1983), but they do not distinguish between the effects of 
organic acids in high and low inorganic carbon alkalinity waters. Recent 
studies, however, clearly demonstrate the importance of organic acids in 
modifying both the acidity of surface waters and the response to changes in 
strong acid inputs in waters with low or no bicarbonate alkalinity (e.g. 
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Table 3.1. Overview of some pK values and the total concentration of acid functional groups, i.e. 
charge density organics (CD' mole sites! mole C; COb ).leq!mg C) presented in the literature 

pKI pK2 pK3 CDa COb Reference 

Monoprotic 4.45 0.135 11.3 Driscoll et al. (1994) 
Monoprotic 3.85 0.072 6.0 Cronan and Aiken (1985) 
Diprotic 3.37 6.22 0.054 9.0 Schecher and Driscoll 

(1987,1988)1 
Diprotic 4.02 6.04 0.082 13.7 Driscoll et al. (1994) 
Triprotic 2.10 5.94 6.86 0.043 10.8 Schecher and Driscoll 

(1987,1988)1 
Triprotic 2.64 5.66 5.94 0.055 13.8 Driscoll et al. (1994) 
Triprotic 4.00 6.10 9.25 Eary et al. (1989)2 
Fulvic acid 3.5±0.2 6.3 ±0.2 Leuenberger and Schindler (1986) 
Carboxyls 3.66 0.061 5.1 Perdue et al. (1984) 
Phenols 12.5 0.064 5.3 Perdue et al. (1984) 

1 These values are used in the Alchemi Version 4.0 speciation program made by the authors. 
2 These values are used in the Integrated Lake-Watershed Acidification Study, i.e. the ILWAS 

model 

Kramer and Davies 1988; Wright 1989; Wilkinson et al. 1992; Driscoll et al. 
1994). Even though natural organic acids contains a continuum of acid func
tional groups, many of which display weak acid characteristics, it has been 
well documented that an important fraction of the organic acids have pK 
values < 3.0 (Table 3.1; Munson and Gherini 1993; Ephraim et al. 1991; Leen
heer et al. 1995). However, they should not be defined as strong acids per se, 
because a strong acid is defined as an acid which is totally dissociated when 
dissolved in water, which means no pK values. However, under most natural 
pH regimes of freshwaters (pH > 4), these strong organic acids are almost 
totally deprotonated. Accordingly, they might be evaluated equal to a strong 
mineral acid. 

Based on large surface water data sets, Schecher and Driscoll (1987, 1988 
in their Alchemi Version 4.0 speciation program) and Driscoll et al. (1994) 
assessed best fitted pK values for diprotic and triprotic acid models. The pK 
values for these two surveys are relatively similar (Table 3.1), with pK\ de
scribing the strongest organic acids, while the pK2 and pK3 lie within a rela
tively narrow area, i.e. from 5.66 to 6.86. The very high pK3 value (9.25) pre
sented by Eary et al. (1989) and pK values of phenols (12.3-12.5) by Perdue 
and Lytle (1983) and Perdue et al. (1984) are irrelevant for most natural wa
ters, since the water pH rarely exceeds 9. Accordingly, the triprotic acid in the 
Integrated Lake-Watershed Acidification Study (ILWAS) model (Eary et al. 
1989) is effectively a diprotic model, and the two first dissociation constants 
in this model coincide well with other diprotic models (Table 3.1), particu
larly with Driscoll et al. (1994). In addition, when assessing pK values of or
ganic acids, it is also important to determine the concentration of organic 
acids (CD) dissolved. Based on the literature, CD largely varies from 5 to 22 
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~q/mg C (e.g. Beck et al. 1974; Henriksen and Seip 1980). One important 
methodical factor for this variation is that many scientists estimates the con
centrations of organic anions ([A-]) so that electric neutrality is obtained 
[See comments to Eq. (3)]. By dividing the concentration of organic charges 
[A -] by the concentration of dissolved organic carbon (DOC) measured in 
streamwater, they often defined this as the CD of organics. However, this is 
not the CD of organics, but the net charge (NC) per milligram of carbon in 
the actual water analysed. Since [A -] is estimated on the basis of charge bal
ance, it gives no information about the total number of negative sites present 
per milligram of carbon. Thus, when charge balance is used for calculating 
[A-], the ratio between [A-] and DOC should be the NC of organics. Accord
ingly, when the total number of negative sites are known, the ratio should be 
called the CD of organics. 

Based on operational defined carboxyl contents of fulvic acids and humic 
acids from various locations in the USA and Canada, Oliver et al. (1983) es
timated an average CD of carboxylic acids of 10 ~q/mg humic organic car
bon. Further, they made an empirical equation for an average mass action 
quotient ( K ) for fulvic and humic acids: 

p K = 0.96 + 0.90pH-0.039 (pH)2. (4) 

This equation offers the possibility of estimating the organic anion con
centration [A-] from pH and the concentration of DOC by the following ex
pression: 

(5) 

where [A-] and [CT] are the concentrations of ionised and total carboxyl 
groups, respectively. The ratio between [A-] and [CT ] is the degree of disso
ciation of the acids of DOC. This model has commonly been used to deter
mine organic acid concentrations in surface waters. Calibration of the Oliver 
model by Driscoll et al. (1994) to the Adirondack Lakes Survey Corporation 
(ALSC) gave the following expression: 

pK = 0.15 + 1.41pH-0.078(pH)2, (6) 

with a CD of 15.1 ~q/mg C. This is 50% greater than the value obtained by 
Oliver et al. (1983). The model of Oliver et al. (1983) relies on a far more 
gradual increase of [A-] compared with the other model estimates (Fig. 3.1). 
Accordingly, the Oliver model overestimates [A-] in the pH interval 4-6 and 
underestimates [A-] at pH > 6, compared with the other models. The other 
three models assume a marked increase in [A-] in the pH interval 5-7. The 
discrepancy between the triprotic model by Driscoll et al. (1984) and the AI
chemi model (Schecher and Driscoll 1987, 1988) comes primarily from dif
ferent estimates of CD of DOC and, to a lesser degree, different pK values 
(Fig. 3.1 and Table 3.1). Both the triprotic models have a very low pKh i.e. 2.10 
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Fig. 3.1. Comparison of predicted values of organic anion concentrations (An- ) for a solution 
containing 500 J.llllol CIL (DOC 6 mg C/L) and percentage dissociation of organic acids as a 
function of pH based on original parameters from Oliver et al. (1983) (-); calibrated values of 
Oliver et al. (1983) (-); based on the ALSC data (Driscoll et al., 1994); triprotic model pa
rameters of Driscoll et al. (1994) (0); triprotic model in the Alchemi Version 4.0 program 
(Schecher and Driscoll 1987, 1988)(.) 

(Schecher and Driscoll 1987, 1988) and 2.64 (Driscoll et al. 1994). Since both 
models assume an equal concentration of functional groups for all three pK 
values, the concentration of strong organic acids depends on the estimates of 
CD. Accordingly, 3.6 and 4.6 Jleq/mg C will always act as a strong mineral 
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acid in surface waters with pH > 4 in the Alchemi model and Driscoll model, 
respectively. 

In the Reversing Acidification project In Norway (RAIN project), acid rain 
was excluded and substituted by clean precipitation. After 4 years of treat-

Alchemi Schecher and Driscoll, 1987, 1988 
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Fig. 3.2. Relation between pH and the relative concentrations of different organic species based 
on two triprotic organic acid models for a solution containing 500 J.Unol CIL (DOC 6 mg C/L). 
The pK values and CD of organics are given in Table 3.1 
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ment, pH had only increased from 4.0 to 4.1 after a reduction of 1:[S04j, 
[N031 in runoff from 145 to 60 Jleq/L (Wright 1989). Organic acids were con
cluded to be increasingly important to the pH of runoff, not because of a 
change in DOC concentrations, but due to increased dissociation of organic 
acids. The maximum CD of organic acids was found to be 4.5 Jleq/mg C, with 
a pK value of about 4. The triprotic models based on empirical data from 
lakes in the Adirondack area of USA (Fig. 3.2 and Table 3.1) are not able to 
explain the buffering by organic acids in the RAIN project, because these 
models have no pK values near pH 4. The buffering effect of a weak acid is "" 
± 1 pH unit from the pK value. However, pK values from soil leachates of 
3.8-4.0 and the CD values of 4.5-6.0 Jleq/mg C presented by Dempsey and 
O'Melia (1983) and Cronan and Aiken (1985) are close to the data reported 
from the RAIN project. 

Since the pK values for both the referred triprotic models are fitted on the 
basis of large lake surveys data, the fitted pK values obviously reflect the pH 
interval of the surveyed lakes. Exception is of course the predefined very low 
pKI value (Table 3.1), taken care of the existence of strong organic acids 
(Munson and Gherini 1993; Ephraim et al. 1991; Leenheer et al. 1995). This 
indicates a clear relationships between water pH and the pK values of a ma
jor fraction of dissolved organic acids. Accordingly, many discrepancies in 
pK and CD values in the literature depend on the water types studied and 
not only on analytical factors such as various isolation techniques and/or 
acid/base titration procedures and differences according to whether CD or 
NC is calculated. 

3.4 Dissolution of Organic Acids with pH 

Acidification may cause an increase in transparency of water (Almer et al. 
1974; Schindler and Turner 1982), a decrease in water colour (Dickson 1978) 
and decrease in total organic carbon (TOC) or DOC in lakes (Davis et al. 
1985). A corresponding increase in DOC by a pH-increase has been reported 
(Christophersen et al. 1982). These physico-chemical effects can be, or are 
often, explained by two major processes: (1) the pH-buffering role of the or
ganic acids of DOC; (2) the pH-dependent dissolution of essential complex
. . h Aln+ F n+ d C 2+ .. h mg catlons suc as , e an a, or lOnIC strengt . 

In process I, a decrease in pH leads to decreased dissociation of organic 
acids due to increased protonation. Acidification of a catchment may there
fore cause decreased solubility of the weakest acids because they are totally 
protonated as a result of the H+ increase. Thus, their ability to be present as 
DOC is reduced. 

In process 2, acidification leads to increased concentrations of cations 
such as Aln+, Ca2+ and Fen+ (e.g. Fuller et al. 1988; Hedin et al. 1990; Lydersen 
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et al. 1996}. Accordingly, more organic acids will precipitate as metal hu
mates. 

Despite these fundamental chemical properties, several works are not able 
to document any effects on the concentration of DOC after a pH change (e.g. 
Fuller et al. 1988; Wright 1989; Hedin et al. 1990; Lydersen et al. 1996), while 
others have even reported increases in DOC by acidification (e.g. Krug and 
Isaacson 1984; McColl and Pohlman 1986). There are many explanations for 
these discrepancies. One is to evaluate the two major processes (1 and 2) to
gether, by considering that H+ competes with metal ions for anionic binding 
sites of organics, while OW competes with organic anions for the cationic 
metal ions. As the pH decreases, the organic acids become less available for 
complexation because the organic acids are less dissociated, while metal 
cations become more available due to increased dissolution and/or increased 
cationic charge. An intermediate pH favours complexation between organic 
acids and metal ions (Fig. 3.3) Thus, the pH and the quality and quantity of 
inorganic and organic ions are decisive for whether the acidification will lead 
to a change in DOC in freshwater systems or not. 

Regarding the quality and quantity of DOC, it is well documented that 
large vertical differences exist depending on which soil horizon DOC derives 
from (e.g. Krug and Isaacson 1984; Easthouse et al. 1992). Acidification may 
cause complex changes in both the organic and inorganic composition of 
leachate (Ritchie and Posner 1982; Stevensen, 1982) in addition to the two 
major processes already mentioned. For example, acidification has been 
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Fig. 3.3. Concentration of organic Al complexes, average charge of Al and a triprotic organic 
acid as a function of pH. Organic Al complexing constants, Al hydrolysis constants and pK val
ues and CD values are those given in the Alchemi Version 4.0 program (Schecher and Driscoll 
1987,1988). Amounts of AI-Org are based on solution containing 500 J.IIllol CIL and 10 J.IIllol AIIL 
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shown to increase the solubility of organic matter from plant residues in or
ganic soil horizons by hydrolysis of carbohydrates and amino acids (e.g. Ste
venson 1982). On the other hand, acidification may cause reduced aqueous 
solubility of organic matter due to a combination of increased H+ content of 
humic macromolecule and lower pH. This may increase the role of inter- and 
intramolecular hydrogen bonding in the macromolecules, which in turn may 
enhance aggregation of organic compounds (e.g. Hayes and Swift 1978; 
Ritchie and Posner 1982). Acidification may also increase the solubility of or
ganic matter from mineral soil horizons by cleavage of metal ion-organic 
bonds or from disaggregation of metal-humic complexes (e.g. Ritchie and 
Posner 1982). This illustrates both the enormous complexity of DOC as well 
as the complexity of physico-chemical processes involved. 

Evidence for significant changes in DOC primarily comes from studies 
with unrealistically high treatment levels of mineral acids. In more realistic 
experiments, only significant increases in base cations and Aln+ have been 
observed, with no accompanying changes in the concentration of DOC, nei
ther in lake and streamwaters (e.g. Fuller et al. 1988; Hedin et al. 1990; Lyder
sen et al. 1996) nor in soil solutions (e.g. Fuller et al. 1988). The only general 
change in DOC due to acidification, has been a certain and very often signifi
cant decrease in [A-], reflecting the acid-neutralising capacity of DOC 
(Hedin et al. 1990; Lydersen et al. 1996). The same patterns were also ob
served by Wright (1989) after removal of strong acids in precipitation, where 
no change in the concentration of DOC was observed, while [A-] increased 
and base cations and Al decreased. 

The unrealistically high levels of mineral acid often added in many ex
periments (e.g. Krug and Isaacson 1984) may, however, be an indicator of the 
tight interactions between inorganic and organic chemistry present, where 
the quality and quantity of organic and inorganic compounds in the different 
soil horizons, types and volumes of soil horizons, quantity and quality of 
precipitation, runoff pattern, temperature, origin of organic compounds and 
stage of degradation/humification, are all essential factors. The sum of all 
these factors gives the observed water chemistry, including the water pH. Ac
cordingly, an essential part of the organic acids in solution have pK values 
closely related to the pH of the actual water, and thereby a significant pH
buffering role for each particular system. As mentioned in Section 3.3, fitted 
pK values of organic acids on the basis of different surveys are therefore 
closely related to the pHs of the waters incorporated. The only exception is 
the assumption of an important strong acid organic fraction (pK < 3), a 
fraction always totally deprotonated in most natural waters, i.e. at pH > 4, 
and thereby with an acid strength equal to a strong mineral acid. 



Humus and Acidification 73 

3.5 Effects of DOC on pH of Norwegian Lakes 

The effects of DOC on the water pH of Norwegian lakes are based on data 
collected from nearly 1000 lakes during autumn 1995 (Skjelkvaale et al. 
1997). The statistical criteria for the selection are presented in Henriksen 
et al. (1996). In this survey, total organic carbon (TOC) was analysed. As the 
particular carbon fraction is generally low « 10%), TOC "" DOC. Alkalinity 
was measured by acid titration to fixed pH 4.5 (ALK4.S)' In Norwegian lakes, 
ALK4.S comprises a sum of many proton accepting processes within the pH 
area from the actual pH to pH 4.5. The most essential are: ANClOc, ANCDoc, 
ANCAIi and ANCA1o' To estimate the concentration of different ANC factors, 
the Alchemi Version 4.0 program has been used (Schecher and Driscoll 1987, 
1988). This means that the pK values and CD values of organics, AI-organic 
constants and AI-hydrolysis constants applied are those present in this pro
gram. Only lakes with ANC < 350 )leq/L were incorporated in this study, i.e. 
931 lakes (93.8% of all 993 investigated lakes). 

The ANC and TOC in Norwegian lakes are generally low (Table 3.2). About 
73% of the lakes have ANC < 100 lleq/L, and nearly 60% have TOC < 4 mg 
C/L. By the Alchemi program, almost all lakes were calculated to be super
saturated with respect to PC02 in air. It was not measured but calculated by 
the Alchemi program, assuming open CO2 atmosphere and variable pH. 
There was no significant relation between TOC and degree of supersatura
tion of CO2, in contrast to Hope et al. (1996) who found a strong positive cor
relation. However, their study relied on summer samples, while the Norwe
gian lakes were sampled in the autumn. In the Norwegian lake survey, a sig
nificant positive correlation was found between supersaturation with CO2 

and pH (Fig. 3.4). However, as expected, at pH < 5.4, where ANCDIC is mini
mal, no significant trend was found between CO2 saturation and pH. For all 
lakes, the median CO2 saturation was 217%, while for lakes with pH < 5.4, 
median saturation was 133%. This saturation status is in accordance with 
earlier lake studies (e.g. Logan et al. 1982; Wright 1983; Norton and Henrik
sen 1983). 

No significant correlation was found between TOC and pH when all lakes 
were evaluated together (Fig. 3.5). However, based on median values, there 
are tendencies of somewhat lower pH as the TOC concentration increases 
(Table 3.2). Within the ANC range 0-50 Ileq/L, however, a significant corre-

Table 3.2. Numbers, percentage distribution, median ANC and pH in Norwegian lakes with ANC 
< 100 ~q/L. Total number oflakes: 993 

Percentage 
TOC No.oflakes of total lakes ANC pH 

0-4 mg C/L 569 57.3 9.8 5.98 
4-8mgC/L 120 12.1 41.8 5.71 
>8mgC/L 38 3.8 54.3 5.60 
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lation was found between TOC and pH (Fig. 3.5). Within this ANC range, the 
influence from ANC-factors other than ANCDOC is relatively small (Fig. 3.8). 

The influence of supersaturation of CO2 (ANCDICdiseq), organic acids 
(ANCDOc), inorganic Al (AN CAli} and organic Al (ANCA1o) on solution pH is 
illustrated in Fig. 3.6. As illustrated in Fig. 3.7, supersaturation of CO2 is an 
essential factor for depression of water pH. The depression ranges from 0 to 
more than 2 pH units. This is almost identical to the Adirondack lakes survey 
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(Munson and Gherini 1993). Norton and Henriksen, (1983) found that aera
tion of samples caused an increase in pH of about 0.5-0.7 after the samples 
were purged with N2 for 10 min. Their results are not directly comparable 
with the work by Munson and Gherini (1993) and the Norwegian lake calcu
lations, because these two works rely on theoretically air equilibrated pH val
ues. 
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Other ANC factors also play an important role in water pH, i.e. from an in
crease in pH of almost 1 pH unit to a depression of about 1 pH unit 
{Fig. 3.7}. As illustrated in Fig. 3.8, the two major factors, besides ANCDIC and 
ANCDlCdiseq, for solution pH are ANCAli and ANCooc. The effect of organic Al 
complexation (ANCAlo) is minor (Fig. 3.8C), at least in this survey. Increases 
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in pH are primarily because of dissolution/hydrolysis of inorganic Al 
(ANCAli), which illustrates the pH buffering role of Al. ANCAIi is most im
portant for solution pH in water systems with negative ANC values. This is 
generally in lakes with both low pH and TOC concentrations(Fig. 3.9B). Low 
pH is essential for significant Al dissolution. In the Norwegian lakes, organic 
acids depress water pH up to about 1 pH unit in the ANC range of 
0-50 /leq/L. Within the same ANC range, Baker et al. (1990) concluded that 
organic acids depress the pH of Adirondack lakes by 0.5-2.5 pH units. They 
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+ Fig. 3.8. Norwegian lake survey 1995. A Influence of organic acids (ANCDOc), B inorganic Al 
hydrolysis (AN CAli) and C Al complexation with organics (ANCAlo) on solution pH. The calcula
tion is made according to pK and CD values of organics and hydrolysis and Al complexing con
stants presented in Alchemi Version 4.0 (Schecher and Driscoll 1987, 1988). (Data from 
Skjelkvaale et al. 1997) 
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further concluded that organic acids could explain over 90% of the H+ in 
41 % of the 1469 lakes studied. As also well illustrated in Figs. 3.7. and 3.8, at 
ANC > 100 j.1eq/L, the inorganic carbon buffering system (ANCDld, often 
termed the bicarbonate system, really starts to predominate. Therefore, at 
high ANC-values, other ANC factors are of minor importance. 

3.6 Cation Exchange Reactions with Humic Matter 

Because the organic humic material to a large extent acts as a complex acidic 
cation exchange resin, cation-exchange (CE) reactions are predominant 
processes for humic material in soil and DOC in soilwater and surfacewater. 
However, significant changes in water chemistry by CE do primarily occur as 
a result of extreme physico-chemical impacts on the catchment. It is there
fore difficult to reveal significant effects of CE on solution pH by large lake 
surveys, where only one sample is taken from each lake more or less at the 
same time. This will only give a static picture of the chemistry of lakes. An 
illustration of extreme CE impact on surface water chemistry is sea-salt epi
sodes where high inputs of pH-neutral NaCl enter the catchment. In many 
areas this process is relevant to surface water acidification, because a certain 
amount of cations in sea-salts, primarily Na +, may exchange for other cations 
in the soil. In acid soils, significant amounts of the exchanged cations will be 
the acid cations H+ and !:Aln+ (Wicklander 1975; Skartveit 1980; Reuss and 
Johnson 1985; Hindar et al. 1994; Lydersen and Henriksen 1995). A chemical 
description of a seasalt episode might be obtained by evaluating the concen
tration of Na relative to Cl. When the equivalent ratio of Na/CI is less than 
that of seawater, the concentration of non-marine Na is negative, which indi
cates that CE reactions have occurred. Divalent hardness metals (Ca2+ and 
Mg2+ ) are concluded being much more successful in the competition com
pared with common monovalent cations such as Na + and K . (Pagenkopf, 
1983). However, to quantify this difference is very difficult since cation ex
changers exhibit low or moderate preference for one cation species compared 
with another (Bolt 1979), a preference that is further reduced when the tem
perature is low (Boyd 1970), as in most natural waters. This means that the 
concentration of a cation often is more important than the type of cation 
concerning the possibility of taking part in CE reactions. 

Several cases of episodic acidification of stream water have been reported 
from coastal regions of Norway (e.g. Skartveit 1980; Mulder et al. 1990; Hin
dar et al. 1994; Lydersen and Henriksen 1995) and eastern USA (Kahl et al. 
1985; Sullivan et al. 1988). Particularly during autumn rainstorms, when 
seasalt-enriched precipitation is percolating acidic soils, the acidification of 
surface water coincided with retention of Na ions. Although episodic acidifi
cation of surface water due to NaCI deposition may occur, there is so far little 
support for the neutral sea-salt effect being an important long-term acidify-
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ing process (Seip 1980; Sullivan et al. 1988). Because short-term acidification 
of streams and lakes often is the main cause of fish kill and other undesirable 
biological effects (Schofield 1977; Muniz and Leivestad 1980; Harvey and 
Whelpdale 1986), sea-salt episodes may play an important role concerning 
fish kill in surface waters (Hindar et al. 1994). 

3.7 Aluminium Toxicity to Biota and Effects of DOC 

Acidification of soil water systems often causes an increased transfer of Al 
from edaphic to aquatic environments (e.g. Cronan and Schofield 1979, 
Dickson 1980, Seip et al. 1989) primarily by dissolution and CE processes. It 
is well known that Al might be present in toxic amounts in soils (e.g. Hart
well and Pember 1918; Magistad 1925; Hardy 1926) and aquatic environ
ments (Penny and Adams 1863; Weigelt et al. 1885; Thomas 1915; Ebeling 
1928; Oshima 1931; Ellis 1937, Sanborn 1945; Pulley 1950; Murdock 1953; 
Wallen et al. 1957; Jones 1964; Dickinson Burrows 1977). In general, these 
older studies have been performed under conditions where the Al concen
tration exceeded the solubility of Al and little attention has been given to the 
effects of precipitates. Furthermore, the studies have often been performed at 
pH levels where pH itself could have been the lethal factor. Recent concerns 
about the effects of soil acidification on the biogeochemistry of Al have 
broadened the scope of interest in Al toxicity, and the recent toxicity studies 
have therefore been performed at more relevant concentrations of AI, i.e. at 
concentrations in agreement with values reported for many acidified surface 
waters « 10 ~ole AlIL). 

Even though Al toxicity to fish was demonstrated almost 70 years ago 
(Ebeling 1928), Schofield (1977) was the first to report the link between 
acidic AI-rich freshwater and fish mortality. Similar results were obtained in
dependently by Dickson (1978). From that time, numerous scientists have 
observed toxic effects of Al on many species of freshwater fishes. Toxicity of 
Al has also been reported in oversaturated solutions where unstable inor
ganic Al chemistry is present, as after liming of acidic AI-rich waters (e.g. 
Dickson 1978). Lydersen (1991) found that generally, for all later corre
sponding studies, high toxicity in unstable AI-chemistry water only occurs 
when pH is raised compared with the initial water pH. Thus, he concluded 
that there has to be a prehistory of lower pH for significant amounts of un
stable toxic Al polymers to form. This was later supported by Ougthon et al. 
(1992) by use of 2°AI-tracer. They found that Al on gills of fish exposed to 
limed water only derived from Al present in the acidic water where Al pri
marily was present as inorganic low molecular weight species prior to liming. 
Later studies have supported these observations and further concluded that 
the most toxic Al conditions exist soon after a pH increase in AI-rich acidic 
waters (Weatherley et al. 1991; Rosseland et al. 1992; Poleo et al. 1994; Lyder-
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sen et al. 1994), and that the toxicity decreased by ageing of the polymers 
(Lydersen et al. 1994). Today, there is no doubt that the increased concentra
tion of inorganic Al during soil and surface water acidification is the primary 
cause of fish kill in acidic freshwaters, and that highly toxic conditions may 
occur soon after a pH increase (e.g. by liming) of acidic AI-rich waters. 

Al toxicity to aquatic organisms other than fish has also been reported. 
Several studies have demonstrated toxicity of inorganic Al to amphibians 
(e.g. Clark and Hall 1985; Clark and LaZerte 1985; Cummins 1986; Leuven 
et al. 1986; Freda and McDonald 1990; Freda et al. 1990). Others have shown 
that Al has lethal and sub-lethal effects on several invertebrates (Correa et al. 
1985; Malley and Chang 1985; Burton and Allan 1986; Fjeld et al. 1988). Fjeld 
et al. (1988), and McCahon et al. (1989) observed increased Al on gills of in
vertebrates (crayfish and zooplankton). Many have documented Al toxicity 
to different species of green algae (e.g. Helliwell et ai. 1983; Folsom et ai. 
1986; Tornqvist 1989), while Gensemer (1991) showed Al toxicity to an aci
dophilic diatom. 

It is mainly strong mineral acids (primarily H2S04) through acid rain that 
most frequently have been the focus as the main cause of soil acidification 
and subsequently dissolution of inorganic AI. This is understandable, be
cause there is a co-occurrence in time and space between increased acid rain 
input and severe decline in many fish populations in large acid sensitive ar
eas of the northern hemisphere. Natural acidic water systems with high con
centration of inorganic Al also exist, despite minor or no impacts from acid 
rain (Krug 1991). These lakes might contain both low and high concentra
tions of DOC. A major difference between these naturally acidic environ
ments and the acid-rain-acidified environments, however, is the biological 
possibility of physiological adaptation. In natural acidic environments, the 
biology may have gradually been adapted to the water chemical changes 
through hundreds or maybe thousands of years. The significant changes in 
water chemistry during a few decades as a result of strong impacts from acid 
rain have proceeded too fast in relation to the time many aquatic organisms 
need to adapt. Accordingly, large biological effects have been documented as 
a result of acid rain impact. 

There are only a few studies concerning Al toxicity when Al is complexed 
to natural humic substances. Several works have, however, demonstrated that 
complexation of Al with citrate essentially eliminates toxic effects of Al to 
fish (e.g. Baker and Schofield 1980, 1982; Driscoll et al. 1980; Fivelstad and 
Leivestad 1984). Skogheim et al. (1986) found that the toxicity of Al to 
salmon was significantly reduced when Al was complexed to humic material. 
The same conclusion was drawn for stream invertebrates when organic sub
stances where added to the water (Burton and Allan 1986). Later, Lydersen 
et al. (1990) and Witters et al. (1990) both observed no toxic effect of Al 
(within 10 days) when complexed to humic substances, even at relatively 
high Al organic concentrations (> 7-8 /llllole/L). 
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Many attempts to relate toxicity to levels of Al in aquatic systems have met 
with variable degree of success, probably due to insufficient understanding of 
the importance of Al speciation when assessing its biological availability and 
toxicity. The toxicity of Al is highly dependent on the Al species present 
where pH, ionic strength, type of ligands and water temperature are essential 
factors. Based on present knowledge, it is reasonable to conclude that acute 
Al toxicity primarily is related to inorganic Al chemistry, at least for aquatic 
gill organisms, while organic AI-complexes per se have at least no acute bio
logical effect. Nevertheless, organic Al complexes might represent a potential 
toxic pool, because the equilibrium between inorganic and organic Al species 
may change due to other physico-chemical factors. Relevant examples of this 
are acidic episodes related to seasalt events (Section 3.6), where Na + ions are 
able to cation exchange for H+ and inorganic Al (Aln+) complexed to organic 
sites. 

There are several plausible reasons why organic AI-complexes exhibit no 
acute toxic effect to aquatic gill organisms. The gill surface is covered with a 
layer of protecting mucus, consisting of glycoproteins, mycopolysaccarides, 
amino acids (Fletcher et al. 1976, Van de Winkel et al. 1986, Lumsden and 
Ferguson 1994) and 95% water (Wold and Selset 1977). The glycoproteins are 
rich in sialic acid with a pK value less than 3 (Clamp et al. 1978), which 
means that at most freshwater pHs sialic acid is primarily negatively charged. 
This means that both the gill surface and DOC act as complex acid cation ex
change resins. Accordingly, they compete for cations present in solution. In 
other words, more Al is able to bind to gill surfaces in solution with no or low 
concentrations of DOC. In waters with high concentrations of DOC, however, 
a major part of Al is already complexed to DOC when it enters into surface 
waters where the gill organisms normally live. Accordingly, the strength of 
the cation exchanger present on the gill surface is decisive to which extent Al 
ions complexed to DOC are able to resist this competition. Lydersen et al. 
(1990) cation exchanged water from a natural DOC rich lake with high Al 
concentrations by use of a strong acidic Amberlite IR-120 resin, according to 
the procedure described by Driscoll (1984). The fish were then exposed to the 
eluate. Even though this is an operational technique, most likely the pre
dominant part of the Al present in the eluate is Al organic complexes, which 
have passed through the cation exchanger and still kept their Al complexed 
to DOC. Because no fish died (during 10 days of exposure) when exposed to 
the eluate, it is reasonable to conclude that Al organic complexes have no 
acute toxic effects on fish. The reason why this analytical cation exchange 
procedure has been shown to be so applicable to distinguish between toxic 
and non-toxic Al forms has to be related to the cation exchange properties 
on the surface of fish gills. This confirms that acute Al toxicity primarily is 
related to cationic and thereby predominantly inorganic Al forms. 

There are also other works within other scientific fields that may support 
the hypothesis of cationic properties of inorganic Al and toxicity. Numerous 
cationic polymers are known being highly acute toxic to fish (Biesinger and 
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Stokes 1986; Goodrich et al. 1991; Scott Hall and Mirenda 1991). The physio
logical and pathological description of fish exposed to many different cati
onic electrolytes are almost identical to the description of Al toxicity to fish 
(e.g. compare Biesinger and Stokes 1986 with Rosseland et al. 1992 and/or 
Poleo et al. 1994). Cationic polyelectrolyte studies conclude that the lowest 
molecular weight polymers (e.g. Goodrich et al. 1991) and the cationic poly
mers with highest positive charge densities (Scott Hall and Mirenda 1991) 
are the most toxic. This agrees well with the chemical and biological relation
ships in the Al toxicity study reported by Lydersen et al. (1994). There is good 
evidence that the toxicity of cationic polymers can be eliminated by addition 
of an anionic polymer (Biesinger and Stokes 1986). Accordingly, as also pro
posed by them, natural humic acids and clays might be used for detoxifying 
cationic Al polymers. 

There may also be other possible reasons why DOC may eliminate Al tox
icity. Karlsson-Norrgren et al. (1986) concluded that even though humic sub
stance additions reduced or totally inhibited gill lesions among brown trout 
exposed to Al at pH 5.5, there was no significant difference in bioaccumula
tion compared to control fish exposed to Al without added humic sub
stances. The reduced or eliminated toxicity of Al to fish in the presence of 
dissolved organic carbon could potential result from the changed co
ordination chemistry of the Al bound to the gill surface (Wilkinson et al. 
1993). On the other hand, binding of organic acids at the gill surface itself 
can be expected to induce physiological effects due to modifications in the 
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structure, fluidity, or permeability of the gill membrane which may contrib
ute to increased tolerance towards Al toxicity (Visser 1982). DOC generally 
plays an important role in reducing or completely detoxifying toxic cations in 
water. This means that reactions responsible for death of fish exposed to 
metals often take place outside the body, i.e. primarily at the surface of gills. 
This was already claimed by Erichsen Jones in 1939. Accordingly, the cation 
exchange capacity (CEC) properties of DOC are of major importance to re
duce the negative impacts of CEC reactions with toxic cations at the gill sur
face. Since acute Al toxicity primarily is related to inorganic Al species, it is of 
major interest that it seems to occur a decrease in inorganic Al (Ali) and ac
cordingly an increase in organic AI-forms (Alo) in many surface waters dur
ing the last years. This is a result of declining S02-emission and thereby re
duced inputs of SO/-(Fig. 3.10). 

3.8 Summary 

A significant part of dissolved humic material (DOC) is organic acids. Ac
cordingly, many studies have been conducted on these acids, particularly re
garding their role in water pH, their pH-buffering capacity and metal
complexing properties. Due to the extreme complexity of ligands in humic 
substances, a large part of DOC is an organic acid cocktail with numerous 
pK and CD values. Thus, many different methods have been used in order to 
find one to three average pK values and a fixed number of acid functional 
groups (CD), often fitted to each actual data set. In later years, it has been 
relatively well documented that an important fraction of the organic acids 
have pK values < 3, and accordingly, several models operate with a first dis
sociation constant mirroring this fact. The other dissociation constants 
(often 1 or 2) are normally fitted to actual data sets, and thereby the pH of 
the waters incorporated (normally within pH 4-7 ). Accordingly, fitted pK 
values normally vary within the pK interval of 4-7. Based on the literature, 
the concentration of organic acids (CD) varies from 5 to 22 ~eq/mg C, often 
with an average CD of carboxylic acids of", 1 0 ~q/mg C. 

Until recently, organic acids were often considered unimportant for the 
acidity of surface waters strongly affected by strong acid inputs. More recent 
studies, however, clearly demonstrate the importance of organic acids in 
modifying both the acidity of surface waters and the response to changes in 
strong acid inputs in waters with low or no bicarbonate alkalinity. Large lake 
surveys show that organic acids are able to depress water from 0.5 to 2.5 pH 
units in the ANC range of 0-50 ~eq/L, which means that organic acids might 
explain a significant part of the pH of natural waters. However, it should not 
be forgotten that organic acids at the same time are highly important to pre
vent the system from further pH depressions, e.g. by strong acids in precipi
tation, through their large buffering capacity. 
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Water pH depends on numerous interactions between inorganic and or
ganic compounds in different soil horizons, where types and volumes of the 
soil horizons, quantity and quality of precipitation, temperature, runoff pat
tern, origin of organic compounds and stage of degradation/humification are 
essential factors. The interplay between such factors is decisive for the water 
pH. Thus, it seems reasonable that an essential part of the organic acids in 
solution have pK values close to the water pH. Because significant buffering 
capacity only occurs within ± 1 pH unit of each pK value, it means that DOC 
plays a significant pH-buffering role for each unique system where DOC is 
present. Within realistic acidification levels, acidification normally leads to 
small changes in the transparency of water, water colour and concentration 
of DOC in lakes. The only significant change in DOC generally observed due 
to acidification is a decrease in [A-], reflecting the acid-neutralising capacity 
of DOC. 

Since organic humic material is a complex acid cation exchange resin, CE 
reactions often predominate in soil and surface waters. Results of CE proc
esses have been well documented during seasalt episodes in coast-near areas 
where significant amounts of Na + (from NaCl) have been cation exchanged 
for H+ and inorganic Al (lAln+). Undesirable biological effects, such as fish 
kill, have been well documented during such episodes. However, it is reason
able to assume that such episodes are unimportant for the long-term acidi
fying process in catchments. 

DOC generally plays an important role in reducing or completely detoxi
fying toxic cations in water. This is well documented for AI, where acute tox
icity only is reported for different inorganic forms. However, organic metal 
complexes, like Al organic complexes, might represent a potential toxic pool, 
because the equilibrium between inorganic and organic species may change 
according to water physico-chemical changes, as during sea-salt episodes. 
Within the DOC-concentration of most natural surface waters, it is unlikely 
that humic acids, fulvic acids or other species of natural organic matter 
themselves are toxic. 

References 

Aiken GR (1988) A critical evaluation of the use of macroporous resins for the isolation of 
aquatic humic substances. In: Frimmel FH Christman RF (eds) Humic substances and their 
role in the environment. Wiley, New York, pp 15-28 

Almer B, Dickson W, Ekstrom C, Hornstrom E, Miller U (1974) Effects of acidification of Swed
ish lakes. Ambio 3:30-36 

Baker JP, Schofield CL (1980) Aluminium toxicity to fish related to acid precipitation and Adi
rondack surface water quality. In: Drabloes D rollan A (eds) Ecological impacts of acid pre
cipitation, SNSF-project. Proc Int Conf Sandefjord, Norway. Grefslie Ltd, Mysen, pp 292-293 

Baker JP, Schofield CL (1982) Aluminium toxicity to fish in acidic waters. Water Air Soil Pollut 
18:289-309 



Humus and Acidification 87 

Baker JP, Gherini SA, Christensen SW, Driscoll CT, Gallagher J, Munson RK, Newton RM, Reck
how KH, Schofield CL (1990) Adirondack lakes survey: interpretive report, Adirondack Lakes 
Survey, Ray Brook, New York 

Beck KC, Reuter JH, Perdue EM (1974) Organic and inorganic geochemistry of some coastal 
plain rivers of southeastern United States. Geochim Cosmochim Acta 38:341-364 

Biesinger KE, Stokes GN (1986). Effects of synthetic polyelectrolytes on selected aquatic organ
isms. J Water Pollut Contam Fed 58:207 - 213 

Bolt GH (1979) Soil chemistry. B. Physico-chemical models. Developments in soil science, vol 
5B. Elsevier, Amsterdam 

Boyd GE (1970) Thermal effects in ion-exchange reactions with organic exchangers: Enthalpy 
and heat capacity changes. In: Hall GR (ed) Ion exchange in the process industries. Conf at 
Imperial College of Science and Technology, London, 16-18 July 1969. Society of Chemical 
Industry, London, pp 261-269 

Burton TM, Allan JW (1986) Influence of pH, aluminium, and organic matter on stream inver
tebrates. Can J Fish Aquat Sci 43: 1285-1289 

Christophersen N, Stuanes AO, Wright RF (1982) Runoff chemistry at a mini -catchment watered 
with "unpolluted precipitation". Nord Hydrol13:115-128 

Clamp JR, Allen A, Gibbons RA, Roberts GP (1978) Chemical aspects of mucus. Br Med Bull 34: 
25-41 

Clark KL, Hall RJ (1985) Effects of elevated hydrogen ion and aluminium concentrations on the 
survival of amphibian embryos and larvae. Can J ZooI63:116-123 

Clark KL, LaZerte BD (1985) A laboratory study of the effects of aluminium and pH on am
phibian eggs and tadpoles. Can J Fish Aquat Sci 42:1544-1551 

Correa M, Coler RA, Yin C-M, Venables BJ (1985) The impact of depressed pH and elevated 
aluminium concentrations on specific dynamic action in Somatochlora cingulata (De Selys). 
Comp Biochem Physiol ICI 82:199-201 

Cronan CS, Aiken GR (1985) Chemistry and transport of soluble humic substances in forested 
watersheds of the Adirondack Park, New York. Geochim Cosmochim Acta 49:1697-1705 

Cronan CS Schofield CL (1979) Aluminium leaching response to acid precipitation: effects on 
high-elevation watersheds in the northeast. Science 204:304-306 

Cummins CP (1986) Effects of aluminium and low pH on growth and development in Rana 
temporaria tadpoles. Oecologia 69:248-252 

Davis RB, Anderson DS, Berge F (1985) Palaeolimnological evidence that lake acidification is 
accompanied by loss of organic matter. Nature 316:436-438 

Dempsey BA O'Melia CR (1983) Proton and calcium complexation of four fulvic acid fractions. 
In: Christman RF Gjessing ET (eds). Aquatic and terrestrial humic materials. Ann Arbor Sci, 

Michigan, pp 239-274 
Dickinson Burrows W (1977) Aquatic aluminium: chemistry, toxicology, and environmental 

prevalence. CRC Crit Rev Environm Control, vol 7, pp 167-216 
Dickson W (1978) Some effects of the acidification of Swedish lakes. Verh Int Verein Limnol 

20:851-856 
Dickson, W (1980) Properties of acidified waters. In: Drabloes D Tollan A (eds.), Ecological im

pacts of acid precipitation, SNSF-project. Proc Int Conf Sandefjord, Norway. Grefslie Ltd, My
sen, pp 75-83 

Driscoll CT (1984) A procedure for the fractionation of aqueous aluminium in dilute acidic 
water. Int J Environ Anal Chern 16:267-283 

Driscoll CT, Baker JP Jr, Bisogni 11, Schofield CL (1980) Effects of aluminium speciation on fish 
in dilute acidified waters. Nature 284:161-164 

Driscoll CT, Lehtinen MD, Sullivan TJ (1994) Modeling the acid-base chemistry of organic sol
utes in Adirondack, New York, lakes. Water Resour Res 30:297-306 

Eary LE, Jenne EA, Vail LW, Girvin, DC (1989) Numerical models for predicting watershed 
acidification. Arch Environ Contam ToxicoI18:29-53 



88 Espen Lydersen 

Easthouse KB, Mulder J, Christophersen N, Seip HM (1992) Dissolved organic carbon fractions 
in soil and stream water during variable hydrological conditions at Birkenes, southernmost 
Norway. Water Resour Res 28:1585-1596 

Ebeling G (1928) Ober die Giftigkeit einiger Schwermetallsalze an Hand eines Falles aus der 
Praxis. Z Fischerei 26:49-61 

Ellis MM (1937) Detection and measurement of stream pollution. Bull 22, US Bureau of Fisher
ies. Bull Bur Fish Bull 48:365-437 

Ephraim JH, Reddy MM, Marinsky JA (1991) Ion binding by humic substances: considerations 
based on the solution chemistry and heterogenety of humic substances. In: Allard B, Boren 
H, Grimvall A (eds) Humic substances in the aquatic and terrestrial environment. Lecture 
notes in earth science, vol 33, Springer, Berlin Heidelberg New York, pp 263-276 

Erichsen Jones JR (1939) The relation between the electrolytic solution pressures of the metals 
and their toxicity to the stickleback (Gasterosteus aculeatus L.). J Exp Bioi 16:425-437 

Felbeck GT J r (1971) Structural hypotheses of soil humic acids. Soil Sci 111 :42-48 
Fivelstad S, Leivestad H (1984) Aluminium toxicity to Atlantic salmon (Salmo salar L.) and 

brown trout (Salmo trutta L.): mortality and physiological response. Inst Freshwater Res, 
Drottningholm, vol 61:69-77 

Fjeld E, Hessen DO, Roos N, Taugb0l T (1988) Changes in gill ultrastructure and haemolymph 
chloride concentrations in the crayfish, Astacus astacus, exposed to de-acidified aluminium
rich water. Aquaculture 72:139-150 

Fletcher TC, Jones R, Reid L (1976) Identification of glycoproteins in the goblet cells of epider
mis and gill of plaice (Pleuronectes platessa L.) flounder (Platichtys flesus (L.» and rainbow 
trout (Salmo gairdneri Richardson). Histochem J 8:597-608 

Folsom BR, Popescu NA, Wood JM. (1986) Comparative study of aluminium and copper trans
port and toxicity in an acid-tolerant freshwater green alga. Environ Sci TechnoI20:616-620 

Freda J, McDonald DG. (1990) Effects of aluminium on the leopard frog, Rana pipiens: life stage 
comparisons and aluminium uptake. Can J Fish Aquat Sci 47:210-216 

Freda J, Cavdek V, McDonald DG (1990) Role of organic complexation in the toxicity of alu
minium to Rana pipiens embryos and Bufo american us tadpoles. Can J Fish Aquat Sci 47: 
217-224 

Fuller RD, Simone DM, Driscoll CT (1988) Forest clearcutting effects on tra:ce metal concentra
tions: spatial patterns in soil solutions and streams. Water Air Soil Pollut 40:185-195 

Galloway IN, Norton SA, Church MR (1983) Fresh water acidification from atmospheric deposi
tion of sulphuric acid: a conceptual model. Environ Sci TechnoI17:541-545 

Gensemer RW (1991) The effects of pH and aluminium on the growth of the acidophilic diatom 
Asterionella ralftii var. americana. Limnol Oceanogr 36: 123-131 

Gjessing ET (1976) Origin, formation and distribution of humus. In: Gjessing ET (ed) Physical 
and chemical characteristics of aquatic humus, Ann Arbor Sci, Michigan, pp 3-10 

Goodrich, MS Dulak LH, Friedman MA, Lech JJ (1991). Acute and long-term toxicity of water 
soluble cationic polymers to rainbow trout (Oncorhynchus mykiss) and the modification of 
toxicity by humic acid. Environ Toxicol Chem 10:509-515 

Gran G (1952) determination of the equivalence point in potentiometric titrations II. Analyst 
77:661-671 

Hardy F (1926) The role of aluminium in soil infertility and toxicity. JAgric Sci 16:616-631 
Hartwell BL, Pember FR (1918) The presence of aluminium as a reason for the difference in the 

effect of so-called acid soil on barley and rye. Soil Sci 6:259-279 
Harvey HH, Whelpdale DM (1986) On the prediction of acid precipitation events and their ef

fects on fishes. Water Air Soil Pollut 30:579-586 
Hayes MHB (1991) Influence of the acid/base status on the formation and interactions of acids 

and bases in soils. In: Ulrich B, Sumner ME (eds) Soil acidity. Springer, Berlin Heidelberg 
New York, pp 80-96 

Hayes MHB, Swift RS (1978) The chemistry of soil organic colloid. In: Greenland DJ, Hayes 
MHB (eds) The chemistry of soil constituents. Wiley, Chichester, pp 179-320 



Humus and Acidification 89 

Hedin LO, Likens GE, Kimberley MP, Driscoll CT (1990) A field experiment to test whether or
ganic acids buffer acid deposition. Nature 345:798-800 

Helliwell S, Batley GE, Florence TM, Lumsden BG (1983) Speciation and toxicity of aluminium 
in a model fresh water. Environ Technol Lett 4: 141-144 

Henriksen A, Seip HM (1980) Strong and weak acids in surface waters of southern Norway and 
southwestern Scotland. Water Res 14:809- 813 

Henriksen A, Skjelkvaale BL, Lien L, Traaen TS, Mannio J, Forsius M, Kamari J, Makinen I, 
Berntell A, Wiederholm T, Wilander A, Moiseenko T, Lozovik P, Filatov N, Niinioja R, Harri
man R, Jensen JP (1996) Regional lake surveys in Finland, Norway, Sweden, Northern Kola, 
Russian KareIia, Scotland, Wales 1995. Coordination and design. Report 40/1996, Serial No 
3420-1996. Norwegian Institute for Water Research, Oslo. 

Hindar A, Henriksen A, Toerseth K, Semb A (1994) Acid water and fish death. Nature 372: 
327-328 

Hope D, Kratz TK, Riera JL (1996) Relationship between PC02 and dissolved organic carbon in 
northern Wisconsin lakes. J Environ Qual 25: 1442-1445 

Johansson A (1970) Automatic titration by stepwise addition of equal volumes of titrant. Ana
lyst 95:535-540 

Jones JRE (1964) Fish and river pollution. Butterworth, Washington, DC 
Karlsson-Norrgren L Bjorklund I Ljungberg 0 Runn P (1986) Acid water and aluminium expo

sure: experimentally induced gill lesions in brown trout, Salmo trutta L. J Fish Dis 9:11-25 
Kahl JS, Anderson JL, Norton SA (1985) Water resource baseline data and assessment of impacts 

from acidic precipitation. Acadia National Park, Maine. Technical Report 16. National Park 
Service, North Atlantic Region, Boston 

Kononova MM (1975) Humus of virgin and cultivated soils. In: Gieseking JE (ed) Soil compo
nents, voll. Springer, Berlin Heidelberg New York, pp 475-526 

Kramer JR, Davies SS (1988) Estimation of non-carbonato protolytes for selected lakes in the 
eastern lakes survey. Environ Sci TechnoI22:182-185 

Krug EC (1991) Review of acid-deposition-catchment interaction and comments on future re
search needs. J Hydrol 128: 1-2 7 

Krug EC, Frink CF (1983) Acid rain on acid soil: a new perspective. Science 221:520-525 
Krug EC, Isaacson PJ (1984) Comparison of water and dilute acid treatment on organic and in

organic chemistry of leachate from organic rich horizons of an acid forest soil. Soil Sci 
137:370-378 

Krug EC, Isaacson pJ, Frink CR (1985) Appraisal of some current hypotheses describing acidifi
cation of watersheds. J Air Pollut Control Assoc 35:109-114 

Lee YH, Brosset C (1978) The slope of Grans's plot: a useful function in the examination of pre
cipitation, the water-soluble part of airborne particles, and lake water. Water Air Soil Pollut 
10:457-469 

Leenheer JA, Huffman EWD (1979) Analytical method for dissolved organic carbon fraction. US 
Geol Surv Water Resour Invest, Report 79-4 

Leenheer JA, Wershaw RL, Reddy MM (1995) Strong-acid, carboxyl-group structures in fulvic 
acid from the Suwannee River, Georgia. I. Minor structures. Environ Sci Technol 29:393-398 

Leuenberger B, Schindler PW (1986) Application of integral pK spectrometry to the titration 
curve of fulvic acids. Anal Chern 58:1471-1474 

Leuven RSEW, Den Hartog C, Christiaans MMC, Heijligers WHC (1986) Effects of water acidifi
cation on the distribution pattern and the reproductive success of amphibians. Experientia 
42:495-503 

Logen RM, Derby JC, Duncan LC (1982) Acid precipitation and lake susceptibility in the central 
Washington cascades. Envrion Sci TechnoI16:771-775 

Lumsden JS, Ferguson HW (1994) Isolation and partial characterisation of rainbow trout 
(Oncorhynchus mykiss) gill mucin. Fish Phys Biochem 12:387- 398 

Lydersen E (1991) Aluminium in dilute acidic freshwaters. Chemical, analytical and biological 
relevance. PhD thesis, University of Oslo 



90 Espen Lydersen 

Lydersen E, Henriksen A (1995) Seasalt effects on the acid neutralising capacity of streamwaters 
in southern Norway. Nord Hydrol 26:369-388 

Lydersen E, Poleo ABS, Muniz IP, Salbu B, Bjoernstad HE (1990) The effects of naturally occur
ring high and low molecular weight inorganic and organic species on the yolk-sack larvae of 
Atlantic salmon (Salmo salar L.) exposed to acidic aluminiumrich lake water. Aquat Toxicol 
18:219-230 

Lydersen E, Kroglund F, Nandrup Pettersen M, Poleo ABS, Rosseland BO, Riise G, Salbu B (1994) 
The importance of "in situ" measurements to relate toxicity and chemistry in dynamic alu
minium freshwater systems. I Ecol Chem 3:357-265 

Lydersen E, Fjeld E, Gjessing ET (1996) The humic lake acidification experiment (HUMEX): 
main physico-chemical results after five years of artificial acidification. Environ Int 22: 
591-604 

Magistad OC (1925) The aluminium content of the soil solution and its relation to soil reaction 
and plant growth. Soil Sci 20:181-225 

Malley DF, Chang PSS (1985) Effects of aluminium and acid on calcium uptake by the crayfish, 
Orconectes virilis. Arch Environ Contam ToxicoI14:739-747 

McCahon CP, Brown AF, Poulton MI, Pascoe D. (1989) Effects of acid, aluminium and lime addi
tions on fish and invertebrates in a chronically acidic Welsh stream. Water Air Soil Pollut 
45:345-359 

McColl JG, Pohlman AA (1986) Soluble organic acids and their chelating influence on Al and 
other metal dissolution from forest soils. Water Air Soil Pollut 31:917-927 

Mulder J, Christophersen N, Haus M, Vogt RD, Andersen S, Andersen DO (1990) Water flow 
paths and hydrochemical controls in the Birkenes catchment as inferred from a rainstorm 
high in seasalts. Water Resour Res 26:611-622 

Muniz IP, Leivestad H (1980) Acidification -effects on freshwater fish. In: Drabloes D, Tollan A 
(eds) Ecological impacts of acid precipitation, SNSF-project. Proc Int Conf Sandefjord, Nor
way. Grefslie Ltd, Mysen, pp 84-92 

Munson RK, Gherini SA (1993) Influence of organic acids on the pH and acid-neutralising ca
pacity of Adirondack lakes. Water Resour Res 29:891-899 

Murdock HR (1953) Some data on toxicity of metals in wastes to fish life are presented. Ind Eng 
Chern 45:99A-102A 

Norton SA, Henriksen A (1983) The importance of CO2 in evaluation of effects of acidic deposi
tion. Vatten 39:346-354 

Oliver BG, Thurman EM, Malcolm RL (1983) The contribution of humic substances to the acid
ity of coloured natural waters. Geochim Cosmochim Acta 47:2031-2035 

Oshima S (1931) On the toxic action of dissolved salts and their electrolytes upon young eels 
(Anguilla japonica). I Imp Fish Exp Sta 2:191-193 

Oughton DH, Salbu B, Bjoernstad HE (1992). Use of aluminium-26 tracer to study the deposi
tion of aluminium species on fish gills following mixing of limed and acidic waters. Analyst 
117:619-621 

Pagenkopf GK (1983) Gill surface interaction model for trace-metal toxicity to fishes: role of 
complexation, pH and water hardness. Environ Sci TechnoI17:342-346 

Penny C, Adams C (1863) Report of experiments made upon fish, and of observations in con
nection with alleged pollution of the river Leven by discharges from the dyeworks at Leven
bank, Levenfield, Dillichip, and Dalmonock. River Pollution Commission: Evidence. Corre
spondence and Reports, vol 2, part 4, Scotland, pp 377-391. 

Perdue EM, Lytle CR (1984) Distribution model for binding of protons and metal ions by humic 
substances. Environ Sci TechnoI17:654-660 

Perdue EM, Reuter JH, Parrish RS (1984) A statistical model of proton binding by humus. Geo
chim Cosmochim Acta 48:1257-1263 

Poleo ABS, Lydersen E, Rosseland BO, Kroglund F, Salbu B, Vogt RD, Kvellestad A (1994) In
creased mortality of fish due to changing AI-chemistry of mixing zones between limed 
streams and acidic tributaries. Water Air Soil Pollut 75:339-351 



Humus and Acidification 91 

Pulley TE (1950) The effect of aluminium chloride in small concentration on various marine 
organisms. Texas J Sci 3:405-411 

Reuss JO, Johnson DW (1985) Effect of soil processes on the acidification of water by acid depo
sition. J Environ Qual 14:26-31 

Reuss JO, Johnson DW (1986) Acid deposition and the acidification of soils and waters. Ecologi
cal studies, vol 59, Springer, New York Berlin Heidelberg Tokyo 

Ritchie GSP, Posner AM (1982) The effect of pH and metal binding on the transport properties 
of humic acids. J Soil Sci 33:233-247 

Rosenqvist IT (1978) Alternative sources for acidification of river water in Norway. Sci Tot Envi
ron 10:39-49 

Rosseland BO, Blakar lA, Bulger A, Kroglund F, Kvellestad A, Lydersen E,Oughton DH, Salbu B, 
Staurnes M, Vogt RD (1992) The mixing zone between limed and acidic river waters: com
plex aluminium chemistry and extreme toxicity for salmonids. Environ Pollut 78:3-8 

Sanborn NH (1945) The lethal effect of certain chemicals on fresh water fish. Canning Trade 67 
(49):10-12 

Schecher WD, Driscoll CT (1987) An evaluation of uncertainty associated with aluminium 
equilibrium calculations. Water Resour Res 23:525-534 

Schecher WD, Driscoll CT (1988) An evaluation of the equilibrium calculations within acidifi
cation models: the effects of uncertainty in measured chemical compounds. Water Resour 
Res 24:533-540 

Schindler DW, Turner MA (1982) Biological, chemical and physical responses of lakes to ex
perimental acidification. Water Air Soil Pollut 18:259-271 

Schnitzer M, Khan SU (1971) Humic substances in the environment. Dekker, New York 
Schofield CL (1977) Acid snow-melt effects on water quality and fish survival in the Adirondack 

Mountains of New York State, US Research Technical Completion Report A-On-NY. Office of 
Water Research and Technology, Dept of the Interior, Washington, DC 

Scott Hall, W Mirenda RJ (1991). Acute toxicity of wastewater treatment polymers to Daphnia 
pulex and the fathead minnow (Pimephales promelas) and the effects of humic acid on 
polymer toxicity. J Water Pollut Contam Fed 63:895-899 

Seip HM (1980) Acidification offreshwater -sources and mechanisms. In: Drabloes D, Tollan A 
(eds) Ecological impacts of acid precipitation, SNSF-project. Proc Int Conf Sandefjord, Nor
way. Grefslie Ltd, Mysen, pp 358-366 

Seip HM, Andersen DO, Christophersen N, Sullivan TJ, Vogt RD. (1989) Variations in concentra
tions of aqueous aluminium and other chemical species during hydrological episodes at 
Birkenes, southernmost Norway. J Hydroll08:387-40S 

Skartveit A (1980) Observed relationships between ionic composition of precipitation and run
off. In: Drabloes D, Tollan A (eds) Ecological impacts of acid precipitation, SNSF-project. 
Proc Int Conf Sandefjord, Norway. Grefslie Ltd, Mysen, pp 242-243. 

Skjelkvaale BL (1996) Monitoring of long-range transported polluted air and precipitation (in 
Norwegian). Norwegian State Pollution Control Authority (SFT), Oslo, report 671/96 

Skjelkvaale BL, Henriksen A, Faafeng B, Fjeld E, Traaen T, Lien L, Lydersen E, Buan AK (1997) 
Regional lake survey 1995. A water chemical survey of 1500 Norwegian lakes. (in Norwe
gian). Monitoring of long-range transported polluted air and precipitation. Norwegian State 
Pollution Control Authority (SFT), Oslo, report 677/96 

Skogheim OK, Rosseland BO, Hoell E, Kroglund F (1986) Effects of humic acid on acute alu
minium toxicity to smolts of Atlantic salmon (Salmo salar L.) in acidic soft water. In: Rosse
land BO, Skogheim OK (eds) Acidic soft water and neutralisation: effects on fish physiology, 
fish toxicology and fish populations. Directorate for Nature and Management, Fish Research 
Division, Trondheim 

Stevenson FJ (1982) Humus chemistry. Wiley-Interscience, New York 
Stumm W, Morgan 11 (1981) Aquatic chemistry, Wiley, New York 
Sullivan TJ, Driscoll CT, Eilers JM, Landers DH. (1988) Evaluation of the role of sea salt inputs in 

the long-term acidification of coastal New England lakes. Environ Sci TechnoI22:185-190 



92 Espen Lydersen 

Sullivan TJ, Driscoll CT, Gherini SA, Munson RK, Cook RB, Charles DF, Yatsko CP (1989). Influ
ence of aqueous aluminium and organic acids on measurements of acid neutralising capac
ity of surface waters. Nature 338:408-410 

Thomas A (1915) Effects of certain metallic salts upon fishes. Amer Fish Soc Trans 44:120-124 
Tornqvist L (1989) Studies of aluminium toxicity to the green algae Monoraphidiurn dybowskii 

and Stichococcus sp. with emphasis on phosphate metabolism. Acta Univ Ups Abstr, Uppsala 
Diss Sci 193 

Van de Winkel JG, Van Kuppevelt THMSM, Janssen HMJ, Lock RAC (1986) Glycosaminoglycans 
in the skin mucus of rainbow trout (Salrno gairdneri). Comp Biochem Physiol [B) 85: 
473-475 

Visser SA (1982) Surface active phenomena by humic substances of aquatic origin. Rev Fr Sci 
Eau 1:285-296 

Wallen IE, Greer WC, Lasater R (1957) Toxicity to Garnbusia affinis of certain pure chemicals in 
turbid waters. Sewage Ind Wastes 29:695-711 

Weatherley NS, Rutt GP, Thomas SP, Ormerod SJ (1991) Liming acid stream: aluminium toxicity 
to fish in mixing zones. Water Air Soil Pollut 55:345- 353 

Weigelt C, Saare 0, Schwab L (1885) Die Schadigung von Fischerei und Fischzucht durch Indus
trie- und Haus Abwasser. Arch Hyg 3:39-117 

Wicklander L (1975) The role of neutral salts in the ion exchange between acid precipitation 
and soil. Geoderma 14:93-105 

Wilkinson KJ, Jones HG, Campbell PGC, Lachance M (1992) Estimating organic acid contribu
tions to surface waters acidity in Quebec (Canada). Water Air Soil Pollut 61 :57-74 

Wilkinson KJ, Bertsch PM, Jagoe CH, Campbell PGC (1993) Surface complexation of aluminium 
on isolated fish gills. Environ Sci TechnoI27:1132-1138 

Witters HE, Van Puymbroeck S, Vangenechten JHD, Vanderborght OLJ (1990) The effect of hu
mic substances on the toxicity of aluminium to adult rainbow trout, Oncorhynchus rnykiss 
(Walbaum). J Fish Bioi 37:43-53 

Wold CM, Seiset R (1977) Glycoproteins in the skin mucus of the char (Salrno alpinus L.) Comp 
Biochem Physiol [B) 56:215-218 

Wright RF (1983) Predicting acidification of North American lakes. Acid Rain Research, report 
4/1983. Norwegian Institute for Water Research, Oslo 

Wright RF (1989) Rain project: role of organic acids in moderating pH change following reduc
tion in acid deposition. Water Air Soil Pollut 46:251-259 



4 Climatic and Hydrologic Control 
of DOM Concentration and Quality in Lakes 

P. Jefferson Curtis 

4.1 Introduction 

Dissolved organic matter (DOM) is a poorly-defined mixture of mainly natu
rally occurring substances in water. However, it has operational and qualitative 
properties that have significant effects on aquatic ecosystems. Operationally, 
DOM passes through most common filters and is composed mainly of organic 
matter. DOM is a significant source of carbon fueling microbial metabolism 
(Wetzel et al. 1995) and attenuates significantly the penetration of photosyn
thetically active and damaging ultraviolet radiation (Scully & Lean 1994; 
Schindler et al. 1996). Climate affects DOM by altering the rates or quality of 
DOM loading, and the rates of in situ loss or transformation (Schindler et al. 
1992; Curtis & Schindler 1997). Concentrations of DOM in lake waters depend 
on loading, in situ loss and production, and on dilution or concentration from 
exchange of water directly with the atmosphere (precipitation and evapora
tion). Thus, quality of organic matter in surface waters depends on biologic 
and hydrologic properties of the system and on regional climate. 

The quality of DOM is typically characterized by chemical and related opti
cal properties. For example, DOM is characterized by its affinity to. adsorb to 
s~nthetic resins, its elemental composition, its isotopic composition and "age" 
( 4C activity), the density of different functional groups and double bonding, 
and spectral attenuation of light and subsequent fluorescence. These qualita
tive properties have been linked to different sources of DOM (allochthonous 
and autochthonous), and to in situ transformation. Mechanistic interactions 
between climate and hydrologic setting are complicated, but empirical rela
tionships between hydrologic properties and DOM concentration are well 
documented within climatic regions. For a few lakes, DOM has been moni
tored during a period of climatic change. 

In this chapter, the effects of climate on DOM in aquatic systems are ex
amined in three ways. First, DOM is compared among climatic zones. Second, 
DOM is compared among hydrologically diverse systems. Third, the effect of 
recorded climatic change on DOM is compared with that predicted from re
gional hydrology. Finally, the author speculates on the relative sensitivity of 
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different aquatic systems to climatic effects on DOM, and identifies areas for 
future research. 

4.2 DOM Concentration 

Broad patterns of DOM concentration across climatic zones have been re
ported (Meybeck 1982); however, within-zone variation is extremely large, 
probably because of differences in production, loading, and flushing rates. For 
rivers, Meybeck (1982) concluded that concentrations were greatest in tiaga 
rivers, followed by rivers in the wet tropics, temperate, and tundra zones, re
spectively. Within zones, hydrologic conditions were deemed important 
modifiers of DOM concentration. For example, wetlands typically have the 
highest concentration (10-50 mg L-I; Curtis and Bayley, in prep.) and alpine 
lakes the lowest (0.05-3.0 mg L-I, Baron et al. 1991). These large differences in 
DOM concentration are partly caused by differences in the yield of DOM (g 
m-2 year-I) from catchments, and partly by differences in the relative amounts 
of water. 

The yield of DOM appears to be less variable among catchments than is the 
concentration of DOM. This observation was originally drawn from analyses 
of four hydrologically and physiographic ally different catchments and sub
basins (Moeller et al. 1979). Subsequently, DOM yield measurements and em
pirical analyses suggest an average yield from terrestrial catchments of be
tween 3 and 4.5 g m-2 year-I (Schlesinger and Melak 1981; Rasmussen et al. 
1989; Schindler et al. 1992; calculations from Dillon and Molot 1997). Excep
tions may be found where the organic content of soils is very low and/or 
where the contact time with water is low. Examples of such systems include 
high elevation, high latitude, and desert ecosystems. 

The single largest variable affecting the yield of DOM from most catch
ments is the proportion of the catchment that is wetland (Urban et al. 1989; 
Dillon and Molot 1997). Wetlands are formed in depressions when there is 
sufficient moisture to saturate the soils. Drainage from organic-rich wetlands 
tends to have the highest concentrations of DOM in freshwater (Meybeck 
1982; Dillon and Molot 1997). In contrast, drainage from organic-poor alpine 
and montane catchments has the lowest concentrations (Meybeck 1982; Baron 
et al. 1991). Thus, the organic content of the catchment appears to limit the 
concentration of DOM of inputs to surface water. 

DOM yield is also probably modified by the flow-path of water. Groundwa
ter has significantly lower DOM concentration relative to surface runoff. For 
example, in North America concentrations of DOM in groundwater average 
only a few milligrams per liter (Leenheer et al. 1974), whereas surface runoff is 
often five times richer. However, DOM in groundwater discharge to surface 
water can be increased by passing through shallow soils before discharge 
(Hinton et al. submitted; Schiff et al. 1997). Systematic comparisons have not 
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been made, but it seems likely that seepage lakes would have lower concentra
tions of DOM than would comparable drainage lakes. Furthermore, the DOM 
in seepage lakes may be of different quality to that in drainage lakes. For ex
ample, DOM from seepage to rivers was significantly less colored than the 
highly stained DOM characteristic of runoff (Larson 1978). Thus, topography, 
surficial geology, and climate interact to modify the yield of DOM to lakes. 

The concentration of DOM from terrestrial catchments is related to climate 
by the balance of moisture in catchments, or precipitation minus evapotran
spiration. Thus the concentration of DOM in inputs from terrestrial catch
ments is determined from Eq. (1): 

DOM = YooM/(P-ET), (1) 

where DOM is organic matter concentration as carbon (g m-3), YOOM is the 
yield of organic matter as dissolved organic carbon (g m-2 year-1 ), and P-ET is 
excess precipitation or precipitation minus evapotranspiration (m year-I). 

In lakes, DOM can be concentrated or diluted by exchange of water with the 
atmosphere [Eq. (2)): 

DOM = YOOM x Ad/«Ad x (P-ETh Ao x (P-E)), (2) 

which reduces to 

DOM = YooM/«P-ET) + (P-E) x Ao/Ad) (3) 

where Ad is the drainage area, Ao is the lake area, P is precipitation, and E is 
lake evaporation (assuming for the moment that DOM is diluted or concen
trated conservatively). Equation #3 illustrates how the moisture balance (P-E 
and P-ET) of a climatic zone can regulate the concentration of DOM in lake
water. This is consistent with the pattern of increasing DOM concentration in 
freshwater lakes in Canada from humid southcentral Ontario, (1-4 mg L-1; 

Dillon and Molot 1997), increasing to the west through northwestern Ontario 
(2-12 mg L-1) to the semi-arid western great plains of Alberta (e.g. 20-40 mg 
L-1; Curtis and Adams 1995). It is also consistent with observed decreases in 
DOM in response to increased precipitation (Tate and Meyer 1983), and in
creases in response to drought (Schindler et al. 1992). It is also apparent from 
Eq. (3) that properties of the catchment, including the relative sizes of lake 
(Ao) and catchment (Ad) area, can strongly modify DOM concentration 
within climatic zones. 

Empirical relationships of increasing DOM with increasing catchment:lake 
area (Ad:Ao) have been reported for lakes in districts characterized by signifi
cant external loadings of DOM and humid climate (e.g. Fig. 4.1). The first se
ries of observations were based on relationships between "organic color" and 
Ad:Ao (Schindler 1971; Gorham et al. 1983; Engstrom 1987; Rassmussen et al. 
1989; Curtis and Schindler 1997). Similarly, the organic color of water has been 
related inversely to water residence time (Meili 1992; Curtis and Schindler 
1997; Dillon and Molot 1997) and to mean depth (proportional to water resi-



96 P. Jefferson Curtis 

14 
12 •• ELA • .....J 10 • 

~ 

0> • E 8 • • • - 6 () • 
0 4 

... ... DORSET 
0 • y y 

2 ... ... 
0 

2 4 6 8 10 12 14 
Ad:Ao 

Fig. 4.1. The dependence of DOM concentration as carbon (DOC) on the relative drainage area 
(Ad:Ao) for lakes at the Experimental Lakes Area (ELA; squares Curtis & Schindler 1997) north
western Ontario and for the Dorset region (triangles) of southcentral Ontario (Dillon & Molot 
1997). 

dence time; Gorham et al. 1983). Subsequently, DOM concentration has been 
related to Ad:Ao and water residence time (Curtis and Schindler 1997). 

Dilution of DOM by precipitation is responsible for a small part of the de
crease in DOM and organic color observed in humid climates (Fig. 4.2). Dilu
tion of DOM or organic color is calculated by Eq.(4), 

Xl;;;; (Xt x Q/Ao)/(P-E+Q/Ao), (4) 

where X is DOM or organic color, Q is discharge from the terrestrial catch
ment to the lake, Ao is lake area, P is precipitation, E is evaporation, and the 
subscripts I and t indicate lake and terrestrial input, respectively. Concentra
tions of DOM and organic color in lake water from the Experimental Lakes 
Area (ELA) are all well below that for conservative dilution, and are evidence 
of in situ loss or transformation of DOM and organic color (Fig. 4.2). 

Analyses of DOM mass balances for lakes of different water residence times 
indicate that DOM retention increases with increasing water residence time 
(Fig. 4.3). Retention rates vary between zero (no residence time) and about 
75% following a rectangular hyperbola. Extrapolation of this trend suggests 
that the upper limit for DOM retention is about 80% at infinite residence time. 
It also indicates that the bulk quality of DOM is altered during its residence in 
lakes because some portion of the DOM is very refractory. 
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Fig.4.2a. The dependence of DOM concentration (as carbon) on the relative drainage area 
(Ad:Ao) for the Experimental Lakes Area (ELA; triangles), northwestern Ontario. The solid line 
represents conservative dilution of DOM inputs. b Same as for a except for organic color as ab
sorbance units at 350 nm with a 5-cm path length. (Adapted from Curtis & Schindler 1997) 
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Fig. 4.3. Retention coefficients for DOM as carbon for Ontario Lakes as a function of water resi
dence time. Symbols are as in Fig. 4.1 except open symbols are for Lake 239 (Experimental Lakes 
Area during 16 years of climatic warming of 2°C). The curve is the best fit line to the solid sym
bols by the equation R = Rmu x Tw/(Ro.s + Tw), where Rmax is the value of R at infinite water resi
dence time (Tw), and Ro.5 is the value ofTw, where R is 0.5Rmax. Values (S.E. in parentheses) of Rmax 
and Ro.s were 0.754 (0.034) and 1.92 (0.342), respectively. Corrected R2 was 0.793, with P<O.01. The 
curve explained a 60% of the variation if R in Lake 239 (F=2.43, P<0.05). 

There are important regional/climatic differences in the empirical relation
ships among Ad:Ao, water residence time, and organic color and DOM that are 
related to a regional climate. Principally, dependencies are most strong in hu
mid climates. This may be related to water residence times being sufficiently 
long for in situ processes to affect DOM concentration. Consistent with this 
interpretation, dependencies of DOM and organic color on Ad:Ao and water 
residence time are weaker for maritime climates (e.g. Engstrom 1987; Clair 
and Sayer 1997), probably because of rapid flushing. 

For lakes having longer water residence times, DOM concentration can be 
modified within lakes by processes that consume or produce DOM. For exam
ple, concentrations of DOM may decrease by scavenging (loss to sediments) 
and mineralization (loss to the atmosphere). Alternatively, the concentrations 
may increase by in situ production of DOM (Schindler et al. 1992) or by 
evapoconcentration (Curtis and Adams 1995). High rates of nutrient loading 
appear to enhance DOM concentration by as much as a few milligrams per li
ter (Schindler et al.1992; Curtis and Schindler, in prep). 

In contrast, evapoconcentration is capable of enhancing significantly DOM 
concentration (Curtis and Adams 1995). In semi-arid western Canada, DOM 
concentrations increase with increasing salinity and inferred water residence 
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times (Curtis and Adams 1995). By comparing the evapoconcentration of con
servative ions relative to DOM, it appears that 10% of DOM inputs are con
centrated. Thus, DOM retention in saline lakes is very efficient despite the high 
concentrations, and approximates the upper limit for DOM retention calcu
lated for lakes in humid Ontario (Curtis and Schindler 1997). 

If indeed DOM retention (as suggested above) and the yield of DOM from 
catchments were similar among climatic zones (Moeller et al. 1979), then pre
dicting the concentration of DOM in headwater lakes is determined by the 
balance of water and its effect on water residence time. Concentrations of 
DOM in higher order lakes would be somewhat more difficult to predict for 
two reasons. First, a portion of the input water has prior residence in a lake 
with loss of DOM. Second, DOM loss rates among lakes suggest that DOM 
quality is altered with lake residence. Thus, loss rates of DOM in higher order 
lakes are likely slower than in headwater lakes. 

4.3 DOM Quality 

Variables affecting DOM quality are less well known than are those affecting 
concentration. Qualitative measures of bulk DOM include molecular weight, 
aromaticity and optical properties, elemental composition, and proportion of 
humic substances extractable with XAD resins. Most of the qualitative analy
ses of DOM have been performed to distinguish between DOM sources - pri
marily between allochthonous and autochthonous DOM. 

In general, DOM from terrestrial sources is nitrogen-poor, optically dense, 
rich in aromatic structures, and contains a high but variable portion of sub
stances that adsorb to XAD resins (McKnight et al. 1991; McKnight et al. 1994; 
Curtis and Adams 1995). In contrast, autochthonous DOM is nitrogen-rich, 
relatively transparent, with a moderate proportion of substances adsorbing to 
XAD resins (McKnight et al. 1994). Reported molecular weights for al
lochthonous and autochthonous DOM vary considerably between and less 
than 1000 and more than 10,000 Daltons, respectively (summarized in Curtis 
and Adams 1995). 

There is some evidence that DOM quality is also affected by flowpath and 
in situ processes. For example, there is some suggestion that DOM from 
groundwater inputs may be more transparent to light relative to water drain
ing through surficial materials (Larson 1978). However, the most striking 
change to DOM in surface water is probably photobleaching or loss of conju
gated double bonds (aromaticity). Clearly, photochemical processes can dis
rupt conjugation of double bonds in DOM and break apart large molecules by 
photolysis (Kieber et al. 1990; Wetzel et al. 1995). Studies in lakes and enclo
sures reveal that the optical density of DOM decreases significantly over time 
(Curtis and Schindler, in prep.). Thus, hydrologic residence time can modify 
DOM optical quality. 
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The elemental composition and molecular weight of DOM can also appar
ently be modified by in situ processes. For example, nitrogen and phosphorus 
can be photolysed from DOM and possibly assimilated by microorganisms. 
However, there have apparently been no studies that unambiguously demon
strate that in situ processes alter significantly the elemental composition of 
bulk DOM in surface water. 

DOM quality may also be affected by fractionation of the bulk DOM pool. 
This is consistent with variable portions of the allochthonous and auto
chthonous DOM that are resistant to degradation (or sedimentation) in lakes. 
For example, Schiff et al. (1997) suggested that the lower limit for DOM con
centration in lakes might be determined by the loading of extremely refrac
tory DOM present in groundwater. There is also some evidence from whole
lake radiocarbon experiments that a significant proportion of the auto
chthonous DOM production may also be very refractory (Hesslein et al. 1980). 

In situ processes appear to affect qualitative properties of DOM similarly 
across large climatic gradients. In humid central Ontario and in semi-arid 
central Alberta, the optical density of DOM decreased with increasing water 
residence time (Curtis and Adams 1995; Curtis and Schindler 1997). Processes 
consistent with the observed pattern included photobleaching, or selective loss 
by scavenging or microbial degradation. The processes are not mutually exclu
sive and all may be operating simultaneously. 

4.4 Effects of Climate Change on DOM in Lakes 

Climate changes are generally of much longer duration than the typical scien
tific study. Climate changes may take decades or centuries to run their course. 
Thus, it is very fortunate that a series of experiments at the Experimental 
Lakes Area, northwestern Ontario, provided the sufficient data on reference 
lakes over a period of 20 years coincident with a climatic warming of 2°C. De
tailed accounts of these studies are reported elsewhere (Schindler et al. 1992; 
Schindler et al.1996; Schindler et al. 1997; Schindler and Curtis 1997). 

Briefly, climatic warming was associated with a decrease in precipitation 
and an increase in evaporation and evapotranspiration. The yield of DOM 
[measured as dissolved organic carbon (DOC)] decreased slightly with in
creased warming; however, concentrations of DOM in stream runoff increased 
significantly because the yield of water decreased more than the yield of 
DOM. In contrast to streams, the concentration of DOM in lakes decreased 
even though concentrations of DOM in runoff increased. The decrease of 
DOM in lakewater was attributed to increased in situ retention at longer water 
residence times - retention coefficients were related directly to water residence 
times for Lake 239. 

The relationship between DOM retention coefficients and water residence 
time in Lake 239 during a period of climatic warming was consistent with ob-



Climatic and Hydrologic Control of DOM Concentration and Quality in Lakes 101 

served relationships between DOM retention coefficients and water residence 
time among lakes from climatically and hydrologically diverse regions (Curtis 
and Schindler 1997; Dillon and Molot 1997, Fig. 4.3). These findings are sig
nificant for two reasons. First, they demonstrate that space (among lakes and 
catchments) might be substituted for time in predicting the effects of climatic 
change on lakewater DOM. Second, they demonstrate that the relationship 
between DOM retention and water residence time is robust for water residence 
times from about 1 to 30+ years. 

The most significant effects of climate change on DOM quality were on its 
optical properties. Specifically, attenuation of damaging UV radiation by DOM 
decreased with climatic warming and a subsequent increase in water residence 
time (Schindler et al. 1996; Schindler and Curtis 1997). The increase in UV 
transparency was further enhanced by acidification of lakewater with strong 
acids (Schindler et al. 1996; Yan et al. 1996). Also, there was a suggestion that 
the C:N ratio of DOM decreased during climatic warming, for which there was 
no clear mechanism. 

Similar qualitative changes in the optical density of water were observed 
across a gradient of water residence times (Curtis and Schindler 1997). Spe
cifically, the absorbance of blue light by DOM decreased with increasing water 
residence time in lakes of humid Ontario and semi-arid central Alberta 
(Curtis and Adams 1995; Curtis and Schindler 1997). Because measurements 
of optical properties were different for the long-term record, and the subse
quent analyses of lakes spanning gradients of water residence time, it was not 
possible to compare the dependencies directly as was done for DOM concen
tration. Thus, space cannot yet be substituted for time in predicting the re
sponse of DOM quality to climatic change. In contrast to the response of C:N 
in DOM during climatic change, there was no apparent relationship between 
C:N in DOM with water residence for semi-arid lakes of central Alberta. 

Moreover, it seems reasonable to speculate that processes and process rates 
affecting DOM are similar among lakes despite wide diversity of physical, 
biological, and chemical properties of lakes. This contention is supported by 
the relatively small variation in DOM yields from terrestrial catchments, the 
often dominant role of allochthonous DOM in the DOM pool, the robustness 
of the relationship between retention coefficients and water residence time, 
and the similarity of empirical relationships between DOM quality and water 
residence time. Mechanisms regulating DOM concentration and DOM quality 
require further study because they cannot be inferred unambiguously from 
rates. 
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4.5 Sensitivity of Aquatic Systems to Changes 
in nOM Quantity and Quality 

P. Jefferson Curtis 

The sensitivity of aquatic ecosystems to climatic perturbation of DOM con
centration or quality clearly depends on the complex interaction among cli
mate, surficial geology and topography. Nevertheless, the sensitivity to cli
matic perturbation can be estimated from loading and flushing rate relation
ships. In humid regions, concentrations of DOM will likely decrease with cli
matic warming. Lakes most sensitive to change are probably those having 
relatively water long residence time and DOM dominated by allochthonous 
inputs. In such lakes, relatively small climate changes can cause large changes 
in water residence time and changes in the relative importance of in situ proc
esses in regulating DOM concentration and quality. For example, the water 
residence time in Lake 239 increased from a minimum of about 4 years to 
more than 15 years as the climate warmed. Over the same period of time, 
DOM retention (measured as DOC) increased from about 30% to almost 70% 
(Fig. 4.3). 

Loss of DOM from long water-residence-time, freshwater lakes (+10 years) 
in response to climatic warming has been linked to enhanced penetration of 
underwater UV radiation. Such lakes are especially sensitive to elevated UV 
radiation because the penetration of UV radiation increases exponentially 
with decreasing DOM concentration (Scully and Lean 1994; Schindler et al. 
1997). 

In arid and semi-arid regions, climatic warming will probably increase the 
concentration of DOM by evapoconcentration. The sensitivity of these systems 
to UV radiation is not known. However, very high DOM concentrations appear 
to compensate in part for the specific UV transparency of the DOM (Curtis 
and Adams 1995). The effects of elevated DOM concentration in such lakes on 
aquatic food webs are poorly known; however, there is some suggestion that 
the evapoconcentrated DOM is highly refractory and poorly utilized by bacte
ria (Waiser and Robarts 1995). 

Short water-residence-time lakes are probably insensitive to climate
dependent changes in DOM concentration and quality because DOM loading 
can overwhelm the relatively slow processes of retention and transformation 
(Curtis and Schindler 1997; Dillon and Molot 1997). A portion of these lakes 
with very high DOM loading may be dystrophic or allotrophic, and conse
quently the structure of the aquatic ecosystem may depend on very high DOM 
loading rates. Reductions in DOM loading from climatic warming could cause 
such lakes to shift from an allotrophic state to an autotrophic state. 

There may also be large perturbations to DOM for which we have no con
temporary or historical analogs. For example, in temperate and boreal regions 
climatic warming will likely reduce the proportion of catchment area occupied 
by wetlands. Consequently, DOM loading rates will likely decrease. In contrast, 
climatic warming may increase DOM loading to high latitude lakes by melting 
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permafrost and increasing the proportion of catchment area occupied by 
wetlands. 

In the years to come, it is clear that research on DOM and climate interac
tions should expand to wetland and catchment process, and into seepage, low 
latitude, and high elevation lakes. Finally, using the past as a guide for future 
study, it would seem expedient to pursue empirical and mechanistic/process 
lines of study simultaneously. 

4.6 Summary 

Dissolved organic matter (DOM) in lakes is derived from terrestrial and 
aquatic primary production. The terrestrial or allochthonous DOM delivered 
to lakes depends on climate and surficial geology because these variables de
termine capacity to produce DOM (soil productivity and moisture content), 
the concentration of DOM by dilution (with excess precipitation) and the 
contact time between organic matter and water in the catchment (slope and 
permeability). Yields of DOM from terrestrial catchments to surface waters are 
often within the range of 3 and 4.5 g m -2 y-I. Concentrations in lakes vary 
widely from as little as 1 to as high as 400 mg L -I, however typical values are 
between 2 and 12 mg L -I. 

Aquatic (autochthonous) DOM is less clearly dependent on climate except 
possibly where concentrations are diluted or concentrated by precipitation or 
evaporation, respectively. Whole-lake fertilization experiments indicate that 
DOM concentrations can increase by a few milligrams per liter. Thus, auto
chthonous production delete seldom dominates the DOM pool. 

DOM in lakes is transformed and degraded within lakes by such processes 
as photolysis, microbial degradation and scavenging (roughly transformation 
to particulate form followed by sedimentation). The climatic dependence of 
the individual processes cannot be inferred from the current literature. How
ever, there is clear evidence that loss of DOM within lakes, operationally de
fined as retention, is strongly dependent on climate. 

Retention of bulk DOM increases with increasing water residence time 
within and among lakes. Similarly, the optical density of DOM decreases with 
increasing water residence time among lakes and probably within lakes 
(inferred from enclosure studies). Thus, climatic warming and consequent in
creases in water residence time have caused DOM concentration to decrease 
and uv transparency to increase. 
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II Humus, Light Regimes 
and Primary Production 



5 Attenuation of Solar Radiation in Humic Waters 

David Lean 

5.1 Introduction 

Underwater solar spectral distribution has become critically important in as
sessing not only the impact of increased solar UV-B (290-320 nm) radiation 
resulting from stratospheric ozone depletion (Kerr and McElroy 1993) but also 
the role of ambient levels of both UV-B, UV-A (320-400 nm) and photosyn
thetically active radiation (PAR) (400-750 nm). Furthermore, as noted in other 
chapters, dissolved organic carbon (DOC) compounds compete for photons of 
visable light with the phytoplankton, which lowers areal primary production 
in humic waters. 

Most measurements of UV attenuation have been made in marine waters 
(reviewed by Kirk 1994) and the notion that suspended particulate materials 
were important was advanced. In contrast to oceans where DOC concentra
tions are low « 1 mg C 1-'), lakes contain DOC levels generally range from 2 to 
8 mg C 1-' and the role of particles in UV attenuation is generally not signifi
cant (Scully and Lean 1994; Morris et al. 1995; Laurion et al. 1997). This chap
ter attempts to extend our ability to predict underwater spectral irradiance in 
aquatic systems as DOC concentrations increase from 8 to 30 mg C 1-'. 

5.2 Measurements of Attenuation Coefficients for UV-B and UV-A 

The well-known Beer-Lambert equation states that the intensity of radiation 
at any depth (Id) in aquatic systems is equal to the intensity just under the 
surface (Io) times e-Kd x D where Kd is the vertical attenuation coefficient and D 
is depth. In lakes with DOC levels less than 8 mg 1-', the Kd for UV-B radiation 
was correlated with DOC concentration from the equation provided by Scully 
and Lean (1994): 

Kd UV-B = 0.415 (DOC)1.86 
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The attenuation coefficient for UV-A, i.e. Kd UV-A, was found to be equal to 
0.299 (DOC)1.53. The r2 was also excellent and equal to 0.95. 

There are so few irradiance data that have been collected for humic lakes in 
a consistent manner that for this review the author used data obtained in 11 
ponds and small humic lakes in south-central Ontario (Lean et al., submitted). 
Three sites were located on the Canadian Shield, near Anstruther Lake, four 
were on transitional bedrock near Jacks Lake and four on limestone, south of 
the Shield near Peterborough with DOC values from 8 to 20 mg 1-1. In these 
waters, spectral irradiance was measured using techniques similar to that in 
Scully and Lean (1994) every 2 nm between 280 and 800 nm using an OL 752 
spectroradiometer (Optronics Inc.). The system was calibrated with a NIST 
(National Institute for Standards and Testing, Washington D.C., USA) trace
able OL 752-10E spectral irradiance plug-in standard. Wavelength accuracy 
was checked using the mercury lines of the Optronics dual calibration mod
ule. A submersible 8-in. integrating sphere with a cosine receptor assembly 
was connected to the dual monochromator using a 3.5-m fibre optic cable. The 
system was powered with a 12-Volt Gates Cyclon gel cell battery. In coloured 
waters, one must be careful not to include values that are below the detection 
limit of the instrument and to measure depth precisely. We used a metal rod 
which was screwed into the sensor and pushed into the soft sediments to the 
exact depth. 

Typical spectral irradiance data are shown in air and underwater at 25 and 
50 em for Ranger Lake, Ontario, Canada. This lake was used by Amyot et al. 
(1997) for their mercury experiments and would be considered a fairly clear 
humic lake with DOC values near 6 mg C 1-1 (Fig. 5.1). As such, these data il
lustrate not only the lower end of the results presented below but also the dif-
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Fig.5.1. Incident irradianee (Watts m-2 nm-I) measured in air and underwater at depths of 25 
and 50 em for Ranger Lake, Ontario, Canada 
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ficulty in obtaining reliable information and the need to precisely measure the 
depth where measurements are being obtained. The jagged trace was not due 
to instrument noise. The peaks and valleys were reproduced at other times and 
at other depths and are a consequence of absorbance by chemicals in the at
mosphere above the earth (Madronich 1993). 

To quantify the attenuation of UV radiation, values were integrated over the 
UV-B range (290-320) from 320 to 400 for UV-A and 400 to 750 nm for PAR. 
On sunny days UV-B and UV-A values were about 0.6 and 10% of total irradi
ance (290-750) respectively. While absolute values were lower under cloudy 
conditions, the percent UV-B and UV-A of total irradiance was higher, reach
ing about 1 and 16% of total irradiance respectively. Rapid attenuation of the 
shorter wavelengths can be seen. At 25 cm almost all the UV-B is lost, and only 
a small amount of the UV-A remains at 50. Clearly, a consistent method to 
handle such information is required. 

Integrated data from Fig. 5.1 along with other similar data collected at the 
same time at other depths were converted to logarithm values and plotted as a 
function of depth (Fig. 5.2). This example, which represents the lower end for 
humic waters, dramatically illustrates how abruptly UV-B and to a lesser ex
tent UV-A is attenuated. The slope, generated by regression analysis, provides 
the vertical attenuation coefficient (Kd)' Values for UV-B, UV-A and PAR were 
14.3,7.5 and 2.4 m- I respectively. Rearranging the Beer-Lambert law above the 
depth where only 1 % of each waveband remains is equal to 2.3 divided by Kd. 
This means that 99% of UV-B, UV-A and PAR is absorbed in 0.32,0.61 and 1.9 
m respectively. 
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Fig.S.2. Integrated values for UV-B (squares), UV-A (triangles), and PAR (circles) are converted 
to the natural logarithm and plotted as a function of depth 
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Fig. 5.3. Plot of attenuation coefficient (Kd) as a function of wavelength from 300 to 800 nm 

The absolute amount of radiation increases with increasing UV-B wave
lengths from 295 to 320 (Fig. 5.1). However, it is well known that the shorter 
wavelengths are the most damaging but are attenuated the most. It is therefore 
essential to know not only the attenuation coefficients for the UV-B waveband 
but also how the spectral composition is altered within each waveband. To il
lustrate this point, data from 10 and 25 cm were used to calculate the attenua
tion coefficient every 2 nm from 300 to 800 nm. Errors due to slight changes in 
the depth of the sensor or slight changes in cloud cover during the 8-min ex
posure required to measure spectral irradiance at each depth will cause errors 
in the relationship. Nevertheless, a consistent pattern emerges that shows 
(Fig. 5.3) that while the mean Kd values were 14.3, 7.5 and 2.4 m-1 for UV-B, 
UV-A, and PAR respectively, the Kd value at 300 nm was near 20, decreasing to 
12 at 320 nm followed by further declines to near 2 at 400 nm (Fig. 5.3). Be
cause the quantum yields, action spectra or biological weighting functions 
(see below) decrease exponentially with increasing wavelengths, such changes 
in the attenuation coefficients cannot be ignored. 

One objective for future research is to predict the change in Kd with in
creasing wavelength. There is some hope that this can be achieved by com
paring slopes of Kd as a function of wavelength with the slope of the absor
bance curve measured on filtered water in a spectrophotometer in a labora
tory. When these data were plotted on a natural logarithmic scale a straight 
line slope between 300 and 436 nm was near 0.015 but some examples ranged 
from 0,011 to 0,018. This observation is critical to the development of simple 
predictions for attenuation and will be discussed more completely below (see 
Fig. 3). When we simply integrate values over the UV-B and UV-A waveband, 
the calculations are more straightforward, but this obscures the differences 
across the wavebands. 

It is an oversimplification to consider that all UV-B wavelengths have the 
same ability to cause damage or stimulate photochemical reactions. Some 
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photochemical reactions are limited to the UV-B region alone while others 
extend into the blue region (photochemical iron reduction and hydrogen per
oxide production). Appropriate weighting functions at all wavelengths are es
sential to quantify the integrated response. While UV-B is generally much 
more damaging than UV-A, there is more UV-A and it penetrates to much 
greater depths. Consequently, the role of UV-A and PAR cannot be overlooked. 

While particulate materials are important in the attenuation of UV radia
tion in marine systems (Kirk 1994), they do not seem to be important in lakes. 
At first this does not seem to make sense until we make calculations of the 
relative importance of DOC. It represents about 40-45% of the total dissolved 
organic matter (DOM) and contains the chemical structures or chromophores 
for UV absorbance. The concentration of DOC in most non-humic lakes is 
generally 4-8 mg C 1-1 compared with the concentration of particulate organic 
carbon which is generally 0.2-2 mg C 1-1. Furthermore, most of the particulate 
carbon is made up of carbon molecules such as protein, carbohydrates or lip
ids which do not absorb strongly in the UV range. The particulate carbon not 
only represents a much smaller amount of carbon but also lacks the appropri
ate structures for UV absorbance. 

Even where there was a high level of suspended clay material (Scully and 
Lean 1994), UV attenuation was controlled by DOC concentration. In the WeI
land Canal, for example, the penetration of visible light was only a few centi
metres, but with DOC levels similar to Lake Erie, the depth of UV-B penetra
tion was still controlled by the DOC concentration. Only in deep ocean regions 
where DOC concentrations are low is there a significant attenuation due to 
particulate materials. Correlations with total chlorophyll or particulate or
ganic carbon were poor especially when the influence of autocorrelation with 
DOC was removed. Although PAR is attenuated both by DOC and suspended 
particulates (algae, sediments, clay particles, etc.), the diffuse nature of UV ra
diation means that in lakes DOC controls the depth of penetration independent 
of the suspended particulates. With declining DOC levels the ratio of the depth 
of penetration of UV-B to PAR increases exponentally. In other words, the 
depth of damaging radiation to that required for photoplankton production 
reaches a critical ratio with DOC concentrations below 3 mg C 1-1 (Laurion 
et aI. 1997). These levels are typical in about a third of the lakes in Ontario. 

5.3 Relationship Between Attenuation and DOC 
and DOC Fluorescence 

In Fig. 5.4 attenuation coefficients for UV-B (top) and UV-A (bottom) meas
ured in humic ponds and lakes (Lean et al. submitted) (closed symbols) were 
plotted along with data from Scully and Lean (1994) (open symbols) as a 
function of DOC (Fig. 5.4). DOC values were obtained using the UV oxidation 
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Fig. 5.4. Attenuation coefficients for UV-B (top) and UV-A (bottom) obtained from 11 humic 
ponds and lakes sampled on three occasions (solid circles) and lake data for less humic lakes 
(open circles), redrawn from Scully and Lean (1994), plotted as a function of DOC 

method (Environment Canada 1994) but were highly correlated with values 
obtained using high temperature oxidation (Scully and Lean 1994). DOC was 
measured after samples were filtered through 0.45 J.Ul1 Sartorius 11103 cellu
lose acetate filters. Samples were stored near 0 °C in glass bottles with Teflon 
tops. The sample was injected into a continuous flow system with nitric acid 
and potassium persulphate, passed over a UV source and purged with oxygen, 
and the gaseous CO2 was measured using an infrared detector. Fluorescence of 
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the filtered and unfiltered water samples (DOCFL) was also measured using 
Corning 7-60 and soft glass excitation filters to give a peak maximum at 
365 nm. Fluorescence emission was measured at 437 nm using filters 2A and 
47B from Turner. The reference filter was a 2A (Thrner). Fluorescence values 
were standardized using quinine sulphate (QSU) units where 1 QSU = 1 J..Ig 1-1 
in 0.1 N H2S04, 

The r2 values were 0.63 and 0.60 if the clear and humic lake data were used, 
but if only the high DOC water was used the r2 values dropped to 0.15 and 0.11 
for KdB and KdA respectively. When plotted against and DOCFL the r2 values 
were 0.72 and 0.70 but dropped to 0.21 and 0.14 (without the lake data) for 
KdB and KdA respectively (Lean et al. submitted). Values were occasionally off 
the line of best fit (using all data) by ± 100%. Our attenuation coefficients were 
similar to the three KdB values reported by Morris et al. (1995) and three KdB 
values of Graneli et al. (1996) for high DOC lakes. Clearly, the factors which 
determine attenuation in humic waters are more complicated than those found 
in less coloured lakes. 

Values for Kd were used to calculate the depth where 90% of the UV-B and 
UV-A was attenuated. These values were then plotted as a function of DOC 
(Fig. 5.5). The depth where 99% is attenuated is twice as great. The depth of 
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Fig. 5.5. Depth of 90% attenuation UV-B (solid squares) and UV-A (open squares) for data from 
Fig. 5.4 (top) and only highly humic ponds on an expanded scale (bottom) 
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90% UV-B attenuation in lakes (Scully and Lean 1994) ranged from less than 
1 to 15 m and the penetration was 1-27 m for UV-A. In the humic systems 
studied here, 90% of the UV-B was attenuated in 12-60 cm while UV-A was 
about twice as great (see expanded scale on bottom of Fig. 5.5). It should be 
recalled that we are seeing as much attenuation in 10 cm of pond water as in 
15 m in the Pacific or Antarctic Oceans (Kirk 1994). This means that all the 
photochemical activity due to UV radiation is confined to this shallow depth. 

When the Beer-Lambert law is rearranged to calculate the depth of 10% 
penetration it takes the form Kd x D = constant. Since the Kd is also a function 
of DOC, it is not surprising to see this relationship take the shape of a rectan
gular hyperbola with a sharp transition near 2 mg C I-I. We should also recall 
that lakes are losing their sun screen through warmer drier conditions 
(Schindler et al. 1996; Yan et al. 1996). This means that any decline in DOC 
through the 2 mg C l-Ilevel will result in rapid increases in UV-B penetration. 
This, however, is not likely to become a problem in humic waters where our 
measured DOC values were 7-20 mg C I-I. 

5.4 The Relationship Between DOC and DOC Fluorescence 
(DOCFL) 

An unresolved problem for aquatic scientists is that DOC cannot be chemi
cally classified (see Chap. 2, this Vol.). Aromatic groups tend to absorb UV ra
diation more strongly than aliphatic groups. Consequently, it would not be 
surprising to find different sources of DOC with different UV absorbing prop
erties. Nevertheless, the relationship between DOC and UV attenuation is ro
bust. Since fluorescence requires that UV-A is first absorbed, DOC fluores
cence (DOCFL) should be a better measure of the aromatic proportion of 
DOC. When DOCFL values were plotted as a function of DOC concentration a 
power function resulted (Scully and Lean 1994). Several different patterns 
emerged from our humic lakes and ponds (Lean et al., submitted). Early in the 
year, corresponding to periods when attenuation was overestimated by DOC, 
the DOCFL values were high. During periods when DOC underestimated the 
attenuation coefficients, the DOCFL was lower. This happened later in the year 
when photobleaching may have occurred. Data were off the curve by +/- 50% 
when the maximum error in measurement was less than +/- 5%. These obser
vations suggest that the DOC in humic waters may at times be more reactive 
when exposed to UV radiation but at other times may be photobleached and 
neither absorb nor stimulate photochemical reactions to the same extent. 
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5.5 Using Absorbance Values to Predict UV Attenuation in Lakes 

Absorbance coefficients for specific wavelengths (e.g. Ka 310) were calculated 
by multiplying the absorbance value measured on water filtered through 
0.45 ~ Sartorius 11103 cellulose acetate filters by 2.303 divided by the path 
length of the cuvette in metres. Measurements were made using a 1-cm quartz 
cuvette for these highly coloured waters. A high correlation was found be
tween the attenuation coefficient (Kd) measured in the ponds using a spectro
radiometer and the absorbance coefficient (Ka) measured in the laboratory on 
filtered water using a spectrophotometer (Fig. 5.6). Here Kd (310) = 1.22 Ka 
(310) + 0.894 (r2 = 0.94) and was similar to that found in Scully and Lean 
(1994) for low DOC lakes, i.e. Kd (310) = 1..23 Ka (310) + 0.237. Integrated UV
B values can also be reliably predicted from the absorbance coefficient at 
310 nm [Kd (BINT) = 1.02 Ka (310) + 1.22, (r2 = 0.86]. 

It is clear that the absorbance of the water determines the attenuation coef
ficient and the percent DOC which acts to absorb UV-B radiation changes 
throughout the year. The highest attenuation and fluorescence per unit DOC 
occurred in May and to a lesser extent during September. This may reflect the 
recent input of fresh DOC that is far more photochemically active. In these 
shallow waters, the DOC becomes altered (photobleached) until it is more 
similar to that in lakewaters (June and August). 

It is important to recall that the measurement of DOC fluorescence is con
ducted using excitation wavelengths at or near 360 nm. We are assuming that 
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Fig. 5.6. Plot of Kd measured at 310 nm in the ponds with a spectroradiometer as a function of 
the absorbance coefficient (K.) at 310 nm measured in the laboratory using a spectrophotometer 
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the slope of the absorbance and attenuation curves are constant, otherwise our 
predictions of Kd would be incorrect. Clearly, the extrapolation from 360 nm to 
the UV-B range requires a consistent slope. A main objective for future re
search should be to determine how much and why does the slope of the plots 
of Kd and Ka as a function of wavelength change from the 0.015 value. It may 
provide a useful fingerprint for the identification of the photoactivity of the 
DOC. At present we only know that when lakewater or seawater is placed in a 
quartz cuvette in a scanning spectrophotometer, the absorbance spectra shows 
a featureless exponential decrease from the lower end of the UV-B waveband 
(280 nm) into the visible portion. In other words, the absorbance increases ex
ponentially with decreasing wavelength. This is consistent with the observa
tion that the penetration of the shorter wavelengths is much less than that for 
the longer wavelengths. 

This technique provides values which can be easily obtained in the labora
tory that can be correlated to the labour-intensive and costly exercise of meas
uring the attenuation coefficients in the lake itself. 

On a much larger data set, Morris et al. (1995) measured attenuation coeffi
cients in lakes in Alaska, Colorado, Pennsylvania and the Bariloche region of 
Argentina. They also found Kd for UV-B and UV-A to be a simple function of 
DOC concentration but obtained a curve that was displaced about 2 mg C 1-' 
to the left of that published by Scully and Lean (1994). Reasons for this dis
crepancy have not been resolved. One explanation may be that Morris et al. 
froze their samples prior to DOC analysis. This may have resulted in some ag
gregation and loss of DOC. Alternatively, Scully and Lean may have had a con
sistent error of about 2 mg C 1-'. We know that both the instrument used by 
Morris et al. and the Optronics instrument used here are capable of providing 
similar values for Kd (Kirk et al. 1994). 

5.6 Influence of Climate Change and Lake Acidification 
on DOC Levels 

Since humic materials are the principal attenuators of UV-B radiation and af
fect the depth of visable light penetration declining concentrations of DOC 
will result in increased UV-B penetration (Schindler et al. 1996; Yan et al. 
1996). During warmer-drier conditions, a complex series of events can occur 
which result in increased UV exposure for the underwater community. The 
export of phosphorus and DOC from drainage basins declines. Lakes are get
ting clearer and the mixing zone is becoming deeper. With longer water re
newal times, there is a greater opportunity for DOC to be photodegraded. Ex
posed to direct sunlight, littoral zone reduced sulphur compounds are oxi
dized and during the next rainfall increased acidification occurs in poorley 
buffered systems. This, along with acid deposition, will cause further DOC de
clines. Since DOC is the sun screen which attenuates UV radiation in our lakes 



Attenuation of Solar Radiation in Humic Waters 119 

and rivers, the loss of DOC can result in a greater UV impact than that from 
stratospheric ozone depletion. 

5.7 Surface Water Photochemistry 

5.7.1 Interaction ofUV Radiation and Humic Materials 
in Controlling Lake Mercury Levels 

Photochemical reactions influence the transport rates for mercury in natural 
waters. Most of the soluble mercury in water is Hg2+. It may be bound to vari
ous ligands, but when exposed to UV-B or UV-A radiation, it is reduced to Hgo 
which, due to its low solubility and favourable Henry's law constant, can vola
tilize from lakes (Amyot et al. 1997). Unfortunately, DOC seems to act as a 
competitive inhibitor for this reaction and rates are lower in coloured waters. 

We also now know that in remote areas mercury loading is correlated with 
DOC loading (Mierle and Ingram 1991; Watras et al. 1995) and that wetlands 
export methyl-Hg (St. Louis et al. 1996; Krabbenhoft et al. 1997). Furthermore, 
it seems that methyl-Hg is also broken down by solar radiation (Sellers et al. 
1996). This process is limited to the depth of penetration of radiation up to the 
blue region of the spectrum. Consequently, lower rates would be expected to 
occur in coloured waters. Such observations help to explain why fish in brown 
water lakes have greater methyl-Hg than fish in clear lakes. More mercury 
comes in but less gets out. 

The overall influence of changing UV-B radiation on the mercury cycle 
cannot yet be determined since the wavelength-specific quantum yields for 
both photoreduction and photodemethylation have not been measured. Such 
information is required so that it can be integrated with spectral models for 
underwater irradiance to provide an overall mercury model for aquatic sys
tems. We must conclude that UV radiation is particularly important in con
trolling the loss of methyl- and total mercury from aquatic systems, but we 
cannot yet predict the overall impact of increased UV radiation on mercury 
levels in aquatic systems. The reason for this is due to the relative contribution 
of UV radiation to the other side of the equation. The rate of input through 
wet deposition is also controlled by photochemical oxidation of mercury in 
the troposphere, is also driven by UV exposure and the oxidative capacity of 
the cloud cover. Some researchers have shown that the oxidizing capacity has 
already increased since pre-industrial times and that it will increase by at least 
another 50% in the next 50 years (Thompson et al. 1989; Thompson 1992; 
Willey et al. 1996). Few mercury researchers appreciate that mercury deposi
tion rates may in fact be controlled by oxidation rates of the tropospheric Hgo. 
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5.7.2 Interaction ofUV Radiation and Humic Materials on Toxic Chemicals 

While UV radiation is known to be involved in the breakdown of toxic chemi
cals including pesticides, rarely are all the breakdown products identified. 
Some are still toxic and persistent. Many of these reactions result from UV ra
diation being absorbed by humic substances or DOC with the liberation of an 
aqueous electron, and the formation of superoxide, hydrogen peroxide, and 
hydroxyl radicals. In addition, singlet oxygen, hydroperoxy, carbonate or ni
trate radicals can be formed (Cooper 1989; Hoigne et al. 1989; Miller 1994; 
Mopper and Zhou 1990; Zafiriou et al. 1990). While some of these photo
chemical reactions have been identified, little reliable ecological interpretation 
has been made. 

5.7.3 Photochemical Reactions 

When solar radiation strikes DOC some photobleaching occurs (Miller 1994), 
lowering the ability of DOC to attenuate UV radiation. We have also observed 
a decline in fluorescence in surface waters in lakes over the season and as 
much as 30% is lost in a single day by direct exposure of a lakewater sample in 
a quartz tube to direct sunlight. The measured DOC does not decrease to the 
same extent, indicating change in the structure from UV-absorbing to non
absorbing carbon compounds. Thus, it is not unexpected that in some lakes 
(such as the saline lakes of the prairie regions) the correlation of Kd with DOC 
breaks down while the correlation of Kd and DOC fluorescence is more robust 
(Scully and Lean 1994). 

For any photochemical reaction to occur, energy must be absorbed. In ad
dition to energy released as fluorescence, the absorbance of sunlight by natu
rally occurring DOM generates a variety of photochemical transients that po
tentially could alter the metabolic processes which take place in aquatic sys
tems. They include excited triplet state DOM, solvated electrons, organic radi
cal cations, superoxide, singlet oxygen, hydroxyl radicals and peroxy radicals 
(Cooper 1989; Hoigne et al. 1989). Since these compounds may only last nan
no seconds, molecular probes have been used to quantify the rate of produc
tion (see review by Zafiriou et al. 1990). The longer lived photoproducts that 
build to trace concentrations include hydrogen peroxide (H20 2). In lakes, con
centrations are much higher than in marine systems and may reach in excess 
of 1000 nM during midday. Rainwater often contains more than 50000 nM 
H20 2 (Cooper et al. 1989; Cooper and Lean 1989,1992; Cooper et al. 1994; Lean 
et al. 1993; Willey et al. 1996). H20 2 is thought to influence redox metal chem
istry, membrane transport and other biogeochemical processes. 

H20 2 is produced photochemically when UV radiation strikes DOM but its 
decay is principally biological in most systems. Exceptions have been recently 
found in coloured lakes with their higher iron concentration. Here, other 
photochemical reactions likely taking place with photochemically produced 
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reduced iron are suspected and the formation of hydroxyl radicals is suspected 
(Toy 1997). 

Such highly reactive reduced oxygen species are important in altering the 
persistence and structure of pesticides and other toxic organic compounds. 
Half-lives of such man-made compounds are often reported but generally the 
photochemical products are not identified. Many are toxic but only appear as 
unknown compounds during GC analysis, and may persist in the environment 
and bioconcentrate in aquatic food chains. 

A strong correlation exists between the production of low-molecular
weight (LMW) carbon (carbonyl) compounds and photodegradation of DOM. 
Unlike that for the formation of hydrogen peroxide, and fluorescence bleach
ing which occurs to 400 nm and above, no carbonyls are produced through 
exposure to wavelengths greater than 320 nm (Kieber et al. 1989, 1990). The 
LMW photo products are also substrates which can stimulate microbial pro
duction and biomass. This has been measured in marine (Kieber et al. 1989, 
1990; Mopper and Zhou 1990) and freshwater (Lindell and Tranvik 1995) eco
systems. Samples exposed to UV radiation even for short periods can result in 
stimulation of microbial activity by 2-6 times. The major photo-produced 
LMW carbon compounds are formaldehyde, acetone, glyoxal, methylglyoxal, 
glyoxylate and pyruvate. These compounds seem to be formed through hy
droxyl radical substitution followed by rearrangement and cleavage of the 
carbonyl moity. 

Carbon monoxide is also generated in both fresh and marine waters when 
DOM is exposed to sunlight. Wetlands with their high DOM absorbance pro
duce CO at rates over 100 times greater than those reported for Sargasso Sea 
water (Jones 1991; Valentine and Zepp 1991). CO accounts for more than 50% 
of the carbonyl production (Jones 1991) with methane also a significant photo 
product. Field studies (Jones 1991) have shown that CO was supersaturated in 
surface waters with respect to atmospheric levels and exhibited a diel variation 
which correlated to light intensity. The dominant sink for CO in oligotrophic 
waters appears to be atmospheric venting. 

Photoproduction of carbon dioxide was measured in filter-sterilized Su
wannee River water (Miller 1994). In these acid waters, carbon dioxide pro
duction was about 20 times carbon monoxide production rates and both were 
linear with photo bleaching. Using a rate of 20 nM-1h-1 for CO, the production 
of CO2 would be 4.8 ~C I-lh-1. In July 1996, we (Miller, Jones, Kieber, the 
author and his students) made similar measurements of CO, CO2, hydrogen 
peroxide and primary production in waters from three lakes in central On
tario. We found that rates of CO production were generally about one-tenth of 
that for CO2, and that the latter values were near 10% of maximal photosyn
thesis rates. The photo production of CO2 from DOC is likely one reason why 
lakes are sources not sinks for atmospheric CO2. With its low solubility and 
general slow rates of utilization, CO not only makes life difficult for organisms 
present but also is a principal loss of carbon from lakes and oceans. To date, 
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photochemical production of co and CO2 has been largely ignored in global 
carbon budgets but must represent a significant flux. 

Carbonyl sulphide (COS) is also produced photochemically when UV-B 
(only) radiation comes in contact with DOC. COS in a precursor for produc
tion of atmospheric sulphate aerosols which may serve as condensation nuclei 
for formation of clouds in remote locations (Hofmann 1990). 

In our short history of UV radiation research we have learned some of the 
basics and we should now direct our attention to where problems will be the 
most significant. Critical processes are those where one pathway is controlled 
by UV and another controlled by some other physical and chemical factor. 
Speeding up photodegradation and flocculation by 10% is hardly perceptible 
on a time scale of days but over months and years could have drastic effects. 
Another example is the effect of UV on changing the bioavailability of iron. 
Since diatom production in the northern Pacific is thought to be limited by 
iron availability and UV radiation can increase iron availability it would seem 
that productivity will increase. Unfortunately, once used by phytoplankton the 
iron may be lost from the trophogenic zone and productivity will decline. 
Such hypotheses should not be left as speculation. 

5.8 Summary 

Shorter wavelengths of solar irradiance are attenuated more rapidly than 
longer wavelengths. As in clear lakes, the principal attenuating substance in 
humic waters is dissolved organic carbon (DOC). Consequently, 90% of UV-B 
(290-320 nm) radiation is attenuated in 10 to 20 cm in ponds and lakes with 
DOC levels above 10 mg C 1-1. Unfortunately, in contrast to that for clear lakes, 
DOC was not a useful predictor of the attenuation coefficients for UV-B or 
UV-A (320-400 nm). This results from changes in the quality of the DOC 
throughout the season perhaps due to the degree of photobleaching and al
teration in the fluorescent properties of the DOC. Absorbance values meas
ured in the laboratory with a spectrophotometer did reliably predict both UV
Band UV-A attenuation measured in the ponds with a spectroradiometer. 
While high DOC levels provide an effective sunscreen against the direct dam
age UV radiation, the high attenuation means that the photochemical activity 
and associated photochemical products which are normally spread over at 
least 15 m in the ocean is confined to only a few centimetres in humic waters. 
Reliable underwater spectral composition combined with quantum yields or 
biological weighting functions are both necessary to calculate the critical 
photochemical and biological responses to solar radiation. 
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6 Effects of UV Radiation on Aquatic Humus: 
Photochemical Principles and Experimental 
Considerations 

William L. Miller 

6.1 Introduction 

The field of natural water photochemistry has evolved over the last 20 years 
from a novelty to a necessity in the study of environmental chemistry in 
natural surface waters. As a consequence of this increasing awareness, there 
has been a sizable accumulation of reviews on the subject of marine and 
freshwater organic photochemistry. Previous publications have provided 
overviews, examples, and predictions of the potential significance of aquatic 
photochemistry (Zafiriou 1977, 1983; Zika 1981; Zafiriou et al. 1984). Other 
reviews have dealt with the photochemical processes specifically concerning 
aquatic humic substances (Choudhry 1981; Zepp 1988; Hoigne et al. 1989; 
Miller 1994) and the photochemical generation of reactive species (Cooper 
et al. 1989; Blough and Zepp 1995). A wealth of information is found in these 
papers and the reader is referred to them for additional discussions and ref
erences to topics not thoroughly covered here. 

To summarize, sunlight-induced alteration of dissolved aquatic humic 
substances (DHS) results in reduction of dissolved organic carbon (DOC) 
average molecular weight, changes in water optical properties, and in the 
production of a complex mixture of reactive oxygen species (Blough and 
Zepp 1995) and carbon photoproducts (Miller 1994; Zepp et al. 1995). The 
largest of these photochemical carbon products results from the direct min
eralization of DOC to CO2 and/or inorganic carbonate species (Kuhnle et al. 
1972; Chen et al. 1978; Miles and Brezonik 1981; Kotzias et al. 1986, 1987; Al
lard et al. 1994; Salonen and Vahatalo 1994; Miller and Zepp 1995; Graneli 
et al. 1996; Li et al. 1996; Lindell 1996). Both IR and NMR spectroscopy sug
gest that CO2 production from photodecarboxylation is a dominant reaction 
in aquatic humic material (Chen et al. 1978; Li et al. 1996). Also among the 
carbon photoproducts are a suite of low molecular weight (LMW) com
pounds including carbonyls and organic acids. 

Reports of these LMW carbon compounds originating from humic mate
rial have generated great interest in the significance of photochemistry to 
secondary biological production. Moran and Zepp (1997) recently reviewed 
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the literature on biologically available compounds generated by photochemi
cal reactions involving chromophoric dissolved organic material (CDOM). 
They list 13 different carbon substrates from 8 separate references and list 6 
studies that noted growth enhancement of heterotrophic bacteria in natural 
samples exposed to sunlight. In contrast, Amon and Benner (1996) have 
noted the lack of bacterial growth stimulation by photochemistry in samples 
from the Amazon even though sunlight clearly altered their samples as evi
denced by photochemical O2 consumption and loss of DOC. Thomas and 
Lara (1995) reported that aged exudates from marine algae were resistant to 
photochemical degradation and saw no loss of DOC under natural levels of 
UV radiation. Naganuma et al. (1996) even showed a reduction in the ability 
of DOC (0.5% peptone solutions) to support bacterial growth after exposed 
to UV-B radiation. 

In light of recent interest and conflicting results concerning the inter
action between photochemical and biological processes in natural waters, a 
review of some fundamental photochemical concepts along with their po
tential impact on the interpretation of results from photochemical experi
ments with natural waters seems warranted. This Chapter will present an ab
breviated version of some fundamentals for photochemistry and consider 
common processes which result during the course of experimental irradia
tions. While much of the following discussion will seem elementary to those 
familiar with photochemical methodologies, this Chapter should provide 
useful information for those new to aquatic photochemistry and conse
quently prevent erroneous interpretation of experimental results due to over
sight of basic concepts. 

6.2 Some Fundamentals of Aquatic Photochemistry 

6.2.1 Absorption of Light 

The first law of photochemistry, attributed to Grotthus and Draper in the 
early 1800s, states that only absorbed radiation is effective in producing 
photochemical changes. Stated another way, if the system (natural waters for 
this discussion) does not absorb light, photochemical changes will not occur. 
Consequently, absorption of incident radiation is the fundamental event be
hind all environmental photochemistry. 

Quantifying the absorbance of radiation of a particular wavelength (A) re
quires only a comparison of the intensity of the radiation entering a defined 
geometry of sample (10') with that exiting it (h). Most spectrophotometers 
compare this ratio for dissolved compounds using a lOglO scale which results 
in the measurement commonly called absorbance (A,..): 

AI.. = 10glO (1oAIIJ. (1) 
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The Lambert-Beer law describes the rate of light absorption in a homogene
ous solution over pathlength I as being directly proportional to radiation in
tensity, 

(2) 

where aA is the absorptivity, a representation of the ability of the substance 
to absorb light at a given wavelength. Solving this differential yields 

In (hlloJ = - aAl. (3) 

Using the relationship aA = aA/2.303, Eq. (1) can be written as 

AI.. = aAI. (4) 

When the molar concentration, [ C ], for the absorbing substance is known, 
the absorptivity is further defined as 

(5) 

where EA is the molar absorptivity. 
The energy gained by a molecule from absorbed radiation (~E) is depend

ent on its wavelength as given by the Bohr equation: 

he 
~E = hv=-, (6) 

A 
where h is Planck's constant (6.63 X 10-34 J s), e is the speed of light (3 x 108 

m S-I), and v is the radiation frequency (S-I). Accordingly, the energy con
tained in a mole of photons (1 einstein = 6.023 X 1023 photons) is inversely 
proportional to the wavelength of the radiation. Since atmospheric compo
nents such as ozone absorb virtually all solar radiation less than 290 nm be
fore it reaches the earth's surface, UV-B (290-320 nm) and UV-A (320-
400 nm) radiation provide the most energetic radiation available for photo
chemical reactions in surface waters. 

A quick perusal of anyone of the reviews listed above clearly shows that 
for most fresh and marine waters, CDOM (and the complex organic mixture 
called "humics" it contains) dominates the absorption of solar radiation in 
the energetic UV spectral region. It is in this role of "light gatherer" that hu
mic material plays a pivotal role in environmental photochemistry. Its com
plexity, however, prevents precise definition of the molar concentration of 
chromophores present and restricts the use of "molar" absorptivities for 
CD OM. Consequently, light absorption by CDOM in natural waters is usually 
expressed by conversion of the absorbance measured in a spectrophotometer 
[Eq. (1)] to an absorptivity (m- I ): 

(7) 

with spectrophotometric pathlength expressed in meters. This convention 
eliminates confusion involving reports of AI.. with no information on the 
pathlength used to make the measurement. 
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Optical analysis of natural surface waters from many different locations 
has resulted in a general description of the wavelength-dependent absorp
tivity. Because most natural waters exhibit a featureless exponential decrease 
in absorbance from the UV to the visible portion of the spectrum, the meas
ured absorptivity can usually be fit to an equation of the form 

(8) 

where ai.. and ar are the absorptivities (m- I ) at wavelength A (nm) and some 
reference wavelength (r). The parameter S is the slope of the log linearized 
spectrum, a measure of the rate at which absorptivity decreases at longer 
wavelengths. This general relationship has also been directly related to DOC 
for a variety of marine and freshwater samples by Zepp and Schlotzhauer 
(1981). Driven in part by efforts to quantify the CDOM signal present in re
motely sensed optical data, various estimates of S have been published for 
natural waters. Typical values for S can be found in a number of references 
(Bricaud et al. 1981; Zepp and Schlotzhauer 1981; Carder et al. 1989; Blough 
et al. 1993; Green and Blough 1994). Initially, distinct differences between 
marine and freshwaters [S(marine) > S(fresh)] suggested that variations in S 
might be explained by simple mixing between specific end members with 
different values for S. Recent results, however, indicate this relationship may 
be more complex than originally thought, with photochemical conditioning 
also contributing to variations in S (Vodacek et al. 1997). 

6.2.2 Photochemical Efficiency 

Even though the first law of photochemistry states that light must be ab
sorbed to affect photochemical change, all light that is absorbed does not 
contribute to photochemical reactions. When light energy is absorbed, an 
electronic transition occurs which elevates an electron from one orbital to 
another of higher energy. Once "energized," the molecule will rapidly return 
to its ground state by various paths. Generally, the pathways available to ac
complish this without resulting in a chemical reaction include internal con
version (energy loss within singlet spin states), intersystem crossing (transi
tion between singlet and triplet spin states), and emission of light energy in 
the form of fluorescence (transition from the lowest vibrational levels of the 
excited singlet to a ground-state singlet) or phosphorescence (transition 
from the lowest vibrational levels of the excited triplet to a ground-state 
singlet). A schematic diagram of these intramolecular photophysical proc
esses is shown in Fig. 6.1 and additional details can be found in specialized 
texts such as Balzani and Carassiti (1970) or Horspool (1976). 

Some portion of the absorbed energy which changes the molecular orbital 
energetics can also result in fundamental chemical changes in the molecule. 
Comparatively, energy transfers involving high energy excited states are 
much more rapid (deactivation::; 10-10 s) than those involving the lowest 
singlet and triplet states. Consequently, photophysical relaxation can result in 
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Fig. 6.1. Molecular electronic transitions involved in absorbance of light. S singlet spin state; 
T triplet spin state; v.r. vibrational relaxation; i.c. internal conversion; i.s.c. intersystem crossing 

efficient $1 to Tl intersystem crossing, populating the lowest triplet state, Tl, 
which can exhibit mean lifetimes of 10-3 s or longer. These longer-lived trip
lets are thought to be responsible for much of the primary photochemical 
behaviour exhibited by organic material in irradiated natural waters. Ener
gized humic material can also serve as a sensitizer for secondary reactions, 
inducing photochemical reactions in compounds that do not absorb solar 
radiation directly. The progression of these types of reactions depends not 
only on humic reactions but also on the availability of various other com
pounds. Due to the potential complexity of photosensitized reactions, and 
because the primary intention of this chapter is to examine the photochem
istry directly affecting aquatic humus, the following discussion will deal with 
primary reactions. Further information and references to papers on photo
sensitized reactions can be found in Zepp et al. (1985), Zepp (1988), and Bre
zonik (1994). 

To approach both photophysical and photochemical primary processes in 
a quantitative manner, it is required that a relative efficiency be assigned to 
the process in question (e.g. DOM fluorescence, radical production, carbon 
product formation). In the most general terms, this efficiency, designated 
quantum yield (<l», can be described as 
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<I> = Number of photoinduced events. 
Number of photons absorbed 

(9) 

For primary processes, <I> integrated for all events must equal unity. In other 
words, all of the energy gained by absorption of a photon must be equal to 
the sum of all of the subsequent energy transfers resulting in both photo
physical and/or photochemical reactions. For quantitative consideration of 
photochemical reactions, a more specific definition is needed: 

<I>).. = Moles of product formed (or reactant lost) . 
Moles of photons absorbed by recent 

(10) 

The wavelength designation is required because the energy gained by ab
sorption of any photon is related to wavelength [Eq. (6)]. Unlike the ener
getic balance for the total light absorbed by the system, photochemical reac
tions do not require <I>A values of 1. In many reactions, <I>A is less than 1 since 
some portion of the absorbed energy goes to processes other than photo
chemistry such as fluorescence. Also, any given photochemical reaction di
rectly competes for absorbed energy with all other potential photochemical 
reactions; potentially a large number when considering a complex organic 
compound like humus. For certain reactions, it is also possible for <I>A to be 
greater than 1 due to secondary reactions involving radical transients or 
chain reactions. Many photochemical reactions exhibit a constant value for 
<I>A below a certain critical wavelength where the absorbed energy is suffi
cient to fully populate the Tl or S1 transitions. There is also a critical wave
length above which the energy gained from absorption of lOA is not sufficient 
to promote photochemical change and the quantum yield is zero. The tran
sition between <I>A = 0 and its maximal value can span tens or hundreds of 
nanometers. 

For many reactions involving humic substances, maximal <I>A requires en
ergy transitions well above the level supplied by solar UV-B. Consequently, 
the quantum yield spectra applicable to sunlit natural waters usually have 
high values in the UV-B which tail to zero in the UV-A or visible depending 
on the particular reaction. Not surprisingly, these <I>A spectra are often simi
lar in shape to the aA spectrum for CDOM. Two previously published <I>A 
spectra are shown in Fig. 6.2 (formaldehyde, Kieber et al. 1990; carbon mon
oxide, Valentine and Zepp 1990). It is clear from Fig. 6.2 that different photo
chemical reactions can have different wavelength efficiencies even though 
CDOM is likely to be the initiator of both of these reactions. This presumably 
reflects the fact that humic matter, and consequently the CD OM, consists of a 
complex mixture of potential electron transitions and chemical functionality. 
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Fig. 6.2. Apparent quantum yield spectra for formaldehyde and carbon monoxide (Data from 
Kieber et al. 1990; Valentine and Zepp 1993) 

6.2.3 Reaction Rates 

Much of the interest in photochemical reactions associated with aquatic hu
mic material concerns the rate at which carbon products are formed and/or 
the rate that chemical characteristics of the remaining humic molecule 
change. There is a growing body of evidence to suggest that photochemical 
reaction rates greatly affect the rate of biological consumption for humic 
substances, through either production of consumable LMW carbon com
pounds (see review by Moran and Zepp 1997) or chemical modification of 
the larger humic molecule (Miller and Moran 1997). Consequently, an under
standing of the rate at which the microbial community oxidizes carbon in 
sunlit waters may require direct knowledge of photochemical kinetics. 

In the simplest terms, the rate of a given photochemical reaction can be 
expressed by: 

d[P] 
-= ~>hIaA' (ll) 

dt A 

where [P] is the measured molar concentration of the reactant or product 
and IaA is the average light absorption rate (einsteinsllls). Note that the 
quantity faA is not equivalent to incident light measured with a radiometer, 1o, 
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which is usually reported in units of energy flux per area (e.g. W/cm2 or 
J/cm2). For the case where the photochemical reactant is the only chromo
phore in the system, Balzani and Carassiti (l970) note that IaA and 10 
(converted to einsteins / cm2 / s) can be related by the following equation. 

I = I (1 -10 -E)JCll) Area 
aA OA V . (12) 

Here, [C] is the concentration of the chromophore, Area is the surface area 
(cm2) of a columnated light beam passing through the sample, and V is the 
volume (I) of solution being irradiated. 

In practical application to aquatic photochemistry, the reactant may not 
be the sole light absorber in the system. By expanding Eq. (11) to include 
light losses which do not lead to photochemical reactions and substituting 
Eq. (l2), the reaction rate of a unimolecular, primary photochemical process 
can be described as follows 

d[P} = ~ cI> I (1-10 -(a. +EdC))l) Area F 
dt t A OA V A 

(l3) 

where UA is the absorptivity (cm- I ) of all components of the system other 
than the reactant and FA is the fraction of light absorbed by the reactant and 
is defined by 

FA = EJC] (l4) 
u A +EA[C] 

When the reactant under consideration accounts for the majority of light 
absorbance (FA == 1; uA == 0), the following special relationships apply. For op
tically thick solutions [i.e., the reactant absorbs virtually all of the light 
within the system (EA[C] I > 2)], Eq. (13) reduces to 

d[Pl = ~cI> I Area (l5) 
dt t A OA V 

and the reaction is zero order. For an optically thin solution (EA[C]l < 0.05), 
Eq. (l3) reduces to 

d[Pl =2.303IcI> Al oA Area EdCll 
dt A V 

(16) 

and the reaction is first order with respect to the concentration of the reac
tant. 

From the brief presentation above, it is quite clear that exposure geometry 
and light attenuation must be precisely defined to accurately use photo
chemical rate equations. For additional reading and references on light at
tenuation and kinetics in photochemical experiments along with numerical 
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models appropriate to surface water photochemistry, the reader is referred to 
Leifer (1988) and Brezonik (1994). 

For natural waters where CDOM (and the humics which largely comprise 
CDOM) initiates most photochemical reactions, the molar concentration of 
photochemically reactive sites is ill-defined. Consequently, the term "E,JC]" 
is not very useful for natural waters. By assuming a consistent irradiation ge
ometry and a solution that is essentially clear, it is common practice to sub
stitute the measured absorptivity, aI.., into Eq. (13) and simplify to give the 
following. 

d[Pl=~ <I> I (I-IO-a, ) (17) 
dt t·).. 0).. 

Substitution of al.. requires the use of an apparent quantum yield, a<I>I..' to re
flect the loss of a direct molar relationship between the primary absorber 
and the photochemical result. While the use of al.. can simplify the descrip
tion of light absorption when chromophore concentration is not known, ex
amination of Eq. (13) reminds us that the photochemical rate remains very 
sensitive to irradiation geometry and exposure design: container character
istics and/or FA can have a dramatic effect on observed rates. 

6.3 Evaluating Photochemical Rates for Natural Waters 

There are two basic experimental approaches to evaluate the significance of 
photochemical reactions involving humics in natural waters. One is to meas
ure chemical changes in irradiated surface waters directly in the field and 
correlate measurements with light intensity and/or integrated irradiation. 
This method gives a direct indication of the potential magnitude for a given 
photochemical process, thereby putting constraints on photochemical sig
nificance. 

The second approach is to expose natural waters to irradiation inside a 
container. These experiments are common and are usually required to show 
conclusively that photochemistry, and not some other process which also 
varies with irradiation, accounts for the observed phenomenon. Contained 
irradiations allow precise knowledge of the composition of the sample and 
the possibility of experimental manipulation to eliminate other processes. In 
many cases, the trace amounts of product formed by photochemical reac
tions involving humic material can only be measured when allowed to accu
mulate in a container. Additionally, the samples can be subjected to a con
trolled light field which allows evaluation of the spectral efficiency of the 
photochemical process being studied. 

Eventually, measurements made by these two methods must be justified 
with one another. Results from controlled irradiations should be comparable 
with observations made in the field. Perhaps the most difficult aspect of this 
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extrapolation is the comparison between two light fields of differing geome
try and intensity. This review will not present the complexities of a rigorous 
description of the in situ scalar irradiance in sunlit waters. The reader is en
couraged to study anyone of the available treatments of this subject (Jerlov 
1976; Preisendorfer 1976; Kirk 1983; Mobley 1994; Spinrad et al. 1994; Ackle
son 1995) for a comprehensive treatment. Quantifying the irradiation pa
rameters related to contained samples, however, presents a more tractable 
problem and will be examined here. 

Controlled irradiations are of little quantitative use if they cannot be re
lated to real environmental processes and to similar research done by others. 
As evidenced by Eq. (11), the precise definition of the average light absorp
tion rate, lah is required to extrapolate or compare rates. Failure to carefully 
consider laA and the parameters it contains (spectral absorbance, irradiation 
geometry and spectral distribution, and pathlength) can lead to erroneous 
interpretation of photochemical results and faulty comparisons with other 
research. 

These considerations are particularly important when exposing samples 
to natural sunlight by suspending containers in the water column and/or in 
incubation baths. Reflection and refraction of light at container surfaces can 
alter the effective pathlength of exposure. It is quite possible that a sample in 
a round quartz flask will give a significantly different photochemical result 
from the same sample exposed beside it in a quartz test tube. Without careful 
attention to exposure geometry and light field, these effects can completely 
undermine careful analysis of photochemical products. 

As shown in Eqs. (11) and (12), the three components critical in the de
scription of photochemical rates for humic substances (<1>1.., 101.., aA) all usually 
vary with wavelength. Consequently, the interpretation of observed photo
chemical rates can be wrong without consideration of the wavelength
dependence for each of these parameters. Different spectral transmissivity of 
container walls and wavelength differences in light sources (particularly in 
the UV where photon energy is high) can significantly alter photochemical 
results and make comparison to other experiments difficult, if not impossible. 

6.3.1 Apparent Quantum Yield 

As an example, we can examine the spectral dependence of carbon monoxide 
(CO) and formaldehyde photoproduction in several hypothetical exposures. 
Given a consistent radiation geometry, data for the three major variables 
contained in Eq. (17) (lOA' aA and 8<1>1..) allow comparison of relative photo
chemical rates. The quantum yield spectra for these two carbon products are 
shown in Fig. 6.2. Absorbance spectra for waters with two different DOC 
concentrations can be generated using Eq. (8) and data from Zepp and 
Schlotzhauer (1981). Fig. 6.3 shows the spectral overlap between these hy
pothetical absorbance spectra and modelled values for solar irradiance 
(Zepp and Cline 1977) as filtered though three different glasses (Pyrex®, 
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symbols) and for modeled irradiation intensity of sunlight passing through three types of glass 

Kimax®, and a Wheaton BOD (biological oxygen demand) bottle). Multiply
ing 101.., aA. and a<l>A. together at equivalent wavelengths gives the action spectra 
shown in Fig. 6.4. Using action spectra to calculate photochemical produc
tion rates requires great care in defining the geometry of spectral irradiance 
and attention to the units used in the calculations (see Leifer 1988 for de
tailed discussion). The action spectra as presented in Fig. 6.4 do not serve 
this purpose. Rather, they serve only to compare the expected spectral re
sponse for photochemical production rates. 

In the case of formaldehyde and CO, a striking difference can be seen be
tween the two spectral responses. Formaldehyde production depends almost 
entirely on UV-B radiation, with little or no photoproduction at longer 
wavelengths. Carbon monoxide, on the other hand, exhibits maximum pro
duction in the UV-A, with significant production in the visible. Fig. 6.4 shows 
clearly that exposing samples to sunlight without UV-B radiation may com
pletely eliminate the photochemical production of formaldehyde while hav
ing very little effect on the production of CO. 

Understanding the spectral response of discrete photochemical reactions 
can be critical to the accurate evaluation of experimental results. Comparing 
the photoproduction of CO with a suite of low molecular weight compounds 
including formaldehyde (C02 was not measured), Mopper et al. (1991) 
showed that CO accounts for about 60 to 80% of the total carbon photo-
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products measured. Limited data from both freshwaters and marine systems 
suggest that the photoproduction of dissolved inorganic carbon (DIC) from 
DOC is about 15 to 20 times larger than CO (Miller and Zepp 1995; Miller 
and Moran 1997). Even though few data currently exist, preliminary results 
suggest that DIC photoproduction exhibits a a<I>" response similar in shape to 
CO. Consequently, spectral screening of UV-B by container walls and/or by in 
situ exposures at depths with little or no UV-B penetration would not neces
sarily prevent photochemical reactions that result in DOC loss from CO plus 
DIC formation. It could, however, prevent photoproduction of small carbonyl 
compounds. If these are the source of biological consumables which stimu
late microbial growth, one might correctly observe strong evidence for pho
tochemical reactivity of humics with little effect on their apparent microbial 
availability. Extension of this interpretation to the field where UV-B does im
pact the sample would be wrong. 

It should be noted here that this example depends entirely on the accuracy 
of the quantum yield data since all other parameters for the calculation of 
CO and formaldehyde photoresponse are equivalent. Unfortunately, very few 
publications include quantum yield data for photochemical reactions in
volving humic material in natural waters. Spectral data for apparent quan
tum yields for CO (Valentine and Zepp 1993; Kettle 1994), formaldehyde 
(Kieber et al. 1990), and hydrogen peroxide (Cooper et al. 1988; Moore et al. 
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1993) have been published for a limited number of samples. While these 
studies suggest a general consistency for the a<l>A. of a given product within 
different water types, a complete understanding of how a<l>A. varies with dif
fering CDOM source material, water chemistry, temperature, and photo
chemical exposure history still requires additional study. 

6.3.2 Spectral Irradiance 

As described by Eq. (17), the spectral quality of irradiance will also have a 
controlling effect on observed photochemical production rates. Using the 
case of formaldehyde photoproduction from the previous example; a closer 
examination of the potential effect of container composition is shown in 
Fig. 6.5. With a constant quantum yield and absorptivity, alteration of the 
sunlight irradiance spectrum by passing through three different glass con
tainers can have large effects. Even high quality quartz glass will not transmit 
100% of loA. at its maximum transmissivity, the exact value depending on 
thickness, imperfections, and refractive index variations. Consequently, for 
Fig. 6.5, each glass was scaled to 100% transmission at wavelengths above 
400 nm to isolate only those differences in the transmission of UV radiation. 

Again, Fig. 6.5 makes it clear that changes in the UV-B portion of the solar 
spectrum could have a drastic effect on formaldehyde photoproduction. The 
requirement of precise knowledge of the quantity and quality of UV radia
tion present in photochemical experiments which employ broad-band irra
diation can present a large problem. Ideally, a spectroradiometer and a com
petent operator can provide irradiance values for each wavelength through
out the spectrum. Unfortunately, these instruments are expensive and not yet 
easily accessible to many researchers. Radiometers with a spectral response 
spanning many wavelengths are less expensive and more common. When 
scaling photochemical results to radiation measured with a broad-band ra
diometer, however, much information is lost and faulty interpretations can 
occur. 

For example, a radiometer which measures the total solar UV radiation 
between 290 and 400 nm would display a very small difference in total irra
diance between unfiltered sunlight and sunlight which had passed through 
the BOD bottle shown in Fig. 6.3 (note the log scale for irradiance). Conse
quently, the radiometer measurement may suggest that there should be only 
a very small decrease in photochemical production. While this might actu
ally be the case for CO production, Fig. 6.5 shows clearly that this conclusion 
is very wrong for formaldehyde production. Only when the spectral response 
of the detector exactly matches the spectral response for the photochemical 
reaction in question (a<l>,J will the difference in measured irradiance exactly 
reflect photochemical changes. 

Actinometry can provide precise knowledge of the total irradiance inside 
an experimental exposure. Aquatic actinometers (see Murov 1973; Leifer 
1988), by nature of their well-defined reaction quantum yields and their re-
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fractive indices which closely match natural samples, can provide a direct 
measure of the integrated light intensity available for humic-mediated pho
tochemical reactions. Any reflection or refraction affecting the light inside 
the container will be accounted for by actinometry. In monochromatic irra
diations, actinometry is a very accurate measure of total irradiation relevant 
to photochemistry. For full spectral sunlight, however, actinometers will inte
grate irradiance over some known bandwidth specific for the particular 
actinometer. As in radiometric measurements, the spectral response of the 
actinometer may not match that of the photochemical reaction in question. 
Regardless of these limitations, it remains important to report any available 
measurement relative to the intensity and spectral quality of irradiation in
side the container to allow some comparison with the work of others. 

6.3.3 Absorptivity 

Again from Eq. 17, the light absorbed by the sample (eDOM in natural wa
ters) also exhibits direct control over observed production rates. As men
tioned in section 6.2.1, a spectrophotometer can directly measure the sample 
absorptivity as a function of wavelength. Perhaps because of the straightfor-
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ward nature of this measurement, the full impact of absorptivity variations 
in exposure experiments is sometimes ignored when evaluating photochemi
cal results. 

6.3.3.1 SELF-SHADING 

Returning to Eq. (13), we can see that it is not only the light absorbance by 
the sample which controls photochemical rates, but also the ratio of sample 
to system absorbance. With an optically thin sample, a first order equation 
(Eq. 16) describes the photo-kinetics. A zero order equation (Eq. 15) can be 
used when essentially all of the light is absorbed by the sample. While these 
extreme situations are clear enough, samples falling somewhere in between 
are more difficult to compare. Most short pathlength containers used in 
photochemical exposures result in optically thin samples for natural waters. 
In other words, most of the light entering the cell will leave it without being 
absorbed and the intensity of light on the far side of the container is essen
tially the same as that in the portion of the solution nearest the light source. 
Using the simplifying assumptions in Eq. (16), we can define the photo
chemical reaction as first order. 

When darker waters are evaluated, the sample may absorb enough light so 
that the solution closest to the light source experiences irradiance of higher 
total intensity and with different spectral quality than that on the far side of 
the container. This effect can result in an average photochemical rate than 
does not merely reflect the differences in absorptivity. In other words, for an 
equivalent incident irradiance, a solution with four times more absorptivity 
at any given wavelength would not simply produce four times more product, 
as might be expected from Eq. (13). 

A typical field experiment might be to survey the photochemical reactivity 
of waters collected from different lakes exhibiting large differences in aA,' Ex
amining progressively darker samples under identical exposure conditions, 
one might observe progressively lower absorbance normalized photochemi
cal production rates. Based on this result alone, it would be erroneous to con
clude that dark waters are less photochemically efficient than their clear 
counterparts. Indeed the hypothetical dark water lake could have a lower 
photochemical efficiency than a similar clear lake, but the observed rate 
changes may also merely reflect self-shading within the container. Compari
son of photochemical efficiency in samples with different humic content 
should only be done after accounting for variations in light absorption. 

6.3.3.2 PHOTOCHEMICAL FADING 

It is well known that exposing natural waters and humic material to sunlight 
results in the eventual loss of colour across the entire absorbance spectrum 
(Zepp 1988; Kouassi and Zika 1992; Hongve 1994; Miller 1994), a process 
known as photochemical fading. This phenomenon has been noted in con
trolled exposures and recent evidence suggests that the effect is directly ob
servable in surface waters (DeHaan 1993; Siegel and Michaels 1996; Vodacek 



140 William L. Miller 

et al. 1997). Obviously, when fading occurs during the course of exposure, ob
served photochemical rates will not reflect a" at the beginning of the expo
sure, but rather some average a" during the experiment. Without direct 
knowledge of the degree of fading, comparison of observed rates can be dif
ficult. 

Use of a single end point measurement in the estimation of photochemical 
product formation assumes that all variables controlling the rate (lo", a", and 
act>,,) remain constant, or at least well-defined, during the course of exposure. 
The magnitude that fading effects this assumption will depend on the length 
and intensity of the experimental exposure. Miller and Zepp (1995) have 
shown that significant fading can occur during solar simulation experiments 
designed to examine DIC photoproduction. In fact, the fading rate of CDOM 
in salt marsh waters proceeded so rapidly that only about 15% of the DOC 
would be converted to DIC before the absorbance at 350 nm faded to essen
tially zero. For short exposure times and sensitive analytical methods, fading 
may not present a problem. 

Similar to self-shading artifacts, photochemical fading presents the po
tential for misinterpretation of photochemical experiments involving natural 
waters. For example, monitoring an exposure over time may reveal a nonlin
ear accumulation of product with a decreasing rate of change as the expo
sure progresses. Without knowledge of the degree of photochemical fading, 
one might interpret these data with a scenario involving the initial con
sumption of the more photo reactive moieties followed by reactions involving 
less efficient sites, a reasonable explanation considering the complexity of 
humic material. In reality, an exponential loss of colour due to photochemi
cal fading may produce the same result. Only after simple corrections for 
fading and/or self-shading have been performed can the more subtle aspects 
of photochemical reactions involving humic material be explored. 

6.4 Summary 

There has been a recent realization of the importance of organic photo
chemistry in the cycling of humic substances, and consequently DOC, in 
sunlit surface waters. Many new studies have evaluated the effect of photo
chemistry on the production of trace carbon compounds, DOC oxidation, O2 

consumption, CDOM optical properties, and the biological availability of 
humic substances. The number of recent publications related to the impact of 
organic photochemistry on ecological and biogeochemical cycles suggests 
that many new researchers are entering this promising field. With this in 
mind, one would expect that innovations and revelations are imminent. 

It is critically important, however, that sound fundamentals be applied to 
this relatively new field of endeavour. This Chapter has attempted to demon
strate that three basic parameters contribute direct control over photochemi-



Effects of UV Radiation on Aquatic Humus 141 

cal rates: (1) the spectral absorbance of light; (2) the intensity and spectral 
quality of the radiation involved; and (3) the spectral efficiency with which 
collected energy is transformed into a photochemical observation. Accurate 
experimental intercomparisons and environmental extrapolation requires 
careful attention to variations in these three parameters. Employment of a 
sound understanding of basic fundamental principles will ensure that the 
field progresses solidly toward a new understanding of the roles that photo
chemical reactions play in the biological and geochemical cycling of humic 
substances in sunlit waters. 
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7 Phytoplankton, Primary Production 
and Nutrient Cycling 

Roger I. Jones 

7.1 Introduction 

The conception of this book arose from an awareness that there has been a 
surge of interest in the role of humic substances (HS) in the ecology of 
aquatic ecosystems. This increased interest is apparent in the case of phyto
plankton. A search of literature published during the period 1981-1996 and 
using the linked keywords phytoplankton and humic yielded 104 references, 
of which the majority dated from after 1990. However, closer inspection of 
these articles revealed that most were primarily concerned with direct in
volvement of HS in carbon and nutrient cycles and only a few specifically 
addressed the impact of HS on phytoplankton production, growth and 
community composition. Hence, although phytoplankton are traditionally 
considered to be the base of the pelagic food web in aquatic systems, and al
though we now suspect that food webs may function differently in humic 
lakes compared with clearwater lakes, there is still little information on how 
phytoplankton performance may be modified in humic lakes. This chapter 
collates and assesses available information on this aspect of the ecological 
role of HS in lakes. 

HS might influence lake phytoplankton in two essentially distinct ways: 
physical and chemical. Firstly, the presence of HS in lake water affects the 
penetration of solar radiation down the water column (Chapter 5) and in 
particular the penetration of potentially damaging UV-B radiation (Chap
ter 6). This effect of HS on light penetration could directly affect phyto
plankton photosynthesis and growth, but could also affect phytoplankton 
performance indirectly through impacts on water column vertical structure 
and stability. Secondly, HS might critically affect the chemical environment 
of phytoplankton by altering the bioavailability both of essential nutrient 
elements and of potentially toxic chemicals. There is also the possibility that 
HS might be utilised directly by some phytoplankton as a source of carbon 
and energy. These potential impacts of HS on lake phytoplankton will be re
viewed in turn. 
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If the physical and chemical effects of HS on phytoplankton are suffi
ciently pronounced, it can be expected that phytoplankton in humic lakes 
should show distinctive physiological adaptations or behavioural strategies 
to enable them to cope effectively with the particular environmental condi
tions imposed by the presence of HS. These aspects of the influence of HS on 
the ecology of phytoplankton are also reviewed (see Section 7.4). Such ad
aptations or strategies would be expected to be most evident in lakes with 
high concentrations of HS. This Chapter finishes by considering whether 
such "humic lakes" represent a sufficiently distinctive environment for phy
toplankton that they support characteristic phytoplankton species assem
blages that can be consistently and clearly distinguished from the assem
blages found in clearwater lakes. 

7.2 Physical Effects 

Dissolved HS profoundly affect the underwater light climate experienced by 
phytoplankton by altering the quality and quantity of solar radiation pene
trating down through the water column. In pure water, blue and green light 
both penetrate deeply and to about the same extent, whereas red light is at
tenuated much more rapidly, being rather strongly absorbed by the water it
self. This condition may be approximated in non-productive oceanic waters 
and in a few ultraoligotrophic, clearwater lakes (e.g. Crater Lake, Oregon: 
Smith et al. 1973). However, in most fresh waters the situation is altered by 
the presence of dissolved organic materials, often collectively referred to as 
"yellow substance", "gelbstoff" or "gilvin" (Kirk 1983) and mainly compris
ing dissolved HS. These absorb blue light strongly, so that in many lakes 
green wavelengths become the most penetrating. When the concentrations of 
HS are very high, red light may penetrate even further than green (e.g. Jones 
and Ilmavirta 1978a; see also Chapter 5). Thus the underwater spectral qual
ity of irradiance experienced by phytoplankton in lakes can vary from 
blue/green-dominated in clear, ultraoligotrophic waters, through green
dominated in moderately coloured lakes to red-dominated in highly coloured 
lakes. This variability in spectral quality of underwater light in lakes does open 
the possibility that phytoplankton with particular pigmentation might be fa
voured in humic lakes with their predominantly orange/red light climate. 

Marine biologists have long discussed the possibilty that the depth zona
tion of major groups of benthic algae in coastal waters is determined by the 
changing spectral distribution with depth due to selective absorption: the 
chromatic adaptation theory of Engelmann (1883, in Kirk 1983). In fact, this 
theory has been shown to be tenuous, with variation in intensity of irradi
ance probably a more influential factor (Dring 1981). Nevertheless, there is 
no doubt that the accessory pigments carried by certain algae in addition to 
chlorophyll a can help to fill the absorption window in between the strong 
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chlorophyll a absorption in the blue and red regions of the spectrum. When 
phytoplankton biomass is sufficiently high, this absorption by accessory 
pigments, particularly the phycobiliproteins of cyanobacteria, can even be 
detected by in situ spectroradiometry (e.g. Jewson and Taylor 1978). 

There is some laboratory evidence that certain types of phytoplankton with 
accessory pigments are better able than others to cope with chromatic fluctua
tions. For example, Ojala (1993) compared the growth in culture of three phy
toplankters containing phycobiliproteins. She found that, whereas Oscillatoria 
bourrellyi (cyanobacteria) was able to sustain a high growth rate regardless of 
the light quality, two Cryptomonas strains (Cryptophyta) exhibited only weak 
chromatic adaptation. To date, the possible influence of chromatic adaptation 
in phytoplankton has received little field experimentation. Wall and Briand 
(1979) tested phytoplankton preferences for light intensity and colour in field 
experiments using coloured plexiglass cubes suspended at different depths in 
Heney Lake, Quebec. Their results were not clear-cut, but suggested that dia
toms and green algae favoured higher intensities than dinoflagellates and other 
flagellates, and that red radiation increased the relative proportion of blue
greens, diatoms and green algae. Certainly the levels of phycoerythrin and phy
cocyanin in cyanobacteria can change drastically in response to growth in 
culture in light of differing spectral quality (e.g. Bennett and Bogorad 1973), 
although increased phycocyanin synthesis can also be induced at low irradi
ance even when no red light is present (Stramski and Morel 1990). Ganf et al. 
(1991) even reported apparent chromatic alteration in a slowly sinking popula
tion of Tychonema bourelleyi in Windermere, England, a lake in which green 
light is the most penetrating spectral block (Macan 1970). 

Phycocyanin-dominated cyanobacterial cells absorb more strongly in the 
600 to 650-nm region than do phycoerythrin-dominated cells, which in turn 
absorb more strongly in the 500 to 575-nm region. In principle, the former 
should be better adapted to the underwater light climate in humic lakes, with 
its red/orange character. Callieri et al. (1996) showed that a phycoerythrin
containing picocyanobacterium isolated from Lake Maggiore, Italy, (where 
the underwater light climate is green-dominated) grew best in green light, 
whereas a phycocyanin-containing picocyanobacterium isolated from Lake 
Balaton, Hungary, (where the underwater light climate is red-dominated) 
grew best in red light. As yet, few field data exist to ascertain the ecological 
importance of this in influencing the phytoplankton community in humic 
lakes. However, Pick (1991) reported that, in a survey of picocyanobacteria 
from 38 Canadian lakes, phycoerythrin-containing cells were particularly 
abundant in oligotrophic to mesotrophic hard-water lakes, while non
phycoerythrin types (presumably containing phycocyanin) were relatively 
more abundant in coloured lakes. 

Of greater importance than the changes in spectral quality induced by HS 
in lakes is the much more rapid attenuation of total photosynthetically active 
radiation (PAR) in brown-water lakes. The vertical attenuation coefficient for 
downward irradiance of PAR (KpAR) is strongly dependent on water colour 
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(Eloranta 1978; Jones and Arvola 1984), which is itself strongly dependent on 
dissolved organic carbon (DOC) (Jones and Arvola 1984). As a useful ap
proximation (Kirk 1983; Jones 1992), KpAR may be partitioned into a set of 
partial attenuation coefficients 

KpAR = Kw + KG + KTR + KpH , 

where Kw, KG, KTR and KpH are the partial attenuation coefficients for PAR due 
to water, gilvin (humic substances), tripton (non-living suspended particulate 
material) and phytoplankton, respectively. Kirk (1980) has proposed a crude 
optical classification for inland waters on the basis of the relative contribution 
of the different partial attenuation coefficients to total attenuation of PAR. The 
contribution of water is only rarely dominant (Type W) and in most lakes is 
around 20-30% (Kirk 1983); in humic lakes this proportion will be lower. The 
contribution of tripton has been little studied and is generally assumed to be 
negligible except in high turbidity rivers or shallow lakes with significant 
catchment erosion (Type T). In shallow lakes, resuspension of sediment can be 
important, particularly under windy conditions; Jewson (1993) reported a two
to three-fold fold increase in the tripton contribution to light interception in 
shallow Lough Neagh, Northern Ireland, during stormy weather. The remaining 
two components, gilvin and phytoplankton, can then be seen to be "compet
ing" for available quanta within the water column. 

This competition can be quantified if the assumption is made that the 
contribution of each component to KpAR is linearly related to its concentra
tion. If the contribution of water and tripton is assumed to be small and in
variable, the proportion of total PAR captured by phytoplankton is approxi
mated by (Jones 1992) 

KpH/KpAR = Be . kc /(Be . kc + WC . kp) 

where Be is the phytoplankton biomass (milligrams of chlorophyll a m -3), kc 
is the specific vertical attenuation coefficient per unit of phytoplankton bio
mass (metres squared per milligram of chlorophyll a), WC is the water col
our (milligrams of platinum per litre) and kp is the specific vertical attenua
tion coefficient (metres squared per milligram of platinum). While kc does 
vary between phytoplankton types, a typical mid-range value is 0.015 (see 
Table 9.1 in Kirk 1983). A value for kp of 0.01l can be derived from Fig. 1a in 
Jones and Arvola (1984; see also Eloranta 1978). The proportion of total PAR 
captured by phytoplankton can then be calculated as a function of phyto
plankton biomass under a range of water colour conditions (Fig. 7.1) . At 
lower phytoplankton biomasses, increases in water colour greatly reduce the 
proportion of PAR which can be captured by phytoplankton, so that most 
most quanta are intercepted by gilvin (Type G waters, Kirk 1983). In highly 
coloured waters (> 100 mg Pt I-I), phytoplankton only capture more than 
half the available quanta when the biomass reaches around 100 mg chloro
phyll a m-3, so that Type A waters (Kirk 1983), in which the algal biomass 
captures more PAR than the other components, are probably restricted to 
less coloured waters. 
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Fig. 7.1. Variation in proportion of PAR captured by phytoplankton from the total intercepted by 
phytoplankton and gilvin as a function of phytoplanktion biomass under different conditions of 
water colour (WC; mg Pt 1-1) 

Such calculations indicate how humic substances can compete with phy
toplankton for available quanta and hence potentially restrict photosynthetic 
production within the water column. The importance of this effect will also 
depend on the distribution of phytoplankton within the water column and 
the depth to which cells are regularly circulated (Reynolds 1997); if the phy
toplankton biomass is concentrated in the upper layers of the water column it 
will be able to compete more effectively for PAR. This can be achieved in two 
ways. Firstly, motile or buoyant algae may regulate their vertical position in 
the water column so as to maximise their photosynthetic efficiency; this 
strategy is discussed in Section 7.4. Secondly, if the mixed depth (Zm) is re
duced during the summer stratificaton period, phytoplankton cells will 
spend less time below the lower limit of the euphotic zone (Zeu)' 

The euphotic zone depth is known to be strongly dependent on water col
our (Eloranta 1978; Jones and Arvola 1984). However, in coloured, humic 
lakes the rapid absorption of incoming solar radiation within the surface 
layers also provides the potential for more abrupt thermal/density gradients 
to develop where wind-induced turbulence does not effectively disperse the 
accumulated heat energy (Bowling 1990). Jones (1992) showed how this effect 
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was apparent in forest lakes in the Evo region of southern Finland (Fig. 7.2). 
In these small, sheltered lakes, increasing water colour reduces Zeu but also 
leads to a decrease in Zm, so that the effective light climate (Ramberg 1979) 
experienced by the phytoplankton in these lakes varies relatively little with 
water colour. However, in larger humic lakes in the same region, although the 
relation between Zeu and water colour is consistent (Fig. 7.2a), the greater 
susceptibility to wind mixing destroys any correlation between Zm and water 



Phytoplankton, Primary Production and Nutrient Cycling 151 

colour (Fig. 7.2b). A similar relationship was reported for 21 Canadian Shield 
lakes by Fee et al. (1996). They found that over the full spectrum of lake sizes 
lake area was the primary determinant of the depth of the summer mixed 
layer. Transparency significantly modified this relationship only in small 
lakes « 500 ha); this was in contrast to the conclusion of Mazumder and 
Taylor (1994) that transparency also affects mixing depth in large lakes 
(> 500 ha). In non-eutrophic shield lakes, transparency is controlled by the 
concentration of DOC, and Fee et al. (1996) concluded that lower DOC con
centrations (a likely consequence of predicted climate change in the region) 
would cause transparency to increase, resulting in 1 to 2-m deeper epilimnia 
in small lakes, but with no equivalent impact on large lakes. 

The interaction between euphotic zone depth and mixed depth in deter
mining the underwater climate experienced by phytoplankton is further il
lustrated in Fig. 7.3, in which the effective light climate (normalised with re
spect to the surface irradiance) is plotted as a function of the ratio of mixed 
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ance) and ratio of mixed depth to euphotic zone depth (Zm/z..,). The curve follows the mathemati
cally defined relationship, and the points indicate positions of a number of different lakes during 
summer-stratified (S) or unstratified (U) conditions. (Modified from Jones et al.1996) 
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depth to euphotic zone depth. Small, sheltered forest lakes (data from Jones 
and Arvola 1984) cluster together with a relatively favourable light climate 
despite a wide range of water colour. Shallow, unstratified Lough Neagh, with 
high humic content and high phytoplankton biomass (Jewson 1993), and the 
mesohumic but mesotrophic Lake PlHijarvi, Finland, during summer stratifi
cation (Jones and Ilmavirta 1978a) lie together with a light climate typical of 
many larger lakes. By contrast, deep and turbulent Loch Ness, Scotland, has 
exceptionally deep mixing; even during summer stratification the mixed 
layer can still extend down to 40 m and during holomixis the mixed layer 
equates to the mean depth of 132 m. Thus in this lake even moderate colour, 
restricting the euphotic zone depth to around 6 m, when combined with the 
deep mixing produces an exceptionally unfavourable light climate for phyto
plankton (Jones et al. 1996). 

A consequence of the exceptionally unfavourable light climate in Loch 
Ness is that phytoplankton growth and production in this oligotrophic and 
moderately humic loch appears to be limited by light rather than nutrients 
(Jones et al. 1996), and the annual phytoplankton production of around 10 g 
C m-2 year-I is particularly low. Although it is often assumed that phyto
plankton production will be depressed in humic lakes, the evidence for this is 
sparse and unsatisfactory, and Loch Ness may be an exceptional case. Beaver 
and Crisman (1991) reported that phytoplankton productivity in subtropical 
Florida lakes was more predictable from chlorophyll a, total "phosphorus or 
total nitrogen in clear water « 75 Pt units) lakes than in coloured (> 75 Pt 
units) lakes. While it is true that in humic lakes phytoplankton face increased 
competition for quanta from humic substances (see above), this will appre
ciably reduce production only if phytoplankton development is actually lim
ited by light. 

In a study of two small Swedish lakes, Ramberg (1979) found annual pelagial 
primary production in Botjarn to be about half that in the clearer and smaller 
Vitalampa. However, this may have been as much an effect of the greater cir
culation depth in the larger lake as of the difference in water colour. From a 
study of two small forest lakes in southern Finland, Arvola (1984) reported 
phytoplankton production to be only 25% higher in Alinen Mustajiirvi (colour 
50-75 mg Pt 1-1) than in nearby Horkkajarvi (colour 250-300 mg Pt 1-1), a 
finding consistent with the low variation in effective light climate in such small, 
sheltered forest lakes (see above). In contrast, Kankaala et al. (1984) found that 
annual phytoplankton production in the Kitka lakes in north-east Finland was 
about 50% higher in the moderately humic south-west basin than in the rela
tively clearwater northern basin. However, the phosphorus concentration was 
also about 50% higher in the south-west basin, so the differences in production 
were probably due to different nutrient loadings rather than water colour. This 
illustrates the difficulty of disentangling the effect of HS on phytoplankton 
from those of other environmental variables. 

Some evidence concerning the effect of HS on phytoplankton production 
is available from experimental manipulations of humic content, mainly in 
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various designs of mesocosms, but even this evidence is contradictory. De
pression of primary productivity by humic matter in northern Manitoba 
lakes was reported by Jackson and Hecky (1980), who attributed this to re
duced iron availability rather than to any effect on the light climate. In a sub
sequent limnocorral study in the same area, Guildford et al. (1987) found that 
addition of organic moss-peat material initially increased and then lowered 
primary productivity and biomass; the initial stimulation was traced to re
lease of soluble nitrogen and phosphorus, while the subsequent depression 
was attributed to binding of iron or some other metal by dissolved humic 
material. Carlsson et al. (1995) also reported an initial stimulation of phyto
plankton production and biomass during the first few days after addition of 
riverine humic substances to a coastal plankton community from the Skager
rak (west coast of Sweden) in enclosure experiments, and they attributed this 
stimulation to utilisation of nitrogen introduced with the HS (see also 
Carlsson and Graneli 1993). Arvola et al. (1996) used enclosures in Lake 
P~ili.jarvi to study the effect of enrichment with HS (derived from the outflow 
of a bog in the catchment area) on the plankton community of the lake. 
Phytoplankton production and biomass showed no response to the added 
humus in spring or autumn experiments and in the summer experiment only 
a small and transitory stimulation, which was probably due to the small in
crement of phosphorus added with the humus. 

It should also be stressed that any possible depression of phytoplankton 
production by HS does not prevent many humic lakes from exhibiting all the 
characteristics of eutrophic lakes in terms of their phytoplankton biomass 
and species composition. Shallow humic lakes which receive heavy nutrient 
loadings, such as Lough Neagh in Northern Ireland and Tjeukemeer in The 
Netherlands, are amongst the most productive of studied temperate lakes 
and can produce phytoplankton biomass in excess of 100 mg chlorophyll 
a m-3 dominated in summer by filamentous cyanobacteria (Jewson 1976). 
Similarly, the deeper and partially meromictic lake, Lovojarvi, in southern 
Finland, which has high water colour (80 mg Pt 1-1 in the epilimnion), also 
supports a high summer phytoplankton biomass (approaching 100 mg chlo
rophyll a m-3) dominated by filamentous cyanobacteria (Keskitalo 1977; 
Jones and Ilmavirta 1978b). Therefore, although in principle the presence of 
high concentrations of HS in lakes will reduce the quanta available for phy
toplankton photosynthesis, it appears that in the majority of lakes studied 
this has negligible impact because phytoplankton development is con
strained by the availability of nutrients rather than quanta. 

A final aspect of the light climate of humic lakes with respect to phyto
plankton is the reduced penetration of UV-B radiation in humic waters com
pared with clear waters (Chapter 6). Since the impact of UV-B radiation on 
phytoplankton in freshwaters has recently been comprehensively reviewed by 
Karentz et al. (1994), it will be considered only briefly here. There is consid
erable evidence, especially from studies of marine phytoplankton, that pho
tosynthesis, primary productivity and growth can all be depressed by UV-B. 
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However, because UV-B attenuation by dissolved organic carbon (DOC) in 
freshwaters is generally greater than in the oceans (Kirk et al. 1994), lake 
phytoplankton may be less susceptible to changes in incident UV-B than ma
rine phytoplankton. This should be especially true in humic lakes, in which 
penetration of UV-B at potentially damaging intensities can be restricted to 
the top few centimetres of the water column. However, as Karentz et al. 
(1994) correctly caution, lakes are shallow relative to marine systems, so even 
small depths of penetration can influence a relatively large proportion of the 
water column. Besides any direct damaging effect on phytoplankton cells, 
UV-B can also affect motility of flagellates (Ekelund 1990, 1993), which is 
potentially important since flagellate vertical migrations are an important 
aspect of phytoplankton ecology in many humic lakes (Jones 1991). Moreo
ver, even moderate UV irradiance of humic water can induce an algicidal ef
fect which can persist for at least several days (Gjessing and Kallqvist 1991; 
Hessen and Van Donk 1994). 

7.3 Chemical Effects 

As complex organic compounds, dissolved humic substances in lakes might 
affect phytoplankton either by serving as a carbon/energy source or by their 
ability to interact with and modify the properties of other chemicals in the 
water. In recent years there has been much interest in the direct utilisation of 
HS within the food chains of humic lakes (Jones 1992), but this has mainly 
concerned humus and secondary production. It has long been known that 
many algae, including planktonic forms, are facultatively heterotrophic, ca
pable of uptake and metabolism of organic solutes (e.g. Sepers 1977; Sand
gren 1988). However, in virtually all reported cases the compounds involved 
were low molecular weight (MW) sugars, organic acids and amino acids, 
which typically are present only in very low concentrations in lakes (Wetzel 
1983), whereas gel filtration of lake humic substances suggests that the bulk 
of the HS carbon has a nominal molecular weight around 30000 or more 
(e.g. De Haan et al. 1987). Few experiments have been reported which di
rectly test the response of phytoplankton growth to HS. Tulonen et al. (1992) 
used ultrafiltration to fractionate the HS from the highly humic Lake 
Mekkojarvi, southern Finland, and then tested algal growth in the different 
fractions supplemented with inorganic nutrients and vitamins. No growth 
was observed at an irradiance of 2 fiE m-2 S-I in any of the fractions, sug
gesting that the algae could not grow heterotrophically using the HS carbon. 
At higher irradiance good growth was observed in all HS fractions except 
that with the smallest MW « 1 000) in which algal growth ceased at low den
sities. Since all essential nutrients and vitamins were added separately, the 
low MW fraction presumably had some effect, either phototoxic or on nutri
ent availability, which was suppressed in the presence of higher MW frac-
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tions of HS. On the basis of the present, limited evidence, it appears reason
able to conclude that HS do not make a significant direct contribution to the 
carbon/energy budgets of phytoplankton. 

One indirect effect of HS on phytoplankton is through a modification of 
the toxicity of metals. It is widely accepted that toxic metals have their great
est impact on phytoplankton and other organisms when present as free ions 
and that compounds which reduce the free ion activity, such as the chelator 
ethylene diamine tetra-acetic acid (EDTA), therefore reduce the toxicity of 
metals like copper (Anderson and Morel 1978). In natural waters, metal com
plexation appears to be mainly associated with dissolved organic matter. 
While this may include organic molecules released by algae, and especially 
cyanobacteria in eutrophic lakes (Simpson and Neilands 1976; McKnight and 
Morel 1980), in most lakes HS are more important complexation agents. 
Much work has been carried out on the effect of HS on copper toxicity to 
phytoplankton, presumably because of the past importance of copper as an 
algicide in water treatment. For example, Sunda and Lewis (1978) showed 
that the toxicity of copper to an estuarine diatom was reduced by dissolved 
HS in river water. An equivalent effect was found in the case of cadmium 
toxicity to the common test alga Selenastrum capricornutum (Sedlacek et al. 
1983). Hongve et al. (1980) reported that humic bog waters detoxified zinc, 
lead, mercury and copper with respect to natural phytoplankton assem
blages, although no significant effect was found with cadmium. 

However, in most freshwaters metal toxicity is not an important aspect of 
phytoplankton ecology. Of greater importance is the potential of HS to mod
ify the availability to and uptake by phytoplankton of essential metals such 
as iron and anionic nutrients (particularly phosphate) which may constrain 
phytoplankton growth. Early attempts to develop artificial growth media for 
algal culture quickly established that organic chelators (initially "soil extract" 
and later EDTA) are essential to prevent precipitation of iron from the me
dium and to maintain its availability to algae (Fogg and Thake 1987). In 
natural waters, humic substances are widely acknowledged to perform this 
function, and the enhancement of iron uptake in the presence of HS has been 
demonstrated in laboratory studies (e.g. Prakash et al. 1973). The precise 
mechanisms behind this enhanced uptake are still not really known despite 
more recent studies of aqueous iron chemistry and algal uptake (Anderson 
and Morel 1982). Nevertheless, the importance of che1ated iron as a potential 
limiting nutrient for freshwater phytoplankton has often been indicated (see 
Sandgren 1988), and Van Donk (1983, in Sandgren 1988) suggested that the 
near absence of chrysophytes from hard-water, alkaline lakes might be ex
plained by the low levels of dissolved organic carbon and hence of chelated 
iron in such lakes. Conversely, the frequent importance of chrysophytes in 
humic lakes (e.g. Eloranta 1986; Ilmavirta 1988) could be related to the 
greater availability of chelated iron or other essential micrometals in such 
lakes. It is also possible that in some circumstances humus-metal complexa
tion may depress biological activity; for example, Jackson and Hecky (1980) 
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attributed the reduced primary productivity they observed in humic waters 
to HS making iron less available to phytoplankton. 

Although the C:N ratios of HS are high (typically around 50:1; Wetzel 
1983) making them stoichiometrically unsuitable to support growth of or
ganisms, photochemical release of nitrogen, mainly as ammonium, has been 
suggested to be a potentially important mechanism in nitrogen-limited 
aquatic ecosystems (Bushaw et al. 1996). This could account for the increased 
nitrogen availability and stimulation of primary production observed in 
Swedish coastal waters following addition of riverine humic substances 
(Carlsson and Graneli 1993; Carlsson et al.I995). 

In addition to a direct effect on iron (and possibly nitrogen) availability, 
there is now extensive evidence that HS can also affect the chemical specia
tion and bioavailability of phosphorus in freshwaters. This effect probably 
occurs mainly through interaction of phosphate with humus-iron complexes. 
It has long been known that humic lake waters tend to exhibit higher total 
phosphorus concentrations than otherwise comparable clearwater lakes 
(Hutchinson 1957; Wetzel 1983; Kamari et al.1990). Meili (1992), in a study of 
18 Swedish forest lakes and streams, found that concentrations of total phos
phorus (TP) tended to increase with water colour and total organic carbon 
(TOC). Despite these generally higher concentrations of TP in humic waters, 
other studies (e.g. Jackson and Hecky 1980; Chow-Fraser and Duthie 1983, 
1987; Heyman 1983) have indicated that phytoplankton production and 
biomass development in humic lakes are frequently below that expected from 
widely used phosphorus loading models (Vollenweider 1968, 1975). These 
observations suggest that in humic lakes a higher proportion of TP is un
available to phytoplankton, and the most obvious explanation is that a part 
of the phosphorus is complexed with the humic substances. 

Progress in understanding the availability of phosphorus to phytoplank
ton in natural waters has been hindered by difficulties with the standard 
analytical techniques. It is generally acknowledged that free ionic ortho
phosphate is the form of phosphorus most readily exploited by phytoplank
ton (although organic phosphorus compounds may sometimes be taken up: 
Cembella et al. 1984; Bentzen et al. 1992; Cotner and Wetzel 1992). However, 
the standard acid-molybdate analytical technique for determining the con
centration of dissolved inorganic phosphorus not only lacks sensitivity but 
also is known to measure a variable proportion of acid-hydrolysable phos
phorus compounds as well as orthophosphate (e.g. Stainton 1980; Tarapchak 
et al. 1982). Ion chromatography can specifically detect orthophosphate, but 
still lacks sufficient sensitivity to be of use for water samples from most 
lakes. Nevertheless, there is some evidence that the concentration of dis
solved humic material (DHM) may directly affect the rate at which ionic or
thophosphate is taken up by plankton. Brassard and Auclair (1984) reported 
that planktonic orthophosphate uptake rates were mediated by the 1000 to 
10000 molecular weight fraction in Canadian Shield lakewater, while 
Francko (1986) found that Typha DHM, alone and with iron additions, could 
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dramatically stimulate or depress uptake of 32P04 by plankton particles in 
some Oklahoma lakes. These rather conflicting reports highlight the need for 
more work on the possible influence of DHM on planktonic uptake of of free 
ionic orthophosphate. 

Despite these problems, several studies have demonstrated that under 
various conditions DHM can associate with phosphate in the presence of 
iron (Francko and Heath 1979,1982; Stevens and Stewart 1982; De Haan and 
De Boer 1986) or manganese (Steinberg and Baltes 1984). However, the diffi
culties with direct chemical analysis of the phosphorus component have led 
several researchers to use radioisotopes of phosphorus to help elucidate the 
processes involved. Early isotope studies of planktonic phosphorus cycling 
(e.g. Lean 1973; Lean and Rigler 1974) which were carried out in relatively 
clear water lakes concluded that abiotic complexing of phosphate was unim
portant. Stewart and Wetzel (1981) first attempted to quantify interactions 
between 32p04 and DHM using gel filtration, but were unable to demonstrate 
any direct binding of phosphate to DHM. They attributed this "failure" to the 
high concentration of calcium carbonate in their sample water, since calcium 
carbonate colloids also bind phosphate, and speculated that in systems of 
lower alkalinity DHM-orthophosphate binding might be important in regu
lating bioavailability of orthophosphate. 

Jones et al. (1988) reported detailed studies of abiotic movements of ra
diolabelled orthophosphate to and from higher molecular weight fractions, 
apparently through complexation with DHM-Fe. Water samples from Finnish 
forest lakes with various humic contents were filtered through 0.2-J.1m pore
size filters, then the filtrate was sterilized by addition of NaN3 and spiked 
with 33P04. Following a period of incubation, the samples were run through a 
gel chromatography column containing Sephadex G-IOO gel, and the radio
activity was determined in the eluted fractions. Three peaks of radioactivity 
were consistently identified (Fig. 7.4): peak I had a nominal molecular weight 
of> 100000; peak II had a nominal molecular weight in the range 10000-
20 000; and peak III corresponded to free ionic orthophosphate. The move
ment of added 33p to these peaks was greater when water samples contained 
more DHM and more iron. Addition of excess free 31P04 caused displace
ment of 33P04 from the high molecular weight complexes, indicating that an 
equilibrium exists between free P04 and the DHM-Fe-P04 complexes; how
ever, this displacement was incomplete, suggesting that part of the P04 
within the complex is more firmly bound. More direct evidence for the co
involvement of iron in the formation of complexes between DHM and phos
phate was presented later by the same workers (De Haan et al. 1990) using 
double isotope labelling with 55Fe and 32p. During gel chromatography, co
elution of added 55Fe and 32p occurred within peaks I and II, but not peak III 
(Fig. 7.4). Moreover, particularly close co-elution of iron with DHM 
(estimated from UV absorbance) was observed within the peak-II band. 

The importance of such DHM-Fe-P complexes in regulating the availabil
ity of P to phytoplankton maybe considerable. In the absence of DHM, 
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phosphate can adsorb to ferric oxides and hydroxides (Lijklema 1980; Tip
ping 1981) and is effectively precipitated by ferric iron compounds (Hsu 
1976; Stumm and Morgan 1981; Shang et al. 1992). The presence of even 
moderate amounts of DHM can substantially reduce such precipitation. For 
example, Jones et al. (1988) showed that 33P04 added to Milli-Q water re
mained in solution, but in the presence of added ferric chloride the 33p was 
all retained by a 0 .2 Ilm filter (Fig. 7.5). However, when the same procedure 
was applied to filtered water from lakes with even small concentrations of 
DHM, most of the added 33p passed through the filter. 
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Fig. 7.5. Proportion of 33p retained by 0.2-1Jl11 Nuclepore filter following addition of 33P04 to 
"Milli-Q" water (MQ) and water samples from three lakes of increasing humic content: Iso 
Valkjarvi (IV), Alinen Mustajarvi (AM) and Mekkojarvi (M). Iron (as ferric chloride) was first 
added to the samples in concentrations of 0, 0.1 , 0.5 or 1 mg Fe 1-1. (Jones et a1.1988) 

Shaw (1994) demonstrated a similar effect using water from a range of 
lakes of different ionic strength and DHM content. Humic waters of low and 
high ionic strength were able to maintain added 55FeCh and 32p04 in 
"solution" (i.e. < 0.2 ~m) under all pH conditions, whereas in samples from 
clear water lakes much of the added 55Fe and, to a lesser extent, the added 33p 
was in particulate form. The mechanism by which DHM maintains iron and 
phosphate in "solution" is still not fully understood. Shapiro (1967) proposed 
that inorganic colloids containing Fe (and by implication P) may be peptized 
by surface adsorption of DHM. Levesque and Schnitzer (1967) suggested that 
iron forms a "bridge" between HS and phosphate molecules to allow the 
creation of HS-Fe-P04 complexes. Probably both mechanisms can occur si
multaneously (e.g. De Haan 1982; De Haan and De Boer 1986) and may ac
count respectively for the peak I and peak II material identified in the gel 
chromatographs of Jones et al. (1988). De Haan et al. (1990) concluded, from 
refractionation of the peak II material, that Fe was bound more tightly than 
P04, suggesting that the material is a DHM-Fe complex to which P04 can be
come reversibly attached. 
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Although DHM can evidently prevent iron, and therefore also phosphate, 
from precipitating and being lost from the water column, phytoplankton still 
need to be able to access the nutrients within the DHM-Fe-P04 complex if 
these nutrients are to be considered bioavailable. It has been demonstrated 
that variable quantitites of high MW forms of P can be utilised by algae 
(Downes and Paerl 1978; White and Payne 1980; McGarrigle and Kilmartin 
1992), so it is possible that algae may be able to access P04 directly from the 
complexes. However, it seems more probable that algae take up the P04 as it 
is released from the complex. As noted above, at least part of the P04 associ
ated with these complexes is in equilibrium with free ionic P04 and hence 
can be released if the equilibrium conditions change Oones et al. 1988; De 
Haan et al. 1990), for example by a fall in free ionic P04 concentration as a 
consequence of algal uptake. This regeneration of free ionic P04 from DHM
Fe-P04 complexes can be enhanced by photolysis, particularly by UV radia
tion apparently photoreducing iron to the ferrous state, thereby altering the 
ability of the DHM-Fe complex to bind P04 (Francko and Heath 1979,1982). 
This photoreduction process is reversible with both UV-sensitive phosphorus 
and ferric iron being regenerated when irradiated samples were incubated in 
the dark, and may be the same as the photochemical ferrous-ferric catalytic 
cycle reported from humic waters by Miles and Brezonik (1981). 

Phytoplankton can also gain access to phosphorus in high molecular 
weight compounds through enzyme-mediated hydrolysis of substrates such 
as phosphomonoesters (PME). Both membrane-bound and free phosphatase 
enzymes can be involved, and numerous studies have documented increased 
phosphatase activity under conditions of plankton phosphorus deficiency 
(e.g. Chr6st 1990). Most studies have focused on alkaline phosphatases, but 
acid phosphatases may be more important in lakes with low pH (Olsson 
1983), a category which includes many oligotrophic humic lakes. Munster 
et al. (1992) studied extracellular enzyme activity in Mekkojarvi in southern 
Finland, a polyhumic lake with mean pH 5.4, and found that phosphatases 
(as well as other enzymes) had their maximum activity at pH 5.4, with a 
smaller peak of activity at pH 8.5. Community alkaline phosphatase activity 
has been reported to be stimulated by additions of DHM (Stewart and Wetzel 
1982; Auclair et al. 1985; Francko 1986), although Francko (1986) also found 
depression of enzyme activity by some size classes of DHM from certain 
lakes. Stewart and Wetzel (1982) hypothesised that DHM might also seques
ter PME compounds, thus affecting their capacity to yield phosphorus to 
phytoplankton; however, Francko (1986) reported that DHM addition to wa
ter samples from four Oklahoma lakes actually resulted in increased PME 
concentrations after 1 h of incubation, so this aspect of DHM involvement in 
phosphorus cycling remains highly questionable. 

It is evident that phosphorus cycling in the plankton of humic lakes is 
likely to be more complex than in clearwater lakes lacking appreciable con
centrations of DHM. As yet, the nature of the interactions of DHM with the 
various processes within the phosphorus cycle are incompletely understood, 
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and further research is urgently needed. The capacity of DHM to reduce pre
cipitation of phosphate with iron and other metals should help to maintain 
the pool of phosphorus in the water column, in which case the DHM-Fe-P04 
complexes in humic lakes can be viewed as a reservoir of potential phospho
rus for the plankton. However, since phosphate is the form of phosphorus 
most readily utilised by phytoplankton, any sequestration of phosphate by 
humic substances, in combination with iron, must reduce the instantaneous 
bioavailability of phosphorus. Availability of this phosphorus over time will 
then depend on the phosphorus-release kinetics, either through chemical 
equilibration with the changing free orthophosphate pool or mediated by UV 
radiation. The latter will be highly dependent on the depth of penetration of 
UV relative to the depth of the mixed layer. Radiotracer studies in a eu
trophic lake (Levine et al. 1986) and in an enclosure within a small humic 
lake (Salonen et al. 1994) both indicated restricted labelling of the total dis
solved phosphorus even after a period of 2-3 weeks, suggesting only very 
slow turnover of the larger part of the total dissolved phosphorus pool, par
ticularly in humic lakes. Any reduction in immediate bioavailabilty of phos
phate as a consequence of high concentrations of DHM might be expected to 
favour phytoplankton with either higher affinity for phosphate or alternative 
strategies for satisfying their phosphorus requirements, such as diurnal mi
gration to phosphate-rich deeper water (e.g. Salonen et al. 1984) or ingestion 
of phosphorus-containing particulate material (e.g. Nygaard and Tobiesen 
1993). These strategies are considered in the Section 7.4. 

COMPLEX P 
SOURCE 

P-REGENERATIVE : 
MECHANISM 

Phospho
monoesters 

?~ . : 

~ . . .. . 

Fig. 7.6. Conceptual diagram of a continuum model of epilimnetic phosphorus cycling. Trans
formations of phosphorus between pools (in boxes) are indicated by solid lines, and mediating 
influences of DHM by dotted lines. (Redrawn from Francko 1990) 
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Francko (1986, 1990) has proposed a conceptual model of epilimnetic 
phosphorus cycling (Fig. 7.6). This model recognises three major sources of 
complexed phosphorus (PME, non-DHM colloidal phosphorus and DHM
Fe-P04 complexes), as well as three major orthophosphate regenerative 
mechanisms (phosphatase activity, colloidal displacement and UV photore
duction) which can co-occur in lakes. The relative importance of the major 
sources of complexed phosphorus and of the phosphorus regeneration 
mechanisms can vary between lakes. In clearwater or eutrophic lakes, enzy
matic regeneration of phosphorus from phosphomonoesters may be most 
important, whereas in oligotrophic but polyhumic lakes the role of Fe-DHM
P04 complexes and the UV-promoted release from them of P04 should be 
much more significant. Francko emphasised that a given system could lie 
anywhere between two extreme ends of the spectrum represented by the 
model in terms of the relative importance of the phosphorus sources and re
generative mechanisms, and hence called his proposal a "continuum model 
of epilimnetic phosphorus cycling". An extremely important consequence of 
this concept is that, at least in terms of phytoplankton and nutrients, it is not 
possible to classify lakes definitively as "humic" or "clearwater"; all lakes 
have some content of DHM, and that DHM content will vary along a con
tinuous gradient from scarcely detectable in some lakes to the high DHM 
content that gives the most humic lakes their rich-brown colour. The impact 
on phytoplankton communities can be expected to be equally various. 

7.4 Adaptations by Phytoplankton in Humic Lakes 

The influence of HS on the light climate experienced by phytoplankton has 
been evaluated earlier (Section 7.2). There it was shown that, although the 
spectral quality of underwater irradiance is clearly altered by the presence of 
HS, there is little real evidence that this has any marked effect on the pig
mentation of phytoplankton in humic lakes and hence on the structure of 
the phytoplankton community. However, it is frequently assumed that the 
much more rapid attenuation of total PAR in humic lakes, with the conse
quent compression of the euphotic zone, will have a more profound impact 
on phytoplankton ecology. 

Calculations presented in Section 7.2 showed how phytoplankton will 
compete more effectively with HS for available quanta when phytoplankton 
biomass is high. In eutrophic lakes with high phytoplankton biomass the loss 
of quanta to HS will have little impact on phytoplankton production, so that 
some humic lakes such as Lough Neagh (Jewson 1976) can be among . the 
most productive known. In oligotrophic lakes the situation is different and 
there is the real possibility that photosynthetic production, and hence phyto
plankton growth, might be seriously restricted by interception of available 
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quanta by HS. This potential effect would be minimised if the phytoplankton 
biomass could be concentrated as near to the surface as possible. 

To some extent this is achieved inadvertently, at least in small, sheltered 
lakes in which the depth of mixing and the depth of the euphotic zone both 
decrease as water colour increases (Fig. 7.2). In addition, their potential abil
ity to regulate their vertical position in order to maximise their photosyn
thetic efficiency has led to the argument that motile or buoyant algae might 
be particularly favoured in humic lakes with poor light penetration (e.g. Il
mavirta 1983). Certainly several studies of groups of polyhumic lakes have 
emphasised the high proportion of flagellates in their phytoplankton com
munities (e.g. Croome and Tyler 1988; Ilmavirta 1988). However, clearwater 
lakes within the same group of lakes can also have a high proportion of flag
ellates, so that no clear relationship between water colour and the proportion 
of flagellates in the phytoplankton has been established (Jones and Arvola 
1984; Ilmavirta 1988). 

In fact, many of these studies have been of groups of small lakes, often in 
forested catchments providing shelter from wind, and characterised by re
duced turbulence and a shallow epilimnion. Under these environmental con
ditions, the motility afforded to flagellate species of phytoplankton may be 
important as an adaptation to avoid settling out from a low-turbulence water 
column with a shallow mixed layer, rather than any response to the irradi
ance conditions (Jones 1991). In a survey of 54 small lakes in southern Fin
land, Arvola (1986) reported diatoms (which tend to have particularly high 
sinking rates because of their heavy silica cell walls) to be uncommon in the 
spring phytoplankton, but in greater abundance in the larger, less sheltered 
lakes. Interestingly, following clearance of the forest around one of the small 
lakes in 1982, the depth of spring mixing increased and the diatom Aste
rio nella formosa became temporarily abundant in the phytoplankton (L. Ar
vola, pers. commun.). Larger humic lakes with greater turbulent mixing, al
though exhibiting strong representation of flagellates in their phytoplankton, 
typically show a more diverse phytoplankton community, including a high 
proportion of diatoms (e.g. Eloranta 1986; Jones et al.I996). 

In small, sheltered, humic lakes, nutrient depletion of the shallow, mixed 
layer can occur particularly rapidly in the spring. This can quickly lead to a 
particularly distinct spatial segregation of the key resources required by 
phytoplankton, with irradiance restricted to the shallow euphotic zone and 
adequate nutrient supplies only available below the thermocline. Although 
these conditions develop in many different kinds of lakes, their vertical com
pression in small humic lakes means that the distance separating the verti
cally segregated resources is usually very small, so that even small flagellates 
capable of vertical relocations of only some hundreds of centimetres can 
gain access to both adequate irradiance near the surface and nutrients deeper 
in the water column. Considerable evidence has accumulated over recent 
years that many flagellates in humic lakes undertake diurnal vertical migra
tions (DVM) which permit them to access irradiance near the surface during 
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daylight hours and nutrients at or below the thermocline during the night 
(Jones 1991, 1993). Studies conducted over successive 24-h periods have 
demonstrated the regularity of these migrations (Arvola et al. 1987), while 
convincing evidence that this DVM behaviour allows flagellates to retrieve 
nutrients such as phosphorus from deep water reserves has been provided by 
experiments using radioisotope tracers (Salonen et al. 1984). In larger lakes, 
in which resources are segregated over greater distances, the possibilities for 
flagellates to circumvent this segregation by means of DVM are reduced be
cause of the limited amplitude of DVM. Although the greatest amplitude of 
DVM by a freshwater flagellate reported to date appears to be the 18-m mi
grations of a Volvox sp. in tropical Lake Cahora Bassa, Mozambique (Sommer 
and Gliwicz 1986), most reported flagellate migrations have an amplitude 
around 5 m or less (Sommer 1988). 

It is now well established that some photosynthetic phytoplankton are ca
pable of ingesting and digesting bacteria to utilise the materials within the 
bacterial cell. Phytoplankton which combine autotrophic photosynthesis 
with ingestion of bacteria display a mixotrophic mode of nutrition. Mixotro
phy is actually exhibited by a wide range of planktonic organisms (Jones 
1994), but is particularly prevalent among the chrysophyte flagellates which 
are often an abundant component of the phytoplankton in humic lakes. 
Mixotrophy in photosynthetic cryptophyte flagellates, which are also wide
spread in humic lakes, appears to be of only limited importance (Tranvik 
et al. 1989). Early reports of mixotrophy as important in the ecology of phy
toplankton emphasised the ingestion of bacteria as a means to supplement 
the carbon budget of algae growing under conditions of light limitation (Bird 
and Kalff 1986, 1989), which could be applicable to phytoplankton in humic 
lakes. Alternatively, ingestion of bacteria could be more advantageous in pro
viding mixotrophic phytoplankton which are photosynthetically competent 
with an alternative source of nutrients such as phosphorus (Nygaard and 
Tobiesen 1993) or iron (Veen 1991) during times of nutrient limitation. Given 
the likely accentuated problem of availability of phosphorus in humic lakes 
due to the formation of complexes with HS and iron (Section 7.3), it may well 
be that in humic lakes mixotrophy by phytoplankton is primarily a nutrient 
acquisition strategy. The generally greater biomass of bacteria in humic lakes 
(Hessen 1985; Tranvik 1988) would facilitate this strategy, particularly since 
bacterial cells tend to have relatively high phosphorus:carbon ratios (e.g. 
Fagerbakke et al. 1996). 

Experimental evidence from field studies is needed to clarify these rela
tionships. One recent study by Jansson et al. (1996) using nutrient enrich
ment experiments in enclosures in humic Lake Ortrasket in northern Sweden 
suggested that obligate autotrophic phytoplankton were phosphorus limited 
and relatively scarce, whereas the mixotrophic flagellates, which dominated 
the phytoplankton community, exhibited nitrogen limitation induced by 
grazing of phosphorus-rich bacteria. Nutrient limitation and interactions 
between bacteria and phytoplankton are considered further in Chapter 8. 
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However, it is worth emphasising that mixotrophic phytoplankton are by no 
means restricted to humic lakes (e.g. Sanders et al. 1989; Berninger et al. 
1992), nor even to oligotrophic environments (Sanders 1991). 

7.5 Phytoplankton Community Structure in Humic Lakes 

Sections 7.2 and 7.3 have considered the ways in which humic substances can 
modify the physical and chemical environment experienced by phytoplank
ton in lakes, and some of the adaptations, including behavioural strategies 
such as vertical migrations and mixotrophy, which, although by no means re
stricted to phytoplankton in humic lakes, may be of particular value in 
helping to cope with this modified environment. Therefore it is logical to 
conclude by considering whether "humic lakes" do in fact represent a suffi
ciently distinctive environment for phytoplankton that they support charac
teristic phytoplankton species assemblages clearly distinguishable from the 
assemblages found in clearwater lakes. 

Hutchinson (1967) reviewed phytoplankton associations in different lake 
types, including an historical perspective. He naturally emphasised the gra
dient from oligotrophic to eutrophic introduced by Naumann (1919), but 
noted that Thienemann (1925) had added a third lake category, dystrophic, 
"because the brown peaty waters of many of the lakes of the mountains of 
northern Europe seemed to support a different plankton association from 
that of the deep blue or blue-green oligotrophic lakes of central Europe". 
Hutchinson also cited the extensive study of Finnish lakes by Jarnefelt (1956) 
in which the lakes were divided into two groups according to their produc
tivity and again into two groups according to humic water colour (chthonio
trophy), resulting in four lake classes. This typology was discussed further by 
Jarnefelt (1958). The phytoplankton associated with the four lake classes 
were clearly determined primarily by the gradient of productivity from 
oligotrophic to eutrophic; the only influences of water colour noted by 
Hutchinson were "a tendency for diatoms to become increasingly dominant 
with increasing chthoniotrophy" and that "chrysophycean plankton oc
curred in all kinds of lakes, but apparently more commonly in the more hu
mic waters". As noted in Section 7.3, this latter feature may be related to the 
greater iron chelation in humic lakes. 

More recent comprehensive surveys of phytoplankton assemblages in re
lation to water colour are rather few. Ilmavirta (1980, 1983) studied the phy
toplankton in more than 30 brown-water lakes in four lake chains with dif
ferent trophic state in southern Finland. Diatoms were abundant in all lake 
types. Chlorophytes and cyanobacteria were dominant in more eutrophic 
lakes, while cryptophytes and chrysophytes were more abundant in the 
oligotrophic brown waters. Eloranta (1986) examined the summer phyto
plankton in 58 lakes in central Finland. covering a range from oligotrophic to 
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eutrophic. Many of these lakes had high water colour due to humic sub
stances, but there was no clear influence of water colour on phytoplankton 
biomass or species composition. In a later study, Eloranta (1995) reported a 
survey of the summer phytoplankton in 103 lakes in 14 national parks in 
central and southern Finland, most of which were oligotrophic. Surprisingly, 
phytoplankton biomass was positively correlated with water colour (but r2 
was only 0.08), although this was considered an artefact of the active con
centration of flagellate algae in some of the highly humic lakes at the stan
dard sampling depth of 0.5 m. Number of taxa was negatively correlated with 
water colour, but again the r2 was very low (0.04). Cluster analysis grouped 
the phytoplankton from the lakes into 9 main community types which sug
gested that those lakes in which cryptophytes and chrysophytes were domi
nant in the summer phytoplankton had high average water colour, whereas 
those dominated by dinophytes and chlorophytes were clear water lakes. 

Willen et al. (1990) surveyed the summer phytoplankton in 73 mainly 
oligotrophic lakes in Sweden. Lake types were identified using both 
TWINSPAN classification and CANOCO ordination. Humic lakes mainly fell 
within a group with the dinophytes Peridinium spp. as characteristic phyto
plankton, but also with the large raphidophyte flagellate, Gonyostomum se
men, very frequent. However, these were humic lakes in southern Sweden af
fected by anthropogenic acidification which has lowered the pH by 1-2 units 
since the 1930s. Indeed, since many humic lakes may be naturally acidic or 
affected by anthropogenic acidification, it can be difficult to distinguish the 
effects of HS and acidity on phytoplankton community structure. 

Earle et al. (1986) analysed the phytoplankton composition in 95 Labrador 
lakes in north-east Canada. A complete-linkage cluster procedure was used 
to examine the phytoplankton data for evidence of species associations (Le. 
groups of co-occurring species having similar reactions to properties of the 
environment). Eight different species associations were identified. Correla
tion of the algal taxa comprising these associations with 22 measured envi
ronmental variables identified six derived environmental factors which could 
explain a significant part of of the variability in the phytoplankton data. One 
of these six factors, which explained 25% of the variance, was highly corre
lated with water colour, DOC, total dissolved solids, turbidity and sulphate, 
and was considered by Earle et al. (1986) to be a "dystrophy" factor. However, 
they also pointed out that low pH is associated naturally with highly col
oured dystrophic lakes, which again highlights the difficulty of distinguish
ing pH effects from those of dissolved HS per se in determining phyto
plankton composition in such lake surveys. In fact, when Arvola et al. (1990) 
studied 32 small lakes in southern Finland with a range of water colour and 
pH, they found no clear evidence that humic content affects algal composi
tion, but emphasised the importance of pH as a factor regulating the phyto
plankton community. 

Thus the limited available evidence does not provide strong support for 
the view that humic lakes have a characteristic phytoplankton assemblage, 
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although chrysophyte and cryptophyte flagellates do seem to be particularly 
well represented in nutrient-poor humic lakes. The most comprehensive 
analysis of phytoplankton community structure and its relation to environ
mental variables is that developed by Reynolds (1980, 1984a, 1984b, 1997). 
The generalised scheme put forward by Reynolds emphasises the interaction 
between turbulent mixing (or the stability of the water column) and the con
centrations of nutrients, especially phosphorus and nitrogen. While Reynolds 
has not explicitly considered coloured, humic lakes in his scheme, it appears 
to cope with their phytoplankton assemblages reasonably well. 

Humic lakes subject to high nutrient loading appear to be largely indistin
guishable from other eutrophic lakes with respect to their phytoplankton. 
Shallow, well-mixed, eutrophic humic lakes have a phytoplankton dominated 
by cyanobacteria (especially Oscillatoria agardhii and Oscillatoria redekei), 
with important contributions from diatoms (especially Stephanodiscus spp.) 
in spring (e.g. Lough Neagh, Northern Ireland: Gibson 1993). This phyto
plankton assemblage is equally characteristic of similar lakes which lack a 
high humic content (e.g. Loch Leven, Scotland: Bailey-Watts 1978). Eutrophic 
lakes that stratify in summer typically then develop a phytoplankton char
acterised by cyanobacteria such as Anabaena, Aphanizomenon and Micro
cystis and, in a later phase, the dinoflagellate Ceratium. This phytoplankton 
community can equally be found during summer stratification in eutrophic 
humic lakes (e.g. Lovojarvi, southern Finland: Jones and Ilmavirta 1978; Il
mavirta 1982; see also Eloranta 1986). 

According to the scheme developed by Reynolds, nutrient-impoverished 
water columns of low stability will be dominated by diatoms: Cyclotella spp. 
and Rhizosolenia spp. in oligotrophic conditions with Asterionella formosa, 
Aulacoseira (Melosira) italica and Synedra spp. appearing under more 
mesotrophic conditions. These species are equally characteristic of oligo
trophic, humic lakes under well-mixed conditions (e.g. Paajarvi, Finland: Il
mavirta and Kotimaa 1974; Loch Ness, Scotland: Jones et al. 1996). When the 
water column stability increases during summer stratification, Reynolds' 
scheme predicts that the phytoplankton of these nutrient poor lakes should 
be characterised by chrysophytes or volvocales, with possible contributions 
from dinoflagellates and desmids. Again, humic lakes broadly fit within this 
scheme (Ilmavirta 1982), the main anomaly being the great importance in 
humic lakes of cryptophytes, a group which Reynolds is unable to link to any 
particular environmental conditions and considers ubiquitous. The observa
tion that small, sheltered lakes can be dominated at all times by small flagel
lates, mainly cryptophytes and chrysophytes (Jones and Arvola 1984; 
Croome and Tyler 1988; Ilmavirta 1988), is accounted for under Reynolds's 
scheme by the combination of high water column stability and nutrient 
shortage which characterises these lakes through most of the year. This can 
apply irrespective of the humic content of the lakes, although both water col
umn stability and nutrient unavailability may be accentuated in lakes with a 
high content of HS. 
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In conclusion> there appears to be no reason to suppose that "humic lakes" 
will consistently exhibit a particular and characteristic phytoplankton com
munity. The phytoplankton composition in any lake is the outcome of com
petition between species for the resources (light and nutrients) n'eeded to 
support growth> modified by their ability to resist losses from the water col
umn (due to sinking and grazing). Water column stability, nutrient availabil
ity and grazing pressure are the key environmental factors for the phyto
plankton. High concentrations of HS in lakes may modify the impact of these 
key factors but do not override their influence. However> HS can have a direct 
impact on other components of the plankton community in lakes> most no
tably the bacterioplankton> and this in turn may indirectly influence the 
function and importance of phytoplankton in the food chains of some humic 
lakes. These aspects of the ecology of humic lakes are addressed in Chapters 
8 and 10. 

7.6 Summary 

It is important to emphasise that all lake waters contain some HS of al
lochthonous origin. Therefore> "humic lakes" with high water colour must be 
seen as lying towards one end of a continuum between lakes with low con
centrations of HS and lakes with high concentrations. From this perspective> 
it is unlikely that humic lakes will exhibit completely distinctive characteris
tics; rather it may be supposed that the balance between various physical> 
chemical and biological processes will progressively shift as the content of 
HS in lakewater increases. This concept is well illustrated by the impact of HS 
on the ecology of phytoplankton. 

The physical environment experienced by phytoplankton is influenced by 
the presence of HS. Both the spectral quality and the total available PAR from 
incoming solar radiation are affected by HS> but the latter appears to have the 
more important effect on phytoplankton. Absorption of PAR by HS can be 
regarded as a form of competition with phytoplankton for available quanta. 
When phytoplankton biomass is high> the proportion of available quanta 
"lost" to HS is small. However, when phytoplankton biomass is low> even 
moderate concentrations of HS can capture an appreciable proportion of 
total available quanta and> particularly under conditions of deep mixing> this 
can place phytoplankton growth under light limitation. This problem is off
set to some extent in small lakes by an inverse relationship between mixing 
depth and water colour. 

The chemical environment experienced by phytoplankton is also influ
enced by the presence of HS. There is no evidence that direct uptake of HS 
makes a significant contribution to the carbon/energy budgets of phyto
plankton. Although HS are known to modify the toxicity of heavy metals> 
and possibly other pollutants, in most freshwaters metal toxicity is not an 
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important aspect of phytoplankton ecology. Of greater importance is the 
potential of HS to modify the availability to phytoplankton of essential nu
trients such as iron and phosphate. Chelation of iron by HS may be an im
portant factor contributing to the relative importance of chrysophyte algae 
in humic lakes and their scarcity in hard-water, alkaline lakes. There is exten
sive evidence that HS affect the chemical speciation and bioavailability of 
phosphorus in freshwaters. This effect probably occurs mainly through inter
action of phosphate with HS-iron complexes. Release of complexed phos
phate is promoted by UV radiation. 

Surveys of phytoplankton communities from a wide range of lakes, in
cluding lakes of differing HS content, highlight the difficulties in such sur
veys of disentangling the possible effects of HS from those of other environ
mental factors such as pH. However, the limited available evidence does not 
provide strong support for the view that humic lakes have a characteristic 
phytoplankton assemblage, although chrysophyte and cryptophyte flagel
lates do seem to be particularly well represented in nutrient-poor humic 
lakes. Generalised schemes which attempt to explain variations in phyto
plankton community. structure by reference to water column stability, nutri
ent concentrations and irradiance on the whole appear to cope adequately 
with the phytoplankton assemblages of humic lakes. 
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8 Nutrient Limitation and Bacteria -
Phytoplankton Interactions in Humic Lakes 

Mats Jansson 

8.1 Nutrient Limitation in Lakes 

In most lakes, nutrient limitation is synonymous with P-limitation. Low con
centrations of P restrict the productivity of freshwater organisms and fresh
water ecosystems, a fact that has been stressed over the years by algal physi
ologists (Beijerinck 1890; Pringsheim 1912; Tilman et al. 1982) and limnolo
gists (Rodhe 1948; Vollenweider 1968; Sakamoto 1966; Schindler 1977). Al
though other elements than P sometimes may limit the growth of certain 
members of the phytoplankton, i.e. Si for diatoms (Tilman et a1.l982), Se for 
Peridinium cinctum (Lindstrom and Rodhe 1978) and N for cyanobacteria 
(Schindler 1977), the role of P as the key limiting inorganic nutrient for the 
productivity of freshwater ecosystems is today accepted and little questioned 
(Shapiro 1988). The convincing results of P addition to whole lakes in the 
Experimental Lakes Area in Canada in the 1970s (Schindler 1977) put an end 
to the discussion about nutrient limitation in lakes for some decades. 

Early studies treated limiting nutrients in terms of nutrient access to 
phytoplankton, since phytoplankton, at least in systems dominated by pela
gial production, were considered to be the base for the total production of 
lakes. After the introduction of the microbial loop concept (Azam et al. 
1983), and the realization that bacteria are superior competitors for low P 
concentrations (Currie and Kalff 1984a-c; Jansson 1988; Vadstein et al. 1988), 
much of the concern for limiting nutrients shifted from the question of 
which nutrients are limiting, to studies on how the limiting nutrient, i.e. P, is 
shared between bacterioplankton and phytoplankton and other components 
of the food web. The most commonly accepted model predicts that bacteria 
win the competition for low P concentrations as long as their energy supply 
is sufficient (Currie and Kalff 1984c; Jansson 1993; Kirchman 1994). Since the 
major energy source for pelagic bacteria is carbon from the photosynthesis, 
phytoplankton can control the energy supply to the bacteria. The energy 
supply for bacteria is therefore restricted if the P supply to the algae de
creases too much. The bacterial production then decreases and more P is al
located to phytoplankton, that start to produce more carbon for the bacteria, 
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and so on (Currie 1990) The model is consistent with the view that P is the 
limiting nutrient, since both bacteria and phytoplankton production will ul
timately be determined by P availability. 

The nutrient supply and availability of limiting nutrients is not only de
pendent on the amount and quality of external loading. Interactions within 
the food web, e.g. grazing and excretion of dissolved nutrients from flagel
lates and zooplankton, may increase the turnover and supply of bioavailable 
nutrient fractions. Grazing on bacteria by flagellates can be a significant nu
trient source for phytoplankton by excretion of dissolved nutrients (Rot
haupt 1992). The quality and N:P ratio of excreted nutrients depend on 
grazer species composition (Sterner 1989). Moreover, different phytoplank
ton may have different requirements of nutrients as indicated by the highly 
variable N:P ratios in different phytoplankton species (Cembella et al. 1984). 
The limiting nutrient concept on the organism level is thus more complicated 
than on the system level. It is likely that the species composition of plank
tonic communities is largely influenced by interactions within the food web 
which more or less continuously alter the supply of available nutrients in 
different ways. However, it is not possible to dismiss the P limitation concept 
for whole lake ecosystems. The empirical evidence for that increased P supply 
increases the productivity oflakes is too strong (Schindler 1977). 

Very few studies on nutrient limitation have been performed in humic 
lakes and the experiences from oligotrophic and eutrophic lakes are not nec
essarily applicable to brown water, dystrophic lakes. On the contrary, it seems 
as if humic lakes do not follow the relationships between nutrient concentra
tion and biological responses established with data from other lake types. 
Primary production and phytoplankton biomass are often lower in humic 
lakes than what theoretically can be predicted from the P loading (Arvola 
1984; Guildford et al. 1987). Heyman and Lundgren (1988; Fig. 8.1) showed 
that phytoplankton biomass and lake carrying capacity of phytoplankton in 
relation to total P concentration was inversely related to water colour, i.e. 
humic lakes produce less phytoplankton per P unit than non-humic lakes. 
Fig. 8.1 indicates low availability of P to phytoplankton in humic lakes or that 
some other factor than the P concentration limits the buildup of phyto
plankton biomass. Ramberg (1979) argued that the biomass of phytoplank
ton was regulated by P supply and the light climate. Blomqvist et al. (1981) 
concluded that the primary production in Lake Siggeforasjon, Sweden was 
not regulated by P concentration and that the content of inorganic N in the 
epilimnion was too low to sustain the observed plankton production. Ex
periments in humic Finnish lakes have suggested that there was a balance 
between Nand P limitation (Jones 1990). 

In short, it appears as if a smaller share of the total P concentration is allo
cated to phytoplankton biomass in humic lakes than in non-humic lakes. On 
the other hand, there is no consensus on limiting nutrients in brown water 
lakes. Biological production in humic lakes can be P-limited, N-limited or 
N+P-limited according to the literature. However, none of the possibilities is 
supported by strong empirical or experimental evidence. 
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Fig. 8.1. The relation between summer means of phytoplankton biomass (filled circles) and lake 
carrying capacity for phytoplankton (crosses) per unit of total P and water colour in five Swed
ish lakes. A Lake Erken, V Lake Vitalampa, SLake Siggeforasjon, BLake Botjarn, 0 Lake Or
trasket. (Modified from Heyman and Lundgren 1988; all data except for Lake Ortrlisket from 
Heyman and Lundgren 1988) 

8.2 Influence of Humic Substances on Growth and 
Nutrient Demand of Bacterioplankton and Phytoplankton 

Humic substances affect the prerequisites for nutrient uptake and planktonic 
production in several ways. First, humic substances absorb light and restrict 
the penetration of photosynthetic active radiation (PAR). The trophogenic 
layer is considerably thinner in humic lakes than in clearwater and moder
ately eutrophic lakes. In typical humic lakes with total organic carbon (TOC) 
concentrations > 5 mg rl and chlorophyll a concentrations of a few Ilg L-1 

only a few percent of the PAR are captured by phytoplankton, which is about 
one magnitude less than in clearwater lakes (Jones 1992). Light adsorption 
by humic substances thus restricts the effective light climate in the 
epilimnion (Ramberg 1979; Heyman 1983). On the other hand, the heat ad
sorption of humic material means that humic water warms up quickly and 
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summer stratification in temperate lakes gives thin epilimnia; the circulating 
layer is often only 1-2 m thick, sometimes even less (Jones 1992; Jones, this 
Vol.). Planktonic particles, randomly distributed in the epilimnion, may 
therefore be continuously dispersed within the light-saturated zone. How
ever, the net effect of humus on phytoplankton production is that photo
synthesis is aggravated. Humic compounds restrict the lake water volume 
available for photosynthesis and thereby also the amount of nutrients that 
can be extracted for phytoplankton production. 

Second, humic substances serve as an energy source for bacteria which 
leads to considerably higher bacterial production than what can be postu
lated from primary production (Tranvik 1988,1989; del Giorgio and Peters 
1993; Hessen et al. 1994). Bacterial biomass shows a positive correlation with 
humic content (Johansson 1983; Arvola 1984; Jones 1992) and bacterial pro
duction may be several times higher than phytoplankton production in hu
mic lakes (Tranvik 1989; Jansson et al. 1996). Bacterioplankton appear to be 
able to use less than 10% of the total allochthonous organic carbon (Moran 
and Hodson 1990), but allochthonous organic carbon is, nevertheless, suffi
cient to sustain up to 90 % of the bacterial production in humic lakes 
(Hessen 1992). The bacterial degradation of humic compounds is probably 
enhanced by photo-oxidation, whereby complex recalcitrant compounds are 
degraded to more available smaller organic molecules (Lindell et al. 1995). 
The conditions in humic lakes, dictated by the characteristics of al
lochthonous carbon compounds, thus favour bacterial production and ag
gravate phytoplankton production. The flux of nutrients between bacteria 
and phytoplankton is, accordingly, different from that in other types of lakes. 

8.3 Nutrients in Humic Lakes 

Humic material is the main carrier of Nand P in brown water lakes. Nitrogen 
is the most common limiting nutrient in terrestrial forest ecosystems in tem
perate regions. The export of inorganic N to groundwater and surface water 
is therefore small, and the bulk of dissolved N is bound in humic structures. 
Total N concentrations in temperate brown water lakes are typically 300-
500 jlg rl while the inorganic N fractions are close to detection limits (Ram
berg 1979; Jansson et al. 1996). The bioavailability of humus N is little 
known. 

P concentrations may be rather high in humic lakes. Concentrations of 
between 10 and 25jlg P rl are typical (Jansson et al. 1996). Most of the P is 
associated with humus colloids in iron-phosphorus-humus complexes (Ohle 
1935; Tipping 1981). The negative surface charge of the complexes (W, COO
and other functional groups of humic compounds) gives the complexes col
loidal properties. The colloidal complexes have low settling rates and reten
tion of P is probably lower in brown water lakes than in comparable non-
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humic lakes. Thereby, the P that enters humic lakes is exposed to uptake in 
plankton for a longer time than in non-humic lakes of comparable size and 
water renewal time. 

The biovailability of humus-bound P is open to question. Allochthonous 
dissolved organic material (DOM) is poor in P which has been suggested to 
favour efficient P scavengers such as bacteria (Stewart and Wetzel 1982). De
Haan et al. (1990) demonstrated that humic complexes released orthophos
hate to the ambient medium when orthophosphate was depleted, and sug
gested that humic complexes were a buffer system for bioavailable P. How
ever, the phosphate release was slow and if it is a significant source for bio
logical uptake it may cause long P turnover times in biota. Interactions be
tween humus-bound P and biota deserve more attention in order to find out 
to what extent humus material serves as a reservoir for bioavailable P, and if 
bioavailable P is "exchanged" between abiotic organic colloids and plankton. 

8.4 Energy Supply and Food Web Interactions in Humic Lakes 

The generally accepted model for interactions in the planktonic food web in 
lakes assumes that photosynthesis is the major input of energy for biota and 
that energy mobilized by photosynthesis in phytoplankton is used directly in 
a straight food chain, but also via bacteria in the microbial loop. The model 
assumes that phytoplankton are nutrient- or light-limited and that bacteria 
are energy-limited and controlled by the energy mobilized by phytoplankton 
(Currie 1990, Kirchman 1994). 

It is doubtful if this model is applicable in humic lakes. The role of humic 
substances as an energy source for bacteria means that there are two inde
pendent energy sources in humic lakes; light and allochthonous carbon, 
which are exploited by phytoplankton and bacterioplankton, respectively. 
Both these groups of organisms serve as energy mobilizers, making energy 
available to higher trophic levels in humic lakes (Jones 1992). Therefore, 
bacteria and algae should be able to exist independently of each other and it 
should be possible to find ecosystems including all trophic levels based either 
mainly on photosynthesis or mainly on bacterial transformation of chemical 
energy. The introduction of an external energy source, exclusive for bacteria, 
creates problems when explaining the coexistence of algae and bacteria and 
interactions within the microbial food web. The model on algal-bacterial re
lationships described above presupposes that bacteria are energy-limited and 
that the phytoplankton controls the energy mobilization. The critical ques
tion when allochthonous carbon is introduced as an energy source for bacte
ria is whether the bacteria become relieved of their dependence on phyto
plankton as a source of energy. If they do, the bacteria may become nutrient
limited instead of energy-limited. Some evidence exists from recent research 
that bacteria are essentially nutrient-limited in humic lakes. Hessen et al. 
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Table 8.1. The most limiting nutrient (or combination of nutrients) for growth of bacte
rioplankton and phytoplankton in the surface (0 to 1m) water layer in Lake Ortriisket during the 
summer 1995. (from experiments described and reported by Jansson et al. 1996) 

Bacterioplankton 
Phytoplankton 

3 June 

N+P 
N+P 

17 July 

P 
N 

17 August 

P 
N 

31 August 

P 
N 

(1994) demonstrated that N+P additions stimulated bacterial growth, while 
glucose did not, in humic lake water in Norway. Nutrient enrichment in 
mesocosms in the humic Lake Ortrasket, Sweden, showed that P stimulated 
bacterial production (Table 8.1) and increased the bacterial biomass 
throughout the summer period (Jansson et al. 1996). N never stimulated 
bacterial growth, while N+P gave stimulance equal to, or slightly higher than, 
that of Palone. 

It seems possible to postulate that bacterioplankton in humic lakes may be 
limited by P. If bacteria are P-limited, it is obvious that bacteria and phyto
plankton must compete for available P. Nearly all experience from uptake 
studies in mixed cultures of algae and bacteria, or in whole lake water, indi
cates that bacteria are the winners of this competition (Currie and Kalff 
1984; Jansson 1988; Vadstein et al. 1988; Rothaupt and Glide 1992, Kirchman 
1994). Considering the overwhelming evidence for bacteria as superior com
petitors for low concentrations of inorganic P, it is therefore logical that bac
terioplankton/phytoplankton production ratios are higher in humic lakes 
than in non-humic lakes. Conditions that favour bacterial growth and incor
poration of P in bacterial biomass may also be part of the explanation of the 
relationship in Fig. 8.1, which shows that the phytoplankton yield per P unit 
is small in coloured lakes. 

A critical question is how phytoplankton retrieve P in competition with P
limited bacteria that have an excess of energy. Humic lake ecosystems are not 
based entirely on bacteria but the phytoplankton production often equals or 
exceeds the bacterial production in the trophogenic layer (Salonen and Joki
nen 1988; Tranvik 1989). There must, therefore, be an alternative (to the en
ergy limitation model) explanation of how phytoplankton and bacte
rioplankton share a mutual limiting nutrient. There are several possibilities: 

(1) phytoplankton in humic lakes may be more competitive with bacteria 
for low P concentrations than what is generally believed; (2) phytoplankton 
are not P-limited. 

The possibility that phytoplankton P uptake can be competitive with bac
terial uptake of P was given some support by the discovery of a certain high 
affinity P transport system in Scenedesmus quadricauda which allowed this 
algae to retrieve P from low concentrations of orthophosphate also in com
petition with bacteria (Jansson 1993). Similar uptake has not been described 
for other algae which may depend on the fact that conventional methods for 
uptake studies will fail to discover the P transport system described in 
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Scenedesmus. On the other hand, the many studies demonstrating that P 
added to mixed cultures of P-limited algae and bacteria or to whole lake wa
ter nearly always is rapidly incorporated in bacteria or particles of bacterial 
size are a strong argument against phytoplankton being competitive with 
bacteria. Another way to compete for low nutrient concentrations is by being 
small (high surface to volume ratio). Phytopicoplankton in the 0.2 to 2-flm 
size range are often dominant phytoplankters in oligotrophic clearwater 
lakes (Stockner 1991). Their distribution in brown water lakes is more or less 
unknown. The obvious advantage of being small in nutrient-poor media 
should encourage studies on the occurrence of phytopicoplankton in humic 
lakes. 

The second possibility, i.e. that phytoplankton in humic lakes are not P
limited but restricted by some other nutrient or environmental factor, is in 
accordance with the basic resource competition theory (Tilman 1977) which 
postulates that organisms can exist together if they are not limited by the 
same nutrient. The theory was developed for different species of phyto
plankton, but should, in principle, be relevant also for different functional 
groups of microplankton provided that they exploit mutual nutrient sources. 
That phytoplankton in humic lakes can largely be limited by N, instead of P, 
has recently been experimentally demonstrated (Jansson et al. 1996). As will 
be discussed in the following section, this result and its interpretation may 
help to explain the structure of microplankton communities in humic lakes 
and how nutrients are shared between bacterioplankton and phytoplankton. 

8.5 Nutrient Limitation of Bacterioplankton 
and Phytoplankton in Humic Lakes 

As mentioned in Section 8.4, very few studies have been carried out where 
the effect of different possible limiting nutrients have been systematically as
sessed in humic lakes. Jansson et al. (1996) tested the response to Nand P en
richment in terms of chlorophyll a yield in nine humic lakes in northern 
Sweden (Fig. 8.2). P did not increase the chlorophyll concentration, while N 
gave higher concentrations in all lakes. N+P addition gave the highest chlo
rophyll concentrations. The same type of experiment (for experimental de
tail, see Fig. 8.2) was carried out on 4 occasions during the ice-free period in 
1994 and five occasions in 1995 in Lake Ortrasket (Jansson et al 1996). Lake 
Ortrasket in northern Sweden is a large (7 km2) and deep (mean depth 23 m) 
humic lake (TOC concentration of approximately 10 mg L-1). The response to 
nutrient additions was followed by analysing phytoplankton production, 
biomass and species composition and bacterial production and biomass. The 
results demonstrated that phytoplankton (all response parameters) was N
limited during a large part of the summer. N-limitation was particularly pro
nounced at the summer phytoplankton biomass maximum which occurred 
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Fig. 8.2. Phytoplankton biomass measured as Chi a in enclosures from nine humic lakes in 
northern Sweden enriched with N, P and N+P. 1Wenty litres of surface lake water was pumped 
through a net (200 j.1m) into 201 polyethylene containers. P (KH2PO.) was added to a final con
centration of 100 j.1g r l and N (NH.N03) was added to a final concentration of 2 mg L -I . Incuba
tion was made in the lake for 4 days immediately below the surface. For statistical evolution of 
the response of different treatments versus the control (C), the nine lakes were considered as 
replicates of the same population (humic lakes in the region). One-tailed t-test showed that P 
did not increase phytoplankton biomass, while both N and the N+P treatments gave higher val
ues than the control. (Modified from Jansson et al. 1996) 

in late June and early August. The bacterioplankton were P-limited through
out the season (Table 8.1). These results demonstrate that phytoplankton in 
humic lakes can be N-limited while bacterioplankton at the same time is 
P-limited. To what extent the results from northern Sweden are applicable to 
"humic lakes" in general is hard to judge, but the lakes studied are typical 
brown water lakes of the boreal forest region. They are not to any significant 
extent affected by anthropogenic stress and thus represent a close-to-natural 
state. 
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The results from Lake Ortrasket and the other lakes in Table 8.1 and 
Fig. 8.2 may seem confusing. That bacterioplankton were P-limited through
out the summer demonstrates that nutrient deficiency rather than exhaus
tion of available energy sources limits the bacterial production. In an 
epilimnion with P-limited bacterioplankton, phytoplankton should be ex
tremely P-limited, since P-limited bacteria are more efficient in retrieving P 
from low medium P concentrations than phytoplankton (Currie and Kalff 
1984a, b; Jansson 1993). That phytoplankton in such an environment are 
N-limited can be explained if they exploit mutual available P sources better 
than bacterioplankton, which is very unlikely, or if bacteria exploit available 
N sources better than phytoplankton. Since organic N is by far the largest N 
pool in humic lakes it is possible that bacteria, if they use humic compounds 
as a nitrogen source, become P-limited, while at the same time algal growth is 
depressed due to absence of available N. However, this explanation is not 
satisfactory. It has been shown that addition of humus to N-limited marine 
plankton stimulates the growth of phytoplankton (Carlsson et al. 1993) due 
to bacterial degradation of humus and subsequent liberation of inorganic N. 
In humic lakes with P-limited bacteria the bacterial exploitation of dissolved 
organic nitrogen (DON) should then be a net N source to the algae. However, 
the most serious criticism against the explanation that bacteria "take all the 
N and make algae N-limited" is that the bacteria are P-limited and it there
fore still remains to explain how phytoplankton can obtain enough P to be
come N-limited. An alternative explanation which was supported byexperi
mental results in Lake Ortrasket is that phytoplankton in humic lakes exploit 
another P source than the bacteria and thereby more than satisfy their need 
forP. 

Phytoplankton in humic lakes is often dominated by pigmented flagellates, 
mainly chrysophyceans and cryptophytes (Ramberg 1979; Salonen and Joki
nen 1988; Jansson et al. 1996). Many of these algae are mixotrophic, i.e. they 
are capable of both heterotrophic and autotrophic growth. Heterotrophic 
growth is maintained by phagotrophy (intake of organic particles) or osmo
trophy (intake of dissolved organic compounds) (Jones 1994). Phagotrophy 
by grazing on, e.g. bacteria or other picoplankton is the most frequently re
ported mixotrophic strategy among phytoflagellates and has been docu
mented for many years (Skuja 1948, 1956; Pringsheim 1963). The ecological 
role of phagotrophy was not discussed very intensively until the mid -1980s in 
connection with the interest in flagellates which followed upon the introduc
tion of the microbial loop concept (Azam et al. 1983). Several reviews on 
mixotrophic flagellates have been published since then (Boraas et al. 1988; 
Porter 1988; Sanders and Porter 1988; Jones 1994). 

Beside their dominance in dystrophic and oligotrophic lakes, mixotrophic 
phytoplankton also occur episodically in eutrophic lakes, a typical situation 
being in connection with the bacteria maximum which often follows the 
crash of the spring diatom bloom (Blomqvist et a1.l994) . The dominance of 
mixotrophic flagellates in nutrient-poor lakes or nutrient-poor situations has 
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Autotrophs Heterotrophic flagellates 

Potential Mixotrophs 

Mixotrophs 
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Fig. 8.3. Relative composition of microplankton in Lake Ortrasket (mean composition for the 
period June-September 1993). For definition of species included in the categories mixotrophs 
and potential mixotrophs see Jansson et al. (1996) 

led to speculations that phagotrophy is not only a means to obtain energy for 
heterotrophic growth but also a means to retrieve nutrients (Tranvik et al. 
1989; Caron et al. 1990; Jansson et al. 1996). Mixotrophic phytoplankton have 
also been shown to have a high N- and especially P-incorporation efficiency 
from grazing on bacteria (Caron et al. 1990). 

Mixotrophy must be considered as an advantageous strategy in brown 
water lakes where access to nutrients, especially P, is very restricted due to the 
nutrient competition with bacterioplankton. Mixotrophy thus offers the 
phytoplankton an alternative nutrient source besides dissolved nutrients. If 
phytoplankton graze bacteria and thereby are able to incorporate bacterial P 
in their own cell metabolism they do, indeed, have access to a P source which 
they do not have to share with the bacteria. 

Table 8.1 summarizes the reaction of phytoplankton and bacterioplankton 
to nutrient additions and demonstrates how different components of the mi
croplankton are restricted by different nutrients in Lake Ortrasket. When 
analyses of phytoplankton response to nutrient enrichment are extended to 

-+ 
Fig. 8.4. Effect of Nand P enrichment on different functional groups of phytoplankton in Lake 
Ortrasket. Treatments significantly higher than the control are denoted by an asterisk (one
tailed t-test P < 0.1). N+P treatment for potential mixotrophs on 3 August is 130 j.lg C r1. For ex
perimental details see Fig. 8. 2 and Jansson et aJ. (1996) 
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include the reaction of different species and functional groups it is obvious 
that the phytoplankton cannot be treated as an entity when discussing lim
iting nutrients (Fig. 8.4) . Obligate autotrophic phytoplankton, which occupy 
a small share of the total phytoplankton, are mostly limited by P or N+P. 
Autotrophic phytoplankton are probably dependent on inorganic P for P 
uptake (Cembella et al. 1984; Jansson 1993). Since they share this source with 
the bacteria and cannot successfully compete for low concentrations, the re
sults in Table 8.1 may offer part of the explanation why autotrophs are so 
scarce in humic lakes. The mixotrophic or potentially mixotrophic phyto
plankton (in principle, chrysophyceans and cryptophytes, respectively, see 
Jansson et al. 1996) are clearly N-limited or N+P-limited. Since these groups 
are dominant among phytoplankton during most of the summer it is likely 
that they are responsible for the increases in phytoplankton biomass which 
follow N addition in Fig. 8.4 and Table 8.1. 

Mixotrophic or potentially mixotrophic species, that are N-limited, proba
bly obtain nutrients from grazing on bacteria, which induces a deficiency of 
N relative to P, since bacteria have higher P:N ratio than phytoplankton 
(Jansson et al. 1996). Mixotrophy may be a suitable strategy for phytoplank
ton in humic lakes to coexist with P-limited bacteria. As discussed above, 
phytoplankton probably have to use another P source than the bacteria and a 
radical solution to the problem of finding a suitable source is to consume 
P-rich bacteria. It may be energetically favourable for phytoplankton to let 
bacteria retrieve and concentrate nutrients instead of using energy for acti
vation and maintenance of efficient uptake systems for low concentrations of 
inorganic nutrients (cf. Jansson 1993). 

A mixture of heterotrophic (bacteria) and mixotrophic plankton may also 
increase the total energy mobilization in nutrient-limited humic lakes. A rea
sonable hypothesis is that allochthonous dissolved organic carbon serves as 
an energy source for bacteria and allows them to extract available nutrients 
from sources like, e.g., humic compounds, which are unavailable or less avail
able to phytoplankton. Bacteria therefore become the major nutrient source 
for a phytoplankton community, dominated by mixotrophic species. In addi
tion to heterotrophic growth, mixotrophic plankton also use light as an en
ergy source and thereby add to the energy mobilization in the lake. Libera
tion of photosynthetically generated DOC by excretion, lysis and grazing will 
increase the potential for bacterial production and nutrient mobilization. 
This hypothesis offers a simple mechanistic model (Fig. 8.5) on how bacte
ria/phytoplankton coexistence in humic lakes is regulated in order to opti
mize the total planktonic productivity of the lake. The model is supported by 
documented conditions in humic lakes (see Jones 1992) and by experimental 
results (Hessen et al. 1994; Jansson et al. 1996). However, the model must be 
regarded as a hypothesis that needs to be tested. For example, it is necessary 
to learn more about the nutrient sources and nutrient uptake strategies and 
capacity in different plankton and to assess the autotrophic vs heterotrophic 
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Fig. 8. 5. Major pathways of energy and nutrients in the light-saturated zone of a humic lake. 
Constructed from experimental data and field data from Lake Ortrasket. DOC dissolved organic 
carbon; DON dissolved organic nitrogen; DOP dissolved organic phosphorus; Ni inorganic ni
trogen; Pi inorganic phosphorus. 

energy mobilization in mixotrophic species and the whole humic lake eco
system. 

If the model for nutrient retrieval and production of bacterioplankton and 
phytoplankton in Fig. 8.5 offers a correct interpretation of the outcome of 
the nutrient enrichment experiments in humic lakes (Figs 8.2, 8.4 and Table 
8.1), it means that both P and N limit the total production in humic lakes. 
This simultaneous P and N-limitation is not the same as the balance between 
Nand P limitation sometimes reported for clearwater oligotrophic lakes 
where the Nand P supply ratios correspond to the demand in plankton. In 
these lakes, an increase of either N or P should have little immediate effect on 
lake productivity. In humic lakes, an increase in P can primarily stimulate 
bacterial energy mobilization, while an increase in N can stimulate photo
synthetic energy mobilization by phytoplankton. P or N enrichment both re
sult in an increase in total production. 

8.6 Influence of Light Climate on Nutrient Uptake 
in Bacterioplankton and Phytoplankton 

The nutrient flux between algae and bacteria schematically outlined in 
Fig. 8.5 is dependent on utilization of different energy sources: allochthonous 
dissolved organic carbon for bacteria and light for phytoplankton. Fig. 8.5 is, 
therefore, relevant for the light-saturated zone of humic lakes only. Since the 
light climate in humic lakes is restricted due to the adsorption of light by 
humic compounds (cf. Ramberg 1979; Heyman 1983), light as well as nutri-
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ents may limit primary production. True planktonic species are entirely de
pendent on the effective light climate, i.e. the mean light intensity in the 
epilimnion, for their photosynthesis. Phytoflagellates, which can move verti
cally, are less dependent on light climate since they can swim to the surface 
layer for photosynthesis. Therefore, even the flux of nutrients between differ
ent compartments of microplankton should, to a large extent, be a function 
of light availability. 

The effective light climate is inversely proportional to humic content and 
water colour (Jones 1992). However, since heat adsorption by humic material 
decreases the depth of the mixed layer, the effects of coloured substances on 
the effective light climate may be that reduced light penetration can be 
counterbalanced by decreased depth of the mixed layer so that the mixed 
zone becomes the same as the trophogenic zone (Jones 1992; Jones, this Vol.). 
However, this is true only for small lakes where wind-induced mixing has lit
tle effect on the stratification. In larger humic lakes, the mixed layer is deeper 
than the light-saturated zone. The effective light climate will, at a given water 
colour, be determined by the depth of the mixed zone. 

In lakes with a deep epilimnion it must be assumed that a large share of 
nutrients is allocated to bacteria because the mean light intensity is too poor 
to permit high primary production. A test of this hypothesis was made with 
data from Lake Ortrasket. Lake Ortrasket has a mixed layer, the depth of 
which varies between 12 and 15 m in most summers. The mean effective light 
climate during summer is 10 f.lE m-2 S-I (Bergstrom, unpublished data), 
which is about one order of magnitude lower than in shallow humic lakes 
with approximately the same colour (cf. Heyman 1983). A calculation of the 
vertical variation in nutrient demand in bacterioplankton and phytoplank
ton was carried out based on the following analyses and assumptions. 

- Bacterial production in terms of carbon per litre was measured every sec
ond week (leucine incorporation) during the observation period on com
posite samples from the epilimnion. 

- Primary production (HI4C03-incorporation) in terms of carbon per litre 
was measured every second week at each half metre in the 0 to 4 m surface 
layer (photosynthesis was never recorded below 3.5 m). 

- The total bacterial and primary production was calculated for the whole 
epilimnion and observation period. The mean depth of the epilimnion 
during the observation period was 14 m. 

- Bacterial production was assumed to be uniformly distributed within the 
epilimnion, and calculated for the 0 to 1 m, 0 to 2 m, 0 to 4 m and 0 to 14 m 
layers respectively 

- Primary production was calculated for the same layers. 
- The total demand for P and N for bacterial and primary production was 

calculated from the theoretical C:N:P ratio (weight) for bacteria of 19:3:1 
(Caron et al. 1990) and for phytoplankton of 41:8:1 (Redfield 1958). 
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Fig. 8. 6. Relation between uptake of Nand P in autotrophic phytoplankton and bacterioplank
ton in different water layers of the epilimion in Lake Ortrasket (calculated for the total uptake in 
the epilimnion during June-September 1995) 

Fig. 8. 6 shows how the availability of light to planktonic organisms is 
critical for the P and N flux in algal-bacterial communities. The calculation 
indicates that P uptake in primary producers was lower than in bacte
rioplankton in all water layers below 1 m. In the surface (0 to 1 m) layer the P 
demand for primary production was slightly higher than for bacterioplank
ton production. In the whole epilimnion (0 to 13 m layer) of Lake Ortrasket, 
the uptake of P in primary producers is approximately 20% of that in bacte
ria. The corresponding figures for N are higher which, e., means that in the 0 
to 1 m layer the demand for N by autotrophic phytoplankton is three times 
that of bacterioplankton. However, in the whole epilimnion, the bacteria N 
demand was twice the N demand of primary producers. Fig. 8. 6 demon
strates that the light climate and stratification are important lake character
istics influencing the utilization of limiting nutrients in different components 
in the microbial food web. Light climate and input of allochthonous DOC 
determine to what degree the limiting nutrients are used for heterotrophic or 
autotrophic energy mobilization in humic lakes. 

8.7 Conclusions 

Bacterioplankton in humic lakes are nutrient-limited because the supply of 
energy from allochthonous DOC is high enough to relieve the bacteria from 
the dependence of autochthonous DOC generated by phytoplankton as an 
energy source. Phosphorus is most l{kely the prime limiting nutrient for 
bacterial production. P-limited bacterioplankton in humic lakes most likely 
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outcompete phytoplankton for bioavailable dissolved P. The phytoplankton 
community in humic lakes is often dominated by mixotrophic phytoflagel
lates. Mixotrophic phytoflagellates retrieve nutrients by grazing on bacteria 
and thereby become N-limited due to the high P-content in bacteria. Energy 
mobilization by bacteria from allochthonous DOC is thereby limited by P 
and energy mobilization by photosynthesis is limited by N. An increase in 
the P supply or N supply in humic lakes may, therefore, lead to higher pro
duction.The effective light climate, to a large extent determined by the water 
colour and the depth of the epilimnion, determines to what extent limiting 
nutrients are used mainly by bacteria and phytoplankton, respectively. 

8.8 Summary 

It is wellknown that P and N control the growth of phytoplankton. Other en
vironmental factors than nutrients, e.g. light and temperature affect the 
growth of phytoplankton by direct influence on metabolic activity but also 
by controlling the nutrient uptake and utilization of plankton. Light gener
ated energy thus drives the enhanced P-uptake in algae during P-starvation. 
Other nutrients (N, Si, Fe, or C) can control the growth and nutrient uptake 
of phytoplankton. N is considered to be the most critical limiting nutrient 
next to P. Empirical relationships between nutrient loading and trophic state 
demonstrate good correlations for N, although not as good as for P. Nutrient 
enrichment experiments often shows that there is a close balance between P 
and N limitation in oligotrophic lakes. That Nand P can be interactive in 
determining growth conditions and species composition for algae is indi
cated by the highly variable N:P ratios among phytoplankton species. N can 
also be single limiting nutrient, during periods of the summer in eutrophic 
lakes when inorganic nitrogen sources are exhausted by uptake in plankton 
and denitrification in shallow sediments. 

Humic substances affect nutrient uptake and production of bacte
rioplankton and phytoplankton in several ways. Humic material serves as an 
energy and carbon source for bacteria and thus stimulates bacterial produc
tion. Phytoplankton production is restricted by poor effective light climate in 
humic lakes as a result of light absorption by humic substances.The ratio 
between bacterial production/biomass and phytoplankton productionlbio
mass is therefore higher in humic lakes than in other types of non-perturbed 
lakes. 

The input of energy in the form of allochthonous DOC in humic lakes re
lieves the bacterioplankton from dependance of DOC released from phyto
plankton and bacterial growth become P-limited instead of C-limited in hu
mic lakes. Since bacteria outcompete phytoplankton for low concentrations 
of dissolved P, the availability of P to phytoplankton should be extremely low 
in humic lakes. 
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The phytoplankton community is often dominated by mixotrophic flagel
lates in humic lakes. Mixotrophs can retrieve nutrients by grazing on bacteria 
and the assimilation of ingested nutrients is efficient, especially for P. The 
dominance of mixotrophs in humic lakes may therefore be explained by their 
superior ability to retrieve nutrients by bacterial grazing in a situation where 
they otherwise must compete with both bacteria and other phytoplankton 
for dissolved nutrients. 

The fact that bacteria have a higher P:N ratio than phytoplankton in com
bination with the efficient P retrieval of the mixotrophs can lead to that 
grazing induce a relative excess of P in mixotrophic phytoplankton. The 
mixotrophs thereby become N-limited. Therefore, the production of bacte
rioplankton in humic lakes is P-limited while the production of the dominant 
phytoplankton group is N-limited during large periods of the summer. 

Stratification and effective light climate determine to what extent available 
nutrients are used for bacterial production or primary production. In 
epilimnia which are deeper than the photic zone relatively more nutrients are 
used for bacterial production than when the epilimnion is thin and equals 
the depth of the photic zone. 
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9 The Role of Microbial Extracellular Enzymes 
in the Transformation of Dissolved Organic Matter 
in Humic Waters * 

Uwe Munster and Henk De Haan 

9. 1 Introduction 

Non-living natural organic matter (NOM) comprises in most aquatic envi
ronments the largest organic matter (OM) fraction, and it harbours also the 
largest organic carbon pool (Allen 1976; Wetzel 1983; Steinberg and Munster 
1985; Thurman 1985; Hedges 1992; Munster 1993). Furthermore, NOM has 
been recognized as the most important carbon and energy resource in the 
detritus food chain processes (Williams 1981; Hobbie 1992; Wetzel 1992). 
Non-predatory processing and transfer of organic carbon in parallel with the 
classical grazing food chain are significant fractions of NOM passing and 
channelled through the aquatic food chain (Azam and Cho 1987; Cho and 
Azam 1988; Williams 1990; Ducklow 1991). The NOM pools can be subdi
vided into dissolved (DOM) and particulate organic matter (POM). Both of 
these summarize the major part of the organic detritus pools (Wetzel 1983; 
Thurman 1985). Besides NOM utilization by phagotrophic microbes such as 
flagellates (Sherr 1988; Sanders 1991; Tranvik et al. 1993), osmotrophic mi
croorganisms such as bacteria and fungi are the major sinks for NOM, and 
by utilizing primarily DOM resources (Benner et al. 1986, 1989; Azam and 
Cho 1987; Cho and Azam 1988) they are closing the link between the classi
cal grazing food chain and the microbial loop (Pomeroy 1974; Sorokin 1977; 
Williams 1981; Azam et al. 1983; Wetzel 1992). The ratio of living to non
living OM in many aquatic environments has been estimated in the range of 
100 to 10:1 and it empasizes the importance of NOM sources in aquatic eco
system processes (Allen 1976; Wetzel 1984, 1990; Farrington 1992; Hobbie 
1992; Munster and Albrecht 1994). The flow of OM through the aquatic food 
chain is mostly dominated at first by the photosynthetic production of OM, 
the utilization and transformation of NOM by microheterotrophs via the mi
crobial food web, and finally its transference into the higher food chain, par
tially respired and/or its sedimentation to the bottom (Fig. 9.1) . 

• Dedicated to Prof. Drs. J. Overbeck, Max-Planck-Institute for Limnology, on the occasion of his 
75th birthday 
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Two sources of OM can be identified in aquatic ecosystems: auto
chthonous-produced OM and allochthonous-produced OM (Romankevich 
1984; Wetzel 1984; Thurman 1985). In most aquatic environments, auto
chthonous-produced OM are believed to be the major OM source (Allen 
1976; Gagosian and Lee 1981; Romankevich 1984; Hedges 1992). However, in 
some cases allochthonous-produced OM can be a significant OM pool in 
aquatic ecosystem processes (Gjessing 1976; Steinberg and Munster 1985). 
This is especially valid in freshwaters in large parts of the northern boreal ar
eas (NBA) and in many tropical ecosystems (Wissmar et al. 1981; Schindler 
et al. 1992). In these environments, humic substances (HS) are the major car
bon source in allochthonously derived OM in such aquatic ecosystems, as 
rivers and head water lakes (Gjessing 1976; Steinberg and Munster 1985; Sa
lonen et al. 1992). Because of its chemical complexity (Schnitzer and Khan 
1972; De Haan and De Boer 1979; Stevenson 1982; De Haan 1983; Harvey 
et al. 1983; Hayes et al. 1989) and its high abundances, HS are important envi
ronmental factors and have been a major concern in many freshwater studies 
in the past (Povoledo and Golterman 1975; Gjessing 1976; Aiken et al. 1985; 
Frimmel and Christman 1988; Hayes et al. 1989; Perdue and Gjessing 1990). 
The characterization of HS and their contribution to functioning aquatic 
ecosystems are still one of the most challenging and difficult tasks in water 
research. 

Three types of trophic exploitation of NOM by microheterotrophs in 
aquatic environments can be defined (Fig. 9.2): (1). A rapid uptake and as
similation of biologically labile, dissolved organic matter (LDOM) and its 
conversion into biomass and/or its partial respiration to CO2 (Azam and Cho 
1987); (2). A slow uptake, assimilation and respiration of NOM by microhet
erotrophs (Alexander 1975; Stabel and Steinberg 1976; Stabel et al. 1979; 
Geller 1985b, 1986; Benner et al. 1986, 1989, 1996; McKnight et al. 1990, 1991; 
Moran and Hodson 1990) due to the polymeric character of refractoryl 
recalcitrant dissolved organic matter (RDOM). Except for the phagotrophic 
NOM utilizations (Sherr 1988; Tranvik et al. 1993), this second utilization 
process requires mostly an extracellular cleavage step of the polymeric OM 
such as by microbial enzymes (De Haan 1974, 1976, 1983; Billen 1984; 1991; 
Chr6st 1990,1991; Hoppe 1991; Munster 1991; Wetzel 1991) or by photolytic 
reactions (Gjessing and Gjerdahl 1970; Kramer 1979; Geller 1985a; Salonen 
and Tulonen 1990; Mopper et al. 1991; Salonen and Vah1italo 1994; Lindell 
et al. 1995; Wetzel et al. 1995; Graneli et al. 1996); (3). In some cases NOM is 
not utilized as sole compounds but requires co-substrates (Horvath 1972; Al
exander 1975; Schmidt and Alexander 1985; Schink et al. 1992; Swift 1992), 
and in many cases this is seen during the degradation of xenobiotics 
(Chaudhry 1994). All three types of organic substrate utilizations have been 
traced and identified as existing in aquatic environments (Gagosian and Lee 
1981; Steinberg and Munster 1985; Hedges 1992; Lee and Wakeham 1992; 
Munster and Albrecht 1994 and cited references therein). Notably, the rate 
and intensities of the biodegradation of NOM depend largely on its "organic 
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matter reactivity" (ORM) of the inherent NOM compounds (Alexander 1975; 
Hedges 1992; Swift 1992). 

Former studies on OM in pelagial water bodies and in sediments have 
shown that at least two to three different OM fractions with distinct reactivi
ties to microbial degradation can be defined (Westrich and Berner 1984; 
Billen and Servais 1989; Burdige 1991). Accordingly, due to the biodegrad
ability of these OM fractions, Westrich and Berner (1984) have defined a first 
order rate model, their "G-model", and Burdige (1991) has formulated his 
"mixed-model", and both models were successfully tested in marine sedi
ments. For pelagic water bodies, the "HSB-model" was developed and tested 
by Billen and Servais (1989) with a similar approach for studies of DOM de
composition and utilization by bacterioplankton in freshwater and marine 
environments, which included notably the extracellular hydrolysis of bio
polymers by bacteria. For reverine microbes, lentic and lotic environments 
including their catchments and ecotones Sinsabaugh et al. (1994a, b, 1997) 
have approved the importance of microbial enzymes in decomposition proc
esses and have developed and applied a microbial enzyme based decomposi
tion rate model (Microbial Allocation of Rescourses among Community In
dicator Enzymes, "MARCIE-model") for a better understanding, quantifica
tion and prediction in detritus processing. However, these approaches were 
mostly lacking the part of the chemical characterization and identification of 
the labile and the refractory OM-fractions (LDOM and RDOM respectively) 
and the possible contribution of their structural-chemical properties to ex
plain their differences in the OMR. 

Formerly combined chemical and microbial approaches to NOM degra
dation studies in eutrophic and humic lakes revealed that the LDOM pool 
comprises mostly low molecular weight dissolved organic carbon 
(LMWDOC) compounds and represents only 1-20% of the DOC in a eu
trophic mesohumic lake (Chr6st et al. 1989, Munster and Chr6st 1990) and 
only 1-5% in polyhumic waters (Munster 1991,1993). For this fraction, good 
correlations were obtained between, e.g., [14C]-glucose uptake and the 
amount of dissolved free glucose or the dissolved free amino acid (DFAA) 
concentration and the [l4C]-DFAA uptake (Munster and Chr6st 1990; Mun
ster 1993). However, the majority of the DOC was RDOM and comprised 80-
90% of DOC as high molecular weight dissolved organic carbon (HMWDOC). 
This HMWDOC was a mixture of different biopolymers (such as proteins, 
polynucleotides, polysaccharides, lipids, ligninocellulosic material) and geo
polymers [e.g. dissolved humic matter, (DHM); Munster 1985; Munster and 
Albrecht 1994]. Interestingly, part of this HMWDOC fraction could have 
been directly utilized by phagotrophic microheterotrophs such as flagellates 
(Sherr 1988; Tranvik et al. 1993; Kristoffersen et al. 1996). However, the main 
fraction of the HMWDOC fraction is not easily available to phagotrophic 
and osmotrophic assimilation and comprises a high amount of the recalci
trant or refractory dissolved organic matter (RDOM). 
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The trophic and ecophysiological roles of this RDOM in energy and food 
web processes are still poorly understood (Allen 1976; Steinberg and Mun
ster 1985; Wetzel 1990, 1992; Hobbie 1992; Schindler et al.1992). Physical and 
chemical methods characterized part of such RDOM in deep marine waters 
with turnover times of about 1000-6000 years (Druffel and Williams 1990; 
Bauer et al. 1992), which is probable beyond any of our biological experi
mental time scales, whereas some microbiological approaches found much 
lower turnover times (about 1-10 h) for bulk DOM from marine upper sur
face waters (Kirchman et al. 1991; Amon and Benner 1996; Wheeler et al. 
1996). Although both approaches have collected and traced probable differ
ent NOM resources and they may not be directly comparable, these discrep
ancies and mismatch in the exact chemical and biological characterization of 
the DOM reflect our poor knowledge about the trophic role of especially re
fractory or recalcitrant organic carbon pools in aquatic environments (De 
Haan 1974, De Haan 1983; Allen 1976; Stabel and Steinberg 1977; Rich and 
Wetzel 1978; Stabel et al. 1979; Gagosian and Lee 1981; Rich 1984; Geller 
1985a, b, 1986; McKnight et al. 1985, 1991; Steinberg and Munster 1985; 
Hedges 1992; Martin and Fitzwater 1992; Munster 1993; Munster and Al
brecht 1994). 

Two main routes can be drawn by which RDOM sources could be proc
essed and finally utilized in aquatic environments (Fig. 9.3): (1). Via a pho
tolytic cleavage mechanism, which releases LDOM compounds from RDOM 
resources such as simple organic acids (Mopper et al. 1991; De Haan 1993; 
Salonen and Vahlitalo 1994; Lindell et al. 1995; Graneli et al. 1996; Wetzel 
et al. 1996); (2). Via an enzymatic cleavage pathway of biopolymers into 
oligo- and monomeric substances by bacteria and in the digestive tracts of 
micro- and macrograzers (Sherr 1988; Tranvik et al. 1993; Kristoffersen et al. 
1996), but essentially finally filling up the low concentration level of the 
LDOM pools (Hoppe 1983; Billen 1984, 1991; Chr6st 1989, 1990, 1991, 1994; 
Chr6st et al. 1989; MUnster 1991; Wetzel 1991). However, it is not yet clear 
which cleaving process is more important and more effective in the process
ing of NOM in aquatic environments. Probably they are even acting in a syn
ergistic manner (MUnster 1991, 1993). This study will contribute to a better 
understanding of NOM processing, especially in freshwaters from the NBA 
which carry largely 90-950/0 of their NOM as RDOM, and raise important 
questions and problems which still are waiting to be answered and solved. 
The authors have reviewed the literature back to about 20 years ago, espe
cially such papers which could contribute to explaining and understanding 
the role of HS in microbial enzymatic NOM processing and its subsequent 
utilization in marine and freshwaters. As there were rather little data avail
able from aquatic ecosystem studies on HS-enzyme interactions, the authors 
have also included in some aspects of this chapter results from terrestrial 
habitat studies, especially when HS-microbial enzyme interactions had to be 
evaluated in their role in nutrient cycling and biodegradations. Due to time 
limits, the authors could not completely review the latest literature on ter-
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restrial ecosystems and may have missed some. However, in a recent review 
by Schinner and Sonnleitner (1996) and Morra (1997) on soil ecosystems, 
there appeared no fundamentally new aspects. 

9.1.1 A Look Backwards 

9.1.1.1 THE DISCOVERY OF BIOCATALYSIS 

The idea that enzymes may take part as essential biomolecules/catalysts in 
life cycles was born during 1752-1783 when an Italian priest named Lazzaro 
Spallanzani and the famous French scientist Rene Antoine Ferchaut de Re
aumur made their first experiments with metal-box encapsulated pieces of 
meat as prey for birds (MilvU5 milvus and Buteo buteo). Their idea lasted an 
additional 60-70 years until the Swedish scientist J. J. Berzelius (1836) for
mulated his view about the catalytic theory in plant metabolic processes. 
Berzelius can be called the father of the view of the biocatalytic function of 
enzymes. In 1822, 1. Pasteur was the first to identify microbial processes 
during fermentation reactions and the importance of involved enzyme reac
tions. In 1930, about 80 enzymes were already known and described, but 
during 1984 more than 2500 enzymes were identified and classified, and this 
number is increasing rapidly and is certainly much higher today, which may 
show the importance of these biomolecules in life cycle reactions and bio
logical processes. To prevent imprecise names, characterization and classifi
cations of those enzymes, in 1961 an international enzyme commission (the 
EC) was established, and since then all enzymes are classified and character
ized according to the recommendations and rules of the EC (Table 9.1). 

9.1.1.2 THE AQUATIC ASPECT 

The present view that enzymes act as catalysts in aquatic life cycle processes 
and especially during the degradation of OM in aquatic environments is not 
as new as one might at first assume. Already at the beginning of this century 

Table 9.1. Overview of enzyme classifications according to the EC rules (Enzyme Nomenclature 
1975,1984 and later revisions 1986-1990) 

EC ECName Example of Reactiontype Type of reaction Used 
No. synonymes 

1 Oxidoreductase AH2 + B ¢:;A + BH2 Redox reaction Oxidase 
2 Transferase AB + C ¢:; A + BC Transfer reaction 
3 Hydrolase AB + H20 ¢:; AOH + BH Hydrolysis reaction 
4 Lyase AB ¢:; A + B Lysis-Synthesis Synthases 

reaction 
5 Isomerase ABC ¢:; BAC Isomerase reaction 
6 Ligase A + B + ATP ¢:; AB + ADP + Pi Phosphorylation Synthetases 

reaction 

Symbols: = this arrow shall indicate the reaction in both directions at equilibrium conditions 
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Fermi (1906) noted the existence of proteolysis in stagnant water pools and 
Harvey (1925) pointed out the possible involvements of catalase and oxidase 
in marine waters, as was later emphasized also by Kreps (1934), who stated 
that extracellular enzymes from bacteria, plants and animals may exist in 
seawaters, participating in nitrate reduction and ammonia oxidation. Only 4 
years later, Steiner (1938) deduced the existence of phosphatase in the phos
phorus cycle in freshwaters. There were probably more of such studies in the 
past and the list may be incomplete, but these few examples may show and 
exemplify the early beginnings of enzyme studies in aquatic habitats. 

Although experimentally and methodologically limited in their possibili
ties, those early aquatic scientists deduced and determined the role of micro
bial enzymes in aquatic ecosystem processes as rather self-reliant. It took an 
additional 30-50 years until Overbeck (1961) and Reichardt et al. (1967) 
identified free phosphatase in freshwaters and characterized its role in phos
phorus cycling and uptake by freshwater algae. After this landmark in studies 
on free enzymes in aquatic ecosystems, a series of studies showed that en
zymes may play important roles in nutrient cycling and biodegradations in 
aquatic ecosystems (partially reviewed by Chr6st 1990 and Hoppe 1991). Es
pecially since the introduction of better model substrates and more sensitive 
measurement techniques, a large number of studies have been undertaken to 
understand better the role of microbial enzymes in aquatic ecosytems. This 
knowledge was partially summarized in a specially dedicated workshop on 
Microbial Enzymes in Aquatic Environments during July 23-27,1989 at Ring
berg Castle, Bavaria, Germany, organized and conducted by the Max-Planck
Institute for Limnology, Department of Microbial Ecology, PIon, Germany, 
sponsored by the Deutsche Forschungsgemeinschaft and the Max Planck So
ciety, Munich, Germany. This workshop was attended by leading experts in 
this field and they presented their results and discussed the role of microbial 
enzymes in different aquatic habitats. The outcome of this workshop was a 
book edited and published by Springer Verlag in Brock/Springer Series in 
Contemporary BioScience, entitled Microbial Enzymes in Aquatic Environ
ments (ed. RJ Chr6st 1991) and the reader is referred to this for further 
reading and more detailed information on this topic. 

9.2 Definitions, Terms, Classifications, Measurements 
and Techniques 

Scientifically enzymes are classified and named according to the recommen
dations of the EC rules (Enzyme Nomenclature 1975,1984,1986-1990, Table 
9.1). However, although such rules have existed along time, in aquatic eco
system studies very few reports have followed such rules (cf. Chr6st 1990, 
1991; Hoppe 1991 and cited references therein). This may be due to the com
plexity of aquatic ecosystem structure and functions and the coexistence of 
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many different types of organisms contributing to the enzyme pool sizes and 
activities, which may have influenced researchers in the past to use some
times synonymous and confusing terms, names and uncertainties regarding 
the definitions of the kind of enzymes measured, and why they were meas
ured in that way and not under "standard" conditions dealing with aquatic 
microbial ecology questions. This misuse is most evident in the definitions 
where these enzymes were located or acting and who the main contributors 
were. 

9.2.1 Definitions Related to Microbial Enzymes in Aquatic Environments 

In a review, Chr6st (1990), in his definitions and the characterization of mi
crobial enzymes regarding their locations and place of actions, followed 
those definitions of Karnovsky (1986 and cited references therein) and de
fined them as "ectoenzymes" and "extracellular enzymes" (Table 9.2), de
pending on whether the enzymes are cell-surface-bound or dissolved free 
enzymes. In earlier studies, Hoppe (1983) and Chr6st et al. (1989) called 
them "exoenzymes", which defined all enzymes outside the cell membranes 
as particle bound and dissolved free enzymes. Other researchers called them 
only "extracellular enzymes", which included all enzymes outside the cyto
plasmatic cell membranes, but attached to the cell surface or in the periplas
matic space and/or truely dissolved free enzymes (Burns 1978, 1982, 1983; 
Aaronson 1981; Priest 1984, 1992; Sinsabaugh et al 1992a, b). The term 

Table 9.2 Overview of the most commonly used terms and definitions of microbial enzymes in 
aquatic environments 

Name Definitions 

Ecto- and Microbial enzymes cleaving 
extracellular biopolymers outside the 
enzymes plasma membrane (ecto-

enzymes) and as dissolved 
free enzymes (extracellular 
enzymes) 

Extracellular Microbial enzymes cleaving 
enzymes biopolymers after they have 

passed the plasma membrane. 
but in contact with mother 
cells or as dissolved free en-
zymes in the growth medium 

Exoenzymes Microbial enzymes cleaving 
biopolymers outside the 
plama membrane but in con-
tact with mother cells. parti-
cles or as dissolved free en-
zymes 

Comments 

Private and operational 
definition. without official 
legitimations. e.g. by the E 
C. but partially used in 
aquatic microbial ecology 
publications 

Operational definition and 
most commonly used defi-
nition in biochemistry. mi-
crobiology and soil science 
publications 

Private and operational 
definition. without official 
legitimations. e.g. by the E 
C. but temporally used in 
publications in marine mi-
crobiology 

References 

Chr6st(1990,1991) 

Burns (1978,1982. 
1983), Aaronson 
(1981), Priest (1984, 
1992), Sinsabaugh 
et al. (1992a, b) 

Hoppe (1983) 

Chr6st et al. (1989) 
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"ectoenzyme" has been defined by Karnovsky (1986 and references therein) 
as those enzymes located in special cells in animal or human tissues, partici
pating in signalling of nerve reactions and certain cells for key metabolic 
processes such as ATP and peptide functions. Although Karnovsky's defini
tions are rather convincing mostly for those human and animal cell lines and 
purposes, it can be highly questionable whether these definitions are appro
priate for aquatic environments, where algae and bacteria are the main con
tributors to microbial extracellular enzyme (MEE) activities. 

From these three terms, at least two conflict with other synonymous terms 
which are regulary used to characterize, e.g., enzyme cleaving patterns, such 
as exo-/endo cleaving patterns in biopolymer processing (see below), and 
ecto-/endo is used in biological tissues to differentiate between ecto- and 
endo positions of cells in plant, animal and human tissues and ecto
mycorrhiza communities. Of these two overlapping and partially confusing 
terms, the authors have favoured and finally applied in all of their studies the 
term "Microbial Extracellular Enzymes" (MEE), as it was and still is regulary 
used in biochemistry and microbiology and it was also proposed by Burns 
(1978, 1982, 1983), Aaronson (1981), Priest (1984, 1992), Hoppe (1991), 
Meyer-Reil (1991), and Wetzel (1991). This definition is more generall 
operational and more practical in ecological contexts; it is hardly possible 
without any pre-manipulations of the microbial community structures to 
differentiate between cell-surface-bound enzymes on free living bacteria and 
particle-bound-bacteria and their enzymes, or between particle-attached en
zymes and dissolved free enzymes in lake water or in intestines of filter feed
ers (grazers) which are released or excreted as particle, and colloidal
associated enzymes or as dissolved free enzymes. They all can be partially 
mixed up with those from their prey. 

Even more complicated is the situation with enzymes from phagotrophic 
microorganisms and fungi, which can excrete vesicles with vacuoles enriched 
with enzymes (Aaronson 1981), or with the cellulosome complex in cellu
lose-degrading bacteria and fungi, which consist of a set of different types of 
enzymes, and those cellulosomes may even act independently from their host 
cells (Wood and McCrea 19979; Ljungdahll989; Wood and Gracia-Campayo 
1990; Priest 1992). However, all of these enzyme sources may occur and exist 
at the same time in an aquatic environment. Most of these enzymes have 
passed the cytoplasmatic membrane and can be defined as truely "extra
cellular enzymes", partially in contact and in communication with their pro
ducers, but also partially completely separated from their place of biosynthe
sis and producers and acting independently in their environments. 

Similar confusions in the definitions and the use of terms for microbial 
enzymes exist in soil sciences, where microbiologists use terms for microbial 
enzymes in addition to "extracellular-", "endo-", "exo-", "ecto-" and "immo
bilized" enzymes also such as "abiontic" and ''biontic'' enzymes to differen
tiate between living-ceIl-associated enzymes (''biontic'') and non-living-cells
associated and free enzymes ("abiontic") (Schinner and Sonnleitner 1996). 
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Soil microbiologists seem to define all enzymes associated with living cells as 
"ectoenzymes" in the sense of Chr6st's definition (Chr6st 1990) and call 
them "biontic" enzymes, whereas all non-living-cell and particle-associated 
enzymes are called "abiontic" enzymes (Schinner and Sonnleitner 1996). 
Although soil and sediments differ significantly in their physical-chemical 
structures and microbial enzymes may be exposed certainly to quite differ
ent microenvironments compared with those in water columns, it is rather 
surprising to define highly structured and efficiently acting biomole
culeslbiocatalysts with a definite biological origin as "abiontic"; this may 
demonstrate the rather diffuse knowledge and view of the ecology and bio
chemistry of microbial enzymes in their natural habitats. Obviously, there is 
an urgent demand for a precise and stringent protocol and clear definitions 
for studies on microbial enzymes in aquatic environments, a task for a spe
cial expert group in this field. 

9.2.2 Some Problems Related to Terms in the Sense 
of Enzyme Cleaving Patterns 

Degradation of biopolymers such as starch, cellulose, lignin, proteins, 
polynucleotides, lipids and geopolymers is hardly facilitated by only one type 
of enzyme system; biopolymers are mostly degraded by a set of different en
zymes working in a synergistic and cooperative way during the cleaving 
process (Wood and McCrae 1979; Burns 1983; Priest 1992; Winkelmann 
1992). Principally two types of cleaving patterns can be observed during en
zymatic attacks on biopolymers: an exo and an endo cleaving pattern (1). 
Exo cleaving reactions occur more frequently and at specific sites and they 
follow certain reaction types from the end of the polymeric matrix such as 
the realease of glucose and maltose or cellobiose in starch and cellulose de
gradations (Ljungdahl 1989) (2). Endo cleaving patterns occur more ran
domly and are less specific in their locations. They release oligomeric and 
smaller polymeric subfractions and pieces from the biopolymers (Wood and 
Garcia-Campayo 1990), which in turn are finally processed by exo cleaving 
enzymes (LjungdahI1989). These two terms were therefore defined as being 
important in detritus processing (Sinsabaugh and Linkins 1988, 1990; Sinsa
baugh et al. 1992a, b; Sinsabaugh and Findlay 1995) and are proposed in this 
context as being reserved and strictly followed in enzyme studies on NOM in 
order to understand and characterize precisely biopolymer processing in 
aquatic environments. 

9.2.3 Measurements and Techniques 

Generally, studies and results on aquatic ecosystem structure and functions 
are highly biased by the selected and applied methods and assays (Wetzel 
and Likens 1991; Hobbie 1993, 1994; Paul 1993; Kemp 1994). This problem 
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holds even more true for studies on microbial enzymes in aquatic environ
ments (Hoppe 1991, 1993). Contrary to enzyme studies in biochemistry with 
stringent assay controls and procedures such as strict control of tempera
tures, ion compositions and pH conditions (Bergemeyer 1990, Dixon and 
Web 1979; Manafi et al. 1991; McFeters et al. 1995), such standard enzyme as
says do not exist and are not always applied and followed in aquatic enzyme 
research. A large number of model substrates have been currently used in 
microbial enzyme activity measurements in freshwaters, marine environ
ments and sediments (Table 9.3), with spectrophotometric, fluorometric, ra
diometric and viscosimetric detection methods and variable incubation con
ditions and protocols (reviewed by Billen 1984, 1991; Chr6st 1990; Hoppe 
1991). 

Therefore, due to the acknowledged importance of NOM processing via 
MEE, Hoppe (1993), as an early pioneer in this field, has developed and pro
posed a general protocol to be followed during the application of all fluoro
genic substrate analogues or model substrates for studies of MEE in aquatic 
habitats. These fluorogenic molecular substrate probes (FMPs) allow shorter 
incubation times due to their high sensitivity in measurement techniques 
with spectrofluorimeters and/or in analogy with microtitreplate readers 
(Schmidt-Biegel and Obst 1989; Haugland 1996, Manafi et al. 1991; Hoppe 
1993; McFeters et al. 1995), a valuable advantage compared with chromogenic 
substrate analogs with spectrophotometer readings, which need 10-100 times 
longer incubation times, as has been usually applied in the past (Manafi et al. 
1991). Also radiolabelled oligomers and polymers such as polysacharides 
and proteins can provide highly sensitive assay techniques as have been suc
cessfully applied by Hollibaugh and Azam (1983), Ammerman (1991), Billen 
(1984,1991), Hernandez et al. (1996). 

Although not specially dedicated to humic waters, some of these special 
assays have been developed for tracing phosphoester cleaving mechanisms 
in marine and freshwaters, which seem to be very elegant and promising 
tools also in applications for humic waters. In these studies, very sensitive ra
diotracer methods with 32P-Iabelled 'YATP and 32P-Iabelled glucose-6-
phosphate have been used to differentiate between phosphomonoesterase 
(PME) and 51-nucleotidase (51-DNAse) activities from algae and bacteria in 
the same water samples (Table 9.3) . These selected techniques and substrates 
were very powerful in discriminating between algae and bacteria MEE con
tribution and their preferences for certain organic phosphorus and/or car
bon resources (cf. references in Table 9.3). A generally accepted protocol is 
still waiting to be defined for MEE studies in aquatic environments; this is 
certainly a severe deficiency because the published data from different stud
ies and environments are hardly comparable. However, as a first step towards 
more standardized MEE measurements and assays, the protocol as outlined 
by Hoppe (1993) could be followed. 
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Due to the large variability of the biopolymer composition in NOM, a large 
number of enzyme systems, enzyme reaction patterns and regulation of ca
talysis patterns have evolved during evolution and in different life cycles. 
Therefore, the Enzyme Commision (EC) of the International Union of Bio
chemistry (IUB) has written down rules and has made recommendations as 
to how enzymes should be classified, named and characterized according to 
their reaction and cleaving patterns (Enzyme Nomenclature 1975, 1984, and 
Enzyme Nomenclature Supplement and Revision in Eur J Biochem 1986, 
1989, 1990). Following these rules and recommendations, the identified en
zymes are now classified into six major groups as listed in Table 9.1. De
pending on the nature of the substrates and their co-substrates/enzymes 
during enzyme catalysis, the six enzyme classes are further subdivided into 
subclasses such as into about 17 oxidoreductases and about 11 hydrolases or 
at present even much more. However, as this topic is too large to be detaile
ded in this chapter, the reader is referred to current handbooks and pro
ceedings of enzyme nomenclature and methods (Methods in Enzymology 
Vol. 1-286, 1955-1996; or Boyer et al.I959-1983; Bergemeyer 1990). 

9.3 The Role and Significance of MEE in Aquatic Environments 

The majority of non-living organic matter (NOM) in aquatic environments is 
of polymeric nature (Allen 1976; Wetzel 1983; Thurman 1985) and therefore 
not easily available to the main consumer and sinks of organic carbon, nitro
gen and phosphorus such as bacteria and fungi (Ducklow et al. 1986; Duck
low 1991; Azam et al. 1994). Principally two mechanisms can be identified as 
responsible for biopolymer cleavage and processing as partially oulined in 
Fig. 9.3: a photolytic and an enzymatic cleavage. Both exist in aquatic eco
systems and have been studied in the past. Photolytic NOM degradation is an 
abiotic process, not under the control of the biota and not directly coupled 
and regulated due to its nutrient demand, community structures and food 
web interactions, but more dependent on lake water chemistry, lake physics, 
its location and some other external factors. This cleavage aspect is reviewed 
and discussed in another chapter of this book. Enzymatic cleavage of bio
polymers is a biologically controlled process and directly linked to the nutri
ent bioavailability and dynamics, trophic interactions and food web struc
tures (Figs. 9.1-9.3). 

There has been mutual consensus among aquatic scientists that MEE are 
key factors in aquatic ecosystem processes, contributing to nutrient cycles, 
organic matter processing and biodegradations (reviewed by Billen 1991; 
Chr6st 1990, 1991; Hoppe 1991; Azam et al. 1994). However, most of these 
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studies on MEE have been carried out in marine and/or temperate freshwa
ters with moderate or higher nutrient but low HS contents (Table 9.3). Except 
for terrestrial ecosystems, where MEE have been studied under different as
pects of nutrient and HS contents (reviewed by Burns 1978, 1982, 1983; 
Schinner and Sonnleitner 1996; Morra 1997), rather few studies have consid
ered the role of MEE in HS enriched aquatic environments (Munster 1991, 
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1992a, b, 1994, 1997b, c; Wetzel 1991; Edling and Tranvik 1996). However, HS
rich waters cover large areas in the NBA and tropical ecosystems, which are 
important factors in global climate change aspects (Schindler and Bayley 
1993, Schindler et al. 1990, 1992, 1996; Dixon 1992; Milner & Oswood 1996; 
Post et al. 1992). Freshwaters in the NBA have significant lower nutrient con
tents (Salonen et al.1992; Munster 1997a,c) and different food web structures 
(cf. Salonen et al. 1992 and another chapters in this book). MEE in humic 
rich waters are probably modified in their activities and distribution (Wetzel 
1991; Munster 1991, 1997b, c). Such high-HS-carrying freshwaters are very 
abundant and important habitats in the NBA such as in Russia, Scandinavia 
(Gjessing 1976), Canada (Schindler and Bayley 1993; Schindler et al. 1990, 
1992) and some northern parts of America e.g. in Alaska (Milner & Oswood 
1996) and partially in tropical freshwater ecosystems, such as in the Amzon 
(Wissmar et al.1981; Sioli 1984). 

The main focus of this chapter therefore will be to review and discuss the 
role of MEE in HS-rich freshwaters. This review is based on about 20 years of 
literature back search and on some selected lakes from NBA in Scandinavia 
such as in Norway, Sweden and Finland because, from these lakes the authors 
could collect sufficient data to discuss the role of MEE in the transformation 
of DOM in aquatic environments. Therefore. this review will be partially 
based on literature data and on the authors own studies on the composition 
and utilization of DOM by microheterotrophs in typical humic and small 
forest lakes with different nutrient levels and environmental impacts. 
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9.3.1 Role ofMEE in Humic Waters 

In many detritus-rich freshwaters two fundamental NOM cleavage pathways 
by MEE can be defined and appear to be the most relevant ones (Sinsabaugh 
and Linkins 1988, 1990; Munster 1991, 1997b, c; Sinsabaugh et al. 1992a, b, 
1994a, b; Jackson et al.1995; Sinsabaugh and Findlay 1995): 

(1) A hydrolytic cleavage pathway via hydrolytic enzymes, e.g. acid and!or 
alkaline phosphatase activities (APA), aminopeptidase (AMPA), lipase! 
esterase and glycosidase (GlycAse) activities, which cleave, e.g. phosphoester 
bonds, peptide bonds, lipidester and glycosidic bonds; (2). An oxidative 
cleavage pathway, e.g. by phenol oxidases and phenol peroxidases which can 
cleave especially aliphatic carbon bonds and aromatic ring structures and 
their inherent carbon bonds (De Haan 1974, 1976, 1983; Sinsabaugh et al. 
1992a+b; Munster et al. 1997a, b) such as in recalcitrant geopolymers as gen
erally found in lignocellulosic compounds and probably also in humic sub
stances (HS). However, these oxidative enzyme systems can also participate 
in the opposite directions, e.g. in polymerization reactions (Hayaishi 1962, 
Saunders et al. 1964), a fact which has been seldom studied in aquatic envi
ronments. Although not so much intensively studied as in marine and in 
temperate lakes and rivers, both, hydrolytic and oxidative cleavage patterns 
are probably keeping an equal central position in the microbial biopolymer 
processing of NOM in humus-rich waters. However, their measurements re
quire carefully designed assays and instrumentations, as will be outlined be
low. 

9.3.1.1 MEE MEASUREMENTS IN HUMIC WATERS 
Humic waters contain different organic solutes and concentrations compared 
with clear water, which may affect the in situ enzyme activities and reaction 
patterns. Therefore, the development and final design of the enzyme proto
cols are crucial especially in humus rich waters. 

9.3.1.1.1 Hydrolytic Enzyme Systems 
Measurements of hydrolytic enzymes (Ee 3.1, Ee 3.2 and Ee 3.4) under in 
situ conditions have become important tools in aquatic microbial ecology to 
understand better the microbial utilization of carbon, nitrogen and phos
phorus sources and the abundances and classifications of the involved MEE 
of those cleaving processes. However, in humic waters MEE activity meas
urements may be biased by the amount and composition of HS (Munster 
1996b; Munster et al. 1989) and need therefore careful assay preparations. 
Due to the generally low MEE activities in HS-rich waters, chromogenic sub
strates probably need to long incubations, e.g. 1-6 days, even in eutrophic 
waters according to Boon (1989, 1990), and may be therefore more biased 
compared to fluorogenic MEE substrates, which require only 10-60-min in
cubations (Hoppe 1993). However, measurements of fluorogenic substrates in 
humic-rich waters suffer under the adsorption, quenching and pH effects of 
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HS present in the water (Munster et a1.1989; Bitt! and Babenzien 1996; Edling 
& Tranvik 1996). This effect was found to vary with lake water depths and 
also on a seasonal scale, which was mostly due to the change in pH and HS 
contents (Munster et al. 1989; Edling & Tranvik 1996). Careful control of pH 
and quenching effects by HS is needed during MEE measurements with 
fluorogenic substrates ( Munster et al. 1989; Hoppe 1993; Edling & Tranvik 
1996). This can be achieved by preparing calibration assays for each sample 
measurement under well controlled pH conditions, calibration and 
fluorimeter settings (Chr6st & Krambeck 1986; Munster et al. 1989; Hoppe 
1993; Edling & Tranvik 1996). Special problems may arise with samples from 
anaerobic environments and fluorogenic substrate assay applications, as has 
been observed by Hoppe et al. (1988). 

Although not specially developed in humus-rich waters, for true field ex
periments, where the incubation is made at the lake and enzyme activitiy 
cannot be measured immediately after incubations, Chr6st and Velimirov 
(1991) have developed assays to measure MEE activities in a mesohumic 
lake, marine samples and brackish water after incubations combined with 
deep freezing techniques. They found nearly 95-100% fluorescence recovery 
of fluorogenic substrate after incubation combined with 1-10-day storage at 
-20°C, in case samples that cannot be measured immediately after incuba
tions (Chr6st and Velimirov 1991). Another important area of MEE meas
urements is related to attached microbes on solid surfaces, in biofilms and 
sediments (Meyer-Reil 1986, 1991; Goulder 1990; Hoppe 1991, 1993; Jones 
and Lock 1989; Marxen and Witzel 1991; Marxen and Fiebig 1993; Marxen 
and Schmidt 1993 and cited references therein). These MEE measurements 
require special assay developments and incubation techniques and they have 
to be tested new for each environment. One of the main disadvantages of 
fluorogenic substrates is their partially low water solubilities and their insta
bility due to light effects and self-decompositions. About 1-10% of methy
lumbelliferyl substrates decay and decompositions have been observed 
within 5-14 days of storage in sterile glass bottles at -20°C measured with 
high performance liquid chromatography (HPLC) techniques combined with 
fluorescence detections (Munster, unpubl. results). This aspect is especially 
crucial when kinetic measurements are applied, maximal reaction velocity 
(V max) and Michaelis-Menten constant (Km) values, are calculated and satu
ration levels are estimated. 

Therefore, the application of fluorogenic substrate assays for MEE meas
urements needs a very careful and strict control of substrate quality, incuba
tion conditions and fluorescence readings/calibrations. A more strict, stan
dardized assay preparation procedure for MEE measurements in aquatic en
vironments is therefore highly desirable to get a better experimental basis for 
more reliable and comparable data from different habitats. Such standard as
says and their outcomes will also have more and stronger impacts on quan
tifying microbial processes and carbon flux models (Sinsabaugh et al.1994a, b). 
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9.3.1.1.2 Oxidizing Enzyme Systems 
It has been formerly shown by De Haan (1974, 1976, 1983) that benzoate oxi
dizing bacteria can contribute via oxygenase enzyme systems in the biode
gradation of RDOM pools in humic lake water. Therefore, in addition to hy
drolytic MEE also oxidizing enzymes like phenol oxidase (EC 1.10.3.2 and 
1.14.18.1) and phenol peroxidase systems (EC 1.11.1.7) may play an even 
larger role in NOM processing in HS-rich waters, due to the predominance of 
RDOM compound rich in HS. However, these oxidizing enzyme systems can 
promote both depolymerization and polymerization reactions (Hayaishi 
1962). Although many studies have been carried out in soil enzymes with 
these two type of enzyme systems (Burns 1983; Schinner and Sonnleitner 
1996 and references therein), rather little is known about their contribution 
in aquatic environments. This is because, in addition to the phenol oxi
dase/phenol peroxidase enzyme system as studied by Sinsabaugh et al. 
(1992a, b) during degradation of RDOM sources in lenthic and lotic envi
ronments, enzymatic degradation of RDOM compounds such as they exist in 
lignocellulosic material includes a set of four to five other oxidative enzyme 
systems such as Mn-dependent peroxidase (EC 1.11.1.13), ligninperoxidase 
(EC 1.11.1.14), glucose oxidase (EC 1.1.3.4), glyoxal oxidase (EC 1.1.3.13), lac
case (EC 1.10.3.2) and some other still hardly known enzyme systems 
(reviewed by Zeikus 1981; Fiechter 1993; Orth et al.1993, Reddy 1993). 

Sinsabaugh and coworkers (Sinsabaugh and Linkins 1988, 1990; Sinsa
baugh et al. (1992a, b; Sinsabaugh and Findlay 1995) have applied two differ
ent assays to trace oxidative enzymatic cleaving activities by using L-3,4-
dihydroxyphenylalanine (L-DOPA) as tracer substrate, incubated with H20 2 

additions for phenol peroxidase and without H20 2 additions for phenol oxi
dase activitiy measurements (Sinsabaugh et al. 1992a, b). This assay followed 
a similar procedure as applied in soil microbiology (Schinner and Sonnleit
ner 1996). It is a rather unspecific assay for oxidative enzyme activities, as 
Sinsabaugh and co-workers have tried to address in their publications 
(Sinsabaugh et al. 1992a, b). However, the assays are simple to prepare and 
may be also cheap, because only L-DOPA, H20 2 as co-substrate and acetate 
buffers are needed and the results can be measured after 1-12 hours incuba
tion in a spectrophotometer at 460 nm as usually available in laboratories. 
According to these assays, phenol oxidase varied between 1.2 and 255 Ilmollg 
AFDM/h (AFDM = ash free dry mass, cf. Table 9.3) and phenol peroxidase 
varied between 6 and 500 Ilmol/g AFDM/h in lotic communities in river eco
systems (Sinsabaugh and Linkins 1988,1990; Sinsabaugh et al. 1992a, b; Sin
sabaugh and Findlay 1995). 

These data emphasize the important contribution of oxidative MEE and 
their synergistic activities in NOM processing. However, the authors did not 
specify precisely in their protocols and instructions what kind of reference 
compound or system they have used to calibrate this enzymatic reaction un
der in situ conditions; this aspect could be important in order to specify 
which carbon bonds were cleaved and which carbon sources were finally 
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utilized by the indigenous microbial community and used in carbon flux cal
culations (Sinsabaugh et al. 1994a, b). They also did not discuss the possibil
ity that their substrate could have been potentially used as carbon sources for 
microheterotrophs before the enzyme system started to work. However, this 
is certainly a general problem with oxidizing enzyme substrate assays, be
cause there are always potential reverse effects, such as catalytic polymeriza
tions with the same substrate-enzyme systems (Hayaishi 1962). Probably 14C_ 
radiolabelled substrates combined with detailed and sensitive analytical 
equipment and techniques can bring more light to these complex systems of 
enzymatic oxidative NOM processing, as Benner et al. (1986, 1989) and 
Schoenberg et al. (1990) have applied in their studies on NOM processing in 
marshes and acid environments. 

Another assay for oxidative enzymatic activities in humic lake waters was 
developed by Munster et al. (1997a), by using veratrylalcohol (3,4-dimethoxy
benzoic acid, VeraOH) as naturally occurring tracer substrate for ligninperoxi
dase (liP) activity measurements. This was formerly developed by Tien and 
Kirk (1984, 1988) in lignin degradation studies by white rot fungi and since 
then it has very often been used in ligninperoxidase activitiy (EC 1.11.1.14) 
measurements (reviewed by Schoemaker and Leisola 1990). This assay can be 
easily used in liP studies with white rot fungi and spectrophotometric tech
niques (Tien and Kirk 1984). However, a more precise and sophisticated assay 
is possible and recommended with high performance liquid chromatography 
(HPLC), as reported by Schoemaker and Leisola (1990). Such assay has been 
further developed, modified and applied for liP measurements in humic lake 
waters by Munster et al. (1997a). According to Munster et al. (1997a, b) it is pos
sible with this assay to trace in situ peroxidase activities with veratrylalcohol 
(VeraOH) and HPLC techniques (Fig. 9.4). 

They compared the validity of this assay in cultures with Phanerochaete 
chrysosporium as model and reference organism producing liP and an iso
lated bacteria strain from a mesohumic lake. This assay was successful in 
tracing lignin peroxidase (liP) activities in the liquid growth medium of 
both cultures, because a similar decrease in VeraOH was found in Phanero
chaete chrysosporium and one lake isolate (Fig. 9.4a, b), but with a lower ac
tivitiy in the lake water bacterium growth medium. Munster et al. (1997a) 
have also tested the chemical stability of VeraOH under different environ
mental conditions such as pH, H20 2 contents and light impacts, and con
cluded that VeraOH may be a surrogate tracer substrate for peroxidase 
measurements in humic lakes and followed the seasonal vatiation of liP in a 
small polyhumic forest lake (Fig. 9.4c). However, the disadvantage of this ap
proach was the relatively long incubation time (4-7 days under in situ lake 
water conditions) and the potential degradation and utilization of VeraOH as 
carbon substrate during this incubation by bacteria (Munster et al. 1997b), 
which is equally valid for the amino acid L-DOPA as substrate for phenol 
oxidase and phenol peroxidase, as Sinsabaugh et al (1992a, b) have used. To 
bypass this problem many oxidative enzyme studies with cultured micoor
ganisms used different azo, triphenyl methane, heterocyclic and polymeric 
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Abbreviations 

Codes for differently used dimensions of enzyme activities 
No. 27a, 28a, 29a: a stands for the dimension nmollml sediment/h 
No. 37b: b stands for the dimension nmol cm-2 h-1; cm-2 stands for the area colonized by pe

riphyton 
No. 51c,d; 52c,d; 53c,d; 54c,d: c stands for the dimension flmol/g AFDM/h; and d stands for 

units/g AFDM/h; AFDM stands for ash free dry mass 
No. SSe, 56e: e stands for the dimension mol g-1 OM h-1; OM stands for organic matter 
No. 58f: in this line f stands for the dimension nmol cm-2 h-1; cm-2 stands for area colonized by 

periphyton ("Aufwuchs") in the biofilm 
The values in the columns stand for the reported ranges of enzyme activities in nmol r 1 h-1 

measured in the water and habitats, except those specified with codes a-f 

Codes for measured enzymes and their substrates: 
acPME: acid phosphomonoesterase; aIPME: alkaline phosphomonoesterase; PDE: phosphodi

est rase; 5'-DNA: 5'-nucleotidase 
aGlucAse: a-glucosidase; ~GlucAse: ~-glucosidase; aGalAse: a-galactosidase; ~GalAse: ~-galac

tosidase; aManAse: a-mannosidase 
~ManAse: ~-mannosidase; ~XyIAse: ~-xylosidase; CBH: cellobiohydrolase; CellulAse: cellulase; 

~NAGLAse: N-acetyl-~-glucosamidase; EsterAse: esterase; lipAse: lipase 
LeuAmpa: leucine aminopeptidase; ProteAse: endo-peptidase/protease; PhenolAse: phenol oxi

dase; PeroxidAse: phenol peroxidase 

Abbreviation for type of selected/applied substrates: 
MUF-P04: 4-methyl-umbelliferyl-phosphate; MUF-~Gluc: 4-methyl-umbelliferyl-~-D-gluco

pyranoside; MUF-~NAGLA: 4-methyl-umbelliferyl-N-acetyl-~-D-glucosaminpyranoside 
MUF-substrates: different 4-methyl-umbelliferyl substrates; Leu-AMC: L-leucyl-7-amido

methylcoumarine; Pep-AMC: peptidyl-7 -amidomethylcoumarine; 
L-DOPA: L-3,4-dihydroxy-phenylalanine; CMC: carboxymethylcellulose, used as substrate for 

cellulase activity mesurements with a viscosimeter; 
~NA-substrates: ~-N-acetyl substrates; [y-32Pl-ATP: at gamma-position 32P-labelled adenosine 

triphosphate; [a-32Pl-ATP: at alpha-position 32P-labelled adenosine triphosphate; 
[ 32Pl-glucose-6-P04: 32P-labelled glucose-6-phosphates; [l4C]-protein: [l4C]-labelled bovine se

rum albumine (BSA), hiimoglobine and others; 
pNP-P04: para-nitrophenyl-phosphate; pNP-substrates: different para-nitrophenyl-substrates, 

such as from acetic acid, butyric acid, stearic acid, sugars and others; 
LL~NA: L-leucyl-~-naphthylamide; 3-0-methyl-fluorescein-P04: 3-0-methyl-fluorescein-phos

phate; Leu-pNA: L-leucine para-nitranilid 

Abbreviations for the detection methods: 
Photom.: photometrically measured enzyme activities; Fluor.: fluorimetrically measured en

zyme activities; 
viscos.: viscometric cellulase activity measurements with carboxymethylcellulose (CMC); 
LSC: liquid scintillation counting technique for mesurements with [l4C]- and [32Pl-labelled sub

strates 

Abbreviations for locations 
Hypertr., Eutr., Mosotr., Oligotr.: hypertrophic, eutrophic, mesotrophic and oligotrophic waters 

respectively; sed.: sediment 
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dyes to trace oxidase and peroxidase activities in growth media (Glenn and 
Gold 1983; Gold et al. 1988; Ollikka et al. 1993). The authors tested also these 
dyes as tracer substrate for oxidizing enzyme activities with indigenous mi
crobial communities in humic waters and were not much convinced of the 
reliability of those results (Munster unpublished results); because those 
tracer dyes also suffer from the long incubation time (5-10 days) and their 
rather unspecific indication of what kind of oxidative enzyme activities and 
cleaving pattern they are indicating. Further, in NOM degradations under in 
situ conditions many different enzymes are acting synergistically, and, e.g. 
LiP is certainly only one of the whole set of different oxidative enzyme sys
tems contributing to NOM biodegradations. Therefore, most of those oxida
tive enzyme assays suffer under low sensitivity and their limited specificy. 
Therefore, due to the importance of oxidative enzyme cleaving of RDOM, the 
authors were still searching for alternative peroxidase substrates and assays 
to trace specific enzymatic oxidative and peroxidative activities in humic 
waters under in situ conditions. 

A quite different oxidative enzyme assay was developed by Palenik and 
Morel (1990a, b) for tracing the utilization of organic nitrogen sources by 
phytoplankton via a plasmalemma redox system, e.g. an L-amino acid oxi
dase (probably from EC 1.4 or EC 1.6 or EC 1.16.3 classes). This is a cell sur-
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Fig. 9.4. Tracing of peroxidase activities from boreal freshwater microbes based on photometric 
and fluorimetric assays. (A). Ligninperoxidase (liP) in the growth medium of reference organ. 
ism Phanerochaete chrysosporium. (B). liP in growth medium of an isolated bacteria strain 
from a Finnish mesohumic lake (Lake Piiiijiirvi, southern Finland) (PMD 20.4.3.1. is the code 
number of the isolated bacteria strain from Piiiijiirvi and indicates the date of isolation and the 
medium for isolation). liP was measured directly in the growth medium from (A) and (B) at 
room temperature with veratrylalcohol (VerOH) as LiP tracer substrate according to Tien and 
Kirk (1984, 1988). High performance liquid chromatography (HPLC) with UV·detection at 260 nm 
was used to trace the fate of VeraOH and its oxidation product veratryl acid (VeraCOOH) in the 
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growth medium according to Munster et al. (l997a). (C). liP activities in a polyhumic forest 
lake. Concentrations of VeraOH and VeraCOOH were measured over time series in 100flm mesh 
size prefiltered lake water and calculated as liP activities to monitore and to trace the potential 
possibility of in situ liP activities by indigenous microbial communities in polyhumic lake 
Mekkojarvi, southern Finland (modified from Munster et al. 1997b). (D). A fluorimetric meas
ure of peroxidase activity in an indigenous microbial community from polyhumic Lake 
Mekkojarvi with a modified technique from Palenik and Morel (l990a,b). Different concentra
tions of para-hydroxypropionic acid (pHPA) were used in combination with H20 2 to trace the 
presence and activity of an unspecific peroxidase in 100 f1ID pore size prefiltered lake water at 
room temperature. The plots show the relative increase in fluorescence at different pHPA and 
H20 2 concentrations after 95 min. incubation time, indicating the presence of microbial peroxi
dase activites in the water sample 
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face bound enzyme which oxidizes amino acids and organic amines into 
ammonium and organic acids, from which only ammonium is assimilated 
but not the remaining organic reaction products such as ketoacids in the case 
of amino acids. This assay is based on the production of H20 2 by algae 
(Stevens et al. 1973; Jones et al. 1987; Palenik and Morel 1988; Palenik et al. 
1987) and the conversion of non-fluorescent p-hydroxypropionic acid 
(pHPA) to a fluorescent dimer of pHPA. The amino acid oxidase activity was 
monitored fluorimetrically in the presence of H20 2 as studied by Palenik and 
Morel (1990a, b) in algal cultures and marine waters, where nitrogen can be a 
growth limiting factor for phytoplankton (Palenik et al. 1987, 1988/89). This 
approach was later modified and improved by Pantoja et al. (1993) by syn
thesizing specific FMPs based on luciferin yellow (LY) derivatives of lysine, 
cadaverine and other amino compounds as potential marker/reporter sub
strates for the cell surface oxidation of amino compounds by phytoplankton 
(Pantoja et al.1993; Pantoja and Lee 1994). 

The authors considered these assay techniques as an alternative approach 
and very promising tool to trace the role of peroxidase activities in humic 
waters and their contribution to RDOM degradations (Fig. 9.5). They have 
used the principles of the former assay from Palenik and Morel (1990a, b) 
but with small modifications to trace peroxidase activitiy in humic waters 
with fluorimetric techniques. Although the fluorimetric method of this assay 
was expected to be much more sensitive compared with that of the liP HPLC 
assay, the incubation time to receive enough activities was not much shorter 
compared with the liP assay and lasted also 3-6 days. This may imply that 
oxidative enzymatic degradation of NOM polymers in these humic waters by 
oxidase/peroxidase activities was rather slow compared with hydrolytic en
zymes such as phosphomonoesterase, glycosidase and aminopeptidase ac
tivities. Five different pHPA concentrations were amended with different 
H20 2 concentrations (1,5, 10,25 50, 100,250 and 500 J.1M) to follow the pro
duction of the fluorescent pHPA-dimer due to peroxidase activity as shown 
in Fig. 9.4d. From this experiment we could find a clear fluorescence re
sponse with increasing H20 2 addtions and increasing pHPA cocentrations 
following a kind of kinetic plot. Obviously 10-100 J.1M H20 2 additions and 
50-100 J.1M pHPA were sufficient to saturate the peroxidase activity in this 
experiment, which may again suggest that peroxidase activity is an existing 
biocatalyis in those humic waters. However, it was not yet clear whether .. 
Fig. 9.5. In between variation of acid phosphomonoesterase (acPME) in boreal freshwaters. (A). 
Seasonal variation and comparison of acPME in small Finnish forest-lakes: Mekkojarvi (MKJ), 
Horkkajarvi (HORKKJ), Alinen Mustajarvi (ALMU) and Syrjanalunen (SYRJAL) at 0-1 m 
depths during 1988. The lakes have decreasing humic substances contents as listed here in the 
legend text (modified from Munster 1994). (B). Seasonal variation of acPME in the polyhumic 
lake Mekkojarvi with maximum, minimum and average values at 0-1 m depth with weekly sam
pling during 1994. (C). Spring bloom aspect of acPME in lake Mekkojarvi with daily sampling in 
1988 (modfied from Munster 1997c). All lakes are located in the Evo-forest research area in 
southern Finland with no direct human impacts. 
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photometric or fluorimetric assays provide more sensitive protocols. The 
present data basis is probably still to small to make general conclusions. 

9.3.1.2 DISTRIBUTION AND VARIATION OF MEE ACTIVITIES IN MARINE 
AND FRESHWATER ENVIRONMENTS 
To evaluate the role of MEE in aquatic environments such as in marine and 
freshwaters it is recommended to study at first the seasonal and vertical dis
tribution and variations (BilIen 1991; Chr6st 1991; Hoppe 1991,1993; Wetzel 
1991). In most of those studies it has been shown that MEE activities vary 
over large time scales owing to seasonal, vertical and catchment aspects 
(Wetzel 1981, 1992; Hollibaugh and Azam 1983; Sinsabaugh et al 1992a, b, 
MUnster 1997c). Highest MEE were found in the trophogenic and the 
tropholytic water layers. However, also large particles and aggregates such as 
"marine snow" can be colonized by bacteria and can contribute with their 
MEE activities significantly to "marine snow" solubilizations, nutrient dis
solutions and carbon processing (Karner and Hernd11992; Smith et al. 1992; 
Azam et el 1994 and references therein). Similar studies are rather scarce in 
freshwaters, where most studies have been carried out with planktonic or
ganisms and some in sediments. 

9.3.1.2.1 Seasonal and Daily MEE Aspects in Humic Waters 
In humic waters seasonal aspects of MEE activities have been studied by 
MUnster et al (1992a, b) in small forest lakes located in southern Finland with 
different environmental impacts such as nutrient contents, acidity, forest 
managements and HS contents. Those studied showed that in meso- and 
polyhumic lakes MEE such as acid phosphomonoesterase (acPME), a.,~
glycosidase (a.,~GlycAse) and leucine-aminopeptidase (LeuAMPA) showed 
significant seasonal variations and depth profiles (MUnster 1992a, b, 1997c). 
Surprisingly highest AcPME was observed in spring, soon after ice break, al
though dissolved inorganic phosphorus (DIP) and total phosphorus (Ptot) 

were probably not limiting growth factors for phyto- and bacterioplankton 
(Fig.9.6a, b). These distribution patterns have been confirmed in recent 
studies in the same lake with weekly sampling intervals (MUnster 1997c). 
Again, highest acPME was measured about 1-2 weeks after ice melted from 
the lake surfaces. The distribution pattern of acPME over the seasonal and 
vertical variation correlated with phosphorus fractions such as Ptot 

(r2 = 0.7426), Porg (r2 = 0.7412), POP (r2 = 0.6552), microbial activities such 
as community respiration (r2=0.6621), bacteria respiration (r2=0.8398), netto 
primary production (r2 = 0.9572) but not with DOP, DIP and microbial bio
mass parameter such as chlorophyll contents (ChI) and bacteria numbers 
(acriflavine direct counts-AFDC) (MUnster 1997c). However, this correlation 
was not valid for all studied lakes. In many cases there was no correlation 
between phosphorus resources and acPME (MUnster 1997c). 

During short term studies on nutrient dynamics on daily sampling basis 
in a mesohumic lake it was noted that acPME followed the development of a 
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Fig. 9.6. Enzyme kinetics of acid phosphomonoesterase (acPME) in boreal freshwaters. (A). In· 
hibition effects of humic substance (HS) additions on acPME kinetics in humic substances and 
acidification related experimental lake HUMEX·Lake Skjervatjern, Norway (Gjessing 1992). Pu
rified HS from the same water sample was added as specified in the figure to 100 J.UIl mesh size 
preftltered original water sample and acPME kinetic was measured fluorimetrically according to 
Munster et al. (1989). (B). Inhibition effects of elevated phosphate concentrations on acPME. 
Lower, ambient phosphate additions are not plotted in the figure (cf. Table 9.4b). (C). Contrast
ing acPME kinetics in different particle size class associated and dissolved free acPME in 
HUMEX-lake Skjervatjern, Norway. Enzyme kinetic prameter such as V max, Km (cf Table 9.4a, b, c) 
were measured with Grafit software package from Erithacus (UK) on an IBM compatible per
sonal computer (all graphs were modified from Munster 1997c) 
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spring bloom (Fig.9.6c) with a mximum of acPME in may just after ice 
break, which confirmed former data. This sampling interval was intensified 
during diurnal studies on vertical migrations of planktonic organisms in a 
mesohumic forest lake in June, July and August 1996, where we found lowest 
acPME and LeuAMPE activities between 03:00-05:00 hours in the morning 
and not at the darkes period at 24:00-02:00 hours (Munster 1997c). This may 
suggest that MEE followed the light -dark cycles and the microbial migration 
and/or activity patterns in this lake. 

Among the most often studied MEE in those humic waters, the following 
sequence and ranking can be stated according to the activities of the studied 
MEEs: acPME > esterase> lipase> exo-peptidase > phenol-/peroxidase > ~
xylosidase > endo-peptidase > a,~-glucosidase > N-acety-~-glucosamino
dase > acid phosphodiesterase> 5'-nucleotidase. This ranking was constant 
over the entire seasonal scale but varied between studied locations and type 
of lakes (Munster 1994, 1997b,c). 

9.3.1.2.2 HS Effects on MEE: Inhibition, Complexation, Immobilization, 
Translocations and Reactivations 
HS have been shown to have strong impacts on aquatic food web structures 
(Hessen 1985, 1992) and then modifiy microbial activities in freshwaters 
(Stewart & Wetzel 1982; McKnight et al. 1991). HS can also provide higher 
bacteria-carrying capacities compared with clear waters (Tranvik 1988, 1989, 
1990, 1992). However, it is still not clear what the impact of HS is on MEE. 
Although similar studies have been carried out in soil ecosystems, little has 
been done in marine and freshwater environments. According to Wetzel 
(1991,1992), HS can have significant impacts on the activities of MEEs in the 
littoral zone of freshwaters and their watersheds and interfaces. This aspect is 
especially important in context with global climate change effects, where es
pecially the land-water interface may receive the highest impacts from tem
perature and light changes and can modifiy its microbial activities (Benner 
et al. 1989; Schindler et al. 1990, 1992, 1996) due to increased leaching effects 
from catchments and drainage areas (Rasmussen et al. 1989). Therefore, Wet
zel (1991, 1992) raised some important questions about such events and dis
cussed the effects of HS on MEE activities. Especially dissolved free MEE may 
have the strongest interactions with HS, due to their high solubility in the 
water and their susceptibility to inhibition, complexation, immobilization, 
precipitation and translocation by HS (Wetzel 1992). Indeed, dissolved free 
phosphatase have been detected in significant amounts in marine and fresh
waters (Munster 1997c). About 30 to 90% of total phosphatese can exist as 
dissolved free enzymes (Overbeck & Babenzien 1963; Wetzel 1981, 1991; 
Stewart and Wetzel 1982; Chr6st and Overbeck 1987; Munster 1997c). In 
small boreal forest lakes with high HS contents Munster (1991, 1992a, b) and 
Munster et al. (1992a, b) reported that 70-90% of acPME was non-particle 
bound, i.e. it existed as dissolved free acPME. 
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Table 9.4. Enzyme kinetics from acid phosphomonoesterase in the acidified basin-A from 
HUMEX-lake Skjervatjern, Norway (modified from MOnster 1997c). 

(A) Effects of Humic Substances (HS) Additions on Acid Phosphomonoesterase (acPME) ki
netics in 1992 in the acidified basin-A 

Range of Humic 
Substance Additions 

O~CHSrl 
10 ~CHsl-I 
50 ~CHSrl 

100 ~CHSrl 

Abbreviations: 

PMECodes 

acPME-HS 
acPME + 10 ~ CHS r l 

acPME + 50 ~ CHS r l 

acPME + 100 ~ CHS r l 

V max (MUF-PO.) 
(nmol r l h-I) 

149.1 
134.9 
108.0 
69.8 

2.5 
3.0 
3.7 

65.0 

CHS: organic carbon content of added purified humic substances (HS) from the same lake 
and water sample (MOnster 1997c) 

V max: maximum reaction velocity at substrate saturation level from kinetic experiments 
Km: half saturation constant or Michaelis-Menten constant from kinetic experiments 
acPME: acid phosphomonoesterase 
MUF-PO.: 4-methyl-umbelliferyl-phosphate 

(B) Effects of ambient and P-PO. additions on acPME kinetics from Lake Skjervatjern 1992 in 
basin-A 

Range of p-PO. Plotting Codes V max (MUF-PO.) Km (MUF-PO.) 
Additions (nmollllh) (pM) 

o ~p-po.rl PME+ O~p-po.rl 1044.7 2.2 
10 ~p-po.rl PME+ 10 ~p-po.rl 1043.9 2.1 
25 ~p-po.rl PME+ 25 ~p-po.rl 1045.1 2.3 
50 ~p-po.rl PME+ 50 ~p-po.rl 1038.5 2.0 

75 ~p-po.rl PME + 75 ~ p-po. rl 1029.8 2.8 
100 ~ p-PO. r l PME + 100 ~ p-po. r l 977.7 6.9 
500 ~ p-PO. r l PME + 500 ~ p-PO. r l 878.8 26.3 

(C) acPME kinetics from lake Skjervatjern during 1992 from basin-A in different size class frac
tions 

Size Class Fractions Size Class Codes V max (MUF-PO.) Km (MUF-PO.) 
(nmol 1'1 h'l) (pM) 

< 100 J.Ull FO 783.7 ± 27.9 16.0 ± 2.6 
(Total ComunityPME) 

100-10 J.Ull FI 54.9 ± 2.2 8.1 ± 1.8 
(meso-Zooplankton) 

10-1.0 J.Ull F2 122.5 ± 5.1 6.8 ± 1.7 
(Phytoplankton) 

1.0-0.2 J.Ull F3 165.3 ± 5.1 7.7 ± 1.3 
(Bacteria plankton) 

< 0.2 J.Ull F4 448.9 ± 28.3 27.6 ±6.7 
(Dissolved Free PME) 



236 Uwe MUnster and Henk de Haan 

The view that HS may interact with proteins and notably with enzymes 
has its roots in plant physiology, where polyphenolic compounds inhibited 
enzyme activities in cell protoplasma after cell disintegrations (Loomis & 
Bataillle 1966; Andersen and Sowers 1968) and from soil microbiology (Ladd 
& Butler 1975; Burns 1978,1982, 1983; Skujins 1967). The HS-enzyme inter
actions are mainly based on HS-metal-protein interactions, dipole-dipole 
and van der Waals forces via hydrogen bridge-bonding between the NH2-

and/or carboxylic groups at the protein/enzyme surface and the phenolic 
OH groups of the polyphenols originally from plant vacuoles (Andersen and 
Sowers 1968; Haslam 1974; McManus et al.1985; Munster 1985; Steinberg and 
Munster 1985; Lahdesmaki and Piispanen 1988,1992; Spencer et al. 1988). 

A similar mechanism has been discussed by Wetzel (1991) for HS-enzyme 
interactions in freshwaters. It is assumed that dissolved free enzymes can be 
covered by polyphenolic compounds from HS at the protein surface and no
tably modify their catalytic potential and properties, but they also may act as 
a shield against inhibitors and proteolysis. This assumption has been verified 
in part by Wetzel and coworkers experimentally and they showed that HS 
have significant impacts on the kinetic properties of alkaline phosphatase 
(Stewart and Wetzel 1982; Wetzel 1991). A similar effect of HS has been ob
served by Munster (1994, 1997c) during studies on acPME from humic forest 
lakes where he showed that acPME had different kinetics when HS was 
added to the lake water as shown in Tab. 9.4, Fig. 9.6a. The opposite effect was 
observed, after the addition of polyvinyl pyrrolidone (PVP), a significant 
immobilizer of HS (Andersen and Sowers 1968), to lake water samples from 
polyhumic small forest lakes, which induced a higher acPME compared to 
the control without PVP additons (Munster unpublished results). Both ex
periments supported the assumption that HS may have modified the MEE 
activities by changing their catalytic properties, e.g. their catalytic centre. 
Similar observations have been experimentally verified with soil enzymes 
and the effects of HS on their catalytic properties (reviewed by Ladd and 
Butler 1975; Burns 1978, 1982, 1983; Schinner and Sonnleitner 1996). This 
implies that HS must be considered as important reactants with MEE in 
many freshwaters of the NBA and can modify the catalytic properties of the 
MEE or shield them against inactivation and biodegradation. 

9.3.1.2.3 Kinetic Aspects of MEE Studies in Natural Habitats 
In addition to studies on temporal and vertical variations and distribution of 
MEE in aquatic habitats, more detailed information about the role, properties 
and function of MEE can be gained from studies on enzyme kinetics, when 
varying amounts of substrate (S) are added under constant reaction condi
tions and the catalytic reaction velocity (v) is measured. Theoretically and 
according to textbooks in biochemistry and enzymology (Dixon and Web 
1979; Bergemeyer 1990; Zubay 1993), such kinetic approaches to characterize 
enzyme catalysis should be carried out only with clearly defined reaction 
conditions and isolated and purified enzymes. Ideally the enzyme catalysis 
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will follow the classical Michaelis-Menten (MM) kinetics, which can be 
mathematically formulated in the well-known formula: 

V= Vrnax xS 
Krn xS 

From this equation two important parameters can be calculated: the 
maximal velocity (V max) of enzyme catalysis at substrate saturation level and 
the Michaelis-Menten constant (Km) at half-substrate saturation level. Both 
parameters are very useful to characterize an enzyme in its catalytic proper
ties and its interactions with the applied substrate and its inhibitors. 

Ecologically orientated studies on MEE should measure enzyme activities 
under in situ conditions, i.e. without any manipulations and disturbances. 
Therefore, MEE kinetics in natural habitats under in situ conditions are the 
main goals in such kinetic approaches. However, there are only very exam
ples of how such approaches have been successful, because the classical MM 
kinetic was not always working under such in situ conditions and mathe
matical corrections and modifications in the above formula were necessary 
to calculate V max and Km more reliable (Billen 1991), similar to the develope
ment of substrate uptake by bacteria in natural habitats (Overbeck 1975; 
Button 1985,1986 and cited refrences therein). Although enzyme kinetics can 
be calculated and evaluated at the beginning of such studies with rather sim
ple graphic tools and a pocket calculator, only powerful computer software 
can provide a reliable basis for enzyme data calculations; examples now 
available include Enzfitter from Biosoft Elsevier, Grafit from Erithacus, or 
within statistical programs such as Systat or the computing program Math
cad from Mathsoft. These software packages provide convenient tools to 
generate enzyme kinetic transformations such as those from Lineweaver
Burke, Eadie-Hofstee, Hanes or even our own specially designed transforma
tion plots. The main outcome of such kinetic approaches is, however, to trace 
what kind of reaction type followed the enzyme catalysis and what the main 
factors modifying the catalysis were. 

This aspect is especially important for MEE activities in humic waters, 
where HS are expected to act as modifiers in MEE catalysis (Wetzel 1991, 
Munster 1997b, c). This was approved by using the Grafit software package 
(Erithacus UK) to determine the effects of HS on V max and Km of acPME 
from a mesohumic lake as shown in Fig.9.6a. and Table 9.4a. From these 
plots it became evident that HS do change the kinetic parameters such as Km 
and V max underlining the assumption that HS act as modifier in biocatalysis 
in humic waters. Another example of valuable information obtained from ki
netic data is shown in Fig. 9.6b and Table 9.4b, where acPME activities ki
netic approaches provided valuable kinetic data about inhibition effects from 
ambient DIP concentrations on phosphatase activities. Acid phospho
monoesterase was i.e. not inhibited by ambient DIP concentrations in small 
Finnish forest lakes in the range of 1-50 ~ P-P04 1-1, which is the natural 
DIP level in most boreal surface waters (Munster 1997c), but above 50-75 J.!M 
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P-P04 acPMW was significantly inhibited. This is an important aspect related 
to in situ enzyme activity regulations such as induction/expressions, repres
sion, derepression and environmental impacts. Another important aspect 
related to MEE activities is connected to questions such as: do have particle 
associated and dissolved free MEE different enzyme-substrate interactions, 
kinetics, or are they rather identical or similar? As one example in our studies 
on acPME we have measured kinetics from different particle size associated 
acPME and dissolve acPME in a mesohumic lake water as shown in Fig. 9.6c 
and Table 9.4c. These data show that particle associated acPME had not onyl 
lower V max values but more intrestingly lower Km values campared with that 
from dissolved free acPME (Table 9.4c). This suggest that the particle associ
ated acPME had stronger binding and higer affinity to the model-substrate 
MUF-P04 compared with the dissolved free acPME, an important informa
tion to explain and understand the ecophysiological role of dissolved free 
MEE in aquatic environments. 

9.3.1.2.4 Metabolic Regulations of MEE: Induction, Repression, Derepression 
and Environmental Impacts 
Another central question in experiments with MEE in aquatic environments 
is how MEE are regulated in their activities at the cellular, the organism and 
the environmental level. In temperate lakes and in marine environments with 
few HS impacts the three best known and studied MEE are the phosphatase 
(EC 3.1.3.1), ~-glucosidase-(EC 3.2.1.21) and leucine aminopeptidase (EC 
3.4.1.1) systems as reviewed by Billen (1983, 1991), Chr6st (1990, 1991, 1994) 
and Hoppe (1991). According to these reports, MEE are regulated at the cel
lular level on the basis of induction, expression, repression and de-repression 
mechanisms (Chr6st 1990, 1991, 1994; Azam et al. 1994). This view is based 
on many experimental data from laboratory and on some in situ MEE meas
urements and implies that microbial cells such as bacteria and algae sensitize 
very effectively the bioavailability of required key nutrients such as phospho
rus, nitrogen and carbon and regulate their MEE activities directly across the 
cell surface at the genetic level (cf. Chr6st 1990, 1991; Azam et al. 1994 and 
cited references therein). 

As the scientific knowledge about MEE regulations under in situ condi
tions in aquatic environments is based on rather few in situ experimental 
data sets, the view of the regulation and function of MEEs in nature with 
nutrient pure aquatic habitats is largely deduced from the present knowledge 
about enzyme expressions and regulations gained from bacterial and algal 
cultures, such as the regulation of phosphorus metabolism in model organ
isms, i.e. when E. coli is grown under DIP limitations below 0.16}lM, its alka
line phosphatase is induced and the Pho-regulon expressed (Torriani-Gorini 
et al. 1994). According to present knowledge of the structure and function of 
the Pho-regulon of E. coli, a set of proteins/enzymes and co-factors are acti
vated which sensitize and regulate the bioavailability of external P resources 
and its transport and flux accross the cell wall/membranes (Torriani-Gorini 
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et al.1994). Phosphoester hydrolysing enzymes such as PME play key roles in 
the external, extracellular regulation of P bioavailabilities. A similar mecha
nism and regulation can be assumed for aquatic microbes. 

However, in aquatic environments, both bacteria and algae are competitors 
for the same key nutrient resources and they have to tune their enzymatic
metabolic machinery to gain access to those available but limited nutrient re
sources. This has been recently shown with an elegant 32P-radio tracer assay 
by Hernandez et al. (1996), in which they observed that bacteria and algae 
may take different dissolved organic phosphorus (DOP) pools as key nutri
ents due to their different cellular C:N:Pratios and affinities to the available 
DOP compounds. According to this view, which was at first developed and 
confirmed by Ammerman and Azam (1985), bacteria may use P resources 
from different external P pools such as from dissolved DNA, by synthesizing 
cell-surface bound 5'-DNAse with high affinity to those DNA-phosphoester 
bonds (Ammerman 1991), whereas algae exploit other resources. All these 
results confirm that the key regulations of MEE activities are located mainly 
at the cell surfaces, where MEE are under strict control of the meta
bolic/genetic machinery (Chr6st 1990, 1991, 1994; Azam et al. 1994). 

However, in humic environments there is experimental evidence that 
phosphoester cleaving enzymes such as PME can exist in high quantity in 
non-ceIl-surface or non-particle-bound status (Wetzel 1981, 1991, 1992; 
MUnster 1992a, b, 1994, MUnster 1997b, c). This PME fraction is not under 
such strict genetic control as cell-surface-bound MEE, and the ecophysi
ological role of this dissolved PME fraction can only be speculated. Due to 
the predominance of HS in land-water interfaces and littoral zones, Wetzel 
(1990, 1991, 1992) discussed the role of immobilized and dissolved MEE as 
important regulators in cleaving reactions in freshwaters with long storage 
capacity in biocatalysis for phosphorus, nitrogen and carbon biopolymers. 
Although not yet completely verified experimentally, this view is congruent 
with the role of free enzymes in soil ecosystems (Skujins 1967; Ladd & Butler 
1975; Burns 1978, 1982, 1983; Lahdesmaki and Piispanen 1988,1992; Schin
ner and Sonnleitner 1996; Morra 1997) where so-called free abiontic en
zymes, although not under the strict genetic/metabolic control of their pro
ducers, displayed higher resistance against inactivation by environmental 
factors such as pH, heavy metals, proteolysis, temperature, complexation and 
light effects. Similar properties have been observed for PME in humic waters 
with 50-60% activities after storage at room temperature in the darkness 
(MUnster 1997c).1t can be assumed that dissolved free and immobilized MEE 
in humic waters may react faster to short substrate pulses and variations 
compared with cell-surface-bound MEE, and they may have a key function in 
the initiation of biocatalysis and can act as inducers for the cell-surface
bound MEE by providing signal/inducer compounds for the biosynthesis of 
MEE in the cells as it is well known for the role of cellobiose in cellulose bio
catalysis (Wood and McCrae 1979; LjungdahI1989). However, there is still a 
rather superficial knowledge of the ecophysiological role of HS (Visser 1985) 
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and of free MEE in humic environments and their biocatalytic role and im
pacts in NOM biodegradations. 

9.3.2 Main Contributors of MEE in Humic Waters 

In many publications on MEEs in aquatic environmets it is stated that bacte
ria and algae are the main contributors to MEE activities (reviewed by 
Chr6st 1990, 1991; Billen, 1991; Hoppe 1991, 1993). However, in most of these 
assumptions, conclusions were made on the basis of pre-filtrations and frac
tionations of the microbial communities and their contribution to the total, 
community MEE activities. Additional support for this view was gained from 
statistical and correlation data analysis, where MEE activities correlated 
rather well with bacteria production (Chr6st 1989; Chr6st et al. 1989), algal 
biomass, cell constituents and other activities (cf. Billen 1991; Chr6st 1991, 
1994; Hoppe 1991). However, aquatic food webs are highly complex and 
many contributors and other pathways by which the MEE pools could be 
filled up also from higher organisms may exist. In addition, the filtering 
technique is rather crude to address the question of what are the main con
tributors to MEE activities. It may be practicable in this case that most MEEs 
are particle-associated and only a small fraction (1-20%) may exist as dis
solved free MEE fraction as has been regularly found in most marine envi
ronments (reviewed by Hoppe 1991). 

However, a problem emerges when a larger fraction of the MEE is in the 
dissolved free MEE fraction, as has often been found for PME in some fresh
waters and humic lakes (Wetzel 1981, 1991; 1992, MUnster 1992a, b, 1994, 
1997c; MUnster et al. 1992a+b). As one often found example the acPME dis
tribution in different particle size fractions is shown in Fig. 9.7. From this 
picture it becomes evident that 50-60% of community acPME (passing 
100 JlI11 mesh size plancton net) is existing as dissolved free acPME, passing 
0.2 JlI11 pore size Nuclepore membrane filter, when we assume that all living 
organisms and particles are retained on such filter. However, in some cases 
MUnster (1992a, b, 1994) also reported a larger PME fraction in the 1-2 JlI11 
pore size class, which was dominated by flagellates. This observation is in 
agreement with data from Nagata and Kirchman (1992), who found signifi
cant amounts of released macromolecules which contained acid phosphatase 
from flagellates in marine waters. According to Sherr (1988) and Sherr and 
Sherr (1994), phagotrophs may be one of the most important contributors to 
nutrient regenerations, such as phosphorus and nitrogen by grazing on NOM 
or bacteria, a major sink of phosphorus in many freshwaters, and after di
gestion they release free phosphorus compounds and phosphatase into the 
waters (JUrgens and GUde 1990). In addition, Vrba et al. (1992) and Nedoma 
et al. (1994) identified flagellates as important contributors to cell wall hy
drolyzing enzymes such as N-acetyl-~-glucosamidase. A similar effect can be 
expected by zooplankton feeding activities (Bochdansky et al. 1995). Phyto
plankton in many humic freshwaters are dominated by flagellates (Ilmavirta 
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Size class distribution of acid phosphomonoesterase (acPME) in HUMEX-Iake Skjervatjem 1991 
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Fig. 9.7. Size class distribution of acPME in humic substances related experimental lake, 
HUMEX-Lake Skjervatjern, Norway (Gjessing 1992), from the acidified basin-A and the control 
basin-B at 0-1 m depth during summer 1991. Columns show acPME activity in the < 100 ~ 
size fraction (total community activity passing through a 100 ~ plankton net) and the acPME 
activities in five sub-fractions (F1-FS) according to their retention on the corresponding Nucle
pore filters in nmol rt h -t. Lines show the percentual contribution of each fraction in relation to 
the total «100~, FO) community activity (modified from Munster 1992b) 

1988) and they may be potential resources not only for phosphatase but also 
for protease and glycosidase. 

In addition to micrograzers such as phagotrophs, other planktivorous or
ganisms such as rotifers, ciliates and even larger zooplankton can contribute 
to dissolved free MEE pool sizes due to their grazing activities and digestion 
of bacterioplankton and algae. However, from such faeces and exudates it is 
rather speculative to address the origin of the released and remaining MEE 
in the water. A very specific identification method has to be made based on, 
e.g., immunoreactions, on protein amino acid sequences analysis and/or on 
the genetic basis in order to identify reliable the origins of MEE. Phyto- and 
bacteriophages can contribute to microplankton mortality in aquatic envi
ronments and may thus indirectly also influence the MEE composition and 
activities due to cell leakages (cf. Azam et al. 1994). With respect to biodegra
dation of RDOM sources in humic waters, especially aquatic fungi may be 
another powerful contributor to the MEE activities (Barlocher 1981). How
ever, this group of microheterotrophs has been seldom studied in pelagic 
humic water bodies, a missing link probably in nutrient regeneration and 
carbon fluxes studies. 
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9.3.3 MEE in Aquatic Food Webs 

The picture of aquatic food web structure and function has dramatically 
changed during the last 10-20 years of aquatic research, mainly due to the 
early view of Pomeroy (1974) of the role of microbial processes in marine 
waters and the establishment, formulation and refinement of the concept of 
the microbial loop by Azam et al. (1983,1994). Within this concept, MEE have 
been later recognized as important regulators of nutrient and carbon fluxes 
(Billen 1983, 1991; Azam et al. 1994; Hoppe 1991). This rather clear view of 
marine ecosystems may be also valid for and transferable to freshwater eco
systems (Chr6st 1990, 1991, 1994). However, freshwaters are probably also 
more heterogeneous and variable in their structure and function compared 
with the large water bodies in oceans. Especially freshwaters from the NBA 
and partially also in tropical rain forest ecosystems, external factors can 
modify this general view of the carbon flow and food web interactions. 

The predominance of HS, e.g. in many freshwaters of the NBA, has been 
shown to modify the current view of carbon flow and food web structures (cf 
other chapters in this book). The generally observed and accepted close 
metabolic coupling between autotrophic-heterotrophic microorganisms in 
marine and many temperate freshwater environments, seem to be less effec
tive and quantitatively of minor importance in humic waters (Salonen 1981, 
Salonen et al. 1983, 1992; Hessen 1985, 1992; Tranvik 1988, 1989, 1992 and 
cited references therein). The greater amount of RDOM sources from al
lochthonous DOM and POM with highly complex chemical structures 
(Christman and Gjessing 1883; De Haan 1983; Harvey et al. 1983; Hayes et al. 
1989) will certainly encourage more studies of different and even new biode
gradation pathways and may involve other structured MEE pools with differ
ent efficiencies and mechanisms compared with marine waters and temper
ate freshwaters (Munster 1997b). Due to the different nutrient level and pool 
sizes in humic waters (Salonen et al. 1992; Munster 1991, 1997c), a higher 
heterotrophic activity via grazer impacts can modify MEE composition and 
activities, and other efficiencies may be expected. However, at present few 
fundamental studies and results are available to evaluate the principal differ
ences between the role of MEE in clear water and humic waters (Munster 
1991, 1997b, c). 

9.3.4 MEE in Biogeochemical Cycles 

Essentially four key elements can be defined as of primary importance in 
global biogeochemical aspects: carbon, nitrogen, sulfur and phosphorus. 
Among those four elements, only phosphorus moves mainly via waterways 
globally and locally. The other three elements are highly mobile, exist also as 
gases and differ in this aspect from phosphorus. A large amount of those 
four elements is located in organic matter (OM) with primarily polymeric 
structures (Harvey et al. 1983; Romankevich 1984; Steinberg and Munster 
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1985, Thurman 1985; Hedges 1992; Lee and Wakeham 1992). Microhet
erotrophs such as flagellates, bacteria and fungi are the main agents in mobi
lizing those four key elements. Due to the predominance of macromolecular 
structures in OM on earth, extracellular cleavage is compulsory to mobilize 
these key nutrients. In addition to photolytic cleavage of biopolymers in 
aquatic environments, flagellates, bacteria and fungi and their extracellular 
biocatalyst are probably the driving forces in the transformation and degra
dation of OM globally and locally (Azam et al. 1994). Due to their large bio
mass and high bioactivity, especially bacteria in marine waters are quantita
tively certainly of greater importance compared with those in freshwaters. 
However, freshwaters of the NBA and most large rivers and freshwater drain
age areas are also important sources of and sinks for carbon and nutrients. 
Therefore, there is a demand to improve the knowledge of the biological 
mechanisms participating in these cycles. Studies on the distribution, varia
tion and regulation of MEE in marine waters and freshwaters can contribute 
to improving the basic knowledge of the mobility and pathways by which 
these key nutrients are mobilized and transfomed in aquatic habitats. 

According to the present knowledge, phosphatase, protease and glycosi
dase enzyme systems are currently the best-known and studied extracellular 
enzyme systems participating in and contributing to aquatic nutrient cycling 
and food web processes (Billen 1984, 1991, Chr6st 1990, 1991, 1994; Hoppe 
1991; Wetzel 1991; Azam et al. 1994, Sinsabaugh et al. 1997). Organic sulphur 
hydrolysing enzymes such as arylsulphatase are less studied in open waters 
and more applied in sediments and soil ecosystems (Burns 1983; Meyer-Reil 
1986 1991; Schinner and Sonnleitner 1996). Based on these four enzyme sys
tems, probably only 10-20% of the DOC processing can at present be ex
plained and quantified. Although photolytic degradation and cleavage of 
DOC can be significant (Kramer 1979; Geller 1985a; Mopper et al. 1991; De 
Haan 1993; Lindell et al. 1995; Graneli et al. 1996; Wetzel et al. 1995), these 
mechanisms are rather limited to the upper surface layers (Salonen and 
Vahatalo 1994). In deep and large water bodies such as in oceans and large 
and deep lakes, the main DOC pool is not penetrated by light and therefore 
less exposed to photochemical cleavage reactions. In shallow water bodies as 
frequently found in freshwaters of the NBA this mechanisms can be higher 
but it is only restricted to the upper 10-50 cm depths (Gjessing and Gjerdahl 
1970; De Haan 1983; Salonen and Vahatalo 1994; Wetzel et al. 1995). The 
largest polymeric organic matter pool requires, however, biocatalytic reac
tion mechanisms such as MEE. 

Rather little is known about these enzyme systems that are participating 
in the cleavage and processing of RDOM sources but with slow turnover 
times. According to Sinsabaugh et al. (1992a, b), oxidative enzymes such as 
phenoloxidase and phenol peroxidase may be strong contributors to such 
RDOM processing. Sinsabaugh and coworkers have studied oxidative en
zyme activities in lenthic and lotic freshwater environments and explained 
OM mass losses in a riparian and reverine watershed area and in boreal river 
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ecosystem based on the measurements of the oxidative enzyme and ligno
cellulosic enzyme systems (Sinsabaugh et al. 1994a, b, 1997). They correlated 
the oxidative and cellulolytic enzyme activities with microbial biomass and 
activities which was highly dependent upon seasonal and local variables. 
They also correlated enzyme activities with oxygen consumption and carbo
hydrate contents from particulate organic matter (POM) fractions in a boreal 
river (Sinsabaugh and Linkins 1990). 

In another experiment, Sinsabaugh et al. (1992a, b) studied the enzyme 
contributions to litter decomposition in riparian and lotic sites in forested 
watersheds, and, based on cumulative principal component analysis, they 
showed that mass losses of OM were 83% due to enzymatic lignocellulose 
degradation in the watershed area (Sinsabaugh et al. 1997). Using similar 
oxidative-hydrolytic enzyme processing of RDOM approach combined with 
amino acid and aromatic carbon utilization in a boreal headwater lake in 
southern Finland, Munster et al. (1997b) calculated about 40-50% of micro
bial carbon processing and utilization in a small boreal polyhumic lake was 
supported by oxidative-hydrolytic enzyme activities, which was much higher 
than proteolytic and glycolytic activities calculations alone. This may indi
cate that in humic waters a significant carbon fraction may be also processed 
via oxidative enzyme processes and may enhance microbial recalcitrant ali
phatic and aromatic carbon sources utilizations. However, the variability of 
these carbon flux pathways can be high and the methods still suffered from 
long incubation times, and the results may be therefore partially biased by 
the selection of the methods and assays. However, the incorporation of oxi
dative enzymatic processing of RDOM pools and the utilization of released 
aliphatic and aromatic carbon sources by microhetrotrophs seem to be sig
nificant (Sinsabaugh et al. 1992a, b, 1997, Munster et al. 1997b) and probably 
represents a further step towards quantifying more carbon flow processes in 
boreal freshwaters. Sinsabaugh and coworkers have demonstrated how it 
could work developing quantitative models including MEE activities for ri
parian lentic and lotic communities (Sinsabaugh et al. 1994a, b, 1995, 1997). 
Probably, at the moment this represents the most advanced status in the un
derstanding of MEE contributions to biogeochemical processes and element 
cycling in lentic and lotic freshwater ecosystems, which could be a model ap
proach for pelagic communities. 

9.4 Problems, Open Questions and Future Aspects 

Due to the data from the literature and the authors own experiences with 
MEE in humic waters, we will now raise some questions which we believe are 
essential to understanding and evaluating better the role of MEE in humic 
waters. There is stronger evidence to support the common view that micro
bial activities, nutrient fluxes and food web interactions are differently 
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structured in humic waters compared with clear and eutrophic water bodies 
(cf. other chapter of this book). MEE are acknowledged as playing a central 
role in this network (Fig. 9.1-7). However, to evaluate, quantify and model 
their role at the cellular, community and ecosystem level we need a reliable 
scientific basis on which the data are generated. Therefore, the measurements 
of MEE in aquatic habitats need a sound experimental protocol, which can be 
used in different environments and give results comparable for different 
communties and habitats. This goal could be achieved by an international 
working/expert group to evaluate and standardize the selection of suitable 
substrates, incubation conditions, kinetic approaches and calculations and 
modelling. Such protocol developments should be strongly related to other 
important protocols and parameters, such as autotrophic and heterotrophic 
(e.g. algae, bacteria, fungi, micrograzer) production, respiration, mortality 
and growth in representative habitats and ecosystems. MEE-HS interactions 
seem to be more a fact than an exception or vision in most humic waters, as 
already generally acknowledged in soil microbiology. But we know rather lit
tle about their mechanisms, intensity, variability and impacts on MEE activi
ties, kinetics and efficiency in humic waters. 

'TWo main questions can be raised related to these topics: (1). How do 
aquatic HS affect microbial cell surface and membrane structures and their 
associated catalytic enzyme reactions, and what are the differences to that of 
dissolved free catalytic enzyme reactions? (2). Are there species- or commu
nity-specific aspects in these MEE-HS interactions, e.g. are certain types of 
enzymes more sensitive or do they display higher susceptibility to MEE-HS 
interactions compared with others, and is this habitat- or community
dependent or even MEE-specific, e.g. coded in the amino acid sequences, 
which includes even a genetic and species aspect. 

It is a fact that in many humic waters a certain amount of MEE exist in 
non-particle-bound status and they can keep their catalytic activities over 
longer time scales, days or even weeks. We know, however, rather little about 
the nature of these biocatalysts and their role in aquatic food web processes 
and biogeochemical cycles. Therefore, we must ask: What is the physical
chemical basis for this astonishingly long viability or survival, and what is 
the biochemical basis for their catalytic activities? With modern instrumen
tation and sensitive enzyme substrates it is possible to measure the most 
common 10-12 different MEE within short time intervals and the MEE can 
be then ranked according to their activities. However, we do not know very 
much about synergistic aspects in this MEE community and could ask: Are 
these MEE ranking patterns constant or highly variable over time and habi
tats, and how are they dependent on the microbial community structure? An 
answer to such a question may imply or provide some view of how much of 
the MEE structure has a counterpart in the NOM pool compositions, or how 
much the MEE community activity reflects or mirrors the NOM structure 
and dynamics and the indigenous microbial community. 
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In most of the reviewed papers the MEE activities were related to bacteria 
and algae and a minor part to micro-/macrograzers. Most of the conclusions 
were based on filtration techniques, i.e. sizing the community with mem
brane filters, or in only a few cases on centrifugation techniques. This ap
proach may work in clear water bodies with indigenous, easily sizeable 
communities. However, in most humic waters this filtration technique is un
satisfactory and may even produce artefacts because most of the phyto
plankton consists of flagellates with auto-/mixo- and heterotrophic nutrition; 
due to this complex community with different size ranges and high sensitiv
ity to any kind of mechanical manipulations, it is very difficult to attain reli
able and representative size fractions, which can be used to answer the ques
tion: What are the main contributors from the microbial community to MEE 
activities and compositions? The interdependence of especially heterotrophic 
flagellates feeding as well on bacteria as on NOM may overlay and efface a 
clear and representative MEE pattern in time and space. To address the fun
damental question about the origin and contributors to MEE activities in 
humic waters, we need more specific, reproducible and reliable techniques 
and approaches, as, e.g., provided now with molecular biology and genetic 
techniques. 

With respect to increasing threat from global climate change and envi
ronmental aspects, there are four elements which should be the main targets 
in MEE studies: P, N, C and S. For all four elements enzyme systems exist 
which are participating in their mobilization, cycling and processing. How
ever, to evaluate their individual role in these processes we need reliable, and 
standardized protocols which produce data that are repeatable in and com
parable between the same habitats but also between different habitats from 
marine waters and freshwaters. Only this will provide the basis for a reliable 
interpretation of MEE activities on local and global scales and allow the de
velopment of MEE submodels and incorporate them into global carbon and 
nutrient flux scenarios. 

9.S Summary 

The trophic exploitation of non-living organic matter (NOM) and its incor
porated key nutrients in aquatic environments requires in many cases the 
presence and participation of extracellular biocatalysis. Microbial extracel
lular enzymes (MEE) are considered as the most effective biomolecules to 
catalyse biotransformations which make key nutrients such as phosphorus, 
nitrogen, sulphur and carbon in aquatic environments more easily available 
for rapid uptake by microbes. There is also increasing evidence that MEE are 
essential constituents for solubilization of particulate organic matter (POM) 
and for converting recalcitrant dissolved organic matter (ROOM) into labile 
dissolved organic matter (LOOM). Due to their central role in biotransfor-
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mations, MEE have been recently also incorporated into carbon and nutrient 
flux models. 

However, there is still a rather high variability in the applied protocol de
signs and the selection of the appropriate substrates to trace MEE under in 
situ conditions. In addition to the problems related to the lack of standard
ized measurement conditions, there exists also a rather diffuse selection of 
terms for identification of MEE, its main contributors and main modifier and 
inhibitors, especially in humic waters. Although the main MEE activities in 
marine and freshwater environments are thought to belong to bacterial 
communities and assemblages, the role of phagotrophic activities and other 
micrograzers in MEE compositions and activities is still little understood. 

Measurements of MEE in aquatic environments have become more easier 
due to higher sensitivities with fluorogenic substrates and better instrumen
tations. However, due to the large variability of selected methods and proto
cols, the results are hardly comparable between different aquatic habitats and 
ecosystems. A stricter selection of substrates and reliable and standardized 
conditions of measurements and protocolls seem to be important steps in 
attaining more comparable data about MEE in aquatic environments. 

Studies on the activities of MEE in aquatic environments have signifi
cantly increased during the last 10 years and have improved our under
standing of nutrient cycling and carbon fluxes. However, we still know rather 
little about the regulators of MEE activities under in situ conditions, such as 
the effects of inorganic and organic nutrient compositions and the relative 
contribution of nutrient ratios such as the Redfield ratios of P:N:C to the ex
pression, inhibition and de-repression of MEE. In humic waters, humic sub
stances seem to playa key role in MEE activities, their inactivation, translo
cation and reactivation. There is also little knowledge of the control of MEE 
on genetic levels under in situ conditions, because these may function differ
ently or may be modified compared with those from cultured microbes. Hu
mic substances could be considered as important partners to those modifiers 
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10 Degradation of Dissolved Organic Matter 
in Humic Waters by Bacteria 

Lars J. Tranvik 

10.1 Introduction 

The standing stock of dissolved organic matter (DOM) in surface waters de
pends on import, washout, indigenous primary production and processes of 
internal loss, including abiotic mineralization (particularly photooxidation), 
microbial mineralization and flocculation followed by sedimentation. The 
DOM in such waters is a complex mixture of different compounds. Some of 
these, such as free and combined amino acids and carbohydrates, have in 
many cases been identified and quantified. Although the bulk of the DOM 
has not been described in detail, a major constituent of it is generally humic 
matter. The composition of the fraction of the DOM that is utilized and min
eralized by bacteria, however, is poorly known. This chapter concerns both 
the importance of microbial utilization for the dynamics of DOM, and the 
importance of recalcitrant DOM as a substrate for microbial growth in humic 
waters. The impact of such factors as flocculation and photochemical proc
esses upon the microbial degradation will also be discussed. The further con
sequences which the production of bacterial biomass can have on the struc
ture and function of the ecosystem through the consumption of DOM will be 
considered as well, but is elucidated in greater detail in Chapter 11 . 

10.2 Strict Evidence for Bacterial Degradation of Humic Matter? 

As shown in other chapters of this book (McKnight and Aiken, chap. 1, this 
vol.; Perdue, chap. 2, this vol.), humic compounds are very diverse in origin 
and structure. They are sometimes broadly defined as organic substances, 
yellow or brown in colour, possessing a high molecular weight (e.g. Ishiwatari 
1992). Other characteristics of humic substances include their having polye
lectrolytic acidic properties and a highly aromatic structure (Thurman 1985, 
Killops and Killops 1993). Humic matter has generally undergone consider
able diagenetic change, is relatively recalcitrant towards further biogeo-
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chemical transformations, and in most natural waters constitutes the major 
fraction of the organic compounds present (Thurman 1985). The precise de
termination of what compounds are humic and how they can be delimited 
from other organic compounds relies on operational definitions, a widely 
adopted one being that they should adsorb to a hydrophobic macroporous 
resin (XAD-8) at low pH (Thurman and Malcolm 1981). 

Answering the question of whether and to what extent humic substances 
are utilized by bacteria is affected by how humic matter is defined, and in an 
empirical sense requires the isolation of humic substances from other or
ganic compounds that could promote bacterial growth. Using the XAD-8 
separation technique to achieve such isolation, Moran and Hodson (1990) 
compared bacterial production on the humic and non-humic fractions of 
DOM from a lake and from a wetland. Both fractions supported bacterial 
growth, although the non-humic DOM carried bacterial numbers several 
times as high per unit of initial organic carbon (Moran and Hodson 1990). In 
a later study, Moran and Hodson (1994) demonstrated that humic substances 
isolated from several marine sites also stimulated bacterial growth. Leff and 
Meyer (1991) studied the growth of a mixture of 47 different bacterial strains 
isolated from a blackwater river. The mixed inoculum proliferated in deion
ized water amended with isolated humic and fulvic acids obtained from the 
International Humic Substances Society. The bacterial biomass yield was 4-
to 14-fold lower than in cultures with a glucose-peptone-yeast extract me
dium of similar dissolved organic carbon (DOC) concentration. It is not clear 
to what extent this was due to differences in substrate quality and/or to dif
ferential limitations in essential nutrients (such as nitrogen and phospho
rus). Reitner et al. (1997), using the XAD-8 separation technique, reported 
bacterial utilization of the humic and of the non-humic fractions of the DOC 
in a eutrophic, brownwater lake to be roughly similar. 

The XAD-8 isolation procedure involves acid-base treatment of the humic 
compounds, which may affect their properties as microbial substrates. For 
example, the molecular aggregates in the isolated humic matter may be ar
ranged differently from in the original DOM solution, resulting in the degree 
of steric hindrance of the potential sites for enzymatic attack of the substrate 
differing. However, Moran and Hodson (1990) showed the bacterial biomass 
produced from unmanipulated DOM to be similar to the sum of the biomass 
produced from the separate humic and non-humic fractions. Thus, it is likely 
that humic compounds are also utilized by bacteria in the form in which they 
appear before the isolation process. 

The lysis of isolated fulvic acids by manganese oxides to form such labile 
substances as pyruvate (Sunda and Kieber 1994) is a further indication of the 
bacterial utilization of humic compounds. The bacteria deposit Mn oxides on 
their surfaces, which was suggested as a strategy for the conversion of recal
citrant humic matter to highly available carbon sources. 

Growth experiments (e.g. Moran and Hodson 1990) have shown both hu
mic and non-humic fractions to be largely recalcitrant towards microbial 
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breakdown, only a minor part of both fractions being mineralized during the 
course of such experiments, although in some cases the part mineralized has 
been found to be greater in the non-humic fraction. Since both fractions are 
heterogeneous, their constituents varying in recalcitrance, it is difficult to 
extrapolate from results for the initial labile fraction so as to elucidate the 
turnover times of the entire humic and non-humic pools of DOC. At present, 
there is no conclusive evidence supporting the view that aquatic humic mat
ter (e.g. as identified by the XAD-8 extraction procedure) is substantially 
more recalcitrant towards microbial degradation than aquatic non-humic 
matter. Although the dominant humic fraction of the total freshwater DOM 
suggests that humic compounds are degraded more slowly than non-humic 
compounds, this may partly be a consequence of the predominance of humic 
compounds in the organic matter imported from terrestrial environments. 

Thus, microbes clearly utilize humic matter, sensu common operational 
definitions. The limited data present also indicate that much of the recalci
trant DOM resides in the non-humic pool. Accordingly, the classification of 
DOM into humic and non-humic fractions does not separate the microbially 
available compounds from those that are recalcitrant. The present chapter 
concerns the microbial utilization of DOM with slow turnover rates, which 
appears to have undergone considerable diagenetic change. The compounds 
of interest are older than other DOM compounds, and have been subject to 
considerable transport. Thus, in the case of open lake environments, they are 
predominantly of littoral or terrestrial origin. 

10.3 Bacterial Utilization of Water-Column DOM 

10.3.1 General Aspects - Systems with a Negligible Import ofDOM 

Planktonic algae and cyanobacteria are the major indigenous primary pro
ducers found in pelagic environments. Although they form the basis of the 
phagotrophic food web, they also give rise to detrital organic carbon. Much 
of this detritus is in the form of DOM, commonly defined as the organic 
matter not retained by filters with O.2-)lffi pores, thus including colloidal or
ganic matter. It is produced partly by direct leakage from phytoplankton cells 
(e.g. Larsson and Hagstrom 1979) and partly by organisms at various trophic 
levels, e.g. due to sloppy feeding or excretion, during transfer through the 
phagotrophic food web (Jumars et al. 1989). In markedly pelagic environ
ments, such as in open ocean areas, most of the DOM originates from algal 
production (Nissenbaum and Kaplan 1972, Stuermer and Harvey 1974, Mey
ers-Schulte and Hedges 1986). The seminal papers by Pomeroy (1974), Wil
liams (1981) and Azam et al. (1983) promoted the present view of pelagic 
ecosystems, according to which a large fraction of the primary production is 
lost from the phagotrophic food chain as DOM, but is also reincorporated 
into the food web via bacterial uptake and subsequent bacterivory. 
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Fig. 10.1. An approximation of the water column carbon cycle, including a small pool of labile 
DOC and a large pool of DOC that is essentially inert 

The labile pool of DOM, which remains at low concentrations due to con
tinous high-affinity uptake by bacteria and turns over rapidly, constitutes a 
minor fraction of the total DOM. Typical components of this labile DOM are 
readily identifiable low-molecular-weight compounds, such as simple carbo
hydrates and amino acids. For an extensive review of specific compounds in 
DOM see Munster (1993). 

Generally, only a small fraction of the total DOM (in lakes, average 14% of 
carbon; S0ndergaard and Middelboe 1995) is readily available for bacterial 
uptake, the remainder sometimes being termed "refractory", implying that it 
is not significantly affected by microbial utilization. Accordingly, the oceanic 
DOM has been reported to have an average 14C age of several thousand years 
(Williams and Druffel 1987). As a first approximation of the utilization of 
DOM by aquatic bacteria, this suggests there to be both a small labile pool of 
DOM that turns over rapidly and a large pool that does not take part in the 
microbial metabolism at any significant rate (Fig. 10.1). In most waters the 
total pool of organic matter is dominated by recalcitrant DOM, the particu
late organic matter (POM, including both organisms and particulate 
detritus) constituting in most cases roughly 10% of the total organic matter 
(Wetzel 1984). 
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Fig. 10.2. Model of the carbon cycle in the water column, depicting a continuum of sub-pools of 
DOC of varying size and reactivity. Labile compounds are produced and consumed by biota at 
high rates, but are present at low concentrations. The more recalcitrant compounds turn over 
more slowly, but are more abundant. Various factors and processes (base of graph) affect reac
tivity of DOC, some of them are discussed in this chapter (sections in parantheses) 

The simplified scheme shown in Fig. 10.1 ignores both that there are dif
ferent degrees of recalcitrance and the transformations taking place which 
affect the recalcitrance or lability of the DOM. The recalcitrant DOM is pro
duced by diagenetic changes in phytoplankton-derived DOM, a fraction of 
the labile DOM being deflected by various mechanisms into more recalci
trant forms (Fig. 10.2). Other simultaneous processes render the recalcitrant 
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DOM more labile and facilitate its entering the pool of DOM that is readily 
mineralized by bacteria. As shown in Fig. 10.2, a gradient of sub-pools of 
DOM that vary in their recalcitrance can be conceived. Such a model sug
gests there to be a small pool of very labile substrates (the top of the "DOM 
pyramid") that turns over rapidly due to high-affinity microbial uptake sys
tems. The sub-pools of increasing recalcitrance are successively larger and 
increasingly slow in their turnover. Thus, they have a higher average age and 
tend to be transported further from their source. The predominance of recal
citrant substances and the presence of a minor labile fraction appear to be 
common features to all waters (S0ndergaard and Middelboe 1995). However, 
there are considerable differences in the total amount, origin and structure of 
DOM. 

10.3.2 Specific Properties of Aquatic Systems Rich in Humic Matter 

Recalcitrant components generally dominate the DOM, both in environ
ments heavily influenced by the import of humic matter and in habitats in 
which the influence of humic substances is minimal. However, despite their 
turning over slowly, recalcitrant substrates can contribute significantly to 
ecosystem dynamics due to their large pool size. Indeed, Wetzel has argued 
in several papers (e.g. 1984, 1992, 1995) that in most lakes DOM constitutes a 
major fraction of the total organic matter present, that it originates to a large 
extent in littoral and allochthonous sources and that it degrades slowly albeit 
continually. Accordingly, recalcitrant DOM provides "a stabile baseline" for 
lake metabolism and moderates the oscillations caused by the intermittent 
autochthonous production of labile organic matter. 

The massive import of allochthonous DOM, typical of many lakes, affects 
the trophic structure. In humic lakes, there is much more detritus in the wa
ter than that produced by the indigenous primary producers. The utilization 
of this material by bacteria augments the heterotrophic processes further 
(Fig. 10.3), whereas the primary production is unaffected or is even sup
pressed, due to the rapid light attenuation in the water column caused by dis
solved humic substances. Many studies of lakes that are rich in humic matter 
indicate that allochthonous organic matter (largely humic substances) con
stitutes a significant basis for heterotrophic processes, in addition to that 
which indigenous primary production provides. Bacterial abundance is cor
related to the humic content of lakes (Hessen 1985; Tranvik 1988). Humic 
lakes have high respiration to production ratios (Salonen et al. 1983; del 
Georgio and Peters 1993). In a southern Swedish humic lake, the ratio of 
depth-integrated heterotrophic bacterial production to primary production 
was much higher than in an adjacent clearwater lake (Tranvik 1989). Simi
larly, Hessen et al. (1990) showed most of the zooplankton biomass in a hu
mic lake to be derived from bacteria and detritus, only a minor fraction be
ing attributable to feeding on phytoplankton. In a comparison of 18 lakes 
constituting a wide range of algal productivity, the ratio of heterotrophic to 
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Fig. 10.3. The food web of a humic lake, including bacterial utilization of the DOM both from 
indigenous primary production (autochthonous) and from the watershed (allochthonous, 
largely humic matter). Fluxes that are enhanced by imported humic matter are indicted by plus 
signs (modified from Tranvik 1992) 

autotrophic biomass was found to increase with decreasing primary produc
tivity, probably due to the increasing importance of external energy sources 
entering the lakes as allochthonous DOM increased (Del Giorgio and Gasol 
1995). 

10.3.3 Estimating the Labile Fraction of DOC: The Regrowth Approach 

Although DOC (dissolved organic carbon) is probably composed of a con
tinuum of sub-pools that are degraded at different rates (Fig. 10.2), results of 
short-term degradation experiments (days or weeks) are often consistent 
with there being a small labile fraction and a larger refractory pool 
(Fig. 10.1). The bacterial utilization of DOC is commonly assessed in re
growth experiments in which natural water is first filtered, frequently 
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Fig. 10.4. A bacterial regrowth experiment in which lake-water bacteria are reinoculated into 
filtered water. Bacterial growth ceases when the labile fraction of DOC is exhausted, provided no 
other substances limit or inhibit the growth 

through a 0.2-~ fllter, so as to remove bacteria and other organisms, the 
water then being reinoculated with the indigenous bacteria by a small por
tion of water from the same source (usually ~ 10% of the total volume) being 
added. The inoculum is flltered (pore size around 1 ~) to remove bacterivo
rous protozoa and other large organisms, while retaining the bacteria. The 
bacteria generally develop in a typical batch culture pattern, exhibiting a lag 
phase, an exponential growth phase and a stationary phase which suggests 
all the available substrate to be exhausted (Fig. 10.4). The fraction of DOC 
consumed until the stationary phase is reached is defined (in some cases im
plicitly) as the labile fraction, while the remainder is designated as recalci
trant. To specifically estimate the availability of DOC, excess inorganic nitro
gen and phosphorus are added. Sometimes the bacterial abundance declines 
again, but this is usually coincident with the development of populations of 
bacterivorous flagellates in the culture. 

S0ndergaard and Middelboe (1995) compiled studies of this sort of DOC 
availability in lakes, rivers and seawater. The labile fraction of DOC in the 27 
lakes studied was on average 14%. In a gradient of ten oligotrophic lakes, 
ranging from highly transparent clearwater to polyhumic water, the average 
labile fraction of DOC ranged from 6 to 14% (average 10%), there being no 
correlation between humic content and the labile fraction of DOC (Tranvik 
1988). The relative similarity of the results for these lakes and the wide range 
of lakes involved in S0ndergaard and Middelboe's (1995) overview (highly 
eutrophic lakes being included), together with the failure of the labile frac
tion to decrease with increasing humic content, do not support the idea that 
the DOC of humic lakes is less available than that found in other environ
ments. However, in their comparison of data from 16 riverine sites, S0nder
gaard and Middelboe noted that sites along a blackwater river (from the 
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study of Leff and Meyer 1991), i.e. habitats very rich in humic matter, devi
ated from sites along other rivers in their markedly lower fraction of labile 
DOC. 

Sun et al. (1997) investigated the relationship between bioavailability and 
the share of aliphatic compounds estimated from basic compositional pa
rameters such as elemental composition (H:C, N:C or O:C atomic ratios), 
carboxyl content and molecular weight. Bacterial growth was negatively cor
related with O:C, as indicative of "old" humus with a higher content of 
COOH. Overall, humic matter with a high aliphatic content (as indicacted by 
the H:C ratio) appeared to be most available as a bacterial growth substrate. 
These data demonstrate a direct relationship between the structure of DOC 
and the ability of bacteria to utilize it for biomass production. 

Many regrowth studies include calculations of growth efficiency, i.e. of the 
fraction of the organic carbon utilized that is converted to biomass. There is 
a wide range of reported growth efficiences, possibly to a large extent caused 
by methodological differences. In a study of lakes along a humic gradient 
(Tranvik 1988), growth efficiencies were derived from the consumption of 
DOC (indicated by the decrease in DOC) and the production of bacterial 
carbon (derived from bacterial biovolumes). The average growth efficiency 
for the different lakes was found to be 26%, no significant trends along the 
humic gradient being obtained. Thus, the available substrate in humic and in 
clearwater oligotrophic lakes appeared to be of similar substrate quality. 

10.4 Some Factors Affecting Microbial Availability of DOC 

Only a fraction of the DOC occurs as monomers that can be transported into 
bacterial cells. Utilization of the major part of the potentially available sub
strates requires initial hydrolysis by extracellular enzymes. The importance 
of extracellular enzymes is further elucidated in Chapter 9. The regrowth
culture studies of the microbial utilization of DOC that were presented above 
(Sect. 10.3.3) assume there to be a static system with a small labile pool of 
DOC and a large refractory pool of it. However, the microbial availability of 
DOC can be altered by several factors not operational in batch cultures, and 
not detectable at the time scales typical of regrowth experiments. Thus, there 
may be continual or recurrent transformations of recalcitrant DOM into 
more available forms. The next sections consider factors that affect the sus
ceptibility of DOM to microbial degradation. 

10.4.1 Growth on Mixed Substrates 

The potential bacterial substrates in the water are complex mixtures of many 
substances, most of them present at very low concentrations. A successful 
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bacterial growth strategy is likely to include the simultaneous utilization of 
several different substrates. Various experiments with pure cultures have 
shown that the threshold for growth on a specific organic substrate tends to 
be lower when another carbon source is present than when the substrate in 
question is the only carbon source available (reviewed by Egli 1996). For ex
ample, Law and Button (1977) reported that a particular marine bacterial 
strain did not grow on glucose as the sole carbon source when the glucose 
concentration was below some 0.5 mg/l, but that in the presence of alterna
tive carbon sources it utilized glucose at concentrations as low as only a few 
J,Lg/1. Thus, a combination of several substrates, each at low concentration, can 
promote bacterial growth that any given of the separate substrates could only 
support if present at much higher concentration. 

Similar effects have been noted for the utilization of humic matter in labo
ratory cultures. De Haan (1974) found that a certain bacterial strain isolated 
from a humic lake did not grow on a medium in which fulvic acid was the 
only carbon source, but that in the presence of a second carbon source 
(lactate) the fulvic acid was degraded. In a later study (De Haan 1977), an
other strain from the same lake, able to grow on either fulvic acids or benzo
ate, grew much faster when both benzoate and fulvic acid were present in the 
medium. This was interpreted as a priming effect of the benzoate on the deg
radation of fulvic acid. Geller (1985) demonstrated that bacterial strains from 
lake water degraded high-molecular-weight DOC isolated from the lake by 
gel filtration to a greater extent in the presence of an additional substrate 
(glutamic acid). The increase in growth caused by the combination of sub
strates may have been due to a lowering of the threshold for the utilization of 
potentially available components within the fulvic acid fraction. Multi
substrate utilization, leading to a decrease in the threshold concentrations for 
the utilization of organic compounds, can explain the very low concentration 
of many substrates in natural waters (Egli 1996). It also implies that the pres
ence of specific labile substrates facilitates the degradation of other, more re
calcitrant compounds. The degradation of humic matter in natural waters 
may be a case of the simultaneous degradation of multiple substrates, such as 
that studied in the laboratory by De Haan (1974, 1977) and by Geller (1985). 

10.4.2 Increased Degradability of Humic Matter Due 
to Photochemical Conditioning 

As discussed in Chapter 5, DOM, and humic matter in particular, absorbs 
sunlight. This can result either in complete photochemical mineralization or 
in transformations yielding organic compounds of lower average molecular 
weight. Strome and Miller (1978) suggested that sunlight stimulates the bac
terial degradation of natural DOC. Geller (1986) confirmed this, using pure 
bacterial strains and the high-molecular-weight fraction of lake-water DOC. 

The photochemical production of a number of low-molecular-weight 
compounds from natural DOC has been demonstrated. Examples of photo-
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chemically produced substrates that are labile towards microbial decomposi
tion include acetate and other carboxylic acids, aldehydes and pyruvate 
(Mopper and Stahovec 1986, Kieber and Mopper 1987, Kieber et al. 1990, 
Mopper et al. 1991, Backlund 1992, Allard et al. 1994, Wetzel et al. 1995). 

Following the papers by Strome and Miller (1978) and Geller (1986), sev
eral studies corroborated the hypothesis of the sequential photolytic
microbial degradation of DOC. Kieber et al. (1989) reported there to be a 
close correlation between photochemical production and the microbial utili
zation of pyruvate in oceanic water. Bertilsson and Allard (1996) found sev
eral carboxylic acids (formic, acetic, malonic and oxalic acid) to be accumu
lated during intermittent radiation of sterile humic water, but the concentra
tions of carboxylic acids to remain low in parallel systems that were 
amended with bacteria. This suggested that the acids were decomposed by 
the bacteria. Lindell et al. (1995) found there to be an almost six-fold en
hancement of bacterial biomass in regrowth cultures in which humic water 
was pre-exposed to artificial sunlight as compared with cultures in which 
humic water was preincubated in darkness. Similarly, Bushaw et al. (1996) re
ported a several-fold increase in bacterial growth on isolated humic sub
stances that had been pre-exposed to sunlight as compared with dark con
trols. Similar results have been obtained in studies of the photolysis and mi
crobial utilization of leachates from senescent littoral plants. Using both 
whole leachates and the isolated humic fraction of the leachate, Wetzel et al. 
(1995) showed a wide range of low-molecular-weight compounds stimulat
ing bacterial production to be produced photochemically. 

In addition to stimulating the bacterial degradation of humic matter by 
increasing the susceptibility of the substrate to microbial attack, sunlight can 
inhibit bacterial activity. The inhibitory mechanism involves damage to the 
DNA and other cell components (Karentz et al. 1994), but the inhibition may 
also be indirect, e.g. through the photochemical formation of toxic concen
trations of free radicals and of hydrogen peroxide (Gjessing and Kallqvist 
1991). Direct inhibition is only effective during exposure to sunlight, and the 
radicals and the hydrogen peroxide are degraded relatively quickly in the 
water. Thus, if the bacterial utilization of photochemically produced DOC 
components is retarded due to the inhibition of bacteria by the sunlight, this 
probably only results in the degradation being temporally or spatially dis
placed. Utilization can occur subsequent to exposure to sunlight, either after 
mixing into deeper waters or during the night. Kaiser and Herndl (1997) sug
gested the net effect of sunlight on seawater bacteria to be stimulatory, since 
the bacteria recover from UV-stress rapidly after moving to deeper layers. 
Using incubations at fixed depths within the upper 2 m of the water column, 
Lindell et al. (1996) found depth-integrated bacterial inhibition to be 1-4% in 
humic lakes (up to 23% in clear lakes), the depth-integrated stimulatoryef
fect due to transformations of DOC being 23-34%. 
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10.4.3 Effects of Size on the Recalcitrance of DOC 

DOC is not dissolved in a strict sense, its definition being based on passage 
through certain filters. It can be visualized as a size continuum of monomers, 
polymers, macromolecular aggregates and colloids. The colloids are ubiqui
tous, both in marine (Koike et al. 1990; Wells and Goldberg 1991) and in 
freshwater environments (Burnison and Leppard 1983). In humic lakes, much 
of the DOC appears to be colloidal or of high molecular weight. The fraction 
of the total DOC of nominal molecular weight > 1 0 kDa in lakes increases 
with increasing humic content, from 10 to 20% in clearwater lakes to some 
50% in humic lakes (Tranvik 1990). Similarly, Middelboe and S0ndergaard 
(1995) found the fraction of larger colloids (passing a 0.7-J.U11 filter but re
tained on a 0.2-J.U11 filter) to increase in the DOC of lakes as the total DOC 
concentration increased. 

The coagulation of dissolved compounds into colloids and larger aggre
gates that can sink through the water column not only is a critical step in the 
loss of organic matter into the sediment, but also may affect the microbial 
degradability of the material. A reasonable hypothesis is that there is an in
verse relationship between the size of the DOC components (colloids, mole
cules) and their degradability. Monomers are readily transported into bacte
rial cells, but macromolecules require an initial degradation by extracellular 
enzymes, which slows down the degradation process. Colloids are still slower 
to degrade, due to steric hindrance. With increasing size, colloids have a de
creasing surface to volume ratio. Consequently, a large fraction of the poten
tial bacterial substrates is not immediately accessible, being "hidden" by 
protective layers that must first be degraded (Lee and Wakeham 1992). In 
addition, the coagulation of DOC into larger but fewer colloids results in the 
rate of encounter of bacterial enzymes with substrate decreasing. This sce
nario is consistent with the model of Saunders (1976), which predicts that 
small molecules degrade faster than macromolecules. 

At the same time, several studies demonstrate that the microbial availabil
ity of colloids and high-molecular-weight compounds is similar to or higher 
than the availability of smaller molecules. Meyer et al. (1987) showed that the 
> 10-kDa fraction of the DOC of a blackwater river supports substantial bac
terial growth. In a set of lakes that comprised a gradient in humic content, 
greater bacterial growth was found to occur per unit of >10 kDa DOC, com
pared with <10 kDa DOC (Tranvik 1990). On average, 52% of the bacterial 
growth on DOC from these lakes could be attributed to the utilization of 
>10-kDa compounds. Amon and Benner (1994, 1996) compared the utiliza
tion of high (> 1 kDa) and low «1 kDa) molecular weight DOM from several 
freshwater and marine sites. They found consistently higher bacterial growth 
per unit for the high-molecular-weight DOC. Middelboe and S0ndergaard 
(1995) attributed 3-30% of the total DOC, as compared with 12-45% of the 
labile DOC, to 0.2 to 0.7-J.U11 colloids. These studies support the size
reactivity continuum model of Amon and Benner (1996), which assumes the 
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reactivity of DOM to increase with increasing nominal molecular size, being 
high for polymers that potentially are hydrolyzed and utilized by bacteria, 
and low for small molecules, that appear to have undergone extensive diage
netic change. The use of water from a humic lake for the experimental en
hancement of the concentration of > 100-kDa colloids, an enhancement rep
resenting a 92% increase in DOC concentration, resulted in a 63% increase in 
bacterial growth (Tranvik and J0rgensen 1995). This suggests these large 
colloids to be only slightly less available than average DOC. Similar manipu
lations of water from an oligotrophic clearwater lake resulted in an increase 
in DOC concentration but in no significant stimulation of bacterial growth 
(Tranvik 1994a, Tranvik and J0rgensen 1995). Hence, the colloidal DOC of 
the latter lake appeared to be highly recalcitrant. 

The coagulation of colloids into aggregates larger than bacteria may fur
ther facilitate bacterial utilization. The coagulation of oceanic DOC on bub
bles increases degradability (Kepkay and Johnson 1989, Kepkay 1994). A 
similar stimulation of the degradation of humic matter may take place in 
lakes. Tranvik and Sieburth (1989) compared the utilization of humic matter 
in dissolved form and after its partial flocculation into 10 to 1000-Jl11l aggre
gates. The humic flocs were colonized by bacteria, more bacterial biomass 
being produced than in cultures in which all the humic matter was in a dis
solved state. It is possible that in the humic aggregates the extracellular en
zymes functioned more efficiently, because they diffused away from the cells 
more slowly. 

There is considerable evidence, therefore, also from humic waters, that the 
degradability of DOM is relatively high for compounds of high nominal mo
lecular weight. However, this is not necessarily due to larger molecules being 
more labile. Studies of the degradation of DOM fractions of different size 
rely on physical separation techniques, such as ultrafiltration. Aggregates of 
small molecules appear as high-molecular-weight compounds, and the ap
parent molecular weight of dissolved humic matter depends on pH and on 
ionic strength (e.g. De Haan et al. 1987). Small labile molecules may adsorb 
to larger, recalcitrant compounds (Carlson et al. 1985). Meyer et al. (1987) 
found that, although > 10 kDa DOM was highly available initially, the avail
ability decreased markedly after hydrolysis with hydrochloric acid. The 
authors suggested that this is due to the selective digestion of labile, low mo
lecular weight matter attached to larger recalcitrant cores. 

10.4.4 Dependence of DOC Degradation on Access to Inorganic Nutrients 

Dissolved organic matter, in particular humic substances, exhibits high C:N 
and C:P ratios (Thurman 1985). Hence, heterotrophic bacteria encounter an 
organic substrate with excess C but a limited supply of other nutrients. This 
leads frequently to nutrient limitations on the degradability of DOC. A num
ber of bioassay experiments involving the addition of inorganic nutrients 
demonstrate there being limitation by either N, P or both (e.g. Toolan et al. 
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1991, Coveney and Wetzel 1992, Morris and Lewis 1992, Zweifel et al. 1993). 
Hessen et al. (1994) found limitations of both Nand P in two Norwegian hu
mic lakes, especially during periods of high allochthonous DOC loading. 

In bioassay experiments involving bacteria only, the remineralization of N 
and P is restricted, since the bacterivores that participate in the reminerali
zation of nutrients bound within bacterial biomass are excluded. In a natural 
environment, Nand Pare remineralized and become available for the bacte
rial degradation of DOC repeatedly. Hence, although P (and in some cases N 
too, or a combination of both) limits the potential degradation of DOC, as 
based on regrowth experiments, this may not reflect the in situ situation. At 
times, the rates of remineralization of Nand P may limit the rate of degrada
tion of DOC. However, it is only when the rate of supply of potentially avail
able DOC (e.g. through the photolysis of recalcitrant compounds or by ex
ternal supply) exceeds the rate of supply of available Nand P (dependent 
largely upon remineralization) that the ultimate extent of DOC mineraliza
tion is restricted by inorganic nutrients. 

Empirical evidence for the enhanced degradation of DOC upon enrich
ment with inorganic nutrients derives from whole-lake experiments in the 
Experimental Lakes Area in Canada (Schindler et al. 1992). Organic carbon 
originating from autochthonous primary production was traced by the addi
tion of dissolved inorganic 14C. Measurements of the specific 14C activity of 
DOC suggested there to be only a minor degree of autochthonous origin of 
the DOC. Upon fertilization with inorganic nutrients, however, the auto
chthonous fraction of DOC increased, without a corresponding increase in 
total DOC concentration. Thus, as Schindler et al. (1992) suggested, the addi
tion of nutrients probably increased the mineralization of allochthonous 
DOC (humic matter). This may have been a direct effect of inorganic nutri
ents, but it may also have been due to the stimulated degradation of recalci
trant allochthonous DOC due to an increase in the access to labile auto
chthonous DOC (cf. Sect. 1004.1). 

Access to inorganic nutrients is partly regulated by DOM. Humic sub
stances associate with phosphate, particularly in the presence of high con
centrations of iron (Francko and Heath 1979; Jones et al. 1988; De Haan et al. 
1990). This may restrict the bacterial and algal utilization of P (Stewart and 
Wetzel 198!). The return of the humic-bound phosphate to the free state is 
catalysed by sunlight (Francko and Heath 1982, Cotner and Heath 1990). A 
substantial pool of P04 that is bound to humic compounds and is slowly re
leased, especially during sunlight hours, may serve as a "phosphorus buffer
ing system". Recently, a similar process was described for nitrogen (Bushaw 
et al. 1996). Sunlight induced the transformation of recalcitrant dissolved or
ganic nitrogen into ammonium, which could be utilized by heterotrophic 
bacteria. 
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10.4.5 Transformation of Labile DOC into Recalcitrant Forms 

In oceanic environments in which the influence from terrestrial environ
ments is negligible, the recalcitrant part of DOC originates mainly from in
digenous primary production (Nissenbaum and Kaplan 1972). Initially, DOC 
from the algal primary producers is easily degraded, yet still gives rise to re
calcitrant DOC components with 14C ages of thousands of years (Williams 
and DruffeI1987). In lakes, DOC originates predominantly in the littoral and 
in the terrestrial and wetland vegetation of the watershed. This material, 
largely derived from lignocellulose, has been subject to extensive diagenetic 
change and is already recalcitrant before it reaches open water (Wetzel 1984, 
Hobbie 1988). Hence, the occurrence of recalcitrant humic matter in lake 
water is not dependent on internal processes within the water column, as is 
the case for oceans. 

Nevertheless, the autochthonous fraction of DOC is subject to diagenetic 
modifications which can involve interactions with allochthonous humic 
matter. Schindler et al. (1992), adding 14C-Iabelled inorganic carbon in a 
whole-lake experiment, found there to be a rapid increase in radioactive 
DOC initially, due to the excretion of 14C that was fixed during primary pro
duction. Although most of this DOC was degraded during the following 
winter and spring, a substantial fraction remained in the water for at least an 
additional year without showing any tendency to decrease, except for the loss 
that could be attributed to hydrologic flushing of the lake. Thus, auto
chthonous DOC can enter the pool of recalcitrant DOC rather rapidly. 

The labile compounds are transformed into recalcitrant forms either by 
microbial metabolism (Brophy and Carlson 1989; Tranvik 1993, 1994b, Lara 
and Thomas 1995) or abiotically through the adsorption of simple, labile 
compounds (such as carbohydrates or amino acids) to bulk DOM, followed 
by geochemical reactions (Keil and Kirchman 1994), possibly involving en
ergy from solar UV light. Although the bacterial mineralization of DOC from 
algae decreased, due to the presence of humic matter combined with expo
sure to light, neither light nor humic matter separately had any effect on the 
recalcitrance of algal DOC (Tranvik and Kokalj 1998). This suggested that 
sunlight promotes reactions between humic matter and fresh DOC, render
ing the DOC more recalcitrant. Accordingly, it has been suggested that pho
tochemical reactions are involved in the formation of marine humic sub
stances from labile precursors (Harvey et al. 1983). 

The kinds of reactions suggested here do not explain the overall recalci
trance of freshwater DOM, which is largely due to processes occurring before 
DOM enters the water body. However, reactions with allochthonous humic 
matter may affect the fate of freshly produced autochthonous DOM. In this 
way, labile organic substrates from the primary production occurring in hu
mic lakes are partly withdrawn from rapid microbial degradation. 
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10.5 Degradation in Anoxic Water Bodies and Sediments 

Oligotrophic lakes heavily stained with brown humic matter comprise a sig
nificant fraction of the lakes in the northern boreal areas (Kortelainen 1993), 
and probably in the circumpolar northern temperate zone generally. Heating 
of the water is rapid, due to the absorption of solar radiation in the humic
stained water, and to the lakes frequently being small and sheltered from 
wind-induced turbulence. This results in shallow thermal stratification and 
in the volumes of hypolimnetic water being large (Bowling and Salonen 
1990). Oxygen depletion occurs frequently, providing conditions for anaero
bic microbial metabolism. Despite this, most studies of the microbial avail
ability of aquatic humic matter focus on aerobic processes. The abundance of 
substrates for bacteria in the hypolimnion may be either similar to or higher 
than that in the overlying oxygenated waters. The hypolimnion is potentially 
enriched by substrates that diffuse out of the sediment, as well as by sedi
mentation from the epilimnion of algae and other organisms and by floccu
lated humic matter. 

In situ bacterial production is studied less in anoxic than in oxic water. 
There are several reports, however, of high bacterial production in anoxic 
waters and in layers just below the oxic-anoxic interface (Lovell and Konopka 
1985; McDonough et al. 1986; Pedros-Alio and Guerrero 1993; Ochs et al. 
1995). Ochs et al. (1995) reported production to be several-fold higher in an
oxic waters than in epilimnetic waters. Cole and Pace (1995) compared the 
bacterial production in the oxygenated epilimnetic and anoxic hypolimnetic 
waters of nine lakes. Although the bacterial specific growth rates were found 
to be lower in the hypolimnia, there was generally a greater amount of bio
mass there than in the epilimnia. The average rate of bacterial production 
per volume of water was 1.6 times higher in the hypolimnia, despite the tem
perature there being lower. The studies just cited suggest that bacterial pro
duction (and thus the bacterial mineralization of DOC) in anaerobic water is 
a significant process in the microbial processing of organic matter. 

Anaerobic metabolism is less energy-efficient than oxygen respiration. 
Fermentative bacteria obtain only about one-quarter as much ATP per unit 
of substrate as aerobic bacteria (Fenchel and Finlay 1995). Hence, less bacte
rial biomass per unit of organic carbon that is mineralized is formed. The 
lesser growth efficiency during anaerobic metabolism results in a greater dis
sipation of energy at each trophic level, resulting in shorter food chains than 
in oxic environments (Fenchel and Finlay 1995). The lesser growth efficiency 
in anoxic environments, which results in less biomass per unit of DOC de
graded being produced, is no a priori reason for the DOC degradation there 
being slower. Cole and Pace (1995), in estimating the growth efficiencies of 
hypolimnetic bacteria from the accumulation of inorganic carbon and bacte
rial production in the hypolimnion, found that although in anoxic environ
ments the growth of bacteria is expected to be less efficient energetically, 
there were bacterial growth efficiencies there of 16-30%. This is roughly 
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similar to the growth efficiencies reported in oxygenated waters. Although 
this method of calculating growth efficiency is not directly comparable with 
calculations obtained in confined experiments, the results do imply that the 
nutritional value of the substrates utilized by the anaerobic bacteria is high, 
inasmuch as such substrates would yield still higher growth efficiencies in 
aerobic metabolism. 

Quantitatively, sulphate reduction and methanogenesis are the most im
portant processes of terminal mineralization in anaerobic aquatic environ
ments (Westermann 1993, Fenchel and Finlay 1995). The relative importance 
of each process depends on the availability of substrates and of electron ac
ceptors. Sulphate reduction dominates in marine anoxic habitats, whereas in 
freshwater environments methanogenesis is generally a very important proc
ess. The substrate for these mineralizers is largely provided by fermentative 
bacteria (Westermann 1993). It has been suggested recently that humic sub
stances themselves can serve as electron acceptors during the microbial deg
radation of organic matter (Lovley et al. 1996). 

Investigators of wetlands (e.g. Boon and Mitchell 1995; Hamilton et al. 
1995) and of sediments and hypolimnia of lakes (e.g. Rudd and Hamilton 
1978; Fallon et al. 1980; Bedard and Knowles 1991) emphasize the role of 
methanogenesis in the degradation of organic matter. Several studies 
(reviewed by Wetzel 1983) suggest methanogenesis to have a substantial role 
in carbon cycling in lakes. Methanogenesis is also significant in habitats in 
which humic matter is dominant, e.g. blackwater wetlands (Happell and 
Chanton 1993; Pulliam 1993; Bianchi et al. 1996) and Sphagnum bogs (Krum
holz et al. 1995). Thus, it is likely that humic compounds are mineralized via 
methanogenesis. Bianchi et al. (1996) tested specifically the availability to 
methanogens of laboratory grade tannic acid and of humic acids isolated 
from decomposing vascular plants. The results suggested that these sub
strates are utilized by methanogens. The pretreatment of humic acids by 
UV-B stimulated subsequent methanogenesis, analogous to the radiation
stimulated bacterial utilization of DOM in aerobic environments that was 
described above (Sect. 10.4.2). Acetic acid and other low molecular weight 
carboxylic acids are among the major products identified as being formed 
during the photolysis of humic matter (Wetzel et al. 1995; Bertilsson and 
Allard 1996). Acetic acid is also a major substrate for methanogenic bacteria, 
supplied normally by fermentative bacteria as an end product (Westermann 
1993). Thus, sunlight may promote the formation of substrates for methano
genic bacteria. Stimulation may also be indirect, through the photochemi
cally enhanced availability of the substrate to fermentative bacteria. 

The formation of methane in sediments or in deeper anoxic layers of the 
water column provides a substrate for methane-oxidizing bacteria at the 
oxic-anoxic interface, in the upper oxygenated portion of the water column, 
or subsequent to mixing (Rudd and Hamilton 1978). Thus, methanogenesis 
followed by methanotrophy in the upper water column can serve as a ben
thic/hypolimnetic-epilimnetic link in the carbon cycle. This was borne out by 
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ultrastructural studies of the bacterioplankton in the oxic waters of a humic 
lake in New York state, USA, which suggested that an appreciable fraction 
(20%) of the bacterial cells have internal membrane structures indicative of 
methylotrophic bacteria (Corpe and Jensen 1992). In a stratified humic lake 
in Norway in which there was vigorous methane production in the deeper 
anoxic layers, the carbon fixation by methane-oxidizing bacteria and het
erotrophic bacteria in the oxygenated water column was found to be of the 
same order of magnitude (Hessen and Nygaard 1992). 

Most of the metabolism in the anoxic zone probably takes place in the 
sediments, the contribution from the water column being less important 
(Rudd and Hamilton 1978). The pool size of sedimented organic matter is 
large compared with the pool size of dissolved organic matter in the overly
ing water column, on an areal basis. Tranvik et al. (1994) conducted a survey 
of water column and sediment microbial activity in humic lakes in southern 
Sweden. Their data indicate that, on an areal basis, sediment respiration (as 
measured by oxygen consumption) is about one-third as great as the respi
ration in the overlying water column (3 m water depth at sampling sites), 
One can reasonably assume that there was considerable additional anaerobic 
metabolism in the sediment, in addition to the oxygen respiration in the up
per few millimetres that were oxygenated. In the upper centimetre of the 
sediment, the bacterial abundance per unit of lake area was about five-fold 
that in the whole overlying column of water. This illustrates that microbial 
metabolism in the sediment is a major component in whole-lake metabolism. 

In oligotrophic humic lakes, the sediment is dominated by loose aggre
gates of humic matter, that flocculate in the water column and settle to the 
sediment. This can likewise be the fate of a considerable fraction of the wa
ter-column DOC (L. J. Tranvik, in prep.). In this way, some of the humic mat
ter is retained in the lake and can slowly be degraded over long periods of 
time within the lake, the metabolism within the lake of the organic matter 
dissolved in the water being restricted by the hydrological retention time. 
The slow degradation in the sediment can be seen as an extension of the 
"pyramid model" of DOM dynamics presented in Fig. 10.2. The recalcitrant 
DOM is partly flocculated and becomes sedimented, turning over then very 
slowly. Nevertheless, the large pool size results in its making a significant 
contribution to the total mineralization of DOM, when the sedimentary par
ticulate organic matter that is generated by the flocculation of DOM is taken 
into account. 

10.6 Microbial Utilization of Humic-Bound Nitrogen 
and Phosphorus 

Whereas most investigations of the degradation of DOM and humic matter 
focus on DOC, few studies have addressed similar aspects of the dissolved 
organic forms of other nutrients. Investigations of the microbial utilization of 
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organic nitrogen address predominantly specific compounds, particularly 
nitrogen in free or combined amino acids (e.g. Hollibaugh and Azam 1983; 
J0rgensen et al. 1994; Kroer et al. 1994) or nitrogen and phosphorus in nu
cleic acids (J0rgensen et al. 1993; Turk et al.1993). The availability of bulk or
ganic nitrogen and phosphorus has been studied very little, in a way analo
gous to the investigations of DOC availability discussed above (Sect. 10.3-
10.4). 

In freshwater environments, primary production is often limited by the 
supply of phosphorus. Freshwater humic matter is largely exported from the 
terrestrial environment into coastal seawater, where primary production is 
frequently limited by a lack of nitrogen. Organically bound nutrients is a 
potentially important source of nitrogen for phytoplankton (Antia et al. 
1991). Since riverine humic compounds stimulate the growth of algae (Gra
neli and Moreira 1990), it has been proposed that humic matter imported 
from terrestrial and freshwater environments constitutes a substantial sup
plementary nitrogen source for coastal phytoplankton (Carlsson et al. 1993). 
Direct algal utilization is one of the possible pathways of this nitrogen into 
the primary producers (Sherr 1988; Palenik and Morel 1990), although there 
is no conclusive evidence that it is quantitatively important. Algal utilization 
of humic-bound nitrogen may also be indirect, by means of bacterial 
(Carlsson et al. 1993, 1995) or photochemical mineralization (Bushaw et al. 
1996) into inorganic or labile organic nitrogen sources. 

10.7 Summary 

This chapter has focused on the bacterial degradation of DOM, special em
phasis being placed on humic waters. Although bacteria grow on isolated 
humic compounds, several studies indicate the bacterial yield per unit of 
DOC to be higher in the non-humic than in the humic fraction of lake-water 
DOC. However, most of the carbon in both fractions is recalcitrant. In this re
spect, humic matter does not appear to differ from other constituents of bulk 
DOC. The large size of the pool of humic matter implies it to be an important 
bacterial substrate, despite its turning over very slowly. Several factors, such 
as access to phosphorus and nitrogen, the size of molecules and colloids, 
flocculation into larger particles and sunlight-induced photochemical 
transformations of recalcitrant compounds into labile DOC affect the ability 
of the bacteria to utilize DOC. 

Most investigations of the microbial degradation of DOM have concen
trated on the DOC in oxic waters. However, in anoxic layers as well there is 
substantial degradation of DOC. Thus, anaerobic metabolism can contribute 
significantly to the degradation of freshwater humic matter. The microbial 
utilization of elements of DOM other than carbon, particularly organic
bound nitrogen and phosphorus, has received only limited attention. In 
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coastal seawater where primary production is limited by nitrogen require
ments, the import of freshwater humic matter by rivers may possibly be an 
important nitrogen source, readily mineralized by bacteria. A further aspect 
of the microbial utilization of humic matter, studied little and not reviewed 
in this chapter, is the carbon cycling that occurs within littoral habitats 
dominated by macrophytes, where fungal degradation plays a marked role. 

It is characteristic of most of the studies summarized in this chapter that 
lumped parameters were employed. Hence, the degradation of organic mat
ter is often described in terms of total DOC or rough characterizations (e.g. 
molecular weight fractions or the hydrophobic fraction of DOC). There is 
also little information available generally on the characteristics (e.g. the im
portant taxa) of the microflora responsible for degradation. Current and fu
ture methodological developments will undoubtedly yield insight into in
triguing ecological and biogeochemical issues here, such as those of adapta
tions and interactions within microbial communities found in environments 
rich in recalcitrant substrates, and of the specific structures in DOM that 
promote or limit microbial degradability. 
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11 Food Webs and Carbon Cycling in Humic Lakes 

Dag O. Hessen 

11.1 Introduction 

The concept of Eltonian pyramids has been a cornerstone in mainstream 
textbooks dealing with food webs. The central dogma is that there is an up
ward flow of energy based on primary production. The energy captured and 
stored in organic molecules by photosynthesis is sufficient to support a cer
tain production of primary grazers, which again may support a lesser pro
duction of primary predators, and so on. Since there is a considerable "tax" 
paid in the form of non-digestible matter and respiration losses between and 
within each trophic level, the production (and frequently the biomass) of 
each level will have a pyramidal form, and the number of links in a chain will 
be finite. The food chain length and the food web complexity will be deter
mined largely by the system productivity and the efficiency of energy trans
fer between levels of the food chain. Embedded in this theory is also the 
pedagogically attractive concept of distinct trophic levels. This simplified 
concept of energy flow has, over the past 30 years, been thoroughly criticized 
and reformulated (Pimm 1982, Polis and Winemiller 1994). Firstly, almost all 
organisms are omnivores in the sense that they feed on more than one 
trophic level. Secondly, in all aquatic ecosystems this grazer food chain based 
on autotrophic production will be supported by a detritus-based food chain 
utilizing dead organic matter either of autochthonous or allochthonous ori
gin (Odum 1968; Wetzel et al. 1972; Rich 1984; Wetzel 1995). In fact, in most 
ecosystems only a modest share of primary production will be directly 
grazed, leaving a major share for the detritus food chain (Odum 1971). There 
is also a strong recycling component in most systems, and the "detrital 
loops" based on recycled organic carbon also contradict the conventional 
one-way flow diagrams (Patten 1985, Higashi et al. 1989, Gaedke et al. 1994). 

While these aspects are of general validity to all aquatic systems, they are 
particularly well illustrated by the carbon (and nutrient) flow of al
lochthonously influenced systems. The extreme cases among these are the 
humic lakes, where the pyramidal structure may be entirely inverted, and 
secondary production may exceed primary production by a factor of 2 owing 
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to the allochthonous supply of energy. To some extent the food webs of hu
mic lakes resemble that of a saprobic system where heterotrophic processes 
are dominant. The low primary production to respiration ratio also supports 
a vigorous net export of carbon dioxide to the atmosphere. Benthic 
methanogenesis constitutes an important part of the detritus carbon path
way, and methane oxidation serves both as an important source of system 
CO2-production and a major input of energy to the microbial loop. 

This chapter will discuss how, or if, humic lakes deviate from classical food 
web assumptions and models derived from "clearwater" lakes, and how this 
affects various trophic levels, their interactions and the entire carbon and 
nutrient cycling. In doing so, it is important to remember that there is actu
ally a gradual transition from "clearwater" to "brownwater" lakes, and that 
any lake will exhibit some "footprints" from humic dissolved organic carbon 
(DOC). However, using the ecosystems strongly influenced by humus as ex
amples might help us understanding the general structuring role of humic 
DOC in pelagic ecosystems. 

11.2 Humic Lake Communities 

We may ask whether there exists such a thing as a "typical humic commu
nity". Apparently, there is little support for this idea among most taxa, but 
although there are no species that are clearly unique to humic lakes, there 
may be species that occur more commonly in humic lakes or rivers. For the 
phytoplankton, it is a common observation that flagellates in general and 
cryptomonads in particular tend to be abundant in humic lakes, yet they may 
also be dominant in non-humic lakes (Jones and Arvola 1984; Ilmavirta 
1988; Brettum 1996; Jones, this Vol.). Small, soft-bodied and mixotrophic 
species may also be highly abundant in coloured lakes (Hessen et al. 1990). 
The success of these groups presumably depends on the abundance of bacte
ria as a source of both C and P, rather than the humic matter per se. More 
detailed discussion of these aspects is provided in Chapter 7. 

As has been repeatedly demonstrated, heterotrophic bacteria clearly bene
fit from allochthonous sources of C (DeHaan 1974; Hessen 1985a; Moran and 
Hodson 1990; see Chap. 10). The taxonomy of free-living bacteria is a science 
still in its very beginning, yet by the use of RNA-probes, some rough assess
ments of diversity (although not "species" diversity) may be obtained. 

Protozoans are key organisms in a number of humic lakes, and they may 
constitute a highly important link in the energy flow from bacteria to meta
zoans (see Chap. 10). As for the phytoflagellates, they may be equally impor
tant in non-humic lakes, so that their frequent abundance is not a unique 
property of humic lakes. For humic lakes, as for lakes in general, the success 
of microzooplankton depends heavily on the abundance of predators and 
competitors among the metazoans, and their abundance seems inversely re-
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lated to the abundance of notably filter-feeding crustaceans like Daphnia and 
Holopedium. Their biomass and contribution to elemental cycling may range 
from negligible in lakes with high abundance of filter-feeders (Hessen et al. 
1990; Salonen et al. 1994) to dominating in localities where crustaceans have 
low biomass (Kankaala et al. 1996). As with bacteria, the taxonomy and di
versity of protozoans is still poorly understood, making strict statements on 
species affinities to humic lakes premature. 

No particular metazoan zooplankton can be labelled as an indicator of 
humic content, either at the species level or at higher taxonomic levels. 
Berzins and Pejler (1989) reported a wide range of occurrence along a gradi
ent in water colour for most rotifers, yet with most species "preferring" low
humus localities. Likewise, Sarvala and Halsinaho (1990) failed to demon
strate any clearcut pattern for crustacean zooplankton in a large number of 
Finnish lakes over a wide range of humus content. There may be pronounced 
differences between humic and non-humic acidified lakes, however. As rec
ognized by Hobaek and Raddum (1980), a number of species sensitive to low 
pH may still persist at low pH in humic lakes, owing primarily to the com
plexation of labile aluminium by the organic acids (see Chaps. 1,2 ). Yet the 
same species do occur at higher pH in non-acidified, clearwater lakes. The 
common notion that humic lakes have low plankton diversity does not hold 
true (Sarvala and Halsinaho 1990). In their multivariate analysis of 116 Fin
nish lakes, high diversity was found in humic lakes. Since high humus con
tent in their study correlated well with high calcium and phosphorus con
tent, the apparent positive effect of humus may be supported by Ca and P, 
since these parameters may favour zooplankton richness (cf. Hessen et al. 
1995). Microfiltrators would supposedly benefit from the high biomass of 
bacteria and small-sized algae, and humic lakes may support a high biomass 
of large-sized metazooplankton owing to the frequent low biomass of verte
brate predators as well as the low light levels offering a refugium from visual 
predators. 

Both production and diversity of planktonic communities may be as high 
as, or even higher than, that of oligo- and mesotrophic clearwater lakes, with 
the possible exception of the most colored lakes (cf. Salonen et al. 1992). This 
does not hold true for benthic invertebrates and fish communities, however. 
The strong light attenuation reduces the potential for benthic macrophytes, 
and in particular those lakes surrounded by Sphagnum mats and with well 
developed, fluffy dy-type (prefix dy from dystrophic) sediments and frequent 
anoxic hypolimnion provide few available niches and poor spawning op
portunities. A few species of corixids, coleopterans, odonates and zygoptera 
do well in these habitats, while bottom-dwelling shr~dders and molluscs are 
poorly represented (Hargeby et al. 1992; 0kland 1992). Due to the poorly de
veloped benthic flora and fauna, the following account will mainly deal with 
the pelagic communities. 
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11.3 Carbon Pools and Carbon Fluxes 

While most statements about humic lake food webs should be made with the 
proviso that there will always be gradients and exceptions, one property 
common to all humic lakes is the major flow of carbon entering the food web 
from allochthonous DOC to heterotrophic bacteria. Owing to this large DOC 
pool that serves as a major fuel for the heterotrophic base of the food web, 
the role of the microbial food web is clearly less disputable in humic lakes 
than clearwater lakes or marine waters (see Chaps 8 and 9). Including this 
pool of refractory, organic C as part of the food web, typical epilimnetic 
pools and fluxes of a humic lake are shown in Fig. 11.1. This inverted pyra
mid structure is largely founded on the formidable pool of terrestrially de
rived humus. Moderately to highly coloured lakes typically have concentra
tions of total organic carbon (TOC) ranging from 5 to 20 mg C rl, of which 
most is dissolved detritus of terrestrial origin. In general, the particulate pool 
is dominated by detritus, and constitute less than one third of the total car
bon. The share of phytoplankton, bacteria, protozoans and metazoans may 
differ substantially between localities, however. Since bacteria in humic lakes 
are released from their intimate dependency on exudates from primary pro
ducers, they tend to have higher biomass and production relative to phyto
plankton compared with clearwater lakes. The different partitioning of the 
other food-web compartments may be illustrated by the examples from en
closure experiments in highly coloured Lake Mekkojarvi, Finland (Salonen 
et al. 1992, 1994), moderately coloured Lake Kjelsasputten, Norway (Hessen 
et al. 1990, and moderately coloured Lake Paajarvi, Finland (Arvola et al. 
1996; Kankaala et al. 1996). 

In the Mekkojarvi experiment, Salonen and coworkers demonstrated the 
decoupling between bacterial production and phytoplankton production, 
and the effects of Daphnia removal. In both cases, flagellates were key com
ponents of the pelagic food web and the dominant grazer of bacteria. When 
Daphnia was present, they consumed -35% of bacterial production (slightly 
more than the flagellates did), while flagellates probably constituted the most 
important food source for Daphnia. Thus, most of the bacterial production 
was channelled to Daphnia, either directly or via the flagellates. The role of 
metazoans may be more pronounced with regard to the P flux. Using P ra
diotracer (32P) in a later experiment in the same lake, the overwhelming role 
of daphnids for P flux was demonstrated (Salonen et al. 1994), where -85% 
of all P in organisms was in Daphnia, and the major flux was from dissolved 
P, via bacteria to Daphnia. 

~ 
Fig.l1.1. Major pools and fluxes of carbon and phosphorus in summer in humic lake Kjelsasputten. 
Relative sizes of pools (as mg C m -3) are indicated by size of boxes. Direction of fluxes (as mg C m-3 

da/) is shown by arrows. DIC Dissolved inorganic carbon (C02); DOC dissolved organic carbon; 
POC particulate organic carbon; A algae; B bacteria; Z zooplankton. Corresponding display for 
phosphorus pools and fluxes below. (Based on Hessen et a1.1990 and Hessen 1992a) 
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Tracer studies on carbon dynamics in the Norwegian humic lake Kjelsas
putten (- 8 mg e 1-1, Hessen et al. 1990) clearly illustrated the heterotrophic 
nature of this allochthonously influenced system. Total phytoplankton bio
mass was 16 !lg e 1-1, accounting for only 0.2% of TOe, or 3.4% of particulate 
organic carbon (POe), of which the particulate detritus was totally domi
nant. Total heterotrophic biomass (zooplankton and bacteria) was 106 !lg e 1-1, 
i.e. a biomass ratio of 6.6:1 between consumers and producers. To this add 
that the phytoplankton pool comprised a large fraction of mixotrophs, and 
the tracer studies indicated that the phytoplankton obtained one-third of 
their carbon from heterotrophic activity (grazing on bacteria). Total gross 
heterotrophic production (bacteria, zooplankton and heterotrophic phyto
plankton) was 51 !lg e 1-1 day-I, while gross fixation of inorganic carbon was 
24 !lg e 1-1 day-I. Total system respiration was 44 !lg e 1-1 day-I (net efflux to 
the atmosphere). This yields a production to respiration ratio of nearly 0.5. 
Even assuming an exudation of DOC from phytoplankton equalling 20% of 
gross primary production, and a 100% assimilation of these exudates, this 
could not sustain more than 6% of net bacterial production. This is in close 
agreement with the estimates of Jones and Salonen (1985). 

A set of enclosure experiments in the Finnish humic lake P1Hijarvi con
firmed the flux from DOC to bacteria as the dominating carbon pathway 
(Arvola et al. 1996, Kankaala et al. 1996), and that community respiration far 
exceeded primary production. The fate of bacterial carbon differed from that 
of Lake Kjelsasputten, however. In Lake Paiijiirvi, daphnids were absent, and 
protozoans constituted the major link to metazoans. Owing to this dissipa
tion of energy in the microbial food chain, additions of humus and phospho
rus stimulated productivity of algae and bacteria, but only marginally influ
enced the metazoans. The addition of extra humus and phosphorus revealed 
a stimulation of primary production, and a subsequent stimulation of bacte
rial production that was not due directly to the addition of humus or phos
phorus, but rather to increased exudation of organic carbon from algae. This 
contrasts with previous radiotracer studies from humic lakes (Hessen et al. 
1990, Salonen et al. 1994) where a tight link from humus DOC via bacteria to 
metazoans was found. This again calls for caution when generalizing food
web properties of humic lakes. In line with the findings of Hessen et al. 
(1990), Kankaala et al. (1996) noted a fairly high biomass of metazoans rela
tive to protozoans, but very low production. The production to biomass ratio 
(P:B) for metazooplankton ranged from around 0.05 in autumn to 0.15 in 
summer, while the corresponding P:B ratio for protozoans was almost ten
fold higher (- 0.5- 1.0). While this partly reflects the lower intrinsic growth 
rate of the metazoans relative to protozoans, it could also be indicative of 
nutrient deficiency in the metazoans. 

Methane oxidation constitutes another major source of carbon for the pe
lagic food web of a number of lakes (Rudd and Hamilton 1978), and in par
ticular in humic lakes that provide both a steady supply of organic matter 
and sufficiently low hypolimnetic oxygen levels for a vigorous methanogene-
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sis. Estimates from Lake Kjelsasputten indicated that methane oxidation 
amounted to 150 J.Lg C I-I day-lover the 0 to 3 m depth in early summer (Hes
sen and Nygaard 1992). The proportion of oxidized CH4-C converted to cell 
material is variable (Rudd and Hamilton 1978; Harrits and Hanson 1980). 
Assuming that 30% is converted to cell biomass, methane sustains a bacterial 
production of 45 J.Lg C I-I day-I, i.e. exceeding the net production of het
erotrophic bacteria (32 J.Lg C I-I day-I) . While the quantification is fairly pre
liminary, it nevertheless supports the view of a carbon metabolism in humic 
lakes that is largely driven by external supplies of carbon and thus differs 
fundamentally from the general concept of energy flow in clearwater lakes. 

These aspects also have important bearings on the balance and exchange 
of inorganic carbon with the atmosphere. While the general picture of a lake 
dominated by autochthonous production is of a net flux of CO2 from atmos
phere to water, this is reversed in humic lakes (Salonen et al. 1983; Hessen 
et al. 1990; Kankaala et al. 1996). These lakes are net CO2 conduits to the at
mosphere owing to at least four reasons: the low primary production and 
carbon fixation, the vigorous respiration and dominance of heterotrophic 
processes, the frequently extensive methane oxidation and a pronouned 
photo-oxidation of organic molecules by short-wave light. The acid nature of 
these lakes implies low bicarbonate buffering and generally low levels of CO2 

in spite of supersaturation. The extent to which inorganic carbon in the form 
of CO2 may be limiting for primary production in such lakes is not settled. 
These processes will also influence the entire food web, in particular the 
benthic fauna, by reducing ambient oxygen concentrations in the entire water 
column, and frequently inducing hypolimnetic anoxia. 

Humic lakes frequently have higher concentrations of total phosphorus 
than corresponding clearwater lakes (see Chaps. 7, 8). Yet they are commonly 
assumed to have low phytoplankton yield per total P partly owing to low ac
cessibility of P, chelating of Fe or other essential elements, low light levels or 
monopolizing of P by bacteria. These aspects depend primarily on the P con
centration and humus concentrations, and reduced production of phyto
plankton in coloured lakes will only occur if phytoplankton production ac
tually is light-limited (see Chap. 7). A sample of 150 Norwegian lakes with 
dominance of low-coloured lakes (maximum 80 mg Platinum I-I; Fig. 11.2) 
indicated that, although total P was the major determinant of phytoplankton 
biomass, colour (as milligrams of Platinum per litre) gave a significant nega
tive contribution to the phytoplankton biomass yield per unit of P even for 
these low-coloured lakes (Hessen, unpubl. data). The contribution from col
our strongly depends on the P-concentrations of the lake, however, as seen 
from a multiple analysis including both parameters. The phytoplankton 
biomass from the same sample of lakes may then be expressed as: 

PB = (96.3 - 0.91 x Pt) x TP 

where PB is phytoplankton biomass expressed as micrograms per litre, Pt is 
colour expressed as milligrams per litre and TP is total P expressed as micro-
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Fig. 11.2. Relationship between phytoplankton biomass and total P and colour from a survey of 
150 Norwegian lakes. (unpubl. data) 

grams per litre,. For more coloured lakes, this trend is even more clearcut 
(Heyman and Lundgren 1988, Chap. 8). On the other hand, Arvola et al. 
(1996) found no negative effect on phytoplankton biomass and production 
along a gradient of humus additions to enclosures. The negative effects of 
low penetration of photosynthetically active radiation (PAR-light) on photo
synthesis, may partly be counteracted by even lower penetration of detri
mental shortwaved UV-light (cf. Chaps. 6,7). 



Food Webs and Carbon Cycling in Humic Lakes 

0 
0 

0.5 

§ 1.5 

.s 
Q., 2 Q) 

Q 

2.5 

3 

3.5 

4 

0 
0 

0.5 

§ 1.5 

.s 
Q., 2 
Q) 

Q 
2.5 

3 

3.5 

4 

20 

I 

\ 
I 

/ 

\ 

40 60 80 100 

Primary production 

" ,Respiration 

0.2 

-I 
PIR-ratio and ~g C I 
0.4 0.6 0 .8 

PIR-ratio 

CO2 -cone. 

293 

120 140 

1.2 

Fig.11.3. Vertical profiles of CO2-production and consumption and the P:R ratio in a summer 
situation in humic lake Skjervatjern 

The CO2 fixation deficiency relative to actual community respiratory 
losses is not a unique property of strongly coloured lakes (Kling et al. 1992; 
del Giorgio and Peters 1993; del Giorgio et al. 1997). Based on a survey of 
published data, del Giorgio and Peters (1993) found that the epilimnetic P:R 
ratio (primary production to community respiration) rose above unity only 
in highly productive lakes (> 17 Ilg chlorophyll ~ 1-1). If considering the mixed 
layer only, the P:R-balance was reached at about 10 /lg chlorophyll ~ 1-'. At the 
oligotrophic end of the scale (0.5 /lg chlorophyll ~ 1-'), the P:R ratio de
creased to 0.5. They reached the conclusion that microbial respiration may 
strongly exceed current estimates based on bacterial production, and that 
heterotrophic processes are relatively more important in oligotrophic lakes. 
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Although the authors were not able to define the specific role of al
lochthonous DOC in their lakes, they suggested humic substances to be a 
major parameter explaining these patterns. The lower P:R ratio of 0.5 is 
similar to the integrated epilimnetic ratio of Lake Kjelsasputten (see above). 
This ratio only included the epilimnetic processes, but when integrating over 
the entire water-column, the P:R ratio would decrease substantially (cf. Hes
sen and Nygaard 1992). This is seen clearly for the Norwegian humic lake 
Skjervatjern, where vertical profiles of primary production, photo-oxidation, 
dark respiration, as well as CO2 concentrations were performed during 
summer 1992 (cf. Brettum 1994; Salonen and Vahatalo 1994; Hessen et al. 
1997). While the P:R ratio was close to 0.5 at the surface, it increased to 0.8 
just below the surface, and approached zero below 2 m (Fig. 11.3). This yields 
a mean P:R ratio of 0.2 over the upper 4 m, and far less if integrating over the 
entire water column. While this may underline some of the problems associ
ated with obtaining reliable estimates of P:R ratios, it also supports the het
erotrophic nature of these humic lakes. Though both factors contribute, the 
low P:R ratio in humic lakes thus depends more on high respiratory activity 
than depressed primary production. 

11.4 Carbon Sources for Metazoans 

There are at least two properties of humic lake food webs that differ essen
tially from clearwater lakes: their dependence on allochthonous energy and 
the overall importance of the microbial loop. The central role of bacteria re
lates to the fact that not only their biomass and production both often far ex
ceed those of the phytoplankton, but also the humic environment often sup
ports a highly efficient bacteria-consuming community. Mixo- and het
erotrophic flagellates are reported to consume a significant share of bacterial 
production, eventually channelling it to higher trophic levels, yet there are 
conflicting reports on the relative importance of the unicellular bacterivores 
(Jones 1992; Chap. 9). Part of this apparent conflict may be owing to the 
abundance of crustacean zooplankton, particularly cladocera. Many of these 
species are highly efficient consumers of bacteria, and may constitute an im
portant link in a three-step chain from DOC to fish. The efficiency of such a 
direct link is far higher than one with even one or two additional links 
(flagellates, ciliates and copepods) where a major portion of carbon entering 
the microbial food web is oxidized before entering the metazoan level. 
Moreover, the magnitude of this loop based chiefly on external sources of 
carbon will be far higher than one based solely on phytoplankton exudates. 

The ability to utilize the bacterial pool is a cornerstone of energy transfer 
in humic lakes, and this property differs strongly within the crustacean 
zooplankton community. Of the common cladocerans in humic lakes, Di
aphanosoma brachyurum and Daphnia longispina (and other Daphnia spp.) 
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are highly efficient bacterivores (Hessen 1985b, Kankaala 1988, Hessen et al. 
1989). Holopedium gibberum and Bosmina longispina are far less efficient, yet 
they do utilize bacteria, while copepods and notably cyclopods barely utilize 
free-living bacteria. They may, however, graze on detrital particles that are 
colonized with bacteria. There is less information about the digestibility of 
heterotrophic bacteria. These are mostly Gram-negatives with heavy pepti
doglycan cell-wall layers, offering some resistance to digestive enzymes. In 
general, bacteria are assimilated with lower efficiency than algae, yet at least 
for Daphnia and Diaphanosoma, assimilation efficiency was found to exceed 
50% (Hessen et al. 1989). For the above mentioned species, there is a remark
able relationship between their specific P content and their ability to filter 
bacteria (Fig. 11.4), which could be an adaptive response to cope with high P 
demands. 

While this and preceeding chapters support the view of a lesser impor
tance of phytoplankton in strongly coloured lakes relative to clearwater 
lakes, there is no doubt that in particular qualitatively, but also quantitatively, 
the grazers still depend on a phytoplankton supply. While some mineral nu
trients or organic N may be adsorbed or bound in humus aggregates, these 
are evidently poor food that is deprived of almost all essential macromole
cules and easily degradable sources of C, yielding very low assimilation effi
ciencies of typically 0-20% (Sterner and Hessen 1994). While the bacteria 
may provide a major source of P for grazers (Hessen and Andersen 1991), 
they too are poorly assimilated relative to algae (Hessen et al. 1989) due the 
rigid peptidoglycan cell layer. Moreover, they lack most of the long-chained 
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Fig. 11.4. Relationship between specific P content and specific ingestion of bacteria from humic 
lake Kjelsasputten (Hessen and Andersen 1991) 
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unsaturated fatty acids that may be crucial for the zooplankton nutrition 
(Muller-Navarra 1995). A high proportion of the auto- or mixotrophic algae 
commonly recorded in humic lakes are grazing-resistant species or taxa, 
however (Hessen et al. 1990). A particular case was noted in a 7-year study of 
catchment and lake acidification of humic Lake Skjervatjern, western Nor
way (Hessen and Lydersen 1996; Chap. 3). While a minor depression in pH 
was observed in the acidified basin relative to the control (maximum 0.2 
units from 4.6 to 4.4), changes in DOC and labile aluminium were not de
tected. The most striking change in the zooplankton community was the dis
appearance of the assumed acid-tolerant species Holopedium gibberum in 
the acidified basin. While this effect was not clearly attributable to changes in 
water chemistry, a remarkably close correlation was seen between the bio
mass of the dominant small chlorophycean Oocystis and that of Holopedium. 
The Oocystis group is fairly grazing-resistant, and may even benefit from 
grazing and gut passage (Porter 1975). Thus, in this case, the correlation 
could be an inverse to what would normally be assumed; Oocystis disap
peared when the grazer disappeared. 

Mixotrophic algae and heterotrophic flagellates are certainly a major link 
of carbon from DOC via bacteria in a number of humic lakes (Salonen et al. 
1992, Kankaala et al. 1996), also providing an indirect source of bacterial car
bon for species less capable of direct consumption of bacteria (Bosmina, 
Holopedium, copepods). 

While dissolved organic carbon constitutes a major fuel for heterotrophic 
bacteria, the POC may constitute an almost equally important source of en
ergy for the grazers. The potential role of detritus as a food source for 
zooplankton in humic lakes was noted already by Naumann (1918), who 
stated that " ... the Entomostraca in these localities gain most of their nutri
ents from purely allochthonous detritus, while phytoplankton or detritus de
rived from plankton hardly contributes at all ... ". The observation of pre
dominating "amorphous" brown, humic compounds in the guts of cladocera 
in humic localities was taken as evidence for the above citation. Haney (1973) 
concluded from his extensive studies in humic Drowned Bog Lake, USA, that 
" .. the high grazing and low algal productivity in Drowned Bog Lake indicates 
that allochthonous matter, for example from the Sphagnum mat, may provide 
an important input of nutrition into the bog's open-water system". A number 
of works have demonstrated the ability of various zooplankton to survive for 
periods on detrital particles as the sole diet. By use of two-compartment la
belling (inorganic 14C for algae and an organic 14C amino-acid mixture for 
bacteria) of seston in enclosures, Hessen et al. (1990) estimated the relative 
share of bacteria, phytoplankton and detritus (unlabelled carbon) incorpo
rated as somatic matter in the dominating crustacean zooplankters. Esti
mates based on both initial labelling and steady state conditions revealed a 
surprising pattern, with 50% or more of body C of all species originating 
from detrital C, and - 30% originating from bacteria, leaving a share of only 
-20% of phytoplankton C in the diet (Fig. 11.5). The highest proportion of 
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bacterial C was found in the two "microfiltrators" Daphnia and Diaphano
soma. Perhaps most suprising was the importance of detrital C for the cope
pod Acanthodiaptomus denticornis, which apparently gained more than 80% 
of its body C from detrital matter. For selectively feeding copepods, one 
would anticipate a higher percentage of high-quality food than for the non
selective cladocerans. These data are in support of Salonen and Hammar 
(1986) who, by tracer labelling of seston from different lakes, found that in 
excess of 80% of metazooplankton carbon in humic lakes was derived from 
non-living (detrital) C. There are obvious sources of error to this estimates, 
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such as a large proportion of unlabelled protozoans in the diet, or leakage of 
label between compartments, yet the data indicate that metazoans may de
rive a substantial part of their body C directly from allochthonous detritus. 

Further support for these radio tracer studies is given by stable isotope 
studies. The distinctive difference in &13C and &lsN values between al
lochthonous C and phytoplankton in Loch Ness, Scotland, allowed Jones 
et al. (1998) to conclude that nearly 50% of the body C of zooplankton in this 
lake was derived from allochthonous C, either directly or via bacteria. This is 
particularly interesting because it demonstrates the potential importance of 
humic C also in large lakes like Loch Ness, and also because a strong direct 
link from allochthonous C to fish could be verified from this study. 

A large share of such nutritionally poor food poses questions not only 
about the digestibility in terms of C, but also about how zooplankton cope 
with deficiencies in mineral nutrients or essential macromolecules. Assimi
lation of detrital matter will differ strongly with the detrital origin; recently 
dead algae may be assimilated with significantly higher efficiency than hu
mus aggregates. In humic lakes, where the latter source may be dominant, a 
maximum 10% assimilation efficiency of ingested detritus is reasonable 
(Hessen 1992b). Owing to the mass of this reservoir relative to live seston, it 
will still constitute a potentially large pool of dietary C. On the other hand, 
even though bacteria and phytoplankton in extreme cases may constitute 
minor sources of dietary C, their qualitative importance as sources of P, N, 
fatty acids and other nutrients may be crucial to zooplankton productivity 
(cf. Sterner and Hessen 1994). 

Though protozoans exploit both the phytoplankton and the bacterial food 
source, they too may benefit from a direct utilization of "dissolved" or par
ticulate humus carbon. It is well known that protozoans may utilize a range 
or organic macromolecules and organic aggregates (Sherr 1988, Kristoffersen 
et al. 1996). The study of Sherr showed that polysaccharide molecules (dex
tran) of relatively large sizes (>500000 Da) provided enhanced growth in 
heterotrophic flagellates, while smaller molecular sizes did not stimulate 
growth, suggesting phagocytosis as the major uptake mechanism. Yet, the 
role of recalcitrant humus aggregates as a dietary source for proto- and 
metazoans is far from conclusive. 

The size of the DOC pool and the importance of the microbial loop can be 
labelled as specific properties of the humic lake relative to clearwater lakes. 
Yet the efficiency of C flow through the detritus food chain versus the grazer 
food chain will be determined more by the food web structure than the pres
ence of humus DOC. A flagellate-dominated C pathway will increase dissipa
tion of organic C to CO2 (Kankaala et al. 1996). Gaedke et al. (1994) proposed 
to track a pulse of 14C-label through the two food chains to determine the 
relative trophic transfer efficiency. A short residence time of the label (short 
half-lives) would indicate a substantial respiratory loss, and thus low effi
ciency. In line with these assumptions, they modelled far lower residence 
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times for one unit of C in the grazer food chain relative to the detritus food 
chain in meso trophic Lake Constance, Germany. Thus, while a large detritus 
pool (mainly autochthonous detritus) fuelled a high bacterial biomass, the 
detritus food chain (microbial loop ) was still a very inefficient link of C due 
to the high respiratory losses. This was partly confirmed by a real tracer ex-
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periment of the same kind in humic Lake Kjelsasputten (Hessen et al. 1990), 
where the bacteria was labelled by an organic 14C-tracer and the phytoplankton 
by an inorganic 14C-tracer in separate enclosures, showing that label was lost 
at a higher rate from the detritus food chain (initial labelling of bacteria) 
relative to the grazer food chain (initial labelling of phytoplankton) (Fig. 11 .6). 

11.5 Stoichiometry in the Humic Lake Food Web 

While focusing on C in this context, C is but one of various elements that is 
needed for support of both autotrophs and heterotrophs. The skewed C:N 
and particularily C:P ratios of both dissolved and particulate pools in humic 
lakes strongly suggest that N or P may be limiting also for heterotrophs in 
these lakes. Though even pristine humic lakes commonly have fairly high 
concentrations of P (typical range 5-20 Jl8 PI-I) relative to their clearwater 
counterparts, the huge pools of DOC and POC still cause fairly high C:P ra
tios. Based on a large number of Swedish lakes, Meili (1992) depicted a range 
of C:P weight ratios ranging from 50 in biota to 100 in particulate detritus (of 
autochthonous origin), 350 in oligohumic epilimnion, 1500 in polyhumic 
epilimnion and up to 2000 in coloured forest streams. This is in line with 
data from a Norwegian humic lake, in which also an average epilimnetic C:P 
ratio of 1500 was reported (Hessen 1992a). In the epilimnion of an extremely 
coloured Finnish lake, Salonen et al. (1994) reported a C:P ratio of more than 
1800:1, falling to 450:1 in the hypolimnion. Judging simply from stoichiomet
ric ratios, bacteria with a C:P ratio of typically 25 would thus be expected to 
face a strict P limitation in these kinds of lakes (Vadstein and Olsen 1989; 
Hessen 1992b, Hessen et al. 1994). Such aspects have been more explored in 
multicellular heterotrophs such as crustacean zooplankton, which have a 
rather rigid stoichiometry (Sterner and Hessen 1994). Yet, even though bac
teria have a more flexible stoichiometry, a corresponding approach may be 
fruitful also for this group. Tezuka (1990) demonstrated how bacteria change 
from mineralizers to consumers along a gradient of increasing C:P ratios in 
the medium, and clearly the role of bacteria in P cycling depends upon their 
stoichiometry relative to that of the medium (Elser et al. 1995). The extent to 
which the bacteria are C- or P-limited will depend not only on the elemental 
ratios, but also on their ability to assimilate the elements. P may be bound to 
Fe or adsorbed to humus aggregates, while C is largely bound up in complex, 
refractory macromolecules that are not easily assimilated. By assuming that 
bacteria maintain a rather rigid stoichiometry, a simple scenario for P release 
may be given: Qd represents C:P in the medium (DOM), here set to 1500, Qb 
represents C:P in bacteria, re the respiratory losses of C, and Ye and YP repre
sent assimilation of C and P, respectively, the corresponding biomasses being 
Be and Bp. Then the bacteria will release P when Qb > Qd x BclYe - (Ye re)]/Bp'Yp 
(cf. Hessen 1992b). 
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The fact that heterotrophs monopolize a major share of P in humic lakes 
has obvious implications for ecosystem structure. The importance of the het
erotrophs relates both to their high proportions of total biomass and their 
high specific P content and thus P requirements. In culture, an extreme vari
ability in C:P ratio may be induced in both bacteria and phytoplankton. A 
less flexible stoichiometry is normally encountered in nature. Even P-starved 
bacteria normally have a C:P ratio of less than 25 (Vadstein and Olsen 1989), 
while freshwater phytoplankton frequently have a C:P ratio far above 100 
(Elser and Hassett 1994; Sterner and Hessen 1994). By contrast, crustacean 
zooplankton species have a more rigid stoichiometry, but with pronounced 
differences between species and taxa (Andersen and Hessen 1991). Daphnia 
spp. are characterized by a high specific P content, fairly stable around 1.5% 
of DW, or a C:P weight ratio of 30. Other cladocera that typically inhabit hu
mic lakes, such as Bosmina longispina and Holopedium gibberum, have a 
lower specific P content and a typical C:P ratio around 45-50, while copepods 
normally have C:P ratios above 65. 

The relative importance of bacteria in the P pool will tend to be high as a 
natural consequence of the high proportions of bacterial biomass to other 
biotic compartments. Hessen and Andersen (1991) estimated that approxi
mately 55% of particulate P in a humic lake was bound in bacteria, and more 
than 45% in zooplankton, making the phytoplankton pool of P rather mar
ginal. Salonen et al. (1994) found that 85% of total P was bound in the Daph
nia biomass of a highly humic lake. These figures may be extremes, yet it is 
important to recall that when heterotrophic biomass is dominant in terms of 
C, this will be even more dramatic in terms of P. This is illustrated in 
Fig. 11.1, where epilimnetic pools and fluxes of C and P of a humic lake are 
compared. The relative pool sizes are fundamentally altered from C to P, and 
the predominant role of the heterotrophs is even more remarkable. It is im
portant to notice that although the bacteria do not fill the conventional role 
of "remineralizers", depicted in most text-book food web diagrams, there is 
an important link from bacteria to phytoplankton also for P. This is not a 
loop via dissolved inorganic phosphorus (DIP), however, but direct ingestion 
by mixotrophic algae. Since the phytoplankton are doomed to lose the battle 
of P in such systems with low P and excess organic C (see Chaps. 7,8), they 
have apparently adopted the strategy that "if you can't beat them, eat them". 
Although there is a secondary gain in terms of C, it is reasonable to assume 
that shortage of P is the major cue for mixotrophy (Nygaard and Tobiesen 
1993). 

The higher trophic levels are also controlled by the deficiency in mineral 
nutrients relative to C in humic lakes. There is both theoretical and empirical 
support for the view that zooplankton, notably P-demanding species like 
Daphnia, may be directly limited by food quality in terms of C:P ratio 
(Hessen 1992b; Sterner and Hessen 1994). Thresholds for limitation depend 
on the relative assimilation efficiency for C versus P, but are normally pre
dicted at C:P >65-120. To cope with their bodily demands, assimilated C: P 
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must equal somatic C:P in the consumer. That is, when C is in excess more C 
must be disposed off (probably as increased defecation of C), and growth ef
ficiency in terms of C decreases. On the contrary, animal utilization of P will 
be more efficient, and as the grazer approaches P limitation, P assimilation is 
maximized and P-release approaches zero. This is analogous with the argu
ments for bacterial P metabolism. 

Using Daphnia as an example, relative P limitation can be estimated from 
the C:P ratio of the grazer relative to that of the food. Ingestion rates and as
similation efficiency also need to be known for both P and C for all food 
items. In order to balance somatic demands, the daily net ingestion of C 
(including respiratory losses) relative to net ingestion of P must equal the C:P 
ratio of the grazer. Using again the Lake Kjelsasputten example, zooplankton 
in this lake had a net C ingestion of 19 J.Lg C I-I day-I from algae and bacteria, 
barely balancing respiratory losses (18 J.Lg C I-I day-I). Assuming a 5% as
similation efficiency for detritus, this would add another 7 J.Lg C I-I day-I to 
zooplankton production. Maximizing P assimilation to 100% from all frac
tions, corresponding intake of P would be 0.63 J.Lg P I-I day-I, or a C:P ratio in 
incorporated matter of 41 (by weight). Reducing P assimilation to 80% would 
yield a C:P-ratio of 52, still below what would be considered P-limiting for 
Daphnia. As long as zooplankton is on the brink of starvation in terms of 
food quantity (C limitation), the threshold C:P ratio for P-limitation is infi
nite (cf. Sterner 1997). With increasing food quantity, the potential for P 
limitation is introduced. Of 34 freshwater sites in northern Canada with 
sestonic C:P ratios ranging 75-360 (by weight), a majority were found to be P 
limited with regard to growth of Daphnia (Elser and Hassett 1994; Sterner 
1997). Humic lakes with their high sestonic C:P ratios would be likely candi
dates for P-limited zooplankton, yet this may be obscured by the huge pool of 
detritus that is a major contributor to C, but which is assimilated with very 
low efficiency. The efficient consumption of P-rich bacteria may be seen as a 
strategy to counteract P deficiency. 

The low light levels of humic lakes could, paradoxically, lead to high food 
quality of phytoplankton. Following the light to nutrient balance theory of 
Urabe and Sterner (1996), high light levels and low nutrient concentrations 
give high photosynthetic activity with C in excess relative to P. Converesly, a 
low light to nutrient ratio (like that of humic lakes) yields high food quality. 
Urabe and Sterner (1996) clearly demonstrated that such shifts in the light to 
nutrient ratio indeed influenced phytoplankton quality and thus the success 
of the grazer. Use of such models and stoichiometric models in general may 
not apply entirely in humic lakes. They may also be obscured by the relatively 
more complex P metabolism of these systems, since the major pool of dis
solved organic phosphorus (DOP) is associated or complexed with iron and 
humus molecules, and probably not very accessible to organisms (Jones 1990; 
Salonen et al. 1994). 
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11.6 The Trophic Level Concept 

Returning to the pyramidal structure and the trophic level concepts, these 
are not easily tracked in humic lakes. Most functional groups do operate on 
various trophic levels. The conventional food web diagram is drawn by in
spection of species intersection points, reflected in a matrix where absence or 
presence of species interactions is qualitatively indicated (Cohen et al. 1986). 
Among the criticisms that have been raised against such simplified and 
mechanistic food web diagrams, the overall presence of omnivory is a major 
issue (Riley 1966; Odum 1968; Martinez 1991; Polis 1991; Morin and Lawler 
1995), that is, animals feed on different trophic levels, and this is even more 
pronounced when seasonality, different ages, size groups or stages are in
cluded. In general, the degree of omnivory tends to increase the number of 
trophic levels in lakes (Sprules and Bowerman 1988). Omnivory is particu
larly important in humic lakes. The predominance of allochthonous inputs 
yields algal, bacterial and zooplankton communities that all feed on a mul
titude of trophic levels. The primary producers are commonly mixotrophs 
feeding on bacteria, i.e. they may be both "producers" and "consumers". The 
bacteria themselves are not "mineralizers" in the common sense; they fill a 
multitude of trophic levels. First they are chemoautotrophs like the metha
notrophs, they may be consumers to the extent that they consume extracel
lular release from phytoplankton, or they may be producers with a functional 
role corresponding to that of phytoplankton, except that they convert DOC 
rather than DIC to cell material. One single Daphnia may share its intake of 
carbon between autotrophic and mixotrophic phytoplankton, heterotrophic 
and methanotrophic bacteria and detritus of mixed origin, from particulate 
feces to humus aggregates. Defecated matter apparently returns to the detri
tal pool, being reingested a number of times. This kind of "coprophagy" is 
noted in other aquatic systems, as well as from terrestrial herbivores, and is a 
way to extract a maximum of limiting elements from the food. This again 
makes it a difficult task to determine the real assimilation efficiency for de
tritus. The relative importance of the different carbon sources may vary sea
sonally. 

The dietary flexibility may be even greater when considering species with 
a more pronounced life-cycle omnivory, e.g. nauplii vs. adult copepods. Stable 
isotope studies (013C and 815N) of planktonic food web confirm that actual 
food-web structure may be poorly predicted from simple considerations of 
species list and expected trophic interactions between species (Kling et al. 
1992). 

In line with Ulanowicz (see Halfon et al. 1996), Gaedke et al. (1994) pro
posed to distinguish trophic levels (the discrete values 1, 2, 3 etc.) from 
trophic position (non-integer values) where an organism is assigned to posi
tion from the average number of trophic transfers its food items have passed 
before consumption by the given predator. That is, if a copepod is satisfying 
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33% of its demands by grazing and 66% of its energy from consumption of a 
Bosmina (a strict grazer), its trophic position would be 2 x 0.33 + 3 x 0.66 = 
2.64. The problem with this, of course, is the assignment of trophic levels. In 
this case, primary producers are assigned to levell, primary grazers to level 2 
etc. The real problems arise from the fact that most compartments of the 
humic lake food web are fuelled from detritus of mixed origin, and the as
signment of trophic level for detritus thus becomes critical. The importance 
of this pool to the whole food web was recognized by Lindeman (1942), who 
placed the huge pool of "ooze" central in his food web diagram, but still 
failed to account for its role in carbon cycling. Detritus may be classified as a 
dead source of energy and regarded as an equivalent to solar energy, or it 
may be classified as belonging to the first trophic level (like the autotrophs) 
owing to the fact that it is directly consumed by heterotrophs in accordance 
with food-web schemes from soil ecosystems (cf. Moore and DeReuter 1991). 
Burns et al. (1991) classified dead organic matter to the trophic position of its 
sources, but this creates a multitude of trophic levels of detritus that are not 
easily handled. Burns (1989) criticized the conventional assignment of spe
cies or populations to distinct trophic levels, yet argued for a trophic level 
concept as an abstract composite of those portions of the energy content that 
have been assimilated an equal number of times. This theoretical food net
work "unfolding" re-establishes the trophic level concept (Higashi et al. 
1989), but requires intimate knowledge of energy flow in the system. 

The calculation of trophic position for omnivorous species hinges on as
signment to discrete trophic levels for phytoplankton, bacteria and detritus. 
The approach of Gaedke et al. (1994) distinguished between the detritus food 
chain and the grazer food chain. The base of each chain (detritus and phyto
plankton, respectively) was assigned to trophic levell, heterotrophic bacteria 
to level 2, and then the fractional contribution of both chains to each species 
may be computed according to its diet composition. This kind of definition 
still invokes a type of "catch 22" problem, since detritus is of a very heteroge
neous origin, a large proportion of phytoplankton may be mixotrophs and 
heterotrophic bacteria derive their energy from a multitude of sources. 

This may be illustrated by the methane pathway, a branch of the detritus 
chain. Particularly in humic lakes, the potential importance of methane calls 
for a clarification of trophic levels of the methanogens and the methano
trophs. Since methanogens derive their energy partly from detritus but also 
utilize by-products of photo-oxidation (like acetic acid), they should equal 
the heterotrophic bacteria with regard to trophic level, but then the metha
notrophs (methane oxidizers) should be at a higher trophic level. If detritus 
is assigned to trophic level I, then the heterotrophic bacteria (primarily util
izing detritus as an energy source) should be assigned to trophic level 2, as 
would be the methanogens, while the methanotrophs would be trophic level 
3, one level above the zooplankton by which they are grazed. 

The same problem was recognized by Martinez (1991). Despite a higly la
boreous resolution of the food web of Little Rock Lake, USA, he assigned fine 
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Fig. 11.7. Examples of trophic position assignments based on three scenarios. Above a pure 
grazing chain in which where bacteria derive their energy from phytoplankton exudates Pri
mary production (100 J.Lg c r l day-l) may support a production of 10,64 and 38 J.Lg C rl day-l of 
bacteria, Daphnia and Heterocope; respectively; Middle detritus is added to the diet (scenario 
2), assuming a 7.5% growth efficiency for both bacteria and Daphnia feeding on detritus. Daph
nia enters trophic position 1.32; Below increasing detritus (scenario 3) provides a fundamen
tally different carbon flow, but does not change scenario 2 trophic positions 

organic matter into a single trophic level while acknowledging that this was 
" ... a severely aggregated taxon assumed to be at trophic level 1". Some of 
these aspects are illustrated in by the three scenarios in Fig. 11.7. In the first 
scenario, a pure grazing chain, in which bacteria derive their energy from 
phytoplankton exudates, the primary production (100 J,Lg C I-I day-I) may 
support a production of 10, 64 and 38 J,Lg C I-I day-I of bacteria, Daphnia and 
the carnivorous copepod Heterocope, respectively. Daphnia is assumed to 
graze with equal efficiency on phytoplankton and bacteria, but having a 
growth efficiency (i.e. ingestion minus defecation and respiration losses) of 
60% and 38% respectively (d. Hessen et al. 1989). Heterocope is feeding solely 
on Daphnia with a growth efficiency of 60%. In this case, when daphnids 
obtain 6% of their carbon from bacteria and the rest from phytoplankton, 
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their trophic position is 1.06 (1 x 0.94 + 2 x 0.06). Since Daphnia is assigned 
a priori to trophic level 2, Heterocope ends up at trophic position (and 
trophic level) 3. We may then in a second scenario add detritus to the diet 
(assuming a growth efficiency of 7.5% for both bacteria and Daphnia feeding 
on detritus) . Since both phytoplankton and detritus are assigned to trophic 
levell, their relative contribution to bacteria or Daphnia does not matter. 
Bacteria occupy trophic position 2, while Daphnia enters trophic position 
1.32 (2 x 0.33 + 1 x 0.66). Increasing the detritus contribution (scenario 3) 
provides a fundamentally different carbon flow, but leaves the trophic posi
tions unchanged from scenario 2. This is all a matter of definitions that will 
not have any practical implication for carbon flow studies based on tracers, 
but could have a great impact on food-web studies based on judgement of 
trophic positions. Allochthonously dominated systems should more than 
others call for precautions when using the conventional trophic level or the 
modified trophic position concepts. 

11.7 Trophic Cascades and Energy Cycling 

The exploration of cascading effects in limnetic, pelagic food webs (see Car
penter et al. 1985; Carpenter 1988) has provided fundamentally new insight 
into pelagic food-web interactions. Based on numerous lake manipulation 
and enclosure studies, top-down (piscivorous fish, planktivorous fish, her
bivorous metazooplankton, phytoplankton biomass and composition, inor
ganic nutrients) or vice versa bottom-up mechanisms have been explored. 
Almost all these experiments have been performed in meso- and eutrophic 
clearwater lakes. The trophic cascade effects fade as one proceeds from the 
initial signal (Le. manipulated fish biomass or nutrients; McQueen et al. 
1986), and large Daphnia appears to be a key component for an efficient sig
nal transfer between the top and the base of the food web and vice versa. 
Such trophic cascades have scarcely been explored in strictly humic lakes, yet 
there are several reasons to assume a priori that they would not work in line 
with general predictions from studies of clearwater lakes. First, there is a 
scarcity of planktivorous fish relative to eutrophic lakes and these are sup
posedly less efficient predators due to low light intensities. Second, the mi
crobial food web plays a fundamentally more important role in humic rela
tive to clearwater lakes and, from a bottom-up perspective, increased load of 
inorganic nutrients will not be directly converted to phytoplankton biomass. 

This simplified scheme of energy flow and alternating regulation of food
web compartments via predation and competition deliberately omits recy
cling processes. The food-web diagram based on direct interactions is further 
obscured by the fact that recycling is such a pronounced property of aquatic 
ecosystems. Carbon is recycled at each and any level in the food web, mean
ing that not only the direct links between prey and consumer must be in-
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cluded, but also the feedbacks via recycling that may be equally important. 
This implies that the total amount of energy flowing through the system is 
far higher that that estimated from primary production or heterotrophic 
production alone. The recycling aspect of matter and energy in al
lochthonously influenced lakes is explored in a number of model papers 
(Patten 1985; Higashi et al. 1989; Patten et al. 1990), all conflicting the central 
dogma that mineral nutrients are recycled while energy is not (cf. Odum 
1971,1983). Inclusion of carbon (and thus energy) cycling such as in network 
trophic dynamics accounts for all the energy in a system until it dissipates as 
heat or CO2, 

In all food webs, the direct interactions are accompanied by a set of feed 
back processes due to mineral cycling, an interactive system in the terminol
ogy of Caughley (1976). While there is growing knowledge of these processes 
in lakes (Sterner et al. 1994, Hessen 1997), they are not well documented in 
humic lakes, where a large reservoir of humus-bound P and N also may par
ticipate in the recycling processes. 

Some of these assumptions were partly contradicted by an experiment in 
which planktivorous whitefish (Coregonus lavaretus) were added to the 
strongly colo rued Lake Mekkojarvi, resulting in an almost complete disap
pearance of the previously dominant Daphnia longispina (Jarvinen and Sa
lonen, 1997) . The vulnerability of daphnids in this lake was partly accredited 
to the extreme stratification of the lake, with anoxia below 0.6-0.9 m and 
thus no depth refugium. The shift from a Daphnia-dominated to a flagellate
dominated grazer chain did invoke changes in stoichiometry and phyto
plankton nutrient limitation as well. In the absence of Daphnia, more P was 
recycled (less P bound in Daphnia) and the phytoplankton was more N
limited in line with stoichiometric theory (Sterner and Hessen 1994). 

11.8 The Role of Detritus in Ecosystem Stability 

Detritus was first defined by Odum and de la Cruz (1963) as "biodetritus" in 
the form of dead, particulate matter, including its associated microflora and 
fauna. Rich and Wetzel (1978) redefined this to non-predatory losses of or
ganic carbon from all trophic levels, which would also include dissolved, al
lochthonous sources. The role of detritus in ecosystems was recognized in 
the pioneering works of Odum (1968, 1971), yet did not until recently fully 
merge with the conventional food web analysis based on distinct trophic lev
els. This is in spite of the fact that Lindeman (1942) developed the concept 
based on studies in Cedar Bog Lake (Minnesota), a highly detritus influenced 
ecosystem. The importance of detritus food webs and carbon recycling via 
detritus is now well recognized (Patten et al. 1990, DeAngelis 1992), but for 
the coming discussion it should be remembered that most of these detritus 
studies are based on autochthonous production. Allochthonous particulate 
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matter (such as leaf litter) may be a major source of energy particularily for 
stream ecosystems, and also for some clearwater lake ecosystems (Larsson 
and Tangen 1975). Both these types of predominantly particulate detritus are 
essentially different from humus DOC. 

A major question is whether the presence of a large (and relatively stable) 
pool of recalcitrant, organic carbon can help stabilize the entire food web. On 
simply intuitive grounds, there is reason to believe that such systems with a 
continuous supply of high quantities of low quality food and a pronounced 
degree of omnivory would be more stable than ecosystems based on a short 
spring burst of high-quantity and high-quality food and a preceding clear
water phase (Hessen 1990, Jones 1992). This allochthonous pool could thus 
violate general rules of aquatic ecosystem stability and "resilience" based on 
number of species and their interactions (cf. Sprules and Bowerman 1988, 
Havens 1993). This intuitive reasoning is partly contradicted by modelling 
prey, predator, detritus interactions along gradients of increasing detritus 
pools (DeAngelis 1992). The tendency for limit cycling (local instability) in
creases with increasing detritus fraction in simple four-compartment model 
systems (nutrients, autrotroph biomass, heterotroph biomass and detritus). 
Loss of bound nutrients from detritus into heterotroph biomass was sug
gested (DeAngelis 1992) as a potential reason for this apparent paradox, 
meaning that detritus in this case fuelled primary production, and that de
tritus enrichment would equate to a situation with nutrient enrichments. 
Such enrichments invariably yield decreased instability (cf. Rosenzweig 
1971). It should be stressed, however, that systems dominated by a food 
source deprived of phosphorus (such as detritus) would not support recy
cling of P (Sterner and Hessen 1994). Hessen and Bjerkeng (1997) also found 
that P limitation could induce decreased stability by analysing limit cycles in 
a three-compartment system along gradients of the C:P ratio in the auto
troph biomass. At sufficiently high C:P in the food, the most P-demanding 
grazers show pronounced oscillations, and finally die off. Note, however, that 
such simple models with dissolved P, algae and grazer will not reflect the dy
namics of complex food webs, and particularly not the food webs of humic 
lakes where a major share of production is fuelled by heterotrophic proc
esses. Moreover, systems dominated by allochthonous detritus may also be
have quite differently from those dominated by autochthonous detritus. 

What is clear is that detritus has a strong impact on ecosystem resilience. 
In systems where organic C is dominated by the detritus pool, changes in 
food-web compartments will yield less effect than changes in the detritus 
compartment (Dudzik et al. 1975; DeAngelis 1992), that is, such systems are 
resilient to disturbance of conventional food-web compartments, while less 
resilient to changes in the detritus pool. This is fairly intuitive, since detritus 
makes up by far the larger pool of C. 

Though fairly obvious, it should also be stressed that allochthonous sys
tems are "donor" -fed, i.e. they rely on import from neighbouring ecosystems, 
and that production by species in the recipient ecosystems is "subsidized" by 
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Fig. 11.S. Seasonality in size-specific egg production of Daphnia longispina in humic lake Kjel
sasputten (Hessen 1989) 

allochthonous matter. Thus, they are bottom-up controlled in a manner that 
makes them rather insensitive to within-ecosystem changes and trophic cas
cades (Persson et al. 1994; Polis and Hurd 1994), but would be sensitive to 
drainage basin changes such as increased temperature and reduced precipi
tation, with subsequent effects on DOC supply to watersheds and increased 
transparency to short-waved radiation (Schindler and Curtis 1997). 

While the excessive supply of recalcitrant C would be one major stabilizing 
factor, the P dynamics in humic systems would add to this. Planktonic fresh
water communities are characterized by strong dynamics and rapid species 
replacements owing to high turnover rates, high growth capacities for all 
planktonic compartments and thus strong effects on competition, grazing 
and predation (Hairston and Hairston 1993). The strong oscillations hinge on 
a dynamic P pool, with a high pulse of accessible P in spring, and a subse
quent depletion of this pool during summer. In contrast, humic lakes fre
quently have a substantial reservoir of P in the form of humus, Fe, P04 com
plexes (Chap. 7) that may support a steady production of phytoplankton. 
Also, the large store of P in a relatively stable bacterial biomass probably pro
vides a sufficient source of P for the microfiltrators (Hessen and Andersen 
1991) and promotes increased ecosystem stability. The seasonal succession of 
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clearwater lakes, as described by the PEG-model (Plankton Ecology Group) 
(Sommer et al. 1986), does not apply well to humic lakes, in which the sea
sonal dynamics normally are less pronounced (Hessen 1990). In contrast to 
the rapid oscillations promoted by a dynamic pool of highly edible, high
quality food like (most) phytoplankton, the large pool of recalcitrant C in ex
cess will tend to dampen these oscillations, and channel a steady flow of en
ergy through the heterotrophs (Wetzel 1995). Preliminary ecosystem stability 
models support this view (Carpenter and Pace 1997), showing that pulses of 
humus to lakes tend to reverse very slowly, in contrast to the P-mediated 
pulses of chlorophyll ~ in clearwater lakes. 

Though this chapter has focused on the stability of humic lakes, such lakes 
are of course also subject to seasonal variability. The input of allochthonous 
matter in spring and autumn provides the ecosystem with not only a fresh 
supply of inorganic nutrients, but also a fresh source of not yet degraded 
humus. In spite of minor changes in total P and chlorophyll over the ice-free 
season in humic Lake Kjelsasputten, Hessen (1989) found a strong seasonal 
variability in egg production and nutritional status (length to dry-weight ra
tio, bodily C:N-ratio) of all cladoceran species, with peak productivity in 
spring, a mid-summer depression, and again increased productivity towards 
autumn (Fig.l1.8). This seasonality was not correlated with phytoplankton 
biomass, but corresponded well with periods of snowmelt or rainfall, sup
plying fresh fuel of humus. Biomass of both bacteria and (to a lesser extent) 
phytoplankton increased also during these periods, underlining their possi
ble qualitative importance. A similar pattern was seen in humic Lake 979 in 
the Exerimental Lakes Area (ELA), Canada, where population growth and 
biomass of Daphnia rosea were associated with flooding periods and thus as
sumed P mobilization from peat or otherwise increased food quality 
(Paterson et al. 1997). Seasonal changes in quantity and quality of humus 
may thus affect seasonal production of bacteria. In nutrient enrichment as
says of water from humic lakes, Hessen et al. (1994) found most response to 
Nand P additions in spring and autumn, while glucose additions only 
stimulated bacterial production when Nand P were added simultaneously. 
Thus, they suggested that during spring and autumn, fresh inputs of humic 
matter gave C in excess and mineral nutrient deficiency in the bacteria, while 
during summer with low allochthonous inputs and predominance of "old" 
refractory humus, bacteria were co-limited by C, Nand P. Owing to the im
portance of the microbial food chain, seasonal effects in bacterial production 
will affect the entire food web. Hessen (1990) suggested that zooplankton 
communities in humic lakes in general would be less susceptible to seasonal 
oscillations and competitive exclusion over the season, due to the large and 
stable supply of low-quality food. In such a situation, there will always be 
sufficient C from humus and bacteria for maintenance metabolism, allowing 
coexistence of species at the brink of starvation at very low growth rates, 
even during periods with low phytoplankton biomass. 
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11.9 Summary 

In the search for unique properties of humic lakes, it should again be empha
sized that there is a transition from "clearwater" to "humic lakes", and that 
humic matter is ever present in natural surface water. To pinpoint the par
ticular features of humic localities, this chapter has dealt with real "brown
water" lakes, focusing on the pelagic carbon flow. The unifying feature of 
these localities is the huge pool of allochthonous recalcitrant humus DOC 
that provides the base of an entirely heterotrophic food chain. This detritus
based food chain and the grazer food chain (based on autotrophic produc
tion) merge at the protozoan or metazoan level. The relative importance of 
the carbon flux in these two food chains will differ between lakes, but the 
detritus food chain will in general be far more important in humic lakes 
relative to "clearwater" lakes. The predominance of heterotrophic processes 
violates the general concept of the pyramidal structure in the Lindeman tra
dition with a large phytoplankton pool at the base. It also creates systems 
with production to respiration ratios far below unity and hence systems that 
are net conduits of CO2 to the atmosphere. The fact that the production of 
these systems is fuelled by detritus of mixed origin, including the methano
gens, undermines the trophic level and trophic position concept of the food
web. Ecosystem stability tends to increase with increasing influence of hu
mus. In contrast to the rapid oscillations promoted by a dynamic pool of 
highly edible, high-quality food like (most) phytoplankton, the large pool of 
recalcitrant carbon in excess will tend to dampen these oscillations, and 
channel a steady flow of energy through the heterotrophs. 
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12 Cycling of Dissolved Organic Matter in the Ocean 

Ronald H. Benner 

12.1 Introduction 

The ocean is a major global reservoir of organic matter. Photosynthetic mi
croalgae and bacteria are the major sources of organic matter in the ocean, 
and it is estimated that 45% (0.5 x 1017 g C year-I) of global primary produc
tion occurs in the euphotic zone of the ocean (Hedges 1992). The contribu
tion of organic matter from the continents to the ocean is -100-fold lower 
than the input from marine primary production. Rivers discharge 0.4 x 1015 g 
C annually to the ocean, and aeolian transport contributes another 0.1 x 1015 g 
C annually (Hedges 1992). About 8 x 1017 g C resides in ocean waters and sur
face sediments (Hedges 1992), and, given the above mentioned annual fluxes, 
a mean residence time of 16 years is calculated for organic carbon in the 
ocean. This relatively short mean residence time indicates that most organic 
matter cycles rapidly in the ocean. In contrast, however, the average 14C "age" 
of dissolved organic carbon (DOC) in the deep ocean is 4000-6000 years B.P. 
(Williams and Druffel 1987; Bauer et al. 1992), indicating that some organic 
matter has a long residence time in the ocean. These apparently contradic
tory observations indicate that residence times of the diverse mixture of or
ganic molecules in seawater are highly variable. This chapter will review 
various aspects of the marine carbon cycle and provide new insights into the 
composition and transformations of dissolved organic matter (DaM) in the 
ocean. 

12.2 Distribution and Abundance of Marine Organic Matter 

The bulk of the organic carbon in the ocean is distributed throughout the 
water column as particulate (PaM) and dissolved organic matter (DaM). A 
much smaller fraction «20%) of the organic carbon in the ocean resides in 
surface sediments, predominantly in deltaic-shelf environments (Hedges 
1992). Particulate organic carbon (PaC), which is operationally defined as 
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Fig. 12.1. Depth distribution of organic carbon in three size classes of organic matter at 12 S 
135 W in the Pacific Ocean. LMW DOC <1 nmj HMW DOC> 1 nm <700 nmj POC >700 nmj 
TOC total organic carbon (Benner et al.1997) 

organic carbon retained on filters with a pore size of -0.5 J..I.lll, accounts for 
<5% of the organic carbon in seawater. Most of the organic carbon in 
seawater is dissolved and is not associated with living organisms. 

The concentrations of DOC in seawater are very dilute: -80 ~ in surface 
water and -40 ~ in deep water (Sharp et al. 1993, 1995). For comparison, 
distilled water produced in a typical research laboratory has a similar DOC 
concentration to deep ocean water. About 20-40% of the DOC in seawater is 
of high molecular weight (HMW; > 1000 Da); most DOC resides in small, 
low-molecular-weight (LMW) molecules (Carlson et al. 1985; Benner et al. 
1992,1997; Ogawa and Ogura 1992; Guo et al. 1995). There is evidence that a 
small fraction of the operationally-defined DOC reservoir actually exists as 
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submicron particles or colloids (Koike et al. 1990; Wells and Goldberg 1991). 
Submicron particles and colloids that pass filters used to retain particulate 
material would reside in what is referred to herein as the HMW fraction of 
DOC. 

The size distribution and concentrations of organic carbon in a represen
tative profile from the Pacific Ocean are presented in Fig. 12.1. The concen
tration of organic carbon in surface water (85 J.1M) is about 2-fold higher 
than that in deep water, indicating that most organic carbon originates in the 
surface ocean. The size distribution of organic carbon also changes with 
depth. The larger size classes of organic matter, poe and HMW DOC, com
prise -31 % of the carbon in surface water and -190/0 of the carbon in deep 
water. Most organic carbon in the ocean resides in deep water, and -800/0 of 
deep water carbon occurs as LMW DOC. 

As mentioned in Section 12.1, DOC in deep water is relatively old (Williams 
and Druffel 1987; Bauer et al. 1992) and resistant to microbial degradation 
(Barber 1968). Assuming that organic carbon in deep water is refractory and 
distributed throughout the water column, we can calculate the reactive frac
tion of surface water carbon by subtracting deep water carbon concentra
tions from surface water concentrations. If we do this calculation for each 
size class of organic carbon we find that 23 J.1M LMW DOC, 14 J.1M HMW 
DOC, and 1.6 J.1M poe are reactive. Only 380/0 of LMW DOC in surface water 
is reactive, whereas 640/0 of HMW DOC and 850/0 of poe are reactive. This 
analysis of the size and depth distribution of organic carbon in the ocean in
dicates that there is a general relationship between the size of organic matter 
and its reactivity. Naturally occurring reservoirs of poe and HMW DOC ap
pear to be much more reactive than the more abundant LMW DOC. 

12.3 Origin of Dissolved Organic Matter 

Most DOM in the ocean appears to be of marine origin. Terrestrial contribu
tions of organic matter to the ocean only account for about 1 % of the total 
annual input. Thus, on the basis of annual fluxes, terrestrially-derived carbon 
should comprise a very small fraction of the organic carbon in the ocean if 
terrestrial and marine organic matter are of similar reactivity. Stable carbon 
isotope ratios (ol3e notation) of DOC in the ocean are typically in the range 
of -20 to -22%0 (Williams and Gordon 1970; Druffel et al. 1992). These values 
are similar to those for marine plankton (Fry and Sherr 1984), but they are 
enriched in l3e relative to riverine organic carbon (-27 to -29%0; Hedges 
et al. 1994). The stable carbon isotope values of marine DOC confirm that it 
is predominantly of marine origin. 

Analyses of lignin-derived phenols, unique biomarkers of terrestrial plant 
carbon, further indicate that terrestrially-derived carbon accounts for <50/0 
of marine DOC (Meyers-Shulte and Hedges 1986; Opsahl and Benner 1997). 
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Lignin-derived phenol concentrations are 2- to 3-fold higher in the Atlantic 
than in the Pacific Ocean (Opsahl and Benner 1997). Differences in concen
trations of lignin-derived phenols between the Atlantic and Pacific Oceans 
appear to reflect the disproportionally large share of global riverine dis
charge into the Atlantic, which amounts to a 3.6-fold higher input to the At
lantic on a volume basis (Sverdrup et al. 1942; Baumgartner and Reichel 
1975). Based on the concentration and distribution of lignin-derived phenols 
in rivers and the ocean, most terrestrially-derived DOC in the ocean is reac
tive and cycles more rapidly than bulk DOC in the deep ocean (Opsahl and 
Benner 1997). 

Marine phytoplankton are the most important ultimate source of DOM in 
the ocean, but the relative importance of the various mechanisms of DOM 
formation are not well known. Potentially important mechanisms of DOM 
release include direct exudation by phytoplankton (Baines and Pace 1991), 
grazing activity (Strom et al. 1997), and viral lysis (Fuhrman and Suttle 
1993). A review of the considerable literature on this topic is beyond the 
scope of this chapter, but it is important to recognize that the mechanism of 
DOM formation is likely to affect its chemical composition. Non-structural 
polysaccharides are important exudates of most phytoplankton (Decho 
1990), whereas grazing and viral lysis may contribute more structural com
ponents of cells to the DOM reservoir. Tanoue et al. (1995) recently identified 
specific cell membrane proteins in seawater DOM, and it seems likely that 
grazing or viral lysis was responsible for their occurrence in DOM. 

12.4 Chemical Composition of Dissolved Organic Matter 

Much can be learned about the origin and cycling of DOM from the analysis 
of its chemical and isotopic composition. There has been considerable prog
ress in the characterization of marine DOM during the past decade, but there 
is much yet to be learned. Fundamental questions about the sources, path
ways of formation, and mechanisms of consumption remain to be answered. 
Recent progress in DOM characterization includes the development of new 
methods for the concentration and isolation of DOM from seawater and for 
the direct measurement of constituents in seawater. These new methods have 
increased knowledge of the bulk characteristics of DOM, such as elemental 
composition and the abundance of specific functional groups, as well as mo
lecular composition. 

A relatively wide range of C:N values have been reported for marine DOM 
(Jackson and Williams 1985; Hansell et al. 1993, 1997; Williams 1995), but 
most values are in the range of 10-20. These values indicate that DOM is 
relatively depleted in nitrogen compared with POM, which has values in the 
range of 6-10 (Bishop et al. 1977). It is not known whether DOM is depleted 
in nitrogen because it is naturally produced with carbon-rich components, 
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such as carbohydrates, or because nitrogenous components are selectively 
removed during decomposition. The C:N values of different fractions of 
DOM isolated from seawater by various methods are quite variable. Humic 
substances isolated from seawater by adsorption onto XAD resins have C:N 
values ranging from 25-50 (Druffel et al. 1992; Hedges et al. 1992; Lara et al. 
1993), making these the most carbon-rich components of DOM. HMW DOM 
isolated from seawater by tangential-flow ultrafiltration has C:N values (15-
18) that are similar to those of the entire DOM reservoir (Benner et al. 1992, 
1997). 

A variety of spectroscopic techniques have been applied to DOM isolated 
from seawater using XAD resins or tangential-flow ultrafiltration. Nuclear 
magnetic resonance (NMR) spectroscopy has been particularly useful in the 
structural analysis of marine humic substances and HMW DOM. Solid-state 
l3C NMR spectra of marine humic substances indicate they are dominated by 
unsubstituted alkyl carbons (Harvey and Boran 1985; Malcolm 1990; Hedges 
et al. 1992). Oxygen-substituted alkyl carbons, carboxyl carbons, and unsatu
rated carbons are present in similar but much lower abundances. In contrast, 
humic substances from freshwater environments have a much higher content 
of aromatic carbon (Malcolm 1990; Hedges et al.1992), reflecting the input of 
DOM derived from vascular plants. The concentrations and structural char
acteristics of marine humics isolated from different depths and locations in 
the ocean are similar (Malcolm 1990; Druffel et al. 1992; Hedges et al. 1992), 
indicating that dissolved humic substances are relatively unreactive compo
nents of marine DOM. The average 14C ages of marine humic substances are 
also "older" than those of the total DOC (Druffel et al. 1992), further indi
cating the relative unreactivity of marine humic substances. 

The structural features of HMW DOM isolated by tangential-flow ultrafil
tration are strikingly different from those of humic substances. Solid-state 
l3e NMR spectra of HMW DOM isolated from surface water reveal a pre
dominance of oxygen-substituted alkyl carbons characteristic of carbohydrates 
(Benner et al. 1992; McCarthy et al. 1993). Estimates from NMR spectra indi
cate that -50% of surface water HMW DOM, or -11 J..LM DOC, is associated 
with polysaccharides. In contrast, the abundance of oxygen-substituted alkyl 
carbon (polysaccharides) in deep water HMW DOM is greatly reduced 
(-2.2 J..LM DOC). The 5-fold decrease in abundance of polysaccharides be
tween surface and deep water indicates that polysaccharides comprise a ma
jor fraction of reactive DOM that is cycled in the upper ocean (Benner et al. 
1992). 

The ultrafiltration and XAD resin isolation techniques concentrate com
ponents of seawater DOM that clearly differ in chemical composition. Or
ganic matter isolated by ultrafiltration is much richer in nitrogen and carbo
hydrates than humic substances isolated using XAD resins. The principles 
governing the retention of materials during ultrafiltration are fundamentally 
different from those affecting retention on XAD resins. The retention of ma
terials during ultrafiltration is based primarily on physical characteristics, 
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such as molecular size and shape (Cheryan 1986), whereas retention on 
nonionic XAD resins is based on chemical characteristics, such as hydropho
bicity (Thurman 1985). 

The above described methods for the isolation of DOM from seawater are 
very useful for providing large quantities of organic matter in relatively pure 
form for detailed chemical characterization. It is important to note, however, 
that both isolation procedures recover <50% of the DOC, so most organic 
matter escapes isolation and chemical characterization using these ap
proaches. The XAD resin isolation techniques typically recover 5-25% of the 
DOC from seawater (Gagosian and Stuermer 1977; Druffel et al. 1992). Tan
gential-flow ultrafiltration using filters designed to retain molecules with 
molecular weights > 1000 Da typically recover 20-40% of the DOC from 
seawater (Benner et al. 1992, 1997; Guo et al. 1995). To the author's knowl
edge, a combination of both techniques has not been employed for the recov
ery of DOM from seawater, so we can only speculate that perhaps as much as 
50% of seawater DOC could be recovered using a combination of techniques. 
As mentioned above, there are some large differences in the chemical char
acteristics of XAD-isolated and ultrafiltered DOM, so it seems reasonable to 
assume that a combination of isolation procedures would recover >30% of 
the DOC from surface seawater, a fraction that is routinely isolated using ul
trafiltration alone. 

Direct analyses of the chemical composition of seawater DOM are very 
challenging due to the low concentrations of organic constituents and the 
high concentrations of salts. Sensitive methods have been developed for the 
analysis of two major classes of biochemicals in seawater, amino acids and 
carbohydrates. Dissolved free and combined amino acid concentrations typi
cally range from 300-500 nM in the surface ocean and 100-150 nM in the 
deep ocean (Lee and Bada 1977; Druffel et al. 1992). These concentrations of 
amino acids represent -2% of the DOC in surface water and -1% of the 
DOC in deep water. 

Several colorimetric analyses of carbohydrates in seawater have been util
ized, but the MBTH method (Johnson and Sieburth 1977) has become the 
most widely used method. This method method in combination with a sulfu
ric acid hydrolysis procedure (Pakulski and Benner 1992) was shown to pro
duce high yields from a diverse group of carbohydrate polymers and from 
natural seawater samples. Using this method, combined and free carbohy
drate concentrations typically range from 2-5 }lM glucose equivalents in the 
surface ocean and 0.8-1.1 }lM in the deep ocean (Pakulski and Benner 1994). 
These concentrations of carbohydrates represent -25% of the DOC in the 
surface ocean and -10% of the DOC in the deep ocean. By this analysis, car
bohydrates are the single most abundant class of biochemicals in seawater. 

Carbohydrates are a diverse group of biochemicals that cannot be easily 
quantified at the molecular level in a single analysis. However, a sensitive 
chromatographic method was recently introduced for the analysis of aldoses 
in seawater (Mopper et al. 1992, 1995). Aldose concentrations range from 
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300-800 nM in the surface ocean and 120-170 nM in the deep ocean (Borch 
and Kirchman 1997, Skoog and Benner 1997). Aldose concentrations repre
sent -3.5% of the DOC in surface water and -1.5% of the DOC in the deep 
ocean. Aldoses represent 10-20% of the total carbohydrates measured by the 
MBTH method. 

12.5 Microbial Utilization of Dissolved Organic Matter 

Bacterioplankton are believed to be the dominant organisms responsible for 
the utilization of DOM in the ocean (Azam and Hodson 1977). During the 
past decade, studies of the growth rates of heterotrophic bacteria in the sur
face ocean indicate that bacteria consume a major fraction of primary pro
duction every day (Cole et al. 1988; Ducklow and Carlson 1992). Rates of 
bacterial production in oceanic surface waters are typically -240 nM C day-I 
(see Ducklow and Carlson 1992). Most estimates of bacterial growth effi
ciency in the surface ocean are <20% (Kirchman et al. 1991; Hansell et al. 
1995; Pomeroy et al. 1995), indicating that the rate of remineralization of 
DOC by bacteria is at least 5-fold greater (-1.2 JlM C day-I) than the rate of 
bacterial production. Direct measurements of respiration in seawater also 
provide an estimate of the rate of DOC utilization. Most respiratory rates in 
the surface ocean fall within the range of 0.7-7 JlM O2 day-I (Packard and 
Williams 1981; Williams 1984; Pomeroy et al. 1995; Biddanda and Benner 
1997b). Bacteria appear to be responsible for at least 50% of oceanic plank
ton respiration (Williams 1984). Given a typical community respiratory rate 
of 2 JlM O2 day-I, the author estimates a bacterial respiratory rate of -1 JlM 
O2 day-I in the surface ocean. This value is similar to that derived from 
measurements of bacterial production and growth efficiency. 

Measurements of bacterial growth and respiration in the surface ocean in
dicate that bacteria remineralize -1 JlM C day-I. Based on bacterial DOC 
remineralization rates, the mean residence time of DOC in the surface ocean 
is -80 days. If other mechanisms of DOC removal are important in the sur
face ocean, then the mean residence time of DOC would be even shorter. This 
estimate of DOC mean residence time contrasts sharply with the much 
longer suggested residence time based on the average apparent 14C age of 
DOC (-1000 year B.P.) in the surface ocean (Williams and Druffel 1987; 
Bauer et al. 1992). Estimates of residence time based on Lll4C values are bi
ased to longer-lived components that are more likely to be present in the 
DOC reservoir at any given time, whereas residence time estimates based on 
bacterial remineralization rates include compounds that cycle on time scales 
of hours to days and are therefore less likely to comprise a large fraction of 
the existing DOC reservoir. In combination, these independent estimates of 
cycling time indicate that marine DOM includes compounds with highly 
variable reactivities. 
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Studies of the microbial utilization of simple, LMW compounds, such as 
amino acids and sugars, indicate that these substrates are rapidly consumed 
in seawater (Suttle et al. 1991; Rich et al. 1996) and, to many, support the 
common belief that microbial metabolism in the ocean is mostly fueled by 
such simple substrates. While it may be true that free amino acids and sugars 
support much of the bacterial growth and metabolism in the ocean, these 
studies do not provide information about the immediate source(s) of the 
substrates. The investigator does not know whether the reactive pool of free 
amino acids and sugars was directly produced as monomers or whether the 
monomers are produced through the degradative action of exoenzymes 
acting on combined forms of amino acids and sugars. 

The biological reactivity and availability of HMW and LMW DOM were 
directly compared in a series of experiments to address the concept that 
LMW DOM supports most of the microbial growth and metabolism in the 
ocean. The HMW and LMW fractions of natural DOM were separated by 
tangential-flow ultrafiltration and incubated with the natural bacterial com
munity from the same water sample (Amon and Benner 1994, 1996). Rates of 
bacterial utilization of HMW DOM were up to 4-fold higher than rates of 
utilization of LMW DOM. Bacterial growth and respiration rates were higher 
in incubations with HMW DOM than with LMW DOM, but it appeared that 
LMW DOM was utilized more efficiently for bacterial growth (Amon and 
Benner 1994, 1996). Inorganic nitrogen was consumed during bacterial utili
zation of HMW DOM, whereas it was regenerated during the utilization of 
LMW DOM (Amon and Benner 1994; Gardner et al. 1996). Differences in 
bacterial growth efficiencies and nitrogen dynamics during these experi
ments indicate that the HMW and LMW substrates differed in chemical 
composition. The bioreactive components in HMW DOM are nitrogen poor, 
suggesting polysaccharides may be important substrates supporting bacterial 
carbon and energy demand in the ocean. 

12.6 Relationship Between Size and Diagenetic State 
of Marine Organic Matter 

We know that the DOM reservoir includes molecules with highly variable re
activities, but we know little about the factors that influence the reactivity 
and bioavailability of naturally occurring DOM. Chemical composition is 
certainly considered a major factor influencing the microbial utilization of 
DOM, but it is exceedingly difficult to study the changes in chemical compo
sition of natural DOM under conditions and time scales that are biologically 
relevant. One simple approach is to study the composition of DOM collected 
from regions of the ocean that have sharp gradients in the concentrations of 
DOC and to relate changes in the composition and concentration of DOM to 
biological and physical processes. This approach was used earlier in Section 
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12.2. to describe the relative reactivities of different size classes of marine or
ganic matter. This analysis revealed the following order of reactivity from 
most to least reactive: POM>HMW DOM>LMW DOM. This order of reac
tivity is inversely related to the naturally occurring concentrations of these 
reservoirs of marine organic matter. 

Several recent studies have compared the chemical compositions of phy
toplankton, POM, HMW DOM, and LMW DOM from various oceanic re
gions to investigate if diagenetic sequences are apparent within the size 
spectrum of marine organic matter. In the present example, aldoses are used 
to trace the diagenetic history of marine organic matter because we have a 
substantial amount of data on the aldose yields and compositions of different 
size fractions of marine organic matter. The fraction of organic carbon as al
doses has been shown to be a robust indicator of the diagenetic state of or
ganic matter (Cowie and Hedges 1994). Freshly-produced organic matter has 
higher yields of organic carbon as aldoses than diagenetically-altered or
ganic matter, because aldoses are preferentially removed during decomposi
tion. 

A large number of studies have analyzed the carbohydrate compositions 
of phytoplankton and POM (Romankevich 1984), but the methods of analy
sis and formats for reporting data are highly variable and therefore of less 
value for addressing diagenetic state and its relationship among size frac
tions of marine organic matter. The studies referred to herein used very 
similar sample collection techniques and analytical methods, and they pro
vided sufficient information to present the data in a uniform format. 

The aldose yields of POM and DOM from cultured phytoplankton and 
surface ocean water are presented in Fig. 12.2. A diverse group of phyto
plankton, including Synechococcus bacillaris, Phaeocystis sp., Emiliania hux
leyi, and Skeletonema costatum, were grown in synthetic media for 2 weeks, 
and the POM and DOM fractions were harvested using tangential-flow ul
trafiltration (Biddanda and Benner 1997a). Seawater POM and DOM were 
collected from surface ocean water in the Pacific and Atlantic Oceans using 
the same ultrafiltration methods (Benner et al. 1992, 1997). The particulate 
and dissolved fractions isolated by ultrafiltration are referred to as UP OM 
and UDOM in Fig. 12.2. The UDOM fraction is the same as that described in 
Section 12.4 as HMW DOM. Aldose yields are presented as percentages of 
the total organic carbon in the sample. 

Aldose yields are highest in the freshly-produced POM and DOM frac
tions from the phytoplankton cultures (Biersmith and Benner 1997; 
Fig. 12.2). It is interesting to note that HMW DOM had considerably higher 
aldose yields (-35%) than the phytoplankton cells (-20%), indicating that 
phytoplankton exudates are enriched with carbohydrates. The POM and 
HMW DOM fractions from surface ocean water had lower aldose yields than 
the respective fractions from the phytoplankton cultures. This is consistent 
with the fact that POM and HMW DOM collected from the surface ocean in
clude materials that have undergone microbial decomposition. The differ-
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Fig. i2.2. Aldose yields in cultured phytoplankton and open ocean surface waters expressed as a 
percentage of organic carbon in the sample. Particulate and dissolved samples collected using 
tangential-flow ultrafiltration are designated UPOM and UDOM, respectively. Aldoses and or
ganic carbon were directly measured in unfiltered seawater for the seawater TOM (total organic 
matter) samples. (Phytoplankton culture data from Biersmith and Benner 1997; seawater data 
from McCarthy et al. 1996 and Skoog and Benner 1997) 

ence between aldose yields in phytoplankton and seawater POM was much 
less than the difference between phytoplankton and seawater HMW DOM. 
One explanation for this observation is that POM cycles more rapidly in 
seawater than HMW DOM and is therefore "fresher" than HMW DOM. This 
explanation is consistent with earlier arguments that POM is more reactive 
than HMW DOM, and it is consistent with the fact that seawater POM has a 
slightly higher aldose yield than seawater HMW DOM. The aldose yield in 
unfiltered surface ocean water is the lowest (-3.3%) of the measured yields 
(Fig. 12.2; seawater TOM). The major size fraction of organic matter in 
seawater is LMW DOM, and the low aldose yield in unfiltered seawater pri
marily reflects the aldose yield in LMW DOM. Thus, LMW DOM appears to 
be the most diagenetically altered size fraction in the ocean. 

The aldose yields of different size fractions of organic matter collected 
from various locations and depths in the equatorial Pacific Ocean were re
cently reported (Skoog and Benner 1997) and are summarized in Fig. 12.3. 
Aldose yields were measured in unfiltered seawater, UPOM, and UDOM. The 
aldose concentration in LMW DOM was calculated as: [aldose in LMW 
DOM] = [aldose in unfiltered seawater] - [aldose in UPOM + UDOM]. Data 
for samples from three depths, surface water, the oxygen minimum, and deep 



Cycling of Dissolved Organic Matter in the Ocean 327 

Aldose Yield (% organic carbon) 

o 2 4 6 8 10 12 14 
o+-~~~~~~~~~~~~~ 

1000 

Depth 2000 
(m) 

3000 

-;:r- UPOM 
-+-- HMWDOM 

4000 --<r- LMWDOM 

Fig. 12.3. Aldose yields in three size fractions of organic matter in seawater samples collected in 
the equatorial Pacific Ocean. UPOM and HMW DOM fractions were collected using tangential
flow ultrafiltration. Data for the LMW DOM fraction were calculated by mass balance. Each 
point represents the average of two samples collected at 2 S 140 Wand 12 S 135 W. (Data from 
Skoog and Benner 1997) 

water, are presented as average values of samples collected in two profiles at 
2 S 140W and 12 S 135 W. 

The POM fraction had the highest aldose yields at all depths (Fig. 12.3). 
Aldose yields in POM decreased sharply from surface to oxygen minimum 
and deep water, indicating increasing diagenetic alteration with depth. The 
il14C of POM also decreases with depth in the ocean, further indicating that 
surface water POM is "fresher" than deep water POM (Druffel et al. 1996). 
The aldose yields of HMW DOM fell between those of POM and- LMW DOM 
(Fig. 12.3). As with POM, aldose yields in HMW DOM decreased sharply 
between surface and oxygen minimum waters. There was a slight decrease in 
the aldose yield of HMW DOM between the oxygen minimum and deep wa
ters, suggesting that most of the diagenetic alteration of HMW DOM occurs 
in the upper ocean. Aldose yields in LMW DOM were low and uniform 
throughout the water column (Fig. 12.3), indicating that LMW DOM is rela
tively unreactive. These data indicate that the extent of diagenetic alteration 
of marine organic matter increases as the size of organic matter decreases. 
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12.7 Summary 

This chapter has focused on a description of the abundance, composition, 
and distribution of organic matter in the ocean. Dissolved organic matter 
(DOM) is the most abundant form of marine organic matter and is a major 
reactive component of the global carbon cycle. Most marine DOM is derived 
from photosynthetic microorganisms, with only a small fraction «5%) of 
terrigenous origin. Humic substances are in relatively low abundance in the 
ocean, accounting for about 15% of the carbon in marine DOM. Humic sub
stances isolated from seawater are dominated by unsubstituted alkyl carbons 
and are low in aromatic carbon relative to humic substances from freshwater 
environments. Recent studies of the chemical composition of marine DOM 
used tangential-flow ultrafiltration for the isolation of DOM from seawater. 
About 25% of DOM in seawater can be isolated using an ultrafilter with a 
1000 Da molecular weight cutoff. The high-molecular-weight (HMW) frac
tion of marine DOM isolated by ultrafiltration is rich in polysaccharides, 
which appear to be relatively reactive in the upper ocean. A variety of inde
pendent observations has led to the realization that low-molecular-weight 
(LMW) DOM is the least reactive and most diagenetically-altered component 
of organic matter in the ocean. This finding is somewhat surprising because 
of the common notions that small molecules cycle rapidly and macromole
cules are the dominant form of organic matter that is selectively preserved in 
the environment. So, why does the bulk of LMW DOM in the ocean cycle 
relatively slowly? Chemical composition is undoubtedly important, but un
fortunately we know little about the composition of LMW DOM in the deep 
ocean where most organic carbon in the ocean exists. We do know that low 
concentrations of chemically recognizable molecules, such as aldoses and 
amino acids, exist within the refractory reservoir of LMW DOM. The survival 
of these normally bioavailable molecules in LMW DOM suggests that they 
remain "hidden" from microbial enzymes. Whether they go unrecognized by 
microorganisms due to associations with other organic moieties or with in
organic components is not known, but the small overall size of this material 
«1000 Da or -1 nm) limits the possibilities. The observation that LMW 
DOM is more diagenetically altered than POM and HMW DOM suggests that 
LMW DOM consists of the degradation products of larger biomolecules. 
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Aquatic Humic Matter: 
from Molecular Structure to Ecosystem Stability 

Dag O. Hessen and Lars J. Tranvik 

IDENTIFICATION, DELIMITATION AND CHEMICAL PROPERTIES OF HUMIC SUB
STANCES. The most straightforward way to solve a problem is to first define 
the agents of interest. However, this is not a trivial matter when it comes to 
humic substances (HS). First of all, the definition of HS per se is not trivial, 
since the distinction between aquatic humus and other types of dissolved, 
colloidal or particulate matter is not unifying. Being composed of a multi
tude of complex molecules of different origin, structure, molecular size and 
age, HS also possess a number of different properties. Hence, at best, one can 
only hope to infer average structure and functionality from average proper
ties (Perdue, this Vol.).Yet some basic features can be identified; the most ob
vious would be the presence of chromophores, typically giving from yellow 
to reddish or brownish colour owing to a pronounced light absorption in the 
UV, blue and green parts of the spectrum. 

The composition of humic matter varies as a function of source and pre
history (McKnight and Aiken, this Vol.) . Some of the HS derive from auto
chthonous sources (including wetlands and littoral zones), and others are of 
allochthonous (terrestrial) origin. In addition, the actual formation of 
aquatic humus includes a blend of different mechanisms. The old notion that 
humic matter simply is a degradation product of lignin has gradually been 
replaced by the recognition that HS are also formed by microbial activity in 
soils, where simple monomers from degraded plant material may polymerize 
into more recalcitrant macromolecules. Different polymerization mecha
nisms may operate in soil and water, and to which extent a given HS sample 
is chiefly a residual product of degradation or a subsequent polymerization 
of small, degraded molecules is unknown. To the heterogeneity with regard 
to origin and formation is added the heterogeneity with regard to age. The 
"age", as determined by the time between C fixation by photosynthesis and 
some arbitrary time for sampling, may differ from a few months to hundreds 
or even thousands of years. During spring melt, there may be a substantial 
release of fulvic acid from litterfall (McKnight et al. 1993; McKnight and 
Aiken, this Vol.), resulting in a dominance of humic matter less than 1 year 
old. Also HS from aquatic macrophytes may in some lakes contribute a sig
nificant source of fresh, and more degradable, humic matter (Wetzel 1992). 
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HS are often operationally defined according to the methods used for their 
isolation. A number of different isolation procedures successfully remove the 
chromophoric portion of dissolved organic matter (DOM) from the water, 
but the "cutoff" between HS and other DOM may vary among methods. 
Hence, in addition to the variability that can be accredited to different types 
of biomass precursors and prehistory, different methods of isolation may 
contribute to the various properties that can be inferred for aquatic humus. 
For example, in the perhaps most commonly used isolation procedurel 
operational definition, the hydrophobic characteristics of organic acids are 
utilized, as HS are adsorbed to a resin (XAD-8) at low pH (e.g. McKnight and 
Aiken, this Vol.). 

One way of identifying the structural properties of humic, composite 
samples, is by randomly generating chemical parameters (e.g. elemental 
composition, carboxyl content and molecular weight) within the ranges 
found in natural samples, to obtain a probability distribution of structural 
features of humic matter (Perdue, this Vol). While this kind of analysis does 
not provide information on the actual composition of the chemical "species" 
of the composite sample, it provides a realistic estimate of variance and, 
more important, the most likely range of essential parameters such as level of 
unsaturation per atom of C, stoichiometry and structural features. 

From an ecosystem productivity point of view, a "positive" attribute of 
aquatic humus is the ability to neutralize or buffer effects of acid precipita
tion, as well as chelating a number of toxic components. While the properties 
of metal complexation are widely recognized, the actual mechanisms are not 
settled. A closer examination of selected models for assessing these proper
ties is given by Perdue (this Vol.). The overall ability of metal complexation 
may strongly reduce metal toxicity. Enhancement of iron uptake by phyto
plankton has been demonstrated in the presence of humic matter, due to im
proved metal chelation. The other side of the coin is that also essential trace 
metals and even iron may be overchelated at high HS concentrations 
(reviewed in Jones, this Vol.), underlining the trade-off effect of aquatic hu
mus over a concentration gradient, as also found with respect to survival of 
aquatic invertebrates (cf. Petersen and Persson 1987). Presence of humic 
matter affects the biota in numerous ways by chelating both essential and 
toxic compounds. 

Similarly, aquatic humus plays a dual role with regard to the acidity of 
surface waters. Firstly, the humus molecules themselves are protonated, and 
contribute to acidity. A large survey of lakes (Lydersen, this Vol.) shows that 
orga~\c acids decrease the pH of surface water by 0.5-2.5 units in the 0-50 
~eq I range of ANC (acid neutralizing capacity). Thus, there is no doubt 
that organic acids, partly in contradiction to previous assumptions, may sig
nificantly contribute to low pH even in poorly buffered lakes impacted by 
anthropogenic acidification. On the other hand, organic acids play an im
portant role in preventing further pH depressions of acidified systems 
through their pronounced buffering capacity. 
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The most striking property of HS in the context of acidification is their 
complex-binding of toxic cations, rendering them harmless to biota. This has 
been particularly demonstrated for Al (Lydersen, this Vol.), and is a likely 
cause of better survival among fish and invertebrates at low pH in humic 
waters than in clearwaters. 

HS not only are ubiquitous, but also constitute a substantial fraction of the 
biospheres organic carbon. In boreal regions, soils are rich in C, and these C 
stores probably greatly outnumber the C biomass in plant matter. The domi
nance of detrital and/or humic C is even more pronounced in aquatic sys
tems, where biomass C is a minor fraction of total organic C. The fate of this 
humic C is diverse. Some of it enters the food web, some is photo-oxidized 
into CO or CO2, and some is buried in sediments. A major portion of the HS 
that enter the food web is subsequently mineralized, and a significant 
portion of HS in sediments is also converted to CH4 or CO2, Thus, ecosystems 
rich in HS will be a net source of greenhouse gases to the atmosphere. There 
is also a pronounced export of HS to marine areas, but most of this is 
oxidized or buried in sediments nearshore, so that HS from terrestrial 
sources constitute only a minor fraction of dissolved C in open oceans 
(Benner, this Vol.). Nevertheless, HS comprise a substantial fraction of 
marine dissolved organic carbon (DOC), suggesting that humic compounds 
are produced in situ in the oceans. 

Weather conditions as well as more systematic climatic changes will 
strongly affect the fate of terrestrial primary production and soil stores of 
organic C. Warmer and drier climate results in less drainage of HS to aquatic 
ecosystems, and this in turn will affect not only the carbon flux to water 
bodies, but also the entire ecosystem in a multitude of ways. Such systematic 
changes over the past decades have been recorded over North America, 
causing increased transparency and particularly a higher exposure to detri
mental shortwaved light for biota of many lakes (Schindler et al. 1996, Curtis, 
this Vol.). Changes in spectral properties and increased UV transparency 
may entail feedback effect by enhanced photodegradation of HS (Miller, this 
Vol.; Lean et al., this Vol.). To date, photochemical production of CO and CO2 

has been largely ignored in global carbon budgets, yet these could represent 
significant fluxes (Lean et al., this Vol.). 

ABSORPTION OF RADIATION AND PHOTOCHEMICAL REACTIONS IN HUMIC 
WATER. The UV-absorbing properties of HS have for long been recognized 
and spectrophotometric readings of UV absorbance is, in fact, the most 
widely used measure of aquatic HS. The absorptivity of humic compounds 
decreases with increasing wavelength, being highest in the UV-B, lower in the 
UV-A and least in the PAR (photosynthetic active radiation) region of the 
solar spectrum. In situ UV-A and UV-B attenuation coefficients in lakes are 
well described by power functions of DOC (HS), and attenuation coefficients 
may be well predicted from spectrophotometric readings (Scully and Lean 
1994; Lean et al., this Vol.). The interactions of solar radiation and humic 
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matter are of fundamental importance to both large-scale biogeochemical 
processes and food web dynamics. Thus, both the mechanisms and the ef
fects deserve considerable attention. The dual role (positive/negative) of hu
mic matter is also evident when it comes to radiation effects. The strong ab
sorption of PAR implies the widely recognized lowered photosynthesis in 
humic-stained lakes. On the other hand, aquatic humus effectively blocks 
short wavelength radiation (UV-A, UV-B) that may be harmful to organisms. 
Simultaneously, this radiation causes breakdown of macromolecules or or
ganic nutrients into compounds with enhanced bioavailability thereby 
stimulating bacterial growth. These stimulatory effects are counteracted by 
the photochemical production of CO and a set of highly reactive, strong oxi
dants (Miller, this Vol.; Lean et al., this Vol.) that interact with the chemistry 
of both detritus and live cells. Accordingly, the absorption of photons by dis
solved humic substances results in a number of different phenomena having 
both positive and negative implications for primary and secondary produc
tion in the water. Recent aspects of the photochemical reactions with DOC 
like production of carbonyl suphide (a precursor for atmospheric sulphate 
aerosols) and cycling of mercury in lakes are also discussed in this book. 

The suite of low molecular weight compounds that originate from sunlight 
degradation of aquatic humus has attracted considerable interest, owing to 
the potential effects on aquatic secondary production (Moran and Zepp 
1997; Tranvik, this Vol.). While a number of studies report enhanced bacte
rial growth due to UV exposure of water, this is not always the case (Amon 
and Benner 1996a). The net response of bacteria reflects the tradeoff be
tween the damage to cells by direct solar radiation and photochemically 
produced reactive species, and the stimulatory indirect effect due to en
hanced substrate availability. 

Direct cell damage due to sunlight and inhibition caused by reactions with 
highly reactive, short-lived radicals take place during the sunlit hours in the 
surface layers. Stimulation due to the utilization of photochemically pro
duced substrates may occur also during night and after mixing to deeper lay
ers protected from UV radiation. Due to this temporal and spatial displace
ment, it is probable that the positive effects of photochemical reactions on 
bacterial growth dominate. Furthermore, the attenuation of the active radia
tion with depth, in combination with the mixing depth of the upper irradi
ated water column, determines the significance of photochemical transfor
mations at the ecosystem scale. Hence, strongly absorbing, deeply mixed lay
ers of water experience only minor impact from photochemical reactions of 
DOM, since most of the radiation is absorbed (and thus photochemically ac
tive) in a small fraction of the water volume. 

For photochemical breakdown, a key issue is the quantum yield, which 
expresses the ratio between the number of photoproduced events and the 
number of photons absorbed (Miller, this Vol.). The quantum yield is wave
length dependent. Photochemical reactions involving natural humic matter 
and solar radiation generally show high quantum yields in the UV-B, but the 
quantum yield may also be substantial in the UV-A, and even significant 
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within the PAR (Miller, this Vol.), depending on the photochemical reaction 
studied. Hence, the photochemical formation of different products may de
pend in different ways on the radiation spectrum. Due to the higher absor
bance in the humic water at shorter wavelengths (see above), the radiation 
climate will change downwards through the water column. Accordingly, the 
photochemical reactions will not only exhibit an overall decrease caused by 
decreasing light, but will also change quantitatively. This is due to altered 
spectral composition of the radiation, in combination with the differing 
wavelength dependence of quantum yields for different photoproducts. From 
the examples given in Miller (this Vol.) it can be deduced that HS give rise to 
formaldehyde only in the very surface water, while they would be oxidized to 
CO also at greater depths. 

PRIMARY PRODUCTION IN HUMIC WATERS. The primary producers of humic 
lakes are challenged by a number of the physico-chemical processes de
scribed above, among which the availability of light, phosphorus and iron are 
key parameters (Jones, this Vol.). As has been extensively demonstrated, 
aquatic humus offer an efficient protection from short-wave radiation. Not 
only UV, but also blue and partly green light is strongly absorbed by HS. This 
could offer a strong selection pressure for the pigments that most efficiently 
harvest the long wavelengths (yellow to red). Yet, there is no strong support 
for this assumption. The strong absorption of photons could lead to a more 
general light limitation, restricting the primary production (Jones, this Vol.; 
Jansson, this Vol.). Accordingly, Carpenter and Pace (1997) presented a model 
of chlorophyll-DOC interactions in lakes, where one of the central parame
ters reflected the decrease in algal growth due to the presence of chromo
phoric DOC. However, at least in the case of phytoplankton, the widespread 
opinion of light limitation of primary production in humic waters does not 
seem to be generally valid. When supported by high P loads, even strongly 
stained lakes may be highly productive. Although light attenuation is strong 
in humic lakes, the phytoplankton development is sometimes constrained by 
the availability of nutrients rather than quanta (Jones, this Vol.). 

Laboratory or mesocosm experiments testing additions of humic matter 
yield conflicting results with regard to the effect on primary production. 
Stimulation of primary production upon the addition of humic matter can 
be accredited to liberation of inorganic nutrients, or increased availability of 
iron. A most intriguing and largely unresolved matter is the various associa
tions between humus, phosphorus and iron, which to a great extent are de
termined by short wavelength radiation. The equilibria and kinetics of this 
complex are key determinants of the complex P metabolism in humic lakes, 
and thus the phytoplankton community. In the absence of HS, phosphate can 
adsorb to ferric oxides and hydroxides and precipitate, while even small 
amounts of HS inhibit this loss of P from the euphotic zone. The phyto
plankton access to P in such humus-Fe-P04 complexes is not settled, how-
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ever. One mechanism that strongly promotes the access is photolysis, notably 
by UV-mediated photoreduction of Fe (Francko and Heath 1979,1982). 

Despite all the unique properties of humic lakes with regard to thermal 
regimes, light and nutrient availability, there seems to be no such thing as a 
unique "humus community" of phytoplankton species (Jones, this Vol.), al
though flagellate communties dominated by mixotrophic chrysophytes are 
common in boreal humic lakes (Jansson, this Vol.). 

The key role of heterotrophic bacteria in humic waters (see below) is thor
oughly addressed in this book. Their substantial biomass and activity have 
important bearings also on the phytoplankton (Jansson, this Vol.). Exudates 
or detritus originating from primary producers form the base of the conven
tional microbial food web. In most clearwater and marine localities, bacterial 
secondary production depends largely on organic C derived from phyto
plankton, and a predominant C limitation can be expected for bacteria. This 
puts constraints on the bacterial uptake of P. Bacteria have a high relative P 
content and high P demands, but high affinities for P as compared with 
phytoplankton, and would thus be superior competitors for mineral nutri
ents when released from C limitation (cf. Vadstein and Olsen 1989). If an in
creasing share of the P pool is allocated into bacterial (heterotrophic) bio
mass, primary production will decline, less C will be released and the bacte
ria may finally become C-limited. Theoretically, bacteria should thus be bal
anced between P (or eventually N) and C limitation, and with regard to com
petition for P they would "learn the lesson" that "you can't bite (or beat) the 
hand that feeds you". When, however, the bacteria are supported by other 
sources of organic C, as they are in humic lakes, they are released from this 
intimate dependency on the algae. As a result, they become more efficient 
competitors for mineral nutrients, creating a competitive disadvantage for 
the primary producers. In such localities, a high ratio of heterotrophic:photo
trophic biomass and production would be expected (Jansson, this Vol.), in 
accordance with empirical evidence (Salonen et al. 1983; Jones and Salonen 
1985; Tranvik 1989; Hessen et al.1990). 

MICROBIAL UTILIZATION OF HUMIC MATTER. The availability of humic
bound energy and nutrients to heterotrophs is of major interest in the as
sessment of the biological role of humic substances. Large efforts have been 
devoted to the bioavailability of C, and a number of bioassays with het
erotrophic bacteria inoculated into humic water or media with isolated hu
mic substances as the single source of organic C unambiguously demonstrate 
the potential for aquatic bacteria to utilize these purportedly refractory 
molecules. Accordingly, separation of the humic and non-humic fractions of 
DOM demonstrates that most of the C in both fractions is recalcitrant, and in 
several cases the two fractions have been shown to be of roughly equal avail
ability. Hence, the operational dichotomy between humic and non-humic 
matter does not overlap with the distinction between organic C that is read
ily mineralized and that which is recalcitrant (Tranvik, this Vol.). 
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A range of different factors determine the bacterial utilization of humic 
substances, including photochemical conditioning of the substrate (see 
above), access to essential nutrients (e.g. Nand P) and average molecular size 
(Tranvik, this Vol.). Sun et al. (1997) investigated the relationship between 
bioavailability and the share of aliphatic compounds estimated from basic 
compositional parameters such as elemental composition (H:C, N:C or O:C 
atomic ratios), carboxyl content and molecular weight. Bacterial growth was 
negatively correlated with O:C, as indicative of "old" humus with a higher 
content of COOH. Overall, humic matter with a high aliphatic content (as in
dicated by the H:C ratio) appeared to be most available as a bacterial growth 
substrate. Such direct linkages between chemical measures of humus quality 
and bioavailability are very promising tools for the assessment of the bio
logical properties of humic matter from various sources (Perdue, this Vol.). 

Molecular size has received great interest as a factor of importance for the 
bioavailability of humic substances and dissolved organic matter in general. 
Most of the DOM occurs as polymers that can be incorporated into bacterial 
cells only after initial cleavage into smaller molecules, typically by extracel
lular enzymes. The action of these enzymes is affected by interactions with 
organic substances, a factor that is probably of particular importance in wa
ters rich in humic substances (MUnster and DeHaan, this Vol.) . Hence en
zymes may become inactivated by binding to humic matter. This inactivation 
may also be viewed upon as a preservation of the enzyme, allowing translo
cation and reactivation of the enzyme upon arrival in another habitat, possi
bly as a result of photolytic release of the enzyme from the humic substance 
(Wetzel 1992). The need for extracellular enzymatic cleavage suggests that 
the utilization of macromolecules requires considerable investments by the 
bacteria, rendering the substrate less "attractive". Thus, it is a generally 
thought that higher molecular weight moieties within the DOM are more re
calcitrant towards microbial utilization than lower molecular weight ones. 
However, this opinion is poorly supported. On the contrary, investigations in 
humic waters suggest that the high molecular weight fraction is a readily 
available carbon source, as compared with smaller molecules (Meyer et al. 
1987; Tranvik 1990). Amon and Benner (1996b) verified this observation also 
for seawater. They proposed a model of decreasing bioavailability and in
creasing diagenetic change with decreasing molecular size. Hence, the 
smaller molecules would be the most diagenetically altered and simultane
ously the least bioavailable ones (Benner, this Vol.). Possibly, one can view the 
larger molecules as possessing substantial amounts of reduced energy that 
can be "recognized" and utilized by microbes, while the small organic mole
cules are largely deprived of energy that can be utilized and are to a great 
extent unrecognized by bacteria, for reasons that are poorly known (Benner, 
this Vol.). 

The bioavailability of adsorbed or chelated Nand P is largely an unre
solved matter. Probably some of the P may be accessible to both bacteria and 
algae (Jones, this Vol.). While humus is poor in N, usually with C:N mass ra-
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tios of 18-30:1 for humic acids and 45-55:1 for fulvic acids (Thurman 1985, 
Perdue, this Vol.), it may still be a quantitatively important pool of N. Bioas
says with aquatic humus from a number of freshwater sources (rivers) sug
gested that only 5-8% of humus-bound organic N was directly available for 
phytoplankton in I-week tests (Hessen and Kallqvist 1994), while obviously 
increased storage and/or presence of short-wavelength light strongly in
crease bioavailability not only of C (Lindell et al. 1995), but also of Nand P 
(Francko and Heath 1979,1982; Bushaw et al.1996) 

PROLIFERATION OF HUMUS-DERIVED ENERGY THROUGH THE FOOD WEB: 
EFFECTS OF HUMIC MATTER ON FOOD WEB DYNAMICS. The role of aquatic 
humus may be addressed from several points of departure, but the core issue 
is the carbon flux from the dissolved detritus pool to the heterotrophs, 
starting with the bacteria. Humic matter is by far the dominating pool of or
ganic carbon in many lakes, and the fraction of DOC that is available for mi
crobial utilization appears to be as high in humic lakes as in other aquatic 
habitats. Hence, the high concentrations of DOC in humic lakes constitute a 
carbon source to bacteria of paramount importance (Tranvik, this Vol.) . 

To the extent that HS support bacterial production, they will also support 
the bacterial consumers, providing a link from detritus to protozoan and 
metazoan bacterivores, and further up the food web. Grazing by protozoan 
bacterivores, predominantly flagellates, may constitute the major cause of 
mortality for bacteria in humic lakes, thereby channelling humic-derived en
ergy to higher trophic levels (Tranvik 1989). Flagellates have the capacity to 
incorporate macromolecules directly into their food vacuoles (Sherr 1988, 
Tranvik et al. 1993), suggesting a shortcut in the food web, diminishing the 
respiratory losses at lower trophic levels. However, experiments with natural 
high molecular weight organic matter from humic lakes suggest that this 
pathway is at most of marginal importance (Tranvik 1994). 

Metazoan zooplankton may, however, also gain a considerable portion of 
their body carbon directly from detritus (Salonen and Hammar 1986; Hessen 
et al. 1990), and the very fact that zooplankton gross production may exceed 
primary production in humic lakes clearly demonstrates the potential role of 
a direct and indirect detritus pathway in these systems (Hessen, this Vol.) . 
Another indirect link from sediment detritus is bacterial oxidation of meth
ane, which may provide a significant source of C to the pelagic food web of 
lakes (Rudd and Hamilton 1978), and in particular those with high concen
trations of HS (Hessen and Nygaard 1992). A high share of nutritionally defi
cient detritus in the diet could pose dietary quality constraints on the pelagic 
grazers, and the ability to efficiently utilize the large bacterial food source 
would thus be supposedly beneficial. This holds in particular for the supply 
of P, since bacteria may provide by far the most important source of P for the 
zooplankton of these lakes (Hessen and Andersen 1991). While "micro
filtrators" may be common among the metazoan zooplankton in the humic 
lakes, it is not possible to identify any typical "humic lake zooplankton 
community", however. 
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The predominance of heterotrophic processes not only implies that such 
systems are vigorous net producers of CO2 and CH4, but also contradicts the 
conventional notion of food web organization with productivity at succeed
ing trophic levels forming a pyramidal structure. Rather, pyramidal struc
tures tend to be inverted, and omnivory/mixotrophy is a common property 
for all members of the pelagic food web, including those normally iconsid
ered as primary producers. Thus the application of the trophic level concept 
is a particular challenge in these systems (Hessen, this Vol.). It would also 
follow from this that top-down or in particular bottom-up generated trophic 
cascades would be strongly dampened and less effective in systems strongly 
influenced by HS. 

A most important question is how the major impact of HS on biotic and 
abiotic properties affects the system stability. Intuitively, one would expect a 
dominant and fairly stable supply of low quality organic C to promote system 
stability (cf. Wetzel 1984, 1995). A relatively large but recalcitrant pool of 
humus-bound P and N would support this stability. In contrast, in clearwater 
systems the spring burst of phytoplankton leads to depletion of inorganic 
nutrients. In combination with increased grazing, this subsequently leads to a 
clearwater phase, before a second productivity peak may be reached in 
autumn (cf. Sommer et al1986). These dynamics are buffered in humic lakes, 
and thus from an ecosystem point of view the stability of humic lakes clearly 
deviates from clearwater lakes and marine areas in the temperate region. 

It is obvious that humic substances exhibit a multitude of effects on the 
biogeochemistry and ecology of lakes and other water bodies, ranging from 
their numerous impacts on the physico-chemical environment, to modifica
tions of the structure and dynamics of biota at all trophic levels. Humic sub
stances are major agents in aquatic ecology and biogeochemistry. Undoubt
edly, they offer inspiring insights into the complexity of ecosystems. 
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